
 

THE ROLE OF INTERNAL WATER STORAGE DESIGN ON NITROGEN 

FATE 

__________________________________________________________________ 

A Dissertation 

Submitted to 

The Temple University Graduate Board 

 

__________________________________________________________________ 

 

In Partial Fulfillment 

of the Requirements for the Degree 

Doctor of Philosophy 

(Environmental Engineering) 

 

__________________________________________________________________ 

By 

Adrienne Genell Donaghue 

December 2021 

 

 

 

 

 

Examining Committee Members: 

Erica McKenzie (Ph.D.), Advisory Chair, Civil and Environmental Engineering 

Robert J. Ryan (Ph.D.), Civil and Environmental Engineering 

Laura Toran, P.G. (Ph.D.), Earth and Environmental Science 

Mark Maimone (Ph.D.), External Member, CDM Smith 

Scott Struck (Ph.D.), External Member, Geosyntec Consultants 



ii 

 

ABSTRACT 

Green stormwater infrastructure (GSI) is implemented in urban landscapes to 

manage stormwater quantity and quality. Bioretention is an infiltration-based GSI 

strategy and demonstrates variable performance for total nitrogen (TN) removal. Internal 

water storage (IWS) is a sub-grade design feature that uses an underdrain with an 

elevated outlet to force a submerged layer. When a carbon source is present, often 

woodchips, IWS facilitates denitrification—the microbial reduction of nitrate (NO3
-) to 

nitrogen gas (N2). This work considers the impact of IWS underdrain configuration, 

geometry, and IWS media on hydraulics, TN, and NO3
- removal to enhance IWS design.  

To explore the impact of underdrain height, three laboratory columns with 

underdrains located at the bottom (0 cm), middle (15 cm), and top (30 cm) of a gravel-

woodchip IWS were coupled with USGS VS2DRTI simulations. For narrow IWS 

geometries, width to depth (w/d) ratio < 1, hydraulic efficiency (ev) decreased from 1.0 to 

0.76 as underdrain height increased from the bottom (0 cm) to top (30 cm). Changes in ev 

were attributed to the presence of immobile (low flow) zones below raised underdrains 

that limited solute transport. The presence of immobile zones impacted NO3
- removal 

efficiency which decreased from 63% (bottom underdrain) to 32% (top underdrain) for a 

hydraulic loading rate (HLR) of 2.5 cm/h. However, simulated scenarios beyond the lab 

scale revealed ev varied less than 10% for IWS w/d ratios > 1 and indicated flow 

dynamics observed for narrow columns do not always translate to wider field systems. 

Under transient flow conditions, minimizing effluent NO3
- concentrations and loads 

ranked least to greatest in the order bottom > middle > top underdrain configurations and 

dual isotopes in NO3
- confirmed the presence of denitrification in mobile zones.  
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Laboratory columns with bottom underdrain configurations considered three IWS 

media compositions of gravel, gravel-woodchip, and gravel-woodchip-biochar. Synthetic 

stormwater was modified to include dissolved organic carbon (DOC), dissolved organic 

nitrogen (DON), and trace organic nitrogen compounds. Under continuous flow 

conditions, NO3
- removal efficiency ranked in the order gravel-woodchip (78%) > gravel-

woodchip-biochar (61%) > gravel (-10%) for a HLR of 2.5 cm/h. During antecedent dry 

periods, the gravel-woodchip-biochar and gravel-woodchip IWS removed NO3
- within 18 

hours following a transient event. However, the presence of biochar resulted in 

ammonium (NH4
+) generation and effluent concentrations exceeded levels toxic to 

aquatic life.  

High-frequency field monitoring of an IWS with a raised underdrain was 

performed for eight storms over ten months. IWS nitrogen concentrations during storm 

events revealed that peak TN concentration generally occurred within the first hour 

during the rising limb of the IWS water level and that TN was likely exported from the 

system in the form of DON and NO3
-. Additionally, NH4

+ washout from unsaturated soil 

occurred during February through May and was attributed to sodium dispersion due to 

road salt application.  

This work coupled laboratory columns, modeling, and field studies to address the 

complexities of nitrogen management in bioretention as impacted by IWS underdrain 

height, geometry, ev, media selection, absorbent amendments, and seasonal patterns. 

When approaching IWS design for water quality enhancements, practitioners are 

encouraged to consider all these variables but recognize that the desired TN removal will 

not be achieved in some cases.  
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INTRODUCTION 

1.1 Background and Motivation 

Nearly 50% of the world’s population resides in urban areas which is projected to 

increase to 70% by 2050 (United Nations, 2014). Urbanization and population growth 

force water stressed cities to protect water resources. The capture and treatment of 

stormwater is one approach to combat water scarcity issues. In urban environments, 

stormwater generates runoff and entraps pollutants such as bacteria, metals, nutrients, and 

organics (i.e., poly aromatic hydrocarbons, benzotriazoles, and pesticides) which are 

transported through sewer networks and released into surrounding waterways (Lefevre et 

al., 2015). In addition to water quality risks, climate change increases the frequency and 

intensity of heavy rainfall and consequently flooding. A 2017 study for rural 

Pennsylvania reported a 71% increase in heavy precipitation events over a span of 50 

years with frequency of these intense events expected to increase (PA Enviroment Digest, 

2019). In 2018, Pennsylvania’s Emergency Management Agency reported $163.5 million 

in public infrastructure damage due to flooding (PA Enviroment Digest, 2019). 

Green stormwater infrastructure (GSI), also referred to as low impact 

development (LID), is a strategy to manage stormwater quantity and quality. 

Implementation of GSI technology is supported at both the federal and state level. In 

2019, Congress enacted the Water Infrastructure Improvement Act which directs the 

United States Environmental Protection Agency (EPA) “to coordinate efforts to increase 

the use of GSI with federal, state, tribal, and local governments as well as the private 

sector” (Congress.gov, 2019). GSI relies on a variety of passive treatment measures, such 
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as plants, soil media, and permeable pavements to treat and reduce runoff via infiltration, 

evapotranspiration, and storage. Management of peak flows and water quantity often 

provides water quality benefits. However, design emphasis on these two objectives may 

vary depending on regulatory requirements and sewer system type. For combined sewer 

systems, a primary goal is to manage stormwater volume to avoid combined sewer 

overflows and slow down flow to the wastewater treatment plant where water is treated 

downstream. On a local scale, the city of Philadelphia created a 25-year plan employing 

GSI to mitigate stormwater volume entering combined sewer overflows and achieve 

pollution reduction goals. Additionally, some communities require that a portion of 

runoff volume be captured for infiltration or evapotranspiration to meet predevelopment 

hydrology (PaDEP, 2006). In separate sewer networks, such as the city of Baltimore, 

Maryland, water exiting GSI via an underdrain is conveyed to surface water bodies. As a 

result, GSI design focuses on both volume control, to prevent stream scouring, and water 

quality enhancements. Water quality goals for a specific pollutant, such as nutrients, are 

driven to comply with total maximum daily loads (TMDLs).    

1.1.1 Inclusion of Internal Water Storage (IWS) for Hydrologic Benefits 

Internal water storage (IWS) is a subsurface bioretention design component that 

increases storage volume to meet hydrology and infiltration goals (Hunt et al., 2012). 

IWS is created by raising the outlet elevation of the underdrain (Figure 1.1a). Increasing 

the IWS thickness limits the occurrence of underdrain discharge. When native soils 

below the bioretention cell have high permeability, water captured in the IWS is 

primarily released via exfiltration. Complete draw down of the IWS via exfiltration 

between storms is advantageous to maximize storage capacity for future events. IWS that 

promotes exfiltration and reduces the occurrence of outflow provides an effective 
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strategy for managing water quantity goals. IWS is not limited to bioretention but can be 

incorporated into porous pavement and underground storage chambers to manage 

stormwater volume. 

 

Figure 1.1. Conceptual schematic of an (a) inverted and (b) raised underdrain 

configuration for internal water storage. 

1.1.2 Nitrogen in Stormwater and Treatment Challenges 

In urban areas, nitrogen in stormwater is recognized as one of the key stressors 

and pollutants to fresh and coastal waters (Galloway et al. 2003; Howarth et al. 2002; 

Rabalais 2002; EPA 2009). Stormwater consists of multiple chemical forms of nitrogen 

including ammonium/ammonia (NH4
+/NH3), nitrate (NO3

-), nitrite (NO2
-), particulate 

organic nitrogen (PON), and dissolved organic nitrogen (DON). While the fraction of 

nitrogen species comprising the TN pool can vary, DON constitutes over half of the TN 

load in urban stormwater runoff (Mohtadi et al., 2017). For example, median Total 

Kjeldahl nitrogen concentrations (TKN; equal to the sum of NH3 plus DON) made up 

87% of TN for freeways (National Stormwater Quality Database, 2005). Additionally, 

approximately 59% of DON in urban stormwater is bioavailable and can quickly impact 

downstream water quality (Seitzinger et al., 2002). For separate sewer systems and 

nutrient sensitive watersheds, removal and treatment of NO3
- and DON become critical to 

managing TN. Over the last several decades, bioretention basins emerged as a popular 
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GSI practice to capture and treat stormwater pollutants. Bioretention design includes a 

vegetated depression filled with engineered soil media of moderately high permeability. 

An outlet structure, which may connect to a perforated underdrain, collects and transports 

treated water to waterways or sewer networks. As previously noted, underdrains may be 

designed to create IWS. 

Bioretention basins effectively capture PON but can be a net exporter of NO3
- and 

DON (Clary et al., 2020). For example, one bioretention field study, without IWS, 

reported only a 9% net reduction in TN concentrations and effluent TN consisted 

predominantly of NO3
- and DON at 46% and 42%, respectively (Li and Davis, 2014). 

Unsaturated sandy loam media layers remove NH4
+ through sorption and ion exchange 

and NO2
- via oxidation. However, NO3

- removal in unsaturated bioretention media is 

minimal and frequently exported due to: (1) negatively charged NO3
- remaining mobile 

through soil media during wet events and (2) nitrification of NH4
+ to NO3

-  during dry 

periods (Kim et al., 2003). Nitrogen fate in bioretention is further complicated as PON 

captured in top media layers can be converted to DON during dry periods (Li and Davis, 

2014) and DON can subsequently undergo mineralization to NH4
+ followed by 

transformation to NO3
- via nitrification. Management of nitrogen is bioretention is very 

complex and complete TN is unlikely. However, design strategies can be incorporated to 

enhance treatment effectiveness.  

1.1.3 Inclusion of Internal Water Storage (IWS) for Nitrate Removal  

IWS can remain partially saturated when exfiltration rates are slow or the 

bioretention cell is lined. When saturated conditions persist and a carbon source is 

present, IWS creates an anoxic environment and facilitates denitrification—the microbial 

reduction of NO3
- to nitrogen gas (N2) (Kim et al., 2003). Inclusion of IWS was originally 
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developed to foster denitrification in bioretention systems in nutrient sensitive watersheds 

(Hunt et al., 2012; Kim et al., 2003). It was recommended that the carbon source 

employed be solid and that the dissolution of carbon over time not limit microbial 

denitrification (Kim et al., 2003). Common examples of carbon sources include 

woodchips, newspaper, and sawdust. However, dissolved organic carbon (DOC) in soil 

media or present in stormwater runoff may also provide a carbon source but the 

effectiveness of this DOC source type remains unclear. 

Conventional underdrain design to create IWS includes an inverted (upturned) 

elbow at the outlet structure (Figure 1.1a). Many studies demonstrate that the presence of 

IWS improves basin performance for NO3
- removal (Brown and Hunt, 2011; Li et al., 

2019; Lynn et al., 2015a; Manka et al., 2016; Wang et al., 2018); however, few studies 

have considered alternative IWS designs. For example, the impact of IWS underdrain 

height relative to the base of the saturated layer (e.g., raised vs. inverted underdrains, 

Figure 1.1) on hydraulic efficiency (ev) and denitrification remains a knowledge gap. The 

most common IWS design includes an underdrain located at the bottom of the IWS with 

an inverted elbow (Figure 1.1a) (Igielski et al., 2019; Kim et al., 2003; Li et al., 2019). 

Alternatively, underdrains can be elevated or raised and placed on the top of the IWS 

(Figure 1.1b). During wet events, underdrain location could significantly impact 

hydraulics and NO3
- removal efficiency when water quality is a driver. Understanding the 

impact of treatment objectives may be an important consideration in IWS underdrain 

design choice. This work focuses on IWS performance from a water quality perspective 

which is a motivation for GSI design integrated into separate sewer systems and nutrient 

sensitive watersheds. 
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1.1.4 Dissolved Organic Nitrogen (DON) Fate  

While inorganic nitrogen is well characterized in urban stormwater, the dynamics 

and behavior of DON in bioretention systems remains unclear. Improved understanding 

regarding the processes responsible for DON generation, transformations, and removal is 

necessary to enhance bioretention design strategies when water quality is an emphasis 

(i.e., separate sewer systems). DON encompasses a range of low to high molecular 

weight (LMW and HMW, respectively) compounds derived from anthropogenic and 

biogenic sources. Anthropogenic sources (urban-pesticides, automotive exhaust, asphalt 

paving) introduce trace organic nitrogen contaminants into runoff and pose risks to 

aquatic life (Bucheli et al., 1988; Grebel et al., 2013). Trace organic nitrogen compounds 

are not yet regulated under the National Pollutant Discharge Elimination System 

(NPDES) and effective strategies for removal are not well studied. However, 

practitioners can be proactive in treating trace organic nitrogen compounds by identify 

economical treatment strategies that treat these compounds in addition to regulated 

pollutants, such as nutrients. Natural sources of DON include live plants, leaf litter, 

natural organic matter in soil, and animal waste (Lusk and Toor, 2016a). DON 

concentrations and bioavailability in surface waters are influenced by land use patterns, 

temporal and spatial variability, climate, and vegetative cover (Seitzinger et al., 2002). 

For example, urban water sheds were found to export 2 to 4.5 times higher DON 

concentrations compared to forested watersheds (Kroeger et al., 2006).  

Seminal research efforts in the stormwater DON space are limited and broadly 

include investigating (1) changes in bioavailability as a result of system processes, (2) 

application of adsorbents in bioretention media for DON retention and removal, and (3) 

advanced characterization techniques (i.e., high resolution mass spec; HRMS). 
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Significant findings are summarized here. Biological activities within water management 

systems can alter DON structure (i.e., loss or gain of H, C, O, or N) and bonds to change 

bioavailability. One case study demonstrated that DON bioavailability of stormwater 

outflow increased in a bioretention pond compared to pond inflow (Lusk and Toor, 

2016a). HRMS analysis revealed changes were attributed to the formation of less 

aromatic and lower molecular weight DON compounds within the treatment system 

(Lusk and Toor, 2016a). Lusk and Toor (2016b) demonstrated that microbes converted 

reactive DON compounds in urban streams to form DON counterparts that contained 

more oxygen and retained N through addition of O or removal of H. However, 

understanding DON fate within IWS, has not been considered. Redox conditions (as 

governed by saturated conditions) and shifts in microbial communities may increase 

DON bioavailability. If IWS is employed for water quality benefits in urban 

environments and exfiltration is minimal, understanding the effect of IWS design on 

DON fate is important to identifying appropriate mitigation measures.  

1.1.5 Biochar as an Adsorbent Media Amendment 

Studies exploring the use of adsorbents in bioretention media for DON removal 

demonstrate promise. Mohtadi et al. (2017) examined adsorption kinetics and capacity of 

various adsorbents for the removal of seven DON compounds. Coal based activated 

carbon performed best in batch adsorption studies compared to other organic and mineral 

based adsorbents including but not limited to charcoal, peat, clay and silicate. The authors 

proposed that bioretention design could include a sand/activated carbon media layer 

within the unsaturated layer to retain DON in aerobic soils for subsequent mineralization 

to NH4
+ and nitrification to NO3

-. Nitrate generated in top layers would then be reduced 

to N2 (g) after transport to the anaerobic IWS zone during and following storm events. 
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While the proposed design is promising in theory, activated carbon is a costly media for 

field applications ($3,000 per ton) (Kearns et al., 2014).   

Several studies have considered biochar as low cost alternative ($250/ton) to 

activated carbon (Kearns et al., 2014) to enhance bioretention treatment effectiveness. 

Berger et al. explored biochar application in woodchip biofilters, with a submerged zone, 

as a means to increase resiliency during high intensity rain events (2019). The authors of 

this study defined resilience as the number of events a system fails to meet a desired 

treatment standard for a pollutant (in this case NO3
-) or the time required to restore 

removal after failure occurred (Berger et al., 2019). Biochar enhanced NO3
- removal 

capacity for hydraulic residence times less than 5 hours due to biochars’ ability in to 

increase DOC and water retention (in unsaturated layer) during shorter contact times 

(Berger et al., 2019). This trend was also observed in a pilot scale study that compared 

woodchip, woodchip-straw, and woodchip-biochar bioreactor performance for nutrient, 

metal, and trace organic removal under continuous flow and anaerobic conditions 

(Ashoori et al., 2019). Hydraulic residence times for all three media types spanned 11 to 

13 hours and NO3
- concentration declined by 99% with no statistical difference observed 

across columns. However, woodchip-biochar columns demonstrated superior 

performance relative to the woodchip only columns in which no breakthrough was 

observed for trace organic nitrogen compounds. While these studies demonstrate that the 

presence of biochar enhanced DON removal, the occurrence of DON or inorganic 

nitrogen biotransformation remains unclear. Additionally, Ashoori et al. evaluated 

biochar-woodchip reactor performance under continuous flow only (2019). However, 

bioretention systems are subject to dry and wet conditions. Others have suggested that 
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longer antecedent dry periods (ADP) increase NO3
- removal capacity due to increased 

DOC leaching during dry periods (Berger et al., 2019; Lynn et al., 2015a).   

The presence dissolved organic molecules that contain nitrogen (i.e., DON) in 

stormwater or generated from PON decomposition in top bioretention layers, could serve 

as a carbon source to facilitate denitrification in the IWS. Braswell et al. observed 

decreased NO3
- concentrations, over a 60 hour time span, in a 150 mm thick crushed 

aggregate IWS beneath permeable pavement (Braswell et al., 2018). While no carbon 

amendments were added, the authors postulated that denitrifying bacteria and carbon 

present in underlying native soil facilitated denitrification in the IWS. DOC and DON are 

present in urban stormwater. However, current laboratory bioretention column studies 

primarily focus on a carbon source added to IWS media and do not consider the effect of 

DOC and DON present in runoff. Managing DON in bioretention systems remains a 

critical knowledge gap. IWS amended with an adsorbent could serve to retain DON and 

related DOC during storms and provide a carbon source to facilitate denitrification during 

and following storm events. Microbial utilization of DON during dry periods could treat 

DON and free absorption sites for DON removal during future wet events. The combined 

process of denitrification and DON consumption within the IWS offers a potential  

management approach for nitrogen processing within bioretention systems.  

1.1.6 Zooming in: the Presence of Anaerobic Zones and Dissolved Organic 

Matter (DOM) on the Fate of Other Stormwater Pollutants 

While not related to nitrogen dynamics, the final component of this work links the 

concept of anaerobic zones and the presence of dissolved organic matter (DOM) to 

evaluate the fate of another class of stormwater contaminants—metals. GSI is known to 

effectively remove heavy metals via sorption to filter media (Lefevre et al., 2015). In 
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bioretention basins, anaerobic zones are not limited to IWS but also exists as micro sites 

in the porewater of unsaturated layers. Anaerobic environments can contain elevated 

sulfide species (H2S and HS-), a common characteristic of wetland sediments and 

inundated soils. Under such conditions, metal sulfide (MeS) precipitation plays another 

important role in metal immobilization (DiToro, D.M., 1992; Gondikas et al., 2012; 

Huerta-Diaz et al., 1998). Many MeS species, for example CuS, PbS, CdS, and ZnS, are 

highly insoluble and thermodynamics favor precipitation for metal concentrations in the 

100 to 500 µg/L range.  

Interactions with DOM further complicates MeS precipitation. Similar to DON, 

DOM encompasses a class of LMW to HMW organic compounds. Functional groups 

associated with DOM have different binding affinities for MeS and can saturate the 

surface of MeS solids to slow particle growth and allow the persistence of MeS 

nanoparticles (NP) (Gondikas et al., 2012; Lau and Hsu-kim, 2008; Mullaugh and Luther, 

III, 2010; Mullaugh and Luther, 2011). Because of their size (d < 100 nm) and high 

surface area, NP are more mobile and reactive in the environment compared to their bulk 

solid counterparts.  

Previous studies have enhanced understanding of MeS/DOM interactions, but 

primarily focused on single-MeS systems (ZnS, CdS, or HgS) (Aiken et al., 2011; 

Deonarine et al., 2011; Mullaugh and Luther, 2011; Slowey, 2010). In the context of 

stormwater management approaches, the presence of multiple metals will likely alter 

MeS precipitation and fate. Additionally, the majority of seminal research efforts to 

understand single-MeS NP growth lack characterization of dissolved metal 

concentrations (Gondikas et al., 2012; Mullaugh and Luther, III, 2010; Mullaugh and 



 

11 

 

Luther, 2011). This is attributed to the selection of analytical methodologies not suitable 

for multi-metal or dissolved metal evaluations. 

While sediments and bioretention fill media sequester metals, intense storm 

events, flooding, and disturbance to top media layers can mobilize colloidal or particulate 

MeS for transport (Sukola et al., 2005; Vazquez G. et al., 1989). The bioavailability risks 

associated with transport and resuspension is higher when metals exist in dissolved or NP 

form. Understanding the fate of MeS NPs and interaction with DOM can help inform 

design decisions. For example, planting vegetation with deeper roots systems to minimize 

anerobic zones in bioretention media layers. Additionally, weirs can be added where 

inundation and sediment disturbances occur to slow stream velocity, promote settling, 

and prevent transport on the surface to the outlet. The final component of this work aims 

to address knowledge gaps related to early-stage multi-MeS precipitation and fate by 

considering environmental factors common across bioretention and other infiltration-

based GSI measures. 

1.2 Project Objectives 

The overarching goal of this work aimed to identify optimal bioretention IWS 

design scenarios with regards to underdrain height and IWS media to maximize hydraulic 

efficiency (ev) and TN removal. Additionally, this work explored anaerobic zones on a 

microscale and considered model DOM common in GSI systems to understand the 

impact on early-stage MeS precipitation. Research findings associated with this 

dissertation are presented in the Chapters 2 through 6. Publications specific to each 

chapter are noted in addition to plans for future publications. Figure 1.2 provides a visual 

summary of variables explored across the dissertation and chapter specific objectives 

follow.  
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Figure 1.2. Dissertation chapter roadmaps. 
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Chapter 2 Inverted or raised? The impact of bioretention underdrain height on 

internal water storage hydraulics 

Chapter two explored the impact of underdrain configuration on conservative 

tracer transport patterns and IWS velocity profiles to identify optimal underdrain height 

design. This work was published in the Journal of Sustainable Water for the Built 

Environment with coauthors Dr. Sarah Beganskas and Dr. Erica R McKenzie (Donaghue 

et al., 2021). Laboratory columns, comprised of a gravel-woodchip IWS with varying 

underdrain height, were coupled with USGS VS2DRTI modeling to: (2.1) determine the 

effect of IWS underdrain height on ev and tracer breakthrough curve (BTC) statistics 

under continuous flow; (2.2) compare mixing patterns between “old” and “new” 

stormwater as a function of IWS underdrain height and hydraulic loading rate (HLR) 

under intermittent flow conditions; and (2.3) consider the effects of IWS width/depth 

ratios on ev. 

Chapter 3 Impact of internal water storage underdrain height on denitrification 

under continuous and transient flow for laboratory columns   

Chapter 3 employed the same laboratory column setup utilized in Chapter 2. 

However, the impact of underdrain height on NO3
- removal is considered. Chapter 3 was 

written with coauthors Naomi Morgan, Dr. Laura Toran, and Dr. Erica R McKenzie and 

submitted to Water Research. Analysis of nitrogen speciation and dual isotopes of 

nitrogen (i.e., 14N and 15N) and oxygen (17O and 18O) in NO3
- were employed to confirm 

the absence or presence of denitrification. Dual isotopes in nitrate experimental design 

and data interpretation was performed by Naomi Morgan and Dr. Toran and results are 

also presented in following thesis (Morgan, 2021). Project components aimed to: (3.1) 
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distinguish microbial denitrification from dilution under steady state and transient flow; 

(3.2) determine the effect of hydraulic residence time on NO3
- removal efficiency and 

NO3
- removal kinetics; and (3.3) determine the effect of HLR and ADP on IWS water 

quality, NOx (NO3
- + NO2

-) dynamics, and potential denitrification during transient flow 

conditions.  

Chapter 4 Impact of internal water storage media composition on NO3
- and 

DON removal 

In Chapter 4, laboratory columns employed for Chapters 2 and 3 were retrofitted 

to all contain a bottom underdrain configuration. The IWS media type across the three 

columns was varied to investigate the impact of gravel, gravel-woodchip, and gravel-

woodchip-biochar on NOx removal and DON dynamics. Synthetic stormwater was 

amended to include DON and trace organic nitrogen compounds in addition to NO3
-. 

Chapter specific objectives included determining: (4.1) the effect of IWS media type on 

NOx removal under continuous flow in the absence and presence of DOC and DON in 

stormwater; (4.2) the impact of ADP on NOx removal and DON fate during and between 

storms; and (4.3) the impact of ADP on DON bioavailability. Chapter 4 is planned to be 

submitted for publication in Science of the Total Environment with coauthors Naomi 

Morgan, Dr. Laura Toran, and Dr. Erica R. McKenzie. 

Chapter 5 Field monitoring of water quality and nitrogen fate in a bioretention 

basin with IWS 

A bioretention field site in Philadelphia, PA, associated with the I95 interchange 

project, includes an IWS with a raised underdrain. The design of this field site was a 

primary motivation for the laboratory column studies. Field monitoring of the IWS 
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response was monitored for eight storm events over a ten-month period. Chapter 5 

provides an assessment of IWS nitrogen dynamics under complex environmental 

conditions. Specifically, Chapter 5 qualitatively: (5.1) monitored dissolved oxygen and 

conductivity to probe IWS mixing patterns; (5.2) employed high-frequency sampling of 

the IWS to investigate nitrogen speciation and utilized dual isotopes in NO3
- to identify 

the absence/presence of denitrification; and (5.3) compared in situ nitrogen speciation 

across soil porewater and the IWS to evaluate system performance and highlight future 

research needs. Chapter 5 is planned to be submitted for consideration of publication in 

Journal of Environmental Management. Coauthors for this work include Naomi Morgan, 

Dr. Laura Toran, and Dr. Erica R. McKenzie.  

Chapter 6 Single versus multi-MeS systems: the role of cysteine and complex 

environmental conditions 

Chapter 6 shifts focus to consider anaerobic environments present at a microscale 

within GSI systems and the fate of metals (Cu, Pb, Cd, Zn, and As). A model low 

molecular weight compound, cystine, was considered to investigate early stage (3 hours) 

multi-MeS precipitation and resultant NP behavior for complex environmental matrices. 

Chapter 6 is published with coauthor Dr. Erica R McKenzie in Science of the Total 

Environment (Donaghue and McKenzie, 2021). The study objectives aimed to: (6.1) 

compare MeS NP behavior between select single (Zn or Cd) and multi-metal systems 

(Cu, Pb, Cd, Zn, and As) as affected by CYS presence; (6.2) compare the effects CYS 

concentration on dissolved and solid phase dynamics in multi-MeS systems; and (6.3) 

assess the impact of cation valence state (Na+ versus Ca2+) on multi-MeS precipitation 

and dissolved fractions in the presence of CYS. 
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Chapter 7 Conclusions 

The conclusion section of this dissertation links key finding across chapters, 

provides overarching design recommendations to the stormwater community, and 

suggests direction for future work. 
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INVERTED OR RAISED? THE IMPACT OF BIORETENTION 

UNDERDRAIN HEIGHT ON INTERNAL WATER STORAGE 

HYDRAULICS  

2.1 Abstract 

Bioretention design can include a saturated internal water storage (IWS) layer to 

promote denitrification. Typical practice connects an underdrain, at the IWS base, to an 

upturned elbow; alternatively, the underdrain can be located at the top of the IWS. We 

coupled laboratory column studies and transport modeling to evaluate hydraulic 

efficiency (ev), defined as tracer residence time/theoretical residence time, as a function of 

underdrain height and IWS width to depth (w/d) ratio. Tracer tests revealed ev decreased 

from 1.0 to 0.76 as underdrain height increased from 0 to 30 cm due to the presence of 

immobile zones below raised underdrains. For IWS w/d ratios greater than 1, ev was less 

sensitive to underdrain location and ranged 0.89 to 0.96. For raised underdrains, higher 

hydraulic loading rate (HLR) reduced IWS immobile zone size (22%) and enhanced 

exchange between old and new water. Site-specific features (i.e., IWS geometry and 

HLR) will influence optimal IWS underdrain design and transport modeling provides 

more accurate predictions of mean residence time compared to theoretical calculations.  

2.2 Introduction 

In urban areas, green stormwater infrastructure (GSI) is a widely-adopted 

technology to mitigate peak flows and improve water quality. GSI strategies can include 

surface and subsurface components (i.e., above and below grade). Common GSI 

examples include porous pavement, bioretention basins, and subsurface gravel wetlands. 

Bioretention comprises a vegetated depression with engineered fill media of moderately 

high permeability to infiltrate stormwater. Design can include a perforated underdrain, 
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100 to 150 mm in diameter, located at the bottom of a gravel layer that conveys 

infiltrated stormwater to a combined sewer network or separate sewer system. Further 

details on underdrain design can be found in Hunt et al. (2012).  

 

Figure 2.1. Conceptual schematic of an (a) inverted and (b) raised underdrain 

configuration for internal water storage. 

To improve treatment of water quantity in bioretention, design can include 

internal water storage (IWS)—a subsurface saturated layer that provides storage. IWS is 

created by raising the exit elevation of the underdrain (Figure 2.1a). When exfiltration is 

low and the IWS remains saturated, favorable conditions for denitrification (i.e., anoxic 

zone) can be established (Kim et al., 2003). Typical IWS underdrain configuration 

includes an inverted underdrain (Figure 2.1a). A raised underdrain (Figure 2.1b) may be 

more appropriate depending on site characteristics but is less common. IWS water exits 

the system via the underdrain outlet and/or exfiltration to underlying soils. Some states 

specify when inverted or raised underdrains are permissible. For example, Pennsylvania’s 

Managed Release Concept strategy advises IWS when infiltration is considered infeasible 

and raised underdrains are limited to vegetated basins only to ensure exchange of old 

stormwater (Pennsylvania Department of Environmental Protection, 2019). While this 

strategy assumes plug flow conditions to occur, the literature lacks in-depth analysis of 

IWS hydraulics.  
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Urban GSI implementation comes with challenges related to space limitations, 

site constraints (e.g., buried utilities), property value costs (Bixler et al., 2019), and 

operation and maintenance considerations. Identifying flexibility for IWS underdrain 

configuration without sacrificing performance allows for site-specific design innovation. 

Raised or inverted underdrains may provide advantages under certain conditions. When 

exfiltration from an IWS occurs, media surrounding raised underdrains will be 

temporarily unsaturated; this scenario may alleviate flow impediments in the underdrain 

caused by bioclogging or gas build up from microbial activity (Maxwell et al., 2020; 

Rockhold et al., 2005; Seifert and Engesgaard, 2007). Additionally, raised underdrains 

would be less susceptible to sediment build up and clogging over the system lifespan 

(McPhillips and Walter, 2015). Alternatively, inverted underdrains may be better suited 

for sites with deep root systems that can easily penetrate and clog a raised underdrain 

(Muerdter et al., 2018). Lastly, recent advances in GSI technologies incorporate media 

amendments, such as biochar, to increase contaminant removal efficiency. When media 

amendments are incorporated in the IWS, raised underdrains may help limit washout of 

finer amendment material through the underdrain when intense rain fall or fast infiltration 

rates from overlying fill media occur. 

Field and laboratory studies under continuous and intermittent flow demonstrate 

the correlation between increased hydraulic residence time and nitrate removal (Brown 

and Hunt, 2011; Igielski et al., 2019). A pilot-scale woodchip bioreactor study revealed 

that hydraulic residence time accounted for 93% of nitrate removal efficiency when 

considering the explanatory variables of temperature, dissolved oxygen, influent nitrate 

concentration, and hydraulic residence time (Martin et al., 2019). When water quality 
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benefits is an emphasis in IWS design, achieving the desired hydraulic residence time is 

important. Variables affecting hydraulic residence time include IWS media composition, 

permeability of underlying soils, and GSI geometry (i.e., IWS width to depth ratio) 

(Christianson et al., 2011; Lynn et al., 2016). Additionally, GSI sites are subject to 

variable precipitation intensity, resulting in a range of hydraulic loading rates (HLRs), 

with higher HLRs generally associated with lower hydraulic residence times 

(Christianson et al., 2011; Igielski et al., 2019; Lopez-Ponnada et al., 2020; Martin et al., 

2019).  

IWS media can be comprised of gravel, sand, or soil and may include a carbon 

source, such as woodchips, when nitrate removal is desired. IWS media composition 

impacts hydrodynamic dispersion, the sum of mechanical dispersion and diffusion (via 

the tortuosity scaling factor). In bioretention systems, diffusion is assumed negligible 

under typical design scenarios (hydraulic residence time < 24 hr) (Lynn et al., 2016). 

Mechanical dispersion accounts for local variability in interstitial flow velocities and 

arises from differences in pore size and individual solute flow paths (Wexler, 1992). 

Lynn et al. (2016) demonstrated that coarser materials, such as gravel and woodchips, 

resulted in dispersivity values an order of magnitude greater than sandy media. When 

operated under equivalent hydraulic residence time, thinner IWS depths (30 cm) resulted 

in dispersion-dominated transport (Peclet number < 4) whereas thicker IWS depths (45 

and 60 cm) showed moderate dispersion (Peclet number > 4) (Lynn et al., 2016). High 

dispersion can reduce performance by causing a portion of solutes to exit the IWS in 

advance of the theoretical residence time (τ).   
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The hydraulic conductivity of underlying native media governs exfiltration of 

IWS water and can affect hydraulic residence time within bioretention systems. A field 

study in Rocky Mount, North Carolina compared two bioretention test cells: cell one had 

a 57–87 cm IWS depth and underlying sand (exfiltration = 6 to 9 cm/hr) and cell two had 

a 73–103 cm IWS depth with underlying sandy clay loam (exfiltration = 0.2 to 0.3 cm/hr) 

(Brown and Hunt, 2011). Cell one was most effective at reducing runoff volume but 

performed poorly for nitrogen removal due to the short hydraulic residence time (3 hr). In 

contrast, cell two demonstrated longer media contact time (up to 7 d) due to a 

combination of thicker IWS and slower exfiltration. Consequently, cell two achieved 

superior water quality benefits for a range of nitrogen species. These findings suggest that 

while sites with fast exfiltration are effective for managing water quantity these 

conditions can offset the water quality enhancements of IWS.   

IWS geometry also impacts hydraulic performance and consequently water 

quality. Under intermittent conditions (i.e., storms), thicker IWS enhanced mixing 

between “old” and “new” stormwater. For storms of equivalent dosing, Wang and Yu 

(2018) showed nitrate removal efficiency increased from -23% in the absence of any IWS 

up to 63% for an IWS 60 cm thick using an inverted underdrain configuration. The 

authors suggested that thicker IWS contained a larger volume of “old” water denitrified 

between storms which enhanced mixing with “new” incoming stormwater compared to 

thinner IWS.  

IWS design should avoid nonideal flow regimes, when a portion of solute exits 

the system before τ, indicating inefficient use of reactor volume. Examples of nonideal 

flow conditions include poor mixing, solute short-circuiting, and dead zones. Hydraulic 
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efficiency (ev, also referred to as effective volume) is a parameter that quantifies 

departure from ideal flow: ev = 1 indicates uniform ideal flow and ev < 1 indicates 

nonideal flow. Conservative tracer test (with chloride or bromide) can be used to 

determine ev. Hydraulic efficiency is defined as the ratio of the tracer mean residence 

time (𝑡̅) to τ, shown in Eq. (2.1) (Thackston et al., 1987):  

 𝑒𝑣 =
�̅�

𝜏
==

�̅�

𝑉∙𝜂 𝑄⁄
     (2.1) 

where V is the total volume (including loamy sand media), η is the porosity, and Q is 

volumetric flow rate (equal to flow velocity times the column cross sectional area). It is 

expected that underdrain height with respect to IWS depth will influence performance. 

The effect of IWS underdrain height and geometry (e.g., IWS width/depth ratio) on ev 

needs more study. 

This paper evaluates the impact of underdrain configuration on IWS velocity 

profiles and tracer transport patterns to identify optimal design scenarios. We couple 

laboratory column studies with open-source United States Geological Survey (USGS) 

Variably Saturated Two-Dimensional Reactive Transport (VS2DRTI) modeling (Hsieh et 

al., 2000). Specifically, we: (1) determine the effect of IWS underdrain height on ev and 

tracer breakthrough curve (BTC) statistics under continuous flow, (2) compare mixing 

patterns between “old” and “new” stormwater as a function of IWS underdrain height and 

HLR under intermittent flow conditions, and (3) consider the effects of IWS width/depth 

ratios on ev. 
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2.3 Methods 

2.3.1  Laboratory Column Design 

Three acrylic columns were fabricated in-house (30.5 cm OD × 87.1 cm). Column 

media layers, from bottom up, included a gravel/woodchip IWS (32 cm thick), loamy 

sand (38 cm), and a surficial pea gravel layer (4 cm) with 12 cm freeboard for ponding 

(Figure 2.2a). The gravel/woodchip IWS layer was a 2:1 (vol/vol) mixture of 0.95 cm 

(3/8”) pea gravel and hardwood mulch (Lynn et al., 2015b) procured from a local 

landscaping supplier (Pennsauken, NJ). While exact species is not known, hardwood 

trees contain a higher carbon content than softwoods (Subramaniam et al., 2016) and 

Peterson et al reported higher total nitrogen removal with hardwood woodchips compared 

to softwood (2015). Mulch virgin source material was sieved to a diameter size of 4.75–

9.5 mm. The synthetic loamy sand blend consisted of sand (80%), silt (13%), and clay 

(7%) in accordance with the Philadelphia Stormwater Management Guidance Manual 

(Philadelphia Water Department (PWD), 2020).  

A PVC pipe was installed to run vertically at each column’s center (Figure 2.2a). 

This center PVC pipe connected to a PVC discharge pipe at the column base and 

extended outside of the column with an upturned elbow. The invert elevation of the 

underdrain outlet remained fixed across all three columns to maintain a 30 cm thick IWS. 

The IWS underdrain height was varied by adjusting the centerline elevation of a 2 cm 

thick screened opening in the center PVC pipe as follows: 1 cm (bottom underdrain), 15 

cm (middle underdrain), and 31 cm (top underdrain) above the column base. The 
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Figure 2.2. Setup of (a) laboratory and (b) simulated columns. 
Laboratory columns (a) had one 2 cm thick screened opening located at the top (31 cm), middle 

(15 cm), or bottom (1 cm) of the IWS. In the interest of space, all three screened openings are shown here. 

Laboratory columns included IWS sample ports at heights of 25, 20, 10, and 5 cm. Simulated columns (b) 

considered seven underdrain heights located at 30, 25, 20, 15, 10, 5, and 0 cm above the column base. The 

0 cm underdrain height is shown here. 

underdrain intake was fabricated with six screened openings 6.35 mm wide and 2 cm tall. 

Gravel secured with geotextile (UNDERGUARD, Geotextile Underlayment) 

encapsulated screened openings to prevent clogging. It is possible packing variability 

caused a small amount of preferential flow along the center PVC pipe in the loamy sand 

layer. However, preferential flow around the center PVC pipe and side walls in the IWS 

were assumed to be negligible within the context of this study and was confirmed by 

VS2DRTI simulations (Figure A1). Additionally, simulated columns validated laboratory 
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results and emphasize that the dominant patterns observed are due to underdrain location 

rather than preferential flow. 

Each column contained eight sample ports within the IWS. Sample ports 

contained luer locks to allow sampling at a fixed distance from the column center: 10 cm 

(distal, D; i.e., 5 cm from the column wall) or 5 cm (proximal, P; i.e., 10 cm from the 

column wall). Distal and proximal sample ports were installed at 25, 20, 10, and 5 cm 

above the column base. IWS sample ports are referenced according to their horizontal 

location and depth. As an example, D-25 refers to the distal sample port at 25 cm height. 

Water was applied at the top of the columns using a ring of polyethylene tubing (radius 

7.5 cm, 4.76 mm ID) with equidistance perforations (approximately 7.85 cm between 

holes).  

2.3.2 Laboratory Column Tracer Experiments  

Laboratory column tracer experiments followed the sequence listed in Table 2.1. 

Tracer experiments varied with respect to flow condition and tracer use as follows: (1) 

pulse tracer tests using a 2 L injection of 1,000 mg/L bromide (Br) applied under 

continuous flow, (2) step tracer tests where 100 mg/L Br was applied under continuous 

flow until breakthrough was observed at the underdrain outlet, and (3) intermittent flow 

tracer storms that alternated application of chloride (Cl) and Br tracers. Column operation 

occurred under ambient laboratory conditions (~21°C). Synthetic stormwater was 

prepared from deionized water and included 0.01 M NaCl (Sigma Aldrich) for ionic 

strength, 0.003 M NaHCO3 (Sigma Aldrich) for buffering, and 0.1 mg-P/L (using 

KH2PO4, Sigma Aldrich) to support microbial growth in future studies. A Masterflex L/S 

digital drive peristatic pump fed water to the top of each column from a 65-gallon tank of 

tracer-free water or a smaller container of tracer. 
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Continuous flow pulse tracer experiments (Events 0–2, Table 2.1) were used to 

determine 𝑡̅ and ev as a function of underdrain height; experiments were conducted 

simultaneously at a HLR of 7.8 cm/hr which was equivalent to the higher Ksat across the 

three columns. Three pore volumes of tracer-free water were applied, followed by a 2 L 

pulse of 1,000 mg/L Br from a 2.5 L beaker, and then tracer-free water until test 

completion (~7.8 to 9 hr). Upon tracer application, sample collection occurred at the 

underdrain every 10 or 20 min until baseline levels were observed (IWS sample ports 

were not sampled during Events 0–2). The residence time distribution moment analysis 

function Eq. (2.2), or the E(t) curve, was employed to calculate 𝑡̅, in accordance with Eq. 

(2.3): 

𝐸(𝑡) =
𝐶(𝑡𝑖)

∫ 𝐶(𝑡𝑖)𝑑𝑡
∞
0

=
𝐶(𝑡𝑖)

∑ 𝐶𝑖∆𝑡
𝑛
𝑖=1

      (2.2) 

𝑡̅ = ∫ 𝑡𝑖 𝐸(𝑡𝑖)𝑑𝑡
∞

0
= ∑ 𝑡𝑖𝐸𝑖∆𝑡

𝑛
𝑖=1       (2.3) 

where C is the tracer concentration, ti represents the sample collection time, Δt is the 

incremental time step, and n is the number of samples. 

 

Second and third moments were taken about E(t) to calculate tracer variance (σ2; 

Eq (2.4)) and skewness (s3; Eq (2.5)): 

𝜎2 = ∫ (𝑡𝑖 − 𝑡̅)2𝐸(𝑡𝑖)𝑑𝑡
∞

0
= ∑ (𝑡𝑖 − 𝑡̅)2𝐸𝑖∆𝑡

𝑛
𝑖=1     (2.4) 

𝑠3 = 
1

𝜎3/2 ∫ (𝑡𝑖 − 𝑡̅)3𝐸(𝑡𝑖)𝑑𝑡
∞

0
=

1

𝜎3/2
∑ (𝑡𝑖 − 𝑡)̅3𝐸𝑖∆𝑡

𝑛
𝑖=1    (2.5) 
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Table 2.1. Laboratory column experiment sequence. 
Continuous flow conditions were preceded with application of three total pore volumes of tracer-

free water. A one-day dry period occurred before initiating intermittent conditions. Loamy sand hydraulic 

conductivity for the bottom underdrain column decreased more than 50% relative to continuous flow tracer 

experiments. During intermittent conditions, the ponding depth for the bottom underdrain column reached 

the maximum freeboard depth; therefore, applied flow was removed from the bottom underdrain after 4.5 

hr (Events 5 and 6) and 4.45 hr (Event 7). This resulted in less tracer volume applied to the bottom 

underdrain column relative to the top and middle underdrain columns 

Event Experiment  Condition 

Tracer 

conc. HLR 

Sample 

collection  

Volume of applied 

tracer/duration 

      mg/L cm/hr     

0 Br Pulse  

(Preliminary) Continuousa  1,000 7.8 Underdrain 2L pulse/0.4 hr 

1 Br Pulse Continuousa  1,000 7.8 Underdrain 2L pulse/0.4 hr 

2 Br Pulse Continuousa  1,000 7.8 Underdrain 2L pulse/0.4 hr 

3 Br Step Continuousa  100 

6b, 

7.8c Underdrain, Bottom: 21.2 L/5.5 hr 

          IWS Middle: 11.9 L/2.4 hr 

          (8 ports) Top: 13 L/3.3 hr 

              

4 Cl Storm Intermittent 

(1 d after Event 3) 

1,000 6e Underdrain,  

IWS  

(8 ports) 

19.5 L per column/5 hr 

5 Br Stormd Intermittent 

(1 d after Event 4) 

100 6e Underdrain, Bottom: 17.5 L/4.5 hr 

        IWS  Middle: 19.5 L/5 hr 

        (8 ports) Top: 19.5 L/5 hr 

6 Cl Stormd Intermittent 1,000 6e Underdrain, Bottom: 17.5 L/4.5 hr 

    (4 d after Event 5)     IWS  Middle: 19.5 L/5 hr 

  
 

      (8 ports) Top: 19.5 L/5 hr 

7 Br Stormd Intermittent 100 6e Underdrain,  Bottom: 17.4 L/4.45 hr 

  
 

(1 d after Event 6) 
 

  IWS  Middle: 19.5 L/5 hr 

          (8 ports) Top: 19.5 L/5 hr 

              
a During continuous conditions, laboratory columns were kept fully saturated 

between events.   
b Saturated hydraulic loading rate for bottom and top 

underdrains       
c Saturated hydraulic loading rate from middle 

underdrain       
d Loamy sand hydraulic conductivity for bottom underdrain decreased 52-68% relative to continuous 

flow experiments. Due to 

ponding approaching maximum freeboard depth, flow was removed from the bottom underdrain after 

4.5 hr for Events 5 and 6  

and after 4.45 hr for Event 7.          
e For Events 4-7 the observed underdrain flowrate 

was less than the applied HLR.       
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Continuous flow step tracer experiments (Event 3, Table 2.1) were performed to 

estimate effective pore volume and to calibrate sensitive parameters. Effective pore 

volume describes the fraction of the total pore volume that contributes to fluid flow (see 

equations A1-2). Because continuous step tracer tests incorporated higher sampling 

frequency, experiments were performed separately for each column and applied HLR 

matched the respective Ksat (6 or 7.8 cm/hr). Step tests included application of three total 

pore volumes of tracer-free synthetic stormwater followed by synthetic stormwater 

containing 100 mg/L Br. Br tracer was applied to the top of columns until Br 

breakthrough (100 mg/L) was observed at the underdrain. Breakthrough across all three 

underdrain heights corresponded to ~1 effective pore volume. Therefore, the volume and 

duration of applied tracer varied across the three laboratory columns. Sample collection 

occurred at the underdrain and all IWS sample ports approximately every 20 min. 

Finally, a sequence of intermittent storms (Events 4–7, Table 2.1) alternating Cl 

(1,000 mg/L) and Br (100 mg/L) tracers was used to probe mixing patterns between “old” 

and “new” stormwater, with a dry period between consecutive storms. Only the IWS 

remained saturated during dry periods, similar to field conditions. The terminology of 

“old” and “new” stormwater was adopted to describe alternating wet and dry cycles, 

where “old” water refers to water stored in the IWS during a dry period and “new” water 

refers to inflowing fresh stormwater (Wang et al., 2018). A HLR of 6 cm/hr was used and 

storm duration was generally five hours but varied in some cases (Table 2.1) due to 

decreased loamy sand permeability. Samples were collected from IWS sample ports and 

the underdrain throughout tracer storm application and until flow ceased from the 

underdrain. Samples were analyzed for both Br and Cl.  
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2.3.3 Chemical Analyses and Monitoring 

Br was measured using a Br ion selective electrode (Thermo Fisher, 9635BNWP) 

in accordance with manufacturers’ operating procedures (Thermo Scientific, 2008) and 

EPA Method 9211 (U.S. Environmental Protection Agency 1996); the method detection 

limited was 3 mg/L. For Br measurements, Cl concentrations (300 -1,000 mg/L) were 

below the documented concentration reported to cause Br electrode interferences (i.e., Cl 

> 0.5 M, 17,700 mg/L). Cl was measured via colorimetric methods using an AQ300 

Discrete Analyzer (SEAL Analytical; method number EPA-124-C Rev 0). The Cl method 

detection limit was 0.4 mg/L. Cl analysis included sample duplicates, continued 

calibration blanks, and continued calibration verification every 10 samples.  

Underdrain effluent flow rates were determined during all experiments using a 

gravimetric approach. A beaker was used to collect underdrain effluent for a minute and 

then the mass of the collected effluent was measured and converted to mL/min. During 

the step tracer experiment, the effective pore volume was determined based on the 

volume of Br water discharged from the underdrain that corresponded to an underdrain 

concentration equal to 50% of the influent concentration (Berger et al., 2019) (Table A1).  

2.3.4 Model Development 

The graphical software package VS2DRTI version 1.4 (Hsieh et al., 2000) was 

employed to model 2D solute transport for a range of underdrain heights. VS2DRTI, a 

finite difference model, employs the Richards equation to model water flow through 

variably saturated media and the advection–dispersion equation to model solute transport. 

Pressure head, moisture content, and hydraulic conductivity were determined by applying 

the van Genuchten equation. VS2DRTI modeled columns, hereafter referred to as 

simulated columns, mirrored laboratory column design in scale and media type (Figure 
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2.2b). However, due to radial symmetry, only the lateral distance from the center PVC 

pipe was considered (i.e., distance equivalent to the laboratory column radius). The 

underdrain pipe in VS2DRTI was constructed by creating an “empty space” textural class 

with a porosity of 1.0 and an exaggerated hydraulic conductivity (500 m/s) to represent 

pipe flow (Figure 2.2b). The simulated underdrain pipe geometry was configured to 

ensure flow restrictions resulted from the column media itself and not the pipe (Appendix 

A, Figure A2). Grid spacing generally equaled 2 cm. Predefined values were used for 

loamy sand media properties (Parrish and Carsel, 1988). Baseline values for IWS 

gravel/woodchip media properties (porosity, saturated hydraulic conductivity (Ksat), van 

Genuchten parameters, and longitudinal dispersity; Table A2) were guided by published 

values and adjusted during calibration (see below). Boundary conditions included a 

specific flux (i.e., HLR) at the top media layer, a maximum ponding depth (12 cm), an 

initial pressure head (-0.74 m), and a gravity drain boundary condition at the underdrain 

outlet.  

VS2DRTI tracer tests were executed via recharge periods, or time intervals during 

which boundary conditions remained constant (i.e., flow rate, influent water chemistry). 

For continuous flow scenarios, HLR remained fixed at 6.6 cm/hr. The geochemical 

reaction model PHREEQC (Parkhurst and Appelo, 2013) was linked to VS2DRTI to 

define the influent water chemistry (i.e., Br and Cl concentrations). Simulated tracer tests 

mimicked laboratory conditions (Table 2.1) as well as hypothetical conditions. Simulated 

columns included observation points located at equivalent locations to the laboratory 

columns’ underdrain and IWS sample ports. Time-series output (including flow velocity 
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and water chemistry) from each observation point was processed in Python v. 3.8.3 to 

calculate ev, 𝑡̅, and associated tracer BTC statistics for continuous flow. 

2.3.5 Model Sensitivity Analysis, Calibration, and Validation 

Figure A3 summarizes sensitivity, calibration, and validation steps and notes 

experimental data used when applicable. To minimize the number of calibration 

parameters, a sensitivity analysis was performed across all VS2DRTI baseline parameters 

(Table A2). Each parameter was adjusted ±10% relative to the baseline value, so that 

three models were run (baseline, +10%, and –10%). For each sensitivity simulation, the 

square of summed residuals (SSR) was calculated using observed laboratory data from 

the bottom underdrain column (Event 3, Table 2.1) and simulated Br concentrations in 

accordance with Eq. (2.6): 

  𝑆𝑆𝑅 =  ∑ (𝐶𝐿𝑖 − 𝐶𝑆𝑖)
2𝑛

𝑖=1      (2.6)     

where CLi is the observed (laboratory) Br concentration at time i, CSi is the simulated Br 

concentration at time i, and n represents the total number of measurements. SSR values 

were calculated for the underdrain and IWS sample port locations (nine SSR values for 

each sensitivity simulation). The percent change in SSR (%ΔSSR) with a 10% change in 

parameter value was calculated relative to the SSR for the baseline value. Sensitive 

parameters were characterized as: no (%ΔSSR < 10), mild (10 < %ΔSSR < 20), moderate 

(20 < %ΔSSR < 30), or high (%ΔSSR > 30) sensitivity. 

For model calibration, published values were used to bound ranges tested for 

sensitive parameters (Table A3). Calibration was performed for both continuous and 

intermittent flow scenarios (Events 3 and 4). The most sensitive parameters were adjusted 

over 174 model runs, considering two objective functions: the Nash–Sutcliffe Efficiency 
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(NSE) coefficient and coefficient of determination (r2), shown in Eq. (2.7) and Eq. (2.8), 

respectively: 

𝑁𝑆𝐸 = 1 −
∑ (𝐶𝐿𝑖−𝐶𝑆𝑖)

2𝑛
𝑖=1

∑ (𝐶𝐿𝑖−𝐶𝐿𝑀𝑒𝑎𝑛)2𝑛
𝑖=1

        (2.7)         

𝑟2 = (
∑ (𝐶𝐿𝑖−𝐶𝐿𝑀𝑒𝑎𝑛 )(𝐶𝑆𝑖− 𝐶𝑆𝑀𝑒𝑎𝑛)𝑛

𝑖=1

√∑ (𝑛
𝑖=1 𝐶𝐿𝑖−𝐶𝐿𝑀𝑒𝑎𝑛)2 ∑ (𝐶𝑆𝑖− 𝐶𝑆𝑀𝑒𝑎𝑛)2𝑛

𝑖=1

)2       (2.8)  

where CLMean is observed mean concentration and CSMean
 is simulated mean concentration. 

During calibration, we sought to maximize NSE and r2, with a minimum requirement of 

NSE > 0.5 and r2 > 0.6 (Lynn et al., 2017; Santhi et al., 2001).   

The calibrated continuous flow models (using the same parameter values across 

all three underdrain heights) were validated against the pulse tracer tests (Event 2, Table 

2.1) to ensure calibration did not result in overfitting. Appendix A describes sensitivity 

analysis, calibration, and validation efforts in more detail (section A3; Table A4a and 

A4b). 

2.3.6 Extended Simulations 

The calibrated and validated model was used to simulate scenarios difficult or 

impossible to run in the lab. Extended models considered underdrain heights of 0, 5, 10, 

15, 20, 25, and 30 cm. To explore the impact of HLR on mixing under intermittent flow 

conditions, simulated tracer storms were run with low (4 cm/hr), medium, (6.6 cm/hr) 

and high (13.3 cm/hr) HLRs. The high HLR was less than the simulated saturated 

hydraulic conductivity (Ksat = 14.4 cm/hr) and the range explored is relevant to other 

laboratory and field studies that evaluated IWS denitrification conditions (Igielski et al., 

2019; Lynn et al., 2015a). To determine how IWS w/d ratios impact HRT under 

continuous flow conditions, simulated columns with radii of 15, 25, and 50 cm were 
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created which corresponded to IWS w/d ratios of 0.50, 0.83, and 1.67, respectively. The 

radius was used for IWS width as this represents the longest direct flow path. In the field 

setting, width would correspond to the lateral distance from the underdrain and depth 

would correspond to the thickness of the IWS layer. 

2.4 Results and Discussion 

2.4.1 Calibration and Validation 

During calibration, simulated results from IWS locations below the middle and 

top underdrains consistently underpredicted solute concentrations relative to lab 

observations (Table A5) and suggested the presence of immobile zones below raised 

underdrains. As an equilibrium model, VS2DRTI assumes that media consist of a 

collection of impermeable particles separated by pores and/or fractures and simulates 

solute transport according to dispersion and average flow velocity parameters. Unlike 

physical nonequilibrium flow models, VS2DRTI does not allow designation of mobile 

(flowing) and immobile (stagnant) flow zones (Šimůnek and van Genuchten, 2008) and 

an associated mass transfer coefficient to describe exchange between these zones (Field 

and Pinsky, 2000). Example systems employing nonequilibrium flow models include 

soil–water interfaces with dead end pore volume (van Genuchten and Wierenga, 1976), 

solute detention in karst aquifers (Field and Leij, 2014), and transport in permeable 

pavements (Bentarzi et al., 2015). Experimental laboratory data from Events 0–3 and 

VS2DRTI velocity results (discussed in subsequent sections) further support the 

conclusion that raised underdrains (15 cm or greater) created immobile zones below the 

underdrain and inhibited solute exchange. To approximate immobile flow regimes in 

VS2DRTI, we adjusted dispersivity values below raised underdrains (≥15 cm) in the final 

calibrated model (see Appendix A for more details). 
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Calibration results were significantly improved after representing observed 

immobile zones below the 15 cm and 30 cm underdrains with reduced dispersivity values 

(Table A5). Before making this change, the best NSE values for P-10 and D-10 were 0.40 

and 0.46 for the 15 cm underdrain; after the change, the NSE values increased to 0.71 and 

0.79, respectively. Although we have identified a limitation of employing an equilibrium 

advective–dispersion model to represent flow dynamics with an immobile zone, a 

potential work-around is to designate zones of varying dispersivity to account for 

different flow regimes.  

The calibrated and validated models for all three columns exceeded the objective 

function metrics (NSE ≥ 0.5 and r2 > 0.6) at the underdrain and within IWS mobile zones 

(Table 2.2), indicating that the model accurately captured overall observed flow and 

solute transport dynamics (Figure A4, Table A5). However, NSE metrics were not 

achieved at IWS locations D-05 and P-05 for the middle underdrain column and locations 

D-05, D-10, D-20, P-05, and P-10 for the top underdrain column (Table A5). Thus, we 

are careful to avoid over-interpreting simulated results from these IWS locations. To 

improve fits for immobile zones below the middle and top underdrain, a physical  

nonequilibrium model would be required. Variation of NSE and r2 between the three 

model underdrain locations can be attributed to applying a uniform loamy sand and IWS 

porosity across simulated underdrain heights, while laboratory columns were subject to 

unavoidable variability in media packing.  
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Table 2.2. Pulse experiment BTC statistics for laboratory (events 1 and 2) and simulated columns.  
Note because simulated columns consider only the lateral distance from the center PVC pipe, volumetric flow rates equal half of the volumetric flow 

rate applied to laboratory columns. 

Underdrain  

location 

Volumetric 

flow rate 
HLR ev t̅ Cpeak σ² s3 

Calibration  

statistics 

Validation 

statistics 

  Avg Avg Std           NSE r2 NSE r2 

cm mL/min cm/hr Dev   hr mg/L hr2           

Laboratory Columns                       

Top  

(31 cm) 66.3 6.20 0.17 0.74 3.37 298 1.59 1.21 -- -- -- -- 
Middle  

(15 cm) 82.2 7.69 0.66 1.02 3.33 235 2.07 1.17 -- -- -- -- 
Bottom  

(1 cm) 63.4 5.93 2.06 1.05 4.30 197 2.24 0.40 -- -- -- -- 

Simulated Columns                       

30* 39 6.62 -- 0.69 2.87 254 0.71 1.41 0.66 0.93 0.58 0.74 

25 39 6.62 -- 0.69 2.88 258 0.50 0.90 -- -- -- -- 

20 39 6.62 -- 0.78 3.26 212 0.88 1.27 -- -- -- -- 

15* 39 6.62 -- 0.83 3.47 196 0.86 0.94 0.74 0.95 0.84 0.94 

10 39 6.62 -- 0.91 3.80 176 1.09 0.99 -- -- -- -- 

5 39 6.62 -- 0.98 4.06 160 1.11 0.71 -- -- -- -- 

0* 39 6.62 -- 0.98 4.07 171 0.88 0.62 0.79 0.81 0.59 0.89 

Notes:                         

ev = hydraulic efficiency                       

Cpeak = peak concentration                       

t̅ = mean tracer residence time                     

σ2 = variance; square of the standard deviation taken as the second moment about the mean HRT   

s3 = skewness; third moment taken about the mean HRT                
   

*denotes simulated columns used for calibration and validation                
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2.4.2 Raised Underdrains Reduce IWS ev and Create Immobile Zones 

Laboratory Column Continuous Flow Tracer Studies 

Higher underdrains resulted in reduced ev and 𝑡̅ (Table 2.2). The bottom and 

middle underdrain columns demonstrated maximum ev with values close to 1. 

Alternatively, ev equaled 0.77 for the top underdrain column, indicating underutilization 

of IWS. 𝑡̅ was highest for the bottom underdrain column (4.3 hr), while the middle 

underdrain and top underdrain columns had similar 𝑡̅ (~3.3 hr, Table 2.2). The middle 

underdrain column was expected to have a longer 𝑡̅ compared the top underdrain column. 

However, due to variations in column packing, the middle underdrain column had a 

higher Ksat, and thus a higher HLR (Table 2.2). The column-specific effective pore 

volumes, determined from the continuous flow pulse tracer experiments (Events 0–2, 

Table 2.1) were found to be 9.47 L, 12.5 L, and 15.8 L, for the top, middle, and bottom 

underdrains, respectively. The range of 𝑡̅ observed here agreed with mean hydraulic 

residence times of 1.8 to 4 hr reported for HLRs spanning 8.4 to 3.8 cm/hr for a 

woodchip, pea gravel IWS 45 cm thick (Igielski et al., 2019). 

Higher underdrains were also associated with less solute spreading due to 

mechanical dispersion. Peak concentration (Cpeak) decreased from the top (298 mg/L) to 

bottom (197 mg/L) underdrain columns (Table 2.2; Figure 2.3). Figure 2.3 shows BTCs 

as a function of both total and effective pore volume. Presentation of tracer BTCs in 

terms of total pore volume illustrates differences in hydraulic efficiencies as a function of 

underdrain height. For example, for the top underdrain Cpeak occurred after application of 

0.65 total pore volumes whereas Cpeak for the bottom underdrain occurred after 

application of 1 total pore volume. The difference in total pore volumes applied suggests 
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a fraction of the IWS below the top underdrain IWS is not effectively used. Similarly, 

calculated variances for BTCs increased from the top (5,710 min2) to bottom (8,050 

min2) underdrain columns (Table 2.2), indicating more pulse spreading in the bottom 

column. Tailing was quantitatively assessed using skewness (s3): a skewness of 0 

indicates symmetry about 𝑡̅, while positive skewness—exhibited by all experimental and 

simulated columns in this study—indicates tailing to the right due to differences in flow 

and transport. The middle and top underdrain columns had s3 values more than two times 

that of the bottom underdrain (Table 2.2). Strong tails are a sign of nonequilibrium flow 

likely due to the presence of immobile zones below the top and middle underdrain (van 

Genuchten, 1981).  

 

Figure 2.3. Pulse tracer breakthrough curves (BTCs) presented in terms of (a) 

total pore volume and (b) effective pore volume. 
Br data for Events 1 and 2 are reported for each underdrain configuration. The Pearson product 

moment correlation coefficient for replicates equaled 0.984, 0.843, and 0.982 for the bottom, middle, and 

top underdrain columns, respectively. Variability in peak Br concentrations for the top and middle 

underdrain are likely attributed to decreased mass transfer rates to the immobile zone during Event 2. 

The presence of immobile zones is also supported by Br mass recovered from the 

underdrain. For the bottom underdrain column, all IWS pore volume is located above the 

underdrain and Br mass recoveries were ≥ 93% across Events 0, 1, and 2 (Table A6). 

Recovered Br from the middle and top underdrain columns increased over consecutive 

events. For example, calculated Br mass recoveries for the top underdrain were 58%, 
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77%, and 90% for Events 0, 1, and 2, respectively (Table A6). After Event 0, Br 

remained in IWS areas below the underdrain, so the driving force (or concentration 

gradient) between the mobile zone and the immobile zone decreased. Consequently, Br 

mass recovery at the underdrain outlet increased in subsequent tracer tests. Additionally, 

Br concentrations in IWS sampling ports below the top and middle underdrain columns 

for Event 3 (step tracer tests) showed consistently elevated concentrations, further 

evidence of immobile zones (Figure A5). In contrast to conservative tracers, such as Br, 

nitrate transported to the immobile zone from incoming stormwater may be denitrified in 

the presence of denitrifying bacteria and therefore nitrate would not accumulate. As a 

result, it is hypothesized that nitrate mass transfer rates between mobile and immobile 

zones would be greater because of a steeper concentration gradient. Event 3 IWS 

concentrations were primarily used for calibration purposes and are not discussed further.  

Other studies also utilize tracer recovery as evidence of nonideal flow conditions. 

Pilot scale bioreactors with varying geometries (channel, rectangular, and trapezoidal) 

resulted in tracer recoveries spanning 17 to 95% and authors attributed outlet orientation 

and flow depths as causes for dead zones (i.e., immobile zones) (Christianson et al., 

2011). Pulse tracer studies conducted for a field scale bioreactor reported 60% Br 

recovery from the outlet and, while not discussed by the authors, visual inspection of the 

pulse BTC shows noticeable tailing on the falling limb (Christianson et al., 2013).  

Simulated column continuous flow tracer studies 

General trends in ev, 𝑡̅, and Cpeak from simulated columns agree with laboratory 

analogues and strongly support the influence of underdrain height on nonideal flow 

(Table 2.2). As underdrain height decreased from 30 to 0 cm, ev increased 29% (from 
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0.69 to 0.98) and the underdrain Cpeak decreased from 254 to 171 mg/L (Table 2.2). 

Higher underdrain Cpeaks associated with raised underdrain heights suggests 

underutilization of IWS volume below the underdrain for advective transport and mixing 

(i.e., decreased IWS Cpeak concentrations); this trend is supported by shorter residence 

times observed for higher underdrains. Immobile zone size was quantified as the percent 

of IWS grids cells with velocities less than 9.9E-6 m/s relative to the total number of IWS 

grid cells. IWS immobile zone size increased from 0% to 62% as the underdrain height 

increased from 0 cm to 30 cm (Figure 2.4a), validating laboratory results. Unlike 

laboratory columns, increases in simulated underdrain height did not always correspond 

to an increase in tracer BTC skewness values (Table 2.2); the fluctuating trend is likely a 

result of numerical dispersion.  

The increase in immobile zone size (qualitatively indicated by the dark blue 

regions) below raised underdrain heights (15 cm or greater;), hindered solute transport as 

evidenced by reductions in simulated IWS Cpeak (Figure 2.4b; also observed in laboratory 

experiments). As distal IWS sample port heights decreased from 25 to 5 cm, simulated 

Cpeak decreased from 241 to 166 mg/L in the 0 cm column and decreased from 180 to 14 

mg/L in the 30 cm column (Figure 2.4b). IWS locations D-20, D-10, and D-05 in the 30 

cm column did not meet objective function calibration metrics and thus lack certainty. 

However, Cpeak at the calibrated D-25 location for the simulated 30 cm column was 28% 

less than Cpeak at location D-25 for the 0 cm column. This reduction is attributed to the 

lower velocities below the underdrain impeding advective transport.  
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Figure 2.4. (a) Simulated velocity heat maps for select underdrain heights and (b) 

simulated Cpeak for distal IWS locations as a function of underdrain height 
The solid black line in part a represents the boundary between loamy sand and IWS media. 

*Calibration objective function not met. 

2.4.3 Influence of Intermittent Flow on IWS Mixing Patterns  

Laboratory Columns  

Intermittent tracer storms were employed to explore IWS mixing patterns by 

alternating application of Cl and Br tracers (Events 4–7, Table 2.1). Between storms, the 

loamy sand layer drained based on gravitational and capillary forces, but the IWS 

remained saturated—a condition that occurs in field bioretention sites without 

exfiltration. Across events 4-7, infiltration rates decreased over time and ponding 

occurred for all laboratory columns (a condition also relevant to field bioretention sites). 

During intermittent flow, average hydraulic conductivities observed from the underdrain 

equaled 2.39 ± 0.51 cm/hr, 4.03 ± 0.63 cm/hr, and 3.93 ± 0.63 cm/hr for the bottom, 

middle, and top underdrain columns, respectively. Others have reported losses in 

permeability for downward flow columns and attributed the phenomena to media 

weathering over time (Nabiul Afrooz and Boehm, 2017). 

During Cl and Br storms (Events 4–7), BTCs for the underdrain and IWS 

locations above the underdrain consistently showed full breakthrough, indicating that old 

IWS water was replaced by new water. For example, Br and Cl concentrations at sample 
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location D-20 (Figure 2.5a) and the underdrain (Figure 2.5b) followed a repeating 

sinusoidal pattern; the slopes of rising and falling limbs remained consistent. In the 

bottom underdrain column, all IWS sample locations were above the underdrain and 

showed similar repeating sinusoidal tracer BTC patterns (Figure A6). 

In contrast, incomplete exchange of old and new water was observed in IWS 

sample locations below raised underdrains. Event 4 presented an exception were all IWS 

locations in the middle column demonstrated similar Cl BTC shapes and normalized Cpeak 

(Cpeak/Co) ~ 0.75 (Figure 2.5a–d). This pattern is attributed to the high concentration 

gradient across the IWS (1,000 mg/L Cl tracer storm compared to 354 mg/L 

background). For the middle underdrain column, at sample locations D-10 (Figure 2.5c) 

and D-05 (Figure 2.5d), the slopes of Cl and Br concentrations decreased across Events 

4–7, demonstrating reduced exchange of old and new water over time. Similarly, 

normalized Cpeak (Cpeak/Co) for D-05 decreased from 0.75 during Event 4 to 0.37 during 

Event 7. In general, D-05 tracer concentrations demonstrated less change compared to D-

10 across Events 5–7 and suggest that the immobile zone did not encompass the entire 

IWS space below the underdrain. Similar tracer BTC patterns were observed at IWS 

locations below the underdrain for the top underdrain column (Figure A6).  
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Figure 2.5. Normalized solute concentrations during intermittent tracer storms for 

(a-d) the laboratory middle underdrain column and (e-h) the simulated middle underdrain 

column for variable HLR. 
A–D: Laboratory data for chloride (Cl) and bromine (Br) where column-specific HLR ranged 

2.4–4.0 cm/hr. E–H: Simulated data for Cl, showing three different HLRs. Shaded boxes are included to 

highlight Cl storms. Plots are organized to show IWS sample ports and underdrain locations as a function 

of depth from top (20 cm) to bottom (5 cm). (Events 4 and 6). Note that data were not collected between 

intermittent storms. *Calibration objective function not met 
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Simulated columns  

BTCs from simulated columns showed similar patterns to laboratory data, with a 

few key differences (Figure 2.5e-h). During Br simulated storms (Events 5 and 7), 

concentrations of “old” Cl above the 15 cm underdrain decreased to a minimum C/Co 

close to 0, indicating complete exchange between old and new water. In contrast, the 

minimum C/Co was ~0.32 for D-20 above the underdrain in laboratory columns. The 

difference is likely an effect of modeling equilibrium rather than nonequilibrium flow. 

Additionally, because laboratory synthetic storm water had a background Cl 

concentration (354 mg/L) a higher concentration was added during tracer storms (1,000 

mg/L). It is hypothesized that mass transfer rates decreased over subsequent events in the 

laboratory column as (1) the concentration or density gradients between mobile and 

immobile zones decreased and (2) the observed infiltration rates decreased (Table 2.2). 

Alternatively, the equilibrium flow simulations did not consider mass transfer between 

mobile and immobile zones and simulations did not account for variability in infiltration 

rates across events. Yet, BTC trends observed here are specific to a conservative tracer. 

When considering a contaminant, such as nitrate, substantial degradation would occur 

between events permitting a higher concentration gradient and transport to the immobile 

zone for subsequent storms. 

2.4.4 Response of Immobile Zone to Simulated HLR Under Intermittent Flow 

Simulated intermittent tracer storms considered the impact of low (4 cm/hr), 

medium (6.6 cm/hr), and high (13.3 cm/hr) HLR (Figure 2.5e–h) on BTCs. For raised 

underdrains, solute transport was most sensitive to HLR for immobile IWS locations 

below the underdrain compared to mobile IWS regions. For the 15 cm underdrain height 

Event 4 (Figure 2.5 e–h), as HLR increased from 4 to 13.3 cm/hr, normalized IWS Cpeak 
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for the below-underdrain location D-10 increased 0.54 (from 0.41 to 0.95) while 

normalized Cpeak for the above-underdrain location D-20 increased 0.43 (from 0.57 to 

1.0). IWS immobile zone size decreased from 36 to 14% as HLR increased from 4 to 13 

cm/hr. The decrease in immobile zone size as a function of HLR provides evidence that 

exchange between old and new water can occur below raised underdrains and that 

exchange increases as a function of incoming water velocity (i.e., HLR).   

For total nitrogen removal in bioretention systems, others have suggested that 

lower HLRs are ideal (Lopez-Ponnada et al., 2020) in order to maximize hydraulic 

residence time for denitrification. However, denitrification will also be impacted by 

carbon supply, temperature, and biofilm distribution. Assuming infiltration rates of 

overlying soil media do not limit HLR, IWS 𝑡̅ will generally decrease under high 

intensity events and water quality improvements will primarily occur during dry periods. 

However, when an IWS contains a raised underdrain, under more intense events (higher 

HLR), ev increases as the immobile zone volume below the underdrain is reduced and a 

larger volume of new incoming water mixes with old IWS water; this is illustrated by 

increased Cpeak for D-10 and D-05 locations at higher HLR. While higher HLR is 

associated with increased Cpeak and shorter residences times at the underdrain, a larger 

fraction of new water is transported to lower velocity zones below raised underdrains. 

This is attributed to increased velocities in the IWS pushing the boundary between the 

mobile and immobile zone closer towards the bottom of the IWS.  Consequently, solutes 

transported to lower velocity zones can potentially experience longer residence times 

during storms. Under these conditions, IWS below a raised underdrain offers a viable 

option to balance both water quantity and water quality criteria. However, exfiltration 
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rates to underlying media would also impact exchange during storms and IWS residence 

time between events. 

2.4.5 Impact of IWS Geometry on ev 

Different IWS geometries showed varying sensitivity to underdrain height. For 

narrower systems, such as a column (with IWS w/d <1), ev ranged 0.76 to 1.0 and 

underdrain heights greater than 15 cm contributed to non-ideal flow regimes. For a wider 

geometry more representative of field conditions (IWS w/d = 1.67), ev spanned 0.89 to 

0.96 and demonstrated less sensitivity to changes in underdrain height (Figure 2.6a). 

When IWS w/d = 1.67, velocity heat maps showed a small fraction of the IWS 

characterized by nonideal flow (Figure 2.6b) and the IWS immobile zone size was < 2% 

across all underdrain configurations. In contrast, when IWS w/d = 0.5, the immobile zone 

size ranged 0 to 62% as underdrain height changed from 0 to 30 cm (Figure 2.4a). This 

result is important because it demonstrates that flow dynamics observed in a narrow 

laboratory column do not always apply to wider field systems. Additionally, laboratory 

and simulated columns do not account for exfiltration and more closely represent field 

conditions where a lined IWS is constructed. When applicable, exfiltration to underlying 

native media in the field introduces additional complexities to IWS hydraulics and can 

reduce the size of immobile zones. Additionally, exfiltration would cause receding IWS 

water levels over time resulting in partially saturated IWS conditions which would impact 

flow dynamics and storage during storm events. However, the degree of this impact 

would depend on exfiltration rates as demonstrated by Brown et al. (2011).   

Reported simulated ev (0.76 to 1) and those observed for other water management 

technologies emphasize how system geometry and flow characteristics influence 

hydraulic performance. Thackston et al. (1987) developed a predictive equation to 
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evaluate how length, width, depth, and wind speed independently impacted ev for an 

outdoor ponded treatment basin (see equation A3). When all other variables are held 

constant, ev was proportional to the -0.25 power of ponded depth; in other words the 

immobile zone fraction increased as the depth increased for a certain width (Thackston et 

al., 1987). However, as observed for simulated intermittent conditions, HLR also 

influences the immobile zone depth (Figure A9).  

 

Figure 2.6. (a) Simulated ev as a function of underdrain height and IWS w/d ratio 

and (b) simulated velocity heat maps for IWS w/d = 1.67 for 0 cm and 30 cm heights. 
Solids gray line represent ideal flow (ev = 1). 

In the context of bioreactors, Christianson et al. compared the performance of 

trapezoid, channel, and rectangular pilot scale geometries with influent distributor and 

underdrain collector pipes located at the bottom center (2011). The authors attributed 

tracer recoveries of 72, 64, and 50% for the trapezoid, channel, and rectangular geometry, 

respectively, to the presence of dead zones (Christianson et al., 2011). The range of tracer 

recoveries observed by Christianson et al. for bioreactors as a function of geometry 

highlight the value of field tracer data for IWS applications to improve understanding of 

hydraulics. Results presented here suggest that employing τ as a design criterion, which 
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assumes all reactor volume contributes to flow, for basin sizing should be avoided. 

Alternatively, transport modeling can be used as a preliminary tool to evaluate the impact 

of IWS dimensions on ev. Additionally, tracer transport trends will provide clues as to 

which modeling approaches are most appropriate (i.e., nonequilibrium flow).  

2.4.6 IWS Design Recommendations  

Results from laboratory and simulated columns informed the following 

recommendations. 

• Hydraulic efficiency can vary according to many factors and utilizing τ as a 

criterion for IWS design should be avoided. Rather, flow and transport models 

can be employed during preliminary design phases to enhance understanding of 

hydraulics, incorporate site characteristics (i.e., Ksat of basin media), and test IWS 

configurations.  

• As demonstrated with laboratory column and simulations presented here, 

variations in IWS hydraulic residence time as a function of underdrain elevation 

may be modest. In these instances, specific site conditions such as maintenance 

concerns or vegetation may dictate higher underdrain elevations. 

• Immobile zones present below raised underdrains may significantly influence 

IWS solute transport, especially in narrow basins (IWS w/d <1). Higher HLR 

considered in simulations reduced immobile zone size and increased exchange 

between old and new stormwater. Criteria indicating when certain underdrain 

configurations are permissible should account for the impact of HLR and storm 

intensities.  
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• When IWS w/d is < 1, maximum ev is achieved for underdrains configured near 

the bottom of the IWS. This finding is particularly useful in urban settings, where 

narrow GSI systems are more probable due to spatial constraints. Modeling 

indicates that ev close to 1.0 would be maintained for underdrains raised a modest 

height above the IWS bottom (5–10 cm). This design choice could minimize 

underdrain clogging from sediments (McPhillips and Walter, 2015). 

• For IWS w/d ratios > 1, IWS underdrain location has minimal impact on ev in the 

absence of exfiltration and vegetation. Assessment of geometry effects can be 

cross applied to subsurface GSI technologies that include IWS, such as subsurface 

gravel wetlands.  

• Simulated rain tests using a conservative tracer in the field are needed to fill 

knowledge gaps and strengthen modeling approaches for IWS systems. 

Additionally, field tracer data sets would improve the utility, potential application, 

and fitting of nonequilibrium transport models to predict solute transport in IWS 

systems. 

• Separation between the seasonal highwater table and the bottom of the IWS is a 

consideration in bioretention design; for example, Pennsylvania and North 

Carolina specify a minimum separation of 1 foot (Pennsylvania Department of 

Environmental Protection, 2019) and 2 feet (N.C. DWQ, 2007), respectively. 

When the recommended separation is maintained, the underdrain location 

(inverted or raised) would have no impact. However, for sites where the seasonal 

highwater table extends above the bottom of the bioretention cell, storage 

potential would be reduced and potential exists to drain pollutants found in 
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groundwater (Brown et al., 2009). In these instances, IWS is not a good candidate 

for design.   

• Other design alternatives, aside from underdrain height, can be explored to 

maximize IWS ev. For example, incorporating flow routing baffles in the IWS 

would direct flow to zones that would otherwise be characterized by nonideal 

flow and minimize dead zones. Baffle orientation can be site specific and, once 

installed, does not require adjustments compared to outlet flow control devices. 

2.5 Conclusions  

In this study, laboratory column tracer studies were complemented with transport 

modeling to evaluate the impact of IWS underdrain height and geometry on hydraulic 

performance under continuous and intermittent flow. Results revealed that raised 

underdrains can cause immobile zones, reduce ev, and limit mixing between old and new 

stormwater. The impact of underdrain height on ev varied with IWS w/d ratios and was 

most sensitive for narrow basins. The expanse and impact of immobile zones varied with 

HLR for intermittent conditions; increased HLR reduced the contributing fraction of 

immobile zones. Bioretention field studies generally report use of an inverted underdrain 

(Lopez-Ponnada et al., 2020). However, flexibility in underdrain placement in IWS may 

be warranted depending on site characteristics that will vary across land use and 

geographic region. Simulated columns highlight options in design flexibility to enhance 

IWS hydraulic performance.  

When employing an IWS to achieve water quality benefits for separate sewer 

systems and nutrient sensitive watersheds, hydraulic residence time plays a critical role. 

Flow and transport models are an essential component to groundwater hydrology and 

contaminant transport. These tools also offer utility in stormwater management practices 
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and can push innovation in GSI design. Site specific characteristics such as land 

availability, Ksat of underlying soils, or utility constraints will influence design decisions. 

While beyond the scope of this paper, the presence of plants, biofilms, and exfiltration in 

the bioretention field systems can significantly influence hydraulics and contaminant 

transport. It is expected that exfiltration would reduce the impact or presence of immobile 

zones compared to systems where exfiltration is absent. Additionally, root growth in 

unsaturated layers can increase infiltration rates over time and impact IWS flow 

dynamics and varied plant mixes enhance the presence and diversity of microbial 

communities (Muerdter et al., 2018). Additionally, biofilm accumulation and 

heterogeneities throughout IWS media can alter porosity and impact transport over time 

(Lynn et al., 2016).  
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IMPACT OF INTERNAL WATER STORAGE UNDERDRAIN 

HEIGHT ON DENITRIFICATION UNDER CONTINUOUS AND 

TRANSIENT FLOW FOR LABORATORY COLUMNS  

3.1 Abstract 

Internal water storage (IWS), a below-grade saturated layer, is a bioretention 

design component created by adjusting the underdrain outlet elevation. Anaerobic 

conditions and the presence of a carbon source in IWS facilitates denitrification. Yet it 

remains unclear how underdrain height within the IWS impacts nitrate (NO3
-) removal. 

This study applied synthetic stormwater with NO3
- to three laboratory columns with 

underdrains located at the bottom, middle, or top of a 32 cm thick gravel-woodchip IWS. 

Under steady state conditions, underdrain nitrogen removal demonstrated a positive 

linear relationship with increasing hydraulic residence time (HRT). For a 1 cm/h 

hydraulic loading rate (HLR), nitrogen removal efficiency increased from 52 to 99% as 

underdrain height moved from the top to the bottom. Despite identical IWS thickness 

across columns, immobilize zones below the middle and top underdrains limited the 

steady state nitrogen removal. Dual isotopes in NO3
- confirmed denitrification occurred 

in mobile zones and showed little or no denitrification in immobile zones due to limited 

solute transport. Transient flow conditions were applied, to mimic storms, followed by 

dry conditions. Lower effluent nitrogen concentrations and mass fluxes were observed 

from the bottom underdrain across the range of HLRs tested (1 to 5 cm/h) but 

performance of all three underdrains converged after the application of one pore volume. 

The top underdrain enhanced mixing between new incoming low-dissolved organic 

carbon (DOC) stormwater and old IWS water with high-DOC which minimized effluent 

DOC concentrations compared to the bottom and middle underdrains. Isotope enrichment 
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factors indicated denitrification during transient flow for all three underdrain heights and 

enrichment increased for the 5 cm/h HLR. For sites with narrow IWS geometries, optimal 

underdrain height is likely located in between the bottom and top of the IWS to promote 

mixing with old high-DOC IWS water and sustain denitrification during storms.  

3.2 Introduction  

Urban runoff is considered a major pollutant source to receiving waters. 

Nutrients, such as nitrogen, conveyed in runoff cause habitat degradation and algal 

blooms which are expected to worsen with population growth and climate change 

(Whitehead et al., 2009). Green stormwater infrastructure (GSI) is implemented in urban 

landscapes to protect water resources. Bioretention is a passive GSI strategy that employs 

multiple functions (ponding, infiltration, biotic processes, and water storage) to manage 

runoff quantity and water quality. The main design components include a vegetated basin 

filled with engineered media. An underdrain is often incorporated in a gravel layer below 

engineered fill media to collect a portion of infiltrated stormwater and discharge to the 

sewer network or receiving water. 

Nitrate (NO3
-) removal in bioretention occurs via plant uptake or biotic processes 

including denitrification or dissimilatory NO3
- reduction to ammonium (DNRA) (Bu et 

al., 2017; Igielski et al., 2019; Li et al., 2019). When infiltration into native media is 

limited or not feasible, the underdrain outlet elevation can be raised to create internal 

water storage (IWS)—a submerged anaerobic zone. IWS design often connects the 

perforated underdrain, located at the base of the gravel layer, to an upturned elbow. 

Alternatively, a raised underdrain can be positioned at the top of the IWS to achieve the 

same thickness and storage capacity (Donaghue et al., 2021). When a carbon source is 

available (often woodchips), IWS provides favorable conditions for denitrification and 
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NO3
- is reduced to nitrogen gas (N2). DNRA, the reduction of NO3

- to ammonium, can 

compete with denitrification and occurs under high carbon to NO3
- ratios (Gibert et al., 

2008); but DNRA is generally considered less significant in bioretention systems. The 

impact of IWS underdrain configuration on NO3
- removal needs to be evaluated.  

Understanding the impact of IWS design choices on contaminant removal, 

specifically NO3
-, informs practitioners designing IWS for separate sewer systems and 

when total maximum daily loads exist for total nitrogen (TN). Increased hydraulic 

residence time (HRT) corresponds to increased NO3
- removal (Halaburka et al., 2017; 

Igielski et al., 2019). For example, one study demonstrated that HRT accounted for 93% 

of NO3
- removal compared to the variables of dissolved oxygen (DO), temperature, and 

influent NO3
- concentration (Martin et al., 2019). We previously demonstrated that higher 

underdrain height in the IWS introduces nonideal flow regions, or immobile zones, and 

reduces hydraulic efficiency and consequently the measured HRT (Donaghue et al. 

2021). It is expected that IWS underdrain height would also influence NO3
- removal 

efficiency. In urban environments, space limitations and property costs present challenges 

for GSI implementation. Understanding the impact of IWS underdrain height on NO3
- 

removal can allow design flexibility without compromising water quality goals.  

Because IWS underdrain height induces different flow patterns, the consideration 

of how IWS underdrain height impacts NO3
- dynamics as a function of rain intensity and 

dry periods is critical. Under intense precipitation, faster infiltration rates in unsaturated 

media can shorten HRTs and consequently reduce NO3
- removal. Optimizing IWS 

underdrain configuration to site specific characteristics could combat these effects and 

maximize NO3
- removal during precipitation. During antecedent dry periods (ADP), 
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woodchips leach DOC into IWS porewater and DOC concentrations can increase as ADP 

increases (Lynn et al., 2015a). However, during prolonged dry periods evapotranspiration 

and exfiltration to underlying media can expose woodchips at the top of the IWS to 

unsaturated conditions. Others have shown that woodchips in unsaturated layers degrade 

faster than saturated woodchips and can export higher DOC and organic nitrogen (Lynn 

et al., 2015a). The selection of an appropriate IWS underdrain configuration may require 

balancing multiple water quality parameters such as NO3
- and DOC. 

Dual isotopes in NO3
- is a tool gaining traction to characterize nitrogen processing 

in stormwater (Burgis et al., 2020; Burns et al., 2009; Carey et al., 2013; Yang and Toor, 

2016). Dual isotopes refer to the analysis of both the nitrogen isotopes (14N and 15N) and 

the oxygen isotopes (16O and 18O) in NO3
-. Isotopes can be useful for identifying 

transformation processes when the process preferentially favors a lighter isotope, leading 

to fractionation. For example, a kinetic isotope effect is created during microbial 

denitrification, as organisms preferentially consume lighter nitrogen and oxygen isotopes 

(14N and 16O); this depletion creates solute NO3
- enriched in heavier isotopes (15N and 

18O)(Mariotti et al., 1981; Zhang et al., 2019). Consequently, denitrification is marked by 

a predominantly linear, positive trend in both the δ15N and δ18O. Batch experiments 

demonstrated microbial denitrification can cause isotopic fractionation within tens of 

minutes to several hours (Currie, 2007; Kim et al., 2003; Sebilo et al., 2019). However, 

isotope patterns in flow-through systems such as IWS are not well-studied. Here, column 

experiments coupled with dual isotope analysis contribute to understanding the 

application of nitrogen isotopes in GSI systems. 
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This work employs three laboratory bioretention columns comprised of a gravel-

woodchip IWS with varying underdrain height to distinguish microbial denitrification 

from dilution under steady state and transient flow. Steady state conditions considered the 

effect of HRT on NO3
- removal efficiency and NO3

- removal kinetics. Transient 

conditions evaluated the effect of hydraulic loading rate (HLR) and ADP on IWS water 

quality, NOx dynamics, and potential denitrification during flow events.   

3.3 Materials and Methods 

3.3.1 Bioretention Column Design  

IWS underdrain height varied across three cylindrical bioretention columns (28.8 

cm ID × 82 cm height) (Figure 3.1a) by adjusting the elevation of 2 cm thick screened 

openings on the center PVC pipe as follows: 0 to 2 cm bottom column (1 cm, Figure 

3.1b), 14 to 16 cm middle column (15 cm, Figure 3.1c), and 30 to 32 cm top column (31 

cm, Figure 3.1d). Further details regarding column design are described in our previous 

work (Donaghue et al., 2021). The center PVC pipe connected to an upturned elbow 

outside each column. The invert elevation of the outlet was 30 cm above the column base 

to maintain a constant IWS thickness across all columns. The IWS included two sample 

port groups located 5 cm (proximal, P) and 10 cm (distal, D) from the center PVC pipe, 

respectively. The sample port heights were 5, 10, 20, and 25 cm above the column base 

(Figure 3.1a). Sample identification notes the sample group followed by sample height. 

For example, P-20 refers to the proximal IWS sample port 20 cm above the column base. 

Sampling also included the underdrain effluent.  

3.3.2 Key Nomenclature 

Bioretention column systems were differentiated with the terms: bottom column 

(1 cm), middle column (15 cm), and top column (31 cm). When referring to the 
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underdrain sample location we use the terms bottom, middle, or top underdrain. Our 

previous study (Donaghue et al., 2021) employed tracer studies and USGS VS2DRTI 

(USGS, 2019) modeling to characterize IWS hydraulics. Results demonstrated the 

presence of mobile zones (areas of flowing water) generally above the underdrain and 

immobile zones (low flow or stagnant areas) below the middle and top underdrain. To 

account for the presence of immobile zones, measured HRT was calculated by 

multiplying the volume of column media by the effective pore volume (PV; which 

considers only the mobile region) divided by flow rate (Appendix B, Equation B1).  

The experimental design included steady state (SS; continuous flow) and transient 

(intermittent flow) events. Flow conditions were conducted at HLRs of 1, 2.5, and 5 

cm/h, which was also included in the event name. Transient events considered three 

different ADPs (2.8, 6.8, and 13.8 days) defined here as the dry time between the end of 

the transient event (x) and the start of event (x+1). For reporting purposes, nominal ADPs 

are used (i.e., 3, 7, and 14 days). The term IWS “old” water describes water stored in the 

IWS between transient events and “new” water refers to fresh incoming synthetic 

stormwater applied to the top of the column (Wang et al., 2018). Event water refers to the 

mixture of old IWS water and new water during transient flow. While NO3
- was the only 

nitrogen source added to synthetic stormwater, column samples were analyzed for NOx 

which equals the sum of NO3
- plus nitrite (NO2

-). Nitrite comprised less than 5% of NOx 

(monitored during events SS-5 and SS-2.5); therefore, analysis was limited to NOx for the 

remainder of steady state and all transient events following and was assumed to be 

predominantly NO3
-. NOx and DOC mass loads released from the underdrain during flow 

were used to assess column performance. Mass loads were determined by integrating the 
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area under the underdrain concentration curve using the trapezoidal method. Mass flux 

(mg/m2 for a given transient even) equals the total mass load released from the 

underdrain during flow divided by the column horizontal cross-sectional area (0.064 m2). 

 

Figure 3.1. (a) Universal column schematic and underdrain configurations for the 

(b) bottom (1 cm), (c) middle (15 cm), and (d) top (31 cm) underdrain heights. 
The IWS was comprised of pea gravel and hardwood woodchips at a 2:1 ratio by volume.   

3.3.3 Synthetic Stormwater Preparation and Application  

Synthetic stormwater water was prepared using deionized water or reverse 

osmosis water in a 65-gallon tank. NO3
-, in the form of sodium nitrate, was added at a 

nominal concentration of 3 mg-N/L which agreed with other column studies (Igielski et 

al., 2019; Kim et al., 2003; Peterson et al., 2015) and mimics NO3
- porewater 

concentrations observed for monitored field sites in Philadelphia, PA. Synthetic 
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stormwater also included: orthophosphate (0.1 mg-P/L) to support microbial growth, 

sodium chloride (58.4 mg/L) for ionic strength, and sodium bicarbonate (252 mg/L) for 

buffering capacity (Table B1). The pH was adjusted to ~7.0 using hydrochloric acid. 

Synthetic stormwater was applied to the top of columns using a Masterflex L/S digital 

drive peristatic pump (Cole-Parmer) and evenly distributed through a polyethylene ring 

with equidistant perforations.  

3.3.4 Steady State Events  

Steady state (SS) considered the three events SS-5, SS-2.5, and SS-1 (Table 3.1; 

detailed version Table B2) which corresponded to HLRs of 5, 2.5, and 1 cm/h, 

respectively. To provide context to HLRs studies here, the precipitation intensity for the 

2-year, 6 h storm in Philadelphia, PA is equivalent to 0.97 cm/h (Pennsylvania 

Department of Transportation, 2010). Before initiating SS, tracer studies described 

elsewhere occurred under continuous flow November 2019 to January 2020; 

approximately 32 total PVs/each were applied during this time (Donaghue et al 2021). 

The columns remained fully saturated during SS-5 through SS-1 (February 2020 to 

March 2020). For each event, flow application remained constant until the relative 

standard deviation of NOx concentrations varied less than 30% for three consecutive 

measurements at the underdrain and mobile zone IWS sample ports. This generally 

occurred within 5 days. The average influent synthetic stormwater NO3
- concentration for 

steady state was 2.90 ± 0.26 mg-N/L. Samples were generally collected daily Monday 

through Friday and analyzed for parameters listed in Table B3.  
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Table 3.1. Column event sequence. 

Event HLR 

Bottom U.  

(0 cm) 

Middle U.  

(15 cm) 

Top U.  

(30 cm) ADPd 

   Flow HRT Flow HRT Flow HRT   

  cm/h avg. Eff PVc avg. Eff PVc avg. Eff PVc days 

    mL/min h  mL/min h  mL/min h    

SS-5HLR 5 50.2 4.7 53.0 3.7 51.9 2.8 -- 

                  

SS-2.5HLR 2.5 26.1 9.4 26.2 7.4 26.4 5.6 -- 

                  

SS-1HLR 1 10.7 21.9 11.2 17.4 11.4 13.2 -- 

                  

Dormant Periodb  (3/16/2020 - 

8/10/2020)             

SS-1.5HLR-post-

dormant 13.8 17.6 13.6 13.9 14.0 10.5 -- 

                  

Trans-1HLR-I 1 11.8 -- 11.0 -- 11.3 -- 6.8 

                  

Trans-1HLR-II 1 10.9 -- 10.6 -- 10.6 -- 6.8 

                  

Trans-2.5HLR-I 2.5 

Not 

sampled            6.8 

Trans-2.5HLR-

IIe 2.5 28.0 -- 27.2 -- 26.7 -- 6.8 

                  

Trans-2.5HLR-

IIIe 2.5 25.6 -- 26.5 -- 26.2 -- 6.8 

                  

Trans-5HLR-I 5 

Not 

sampled            6.8 

Trans-5HLR-II 5 54.3 -- 55.1 -- 55.3 -- 6.8 

                  

Trans-5HLR-III 5 53.1 -- 51.5 -- 53.7 -- 6.8 

                  

Trans-14ADP-I 2.5 25.3 -- 25.9 -- 24.9 -- 13.8 

                  

Trans-3ADP-I 2.5 25.1 -- 26.1 -- 25.6 -- 2.8 

                  

Trans-14ADP-II 2.5 26.6 -- 25.9 -- 26.1 -- 13.8 

                  

Trans-3ADP-II 2.5 27.1 -- 26.8 -- 27.7 -- 2.8 

                  

                  
A detailed version of this table in included in Appendix B 
a steady state (SS) flow refers to continuous flow conditions. Transient flow events were 

applied for a    



 

60 

 

5 h duration                 
b During COVID, lab access was restricted and columns experienced a dormant period from 

March    

2020 to August 2020.                
c hydraulic residence time (HRT) was calculated based on effective pore volume (PV); in other 

words,    

the portion of pore volume that contributed to 

flow.           
d Antecedent dry period (ADP) equals the number of days between events; nominal ADP 

reported in    

the event name.                 
e Events Trans-2.5HLR-II and Trans-2.5HLR-III also correspond to Trans-7ADP scenarios. 

Water quality parameters measured for underdrain samples included pH, DOC, 

ammonium/ammonia (NH4
+/NH3), NOx, dissolved organic nitrogen (DON), particulate 

organic nitrogen (PON), and TN. SS-1 DOC samples exceeded holding times following 

COVID lab restrictions and were not analyzed. The percent NOx removal was determined 

at the underdrain location for steady state in accordance with equation 3.1 

𝑁𝑂𝑥 (%) = (
𝐶𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡−𝐶𝑢𝑛𝑑𝑒𝑟𝑑𝑟𝑎𝑖𝑛

𝐶𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
) ∗ 100  (3.1) 

where Cinfluent equals the synthetic stormwater NOx concentration (~3 mg-N/L) and 

Cunderdrain equals the observed underdrain effluent NOx concentration. Significant 

differences across steady state events were determined using a paired t-test (α-level of 

0.05). Stable isotope samples for NO3
- were collected at the end of each steady state 

event from the underdrain location and sample ports D-10 and D-25 (Table B3). 

SS-1 finished on March 16, 2020 after 5 months of continuous operation. Due to 

interruptions in lab access associated with COVID restrictions, the columns sat dormant 

for 4.5 months (March through August 2020) and a portion of the IWS remained 

unsaturated during the dormant period. Upon returning to the lab, a pulse tracer test was 

performed for all columns to establish a new baseline line for hydraulics (see Appendix B 

for details). SS-1.5-postdormant was introduced at a HLR of ~1.5 cm/h to reacclimate 
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denitrifying conditions before transitioning to transient flow events. During SS-5 through 

SS-1.5-postdormant ~110 total PVs were applied to each column. 

3.3.5 Transient Events   

Transient flow provided an environmentally relevant representation of episodic 

storm and dry conditions. Transient events lasted five hours (300 min) and considered 

HLRs of 1, 2.5, and 5 cm/h and ADPs of 3, 7, and 14 days. Table 3.1 reports transient 

event sequencing. The event identification notes either the HLR or ADP testing scenario 

and the event replicate (i.e., I, II, or III). For example, Trans-2.5HLR-II refers to transient 

flow at a 2.5 cm/h HLR, replicate two. For ADP transient events, a HLR of 2.5 cm/h was 

used. After event Trans-2.5HLR-I, different initial IWS water levels were observed. Each 

IWS was upfilled using reverse osmosis water prior to the start of the event to ensure 

IWS water level depths were consistent across columns (low NO3
-~0.4 mg-N/L, and 

phosphorous, ~0.2 mg-P/L, concentrations). Reverse osmosis water was applied through 

the center PVC pipe (allowed the IWS to upfill from the screened opening upward) and 

pumped at a flow rate of 20 mL/min. This approach was adopted for the remainder of 

transient events. 

Transient sampling followed the frequency listed in Table B4. Samples were 

collected immediately before flow application (t = 0 min) and then at time points of 100, 

140, 180, 220, 260, 300 min for the middle and top column and 120, 160, 200, 240, 280, 

300 min for the bottom column. Sample locations included the underdrain and D-25 and 

D-05 to collect samples from both mobile and immobile zones determined from previous 

tracer studies (Donaghue et al., 2021). To account for potential transitional effects 

between events, sample collection was omitted for Trans-2.5HLR-I and Trans-5HLR-I. A 
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final pulse tracer test was performed at the end of transient events and confirmed flow 

patterns were not altered (Table B5, Figure B1). 

3.3.6 Water Quality Analysis 

DO was measured using a UNISENSE Oxygen MiniOptode 3000 µm (UniSense, 

Denmark). UNISENSE probes were located at 15 cm above the column base. Underdrain 

flow rates were measured gravimetrically by collecting underdrain effluent for one 

minute in a beaker. The mass was then measured and converted to mL/min. DOC and pH 

were measured for the underdrain location only. For steady state, DOC was determined 

using a TOC-V CHS Analyzer (Shimadzu). For transient events, UV absorbance (254 

nm) was employed as a surrogate for DOC (e.g., similar to Abusallout and Hua, 2017 and 

Berger et al., 2019) and samples were analyzed the same day of collection. pH was 

measured using a Thermo Scientific Orion Versa Star module.  

Nitrogen chemistry analysis included TN, total dissolved nitrogen (TDN), NOx, 

and NH4
+/NH3 using an AQ300 Discrete Analyzer (SEAL Analytical). Samples for 

dissolved constituents were centrifuged at 1,000 g for 8 minutes to remove particulates 

and bacteria. NOx and NH4
+/NH3 were analyzed using EPA methods 126-D Rev. 0 and 

150-A Rev. 2, respectively. TN (uncentrifuged) and TDN determination used 

peroxodisulfate oxidation digestion (Ebina et al., 1983) followed by NOx analysis 

described above. PON (=TN-TDN) and DON (=TDN-NOx-NH4
+/NH3) were determined 

by difference. Sample preservation and analytical detection limits are reported in Table 

B6. 

3.3.7 Isotopic Analysis and Enrichment Factor Calculations 

Isotope samples were filtered (0.45-µm) and stored frozen in 30-mL wide-mouth 

high-density polyethylene (HDPE) bottles (Thermo Scientific™, DWK Life Sciences 
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Wheaton™ Leak-Resistant). Isotope analysis was conducted at the Davis Stable Isotope 

Facility (SIF), University of California. Samples selected for 15N and 18O analysis had 

NOx measurements above SIF lower limit of quantitation (0.4 μM or ~0.05 mg-N/L) and 

methods followed a bacteria denitrification assay (University of California Davis Stable 

Isotope Facility, 2021). Nitrogen (N) and oxygen (O) content in column samples were 

compared to laboratory reference materials with known 15N and 18O. Analytical results 

were presented in delta notation (δ), expressed as parts per mil (‰), based on the 

following formulas:  

δ15N = [(15N/14N)sample/(
15N/14N)reference material x 1000]  (3.2) 

δ18O = [(18O/16O)sample/(
18O/16O)reference material x 1000] (3.3) 

The presence of denitrification is suggested when decreasing NOx concentrations 

coincided with increasing δ15N-NO3
- and δ18O-NO3

- along a linear slope between 0.5 and 

1.0 (Kendall et al., 2007). For samples where isotopic signatures suggested 

denitrification, enrichment factors (ɛ) provided an estimation of column denitrification 

efficiency. Enrichment factors were calculated by incorporating the isotopic ratios in 

accordance with equations 3.4 and 3.5:  

휀 15𝑁 = (𝛿 15𝑁𝑠𝑎𝑚𝑝𝑙𝑒 − 𝛿 15𝑁𝑖𝑛𝑖𝑡𝑖𝑎𝑙)/𝑙𝑛 (𝑁𝑂3
−
𝑠𝑎𝑚𝑝𝑙𝑒

/𝑁𝑂3
−
𝑖𝑛𝑖𝑡𝑖𝑎𝑙 

)   (3.4) 

휀 18𝑂 = (𝛿 18𝑂𝑠𝑎𝑚𝑝𝑙𝑒 − 𝛿 18𝑂𝑖𝑛𝑖𝑡𝑖𝑎𝑙)/𝑙𝑛 (𝑁𝑂3
−
𝑠𝑎𝑚𝑝𝑙𝑒

/𝑁𝑂3
−
𝑖𝑛𝑖𝑡𝑖𝑎𝑙 

)   (3.5) 

where difference between sampled and initial isotope values are compared to the fraction 

of NO3
- concentration remaining, and the enrichment factor is the slope of the linear trend 

between the isotope difference and concentrations on a log normal scale. Enrichment 

factors were determined for 15N-NO3
- and 18O-NO3

- for select steady state and transient 
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events. More negative ɛ indicates more efficient microbial denitrification. It was assumed 

NOx concentrations equaled NO3
-
 for enrichment factor calculations. 

3.4 Results and Discussion 

3.4.1 Steady State NOx Removal, Isotopes Enrichment for Mobile Zones, and 

IWS Non-ideal Flow 

NOx removal efficiency (eq. 3.1) increased as underdrain height decreased for all 

steady state events (Figure 3.2). As HLR decreased from 5 to 1 cm/h, effluent NOx 

removal increased from 25 to 99% for the bottom underdrain, 22 to 84% for the middle 

underdrain, and 10 to 52% for the top underdrain (Fig. 2, p-value < 0.05 for SS-1HLR 

and SS-2.5HLR). Superior performance observed for the bottom underdrain is attributed 

to longer HRTs relative to the middle and top underdrains heights (Table 3.1). For 

example, mean tracer residence times equaled 5.0 h, 3.8 h, and 3.5 h for the bottom, 

middle, and top column, respectively for an applied HLR of 5 cm/h. Others demonstrated 

how longer HRT increases NO3
- removal (Halaburka et al., 2017; He et al., 2018). 

Studies considering regression on DO, temperature, influent NO3
- concentration, and 

HRT indicated HRT contributed most (93%) to NO3
- removal (Martin et al., 2019).  
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Figure 3.2. Percent NOx removal observed at the underdrain as a function of 

hydraulic residence time (HRT).  
HRT was determined based on effective pore volume. r2 values for events SS-1HLR, SS-2.5HLR, 

and SS-5 HLR equaled 0.9337. 

The dual isotope data from SS-1HLR support the effectiveness of mobile zones in 

denitrification. The δ15N versus δ18O plot shows a 1:1 line indicating denitrification 

(Figure 3.3a) with up to a 13‰ difference from the synthetic stormwater water. The 

middle and bottom columns showed a linear slope on the enrichment plots for both 

isotopes, which confirmed that denitrification was occurring (Figure 3.3b). However, the 

top column showed a non-linear enrichment response which indicated mixing of 

denitrified water and immobile zone water where NO3
- mass transfer was limited. The 

isotope enrichment calculation helped distinguish between lower NO3
- concentration due 

to mixing with immobile zone water and denitrification which removes NO3
-. The 

enrichment factors of –5.2 and –4.7 for δ15N versus δ18O were similar (Table 3.2) with 

slightly lower expected for δ18O. Isotope enrichment factors for middle and bottom 
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underdrains were also similar although slightly lower for middle underdrain (-4.6 and –

3.5 for δ15N versus δ18O). Isotope enrichment for SS-1HLR versus SS-1.5HLR-post-

dormant was also similar (-5.1 versus -5.4 for δ15N and -4.5 versus -5.0 for δ18O) 

although the highest fractionation was observed for a single sample in SS-1HLR from the 

bottom underdrain.  

Table 3.2. Enrichment factors calculated for steady state events. 
Points that did not fall on a linear trend were excluded from the slope calculation as indicated in 

the dataset label. 

Event 15N enrichment  

(Ɛ) 

18O enrichment 

(Ɛ) 

Number of 

points 

All -5.2 -4.7 8  

SS-1HLR -5.1 -4.5 3 

SS-1.5HLR -5.4 -5.0 5 

Bottom column- 

(SS-1HLR & SS-1.5HLR) 

-5.4 -5.2 4 

Middle column -  

(SS-1HLR and SS-1.5HLR) 

-4.6 -3.5 4 
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Figure 3.3. Steady state isotope data (a) dual isotope plot and (b) isotope enrichment 

plot.  
δ15N and δ18O plot along a denitrification line. Enrichment plot shows bottom and middle column plot 

along a line, but top column data do not, indicating low concentrations reflected the immobile zone rather 

than just denitrification. 
. 
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Water quality parameters of DO, DOC, and NH4
+ confirmed favorable conditions 

for denitrification existed in the IWS for all columns. Denitrification conditions require 

DO less than 3 mg-O2/L (Gómez et al., 2002) and an adequate carbon source such as 

DOC leaching from woodchips (Newcomer et al., 2012). Steady state IWS DO 

concentrations (measured at 15 cm height) remained less than 0.2 mg-O2/L across all 

three columns (Figure B2a-B2b). Average DOC concentrations were 2.1 to 4.8 mg-C/L 

during SS-5HLR and decreased to non-detect levels (< 2 mg-C/L) during SS-2.5HLR. 

Decreasing DOC concentrations as HLR decreased is likely associated with longer HRT 

for NO3
- removal and DOC utilization (Lynn et al., 2015a). During steady state, effluent 

NH4
+ concentrations ranged from non-detect (i.e., ≤ 0.016 mg-N/L) to 0.156 mg-N/L (or 

< 4% of the TN concentration) and confirmed DNRA was not a primary pathway for NOx 

removal. Average effluent pH (across all SS events) increased relative to synthetic 

stormwater (7.06 ± 0.03) to 7.36 ± 0.07, 7.34 ± 0.02, and 7.47 ± 0.09 for the bottom, 

middle, and top underdrain, respectively.  

HLR affected in situ IWS NOx concentration profiles as a function of depth 

(Figure 3.4); however, transport across all three columns varied due to the presence and 

size of immobile zones. In situ two dimensional IWS sampling proved a useful approach 

to identify where processes occur and to improve system design. For the bottom column, 

NOx concentration decreased as IWS sample port height decreased (i.e., approached the 

base). For SS-2.5HLR, average proximal IWS NOx concentrations decreased from 2.9 to 

1.6 mg-N/L as sample port height decreased from P-25 to P-05 cm (Figure 3.4a). 

Additionally, the concentration difference between the P-25 to P-05 IWS sample height 

(i.e., NOx(P-25) – NOx(P-05)) increased from 0.50 to 2.2 mg-N/L as HLR decreased from 
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5 to 1 cm/h (Figure 3.4a). The increased differential is attributed to increased residence 

time and consequently NOx removal where denitrification was occurring.  

IWS NOx concentrations decreased substantially for regions below the middle and 

top underdrain heights and is likely attributed to limited mass transport. For example, 

NOx concentrations remained less than 0.04 mg-N/L for IWS locations P-20 through P-

05 for the top column across SS-5HLR through S-1 (Figure 3.4c). Steady state 

bioretention column NOx concentration profiles and dual isotope analysis coupled with 

tracer studies and flow modeling from previous work, suggest that while favorable 

conditions for denitrification exists in regions below the top and middle underdrain 

heights, NO3
- removal is less efficient due to limited mass transport (i.e., limited NO3

- 

exchange into the immobile zones). However, the degree of mass transport to the 

immobile zone is governed by the concentration gradient; thus, higher influent NO3
- 

concentrations would potentially increase mass transfer rates into this zone.  
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Figure 3.4. Steady state (a) hydraulic loading rate (HLR) and NOx
 concentration 

profiles as a function of HRT for the (a) bottom (b) middle, and (c) top columns. 
Error bars equal to ± σ. Red asterisks (*) denotes immobile zones. Hydraulic residence time 

(HRT) is based of effective PVs. ND = non-detect (0.008 mg-N/L). The solid red line notes the average tank 

concentration (2.9 ± 0.26 mg-N/L). 
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Velocity heat maps for the SS-1 (Figure B3) illustrate the presence of immobile, 

or low flow, zones below the middle and top underdrain. Laboratory tracer experiments 

and VS2DRTI flow and transport modeling conducted by this research group (Donaghue 

et al., 2021) for the same experimental design demonstrated the presence of immobile 

zones below the top underdrain (thickness ≤ 20 cm) and middle underdrain (thickness ≤ 5 

cm). Calculated hydraulic efficiencies (ev) and tracer breakthrough curve statistics 

supported the presence of immobile zones. Specifically, ev decreased from 1.0 to 0.76 as 

underdrain height increased from 1 to 30 cm. Hydraulic efficiencies < 1 indicate non-

ideal flow where the tracer mean residence time is less than the theoretical residence 

time—an undesirable design scenario where treatment volume is underutilized. The 

presence of immobile zones suggest nonequilibrium flow where fluid can be partitioned 

into regions of mobile (flowing) and immobile (stagnant) zones. Nonequilibrium flow 

includes a mass transfer coefficient as a third parameter to account for exchange between 

mobile and immobile zones (Field and Pinsky, 2000).   

3.4.2 Zero-order Kinetics and Evidence of IWS Aging  

For events SS-5HLR through SS-1HLR, higher correlations were observed for 

zero-order (k0 = 3.21 g-N*m-3*d-1, r2 = 0.946) compared to first-order (k1 = 4.25 d-1, r2 = 

0.790) kinetic estimates (details in Appendix B). Additionally, underdrain NOx removal 

demonstrated a linear correlation with HRT (Figure 3.2). Often, NO3
- removal kinetics 

are considered zero-order where the reaction rate is controlled by an independent 

parameter (i.e., HRT or release of DOC from woodchips) rather than NO3
- concentration 

(Schipper et al., 2010). Halaburka et al. observed zero-order kinetics for “aged” 

(saturated > 13 months) woodchip bioreactor columns for an input NO3
- concentration of 

10 mg-N/L and constant temperature (2017). First-order removal rates have been reported 
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for laboratory bioreactor columns (influent of 1 to 6 mg-N/L; Igielski et al., 2019) and 

experimental wetland systems (Leverenz et al., 2010). Additionally, transition to first-

order kinetics may occur at lower NO3
- concentrations (<0.5 mg-N/L) (Schipper et al., 

2010). Addy et al. (2016) compiled data across 26 peer reviewed papers which included 

14 denitrifying bed field studies and 10 laboratory column woodchip bioreactor studies. 

Authors reported that NO3
- removal rates during the first year were more than 3 times 

higher than aged systems. Therefore, rates after year one of operation are more 

representative of performance long-term. Interestingly, columns in this current paper 

operated for 5 months and did not meet the definition of “aged”. Yet, observed zero-order 

rates agree with mean NO3
- removal rates (2.8 g-N*m-3*d-1) for “aged” (13 to 24 month) 

bioreactors rather than younger (< 13 month old) bioreactors (9.1 g-N*m-3*d-1) (Addy et 

al., 2016). 

During SS-1.5HLR-postdormant (orange symbology, Figure 3.2), removal rates 

for the middle and bottom underdrain decreased by 46% and 23%, respectively. These 

decreases are relative to the pre-dormant performance and the percent removal deviated 

from linear trends observed during SS-5HLR through SS-1HLR (green symbology). NO3
- 

removal rates can vary during the initial one to three years of operation before stabilizing 

(Addy et al., 2016). One column study using wood pulp and sand media reported a 50% 

decline in NO3
- removal efficiency within 1 year of operation (Robertson et al., 2008). 

Higher NO3
- removal rates that occurred during early operation were attributed to 

woodchips leaching excess organic material, but leaching rates stabilize after extended 

use (Halaburka et al., 2017). For bioretention systems, IWS media may not remain 

permanently saturated between precipitation events due to evapotranspiration and 
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exfiltration to underlying media. The 4.5-month dormant period during COVID here 

represented an exaggerated ADP case; however, the observed decline in NO3
- removal 

for the bottom and middle underdrain suggests prolonged exposure to semi-saturated 

conditions could contribute to woodchip aging. As stated above, the isotope data showed 

the largest fractionation for a single sample in SS-1HLR, but similar enrichment factors 

before and after the 4.5-month dormant period (Table 3.2). 

3.4.3 NOx, Dual Isotope, and Water Quality Patterns for Transient Events 

Under Different HLR  

  As transient event HLR increased, a higher fraction of IWS old water was 

replaced with new incoming synthetic stormwater. Consequently, NOx concentrations 

(Figure 3.5b) and the mass flux of NOx leaving the system (Table B7) increased at the 

underdrain for all three columns. In between transient flow, water was stored in the IWS 

for a prolonged residence time (7 days) (Trans-1HLR-I through Trans-5HLR-III) and is 

more relevant to field conditions. The bottom column performed best in minimizing the 

mass flux of NOx from the underdrain followed by the middle and the top columns 

(Figure 3.5b, Table B7). However, when the applied total PV approached 1 (for the 

highest HLR (5 cm/h) full breakthrough was not observed for any of the three underdrain 

locations. For example, the final C/Co ranged from 0.69 to 0.84 (Figure 3.5b, Figure B4) 

and suggested NO3
- removal during transient events. Furthermore, final C/Co for Trans-

5HLR was similar to NO3
- removal efficiency observed for SS-5HLR, which ranged from 

10 to 25%. 
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Figure 3.5. Water quality results for transient events with (a) variable hydraulic 

loading rate (HLR) for (b) NOx concentrations observed at the underdrain, (c) NOx 

concentrations observed at IWS sample port D-05, and (d) DOC concentrations observed 

at the underdrain. 
Prior to transient events, a total of ~150 total PVs were applied to each column across steady 

state conditions and tracer tests. *absorbance measured at 254 nm. All events were 5 h in duration. 

NOx concentration profiles for the D-05 location highlighted the underutilization 

of treatment volume for a portion of the IWS below the middle and top columns during 

events (Figure 3.5c). For Trans-2.5HLR and Trans-5HLR, the bottom column NOx 

concentration profiles for the underdrain and D-05 followed similar breakthrough 
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patterns (Figure 3.5c). Average normalized peak NOx concentrations for the bottom 

column D-05 location equaled 0.57 and 0.84 mg-N/L for Trans-2.5HLR and Trans-

5HLR, respectively. In contrast, the middle and top column, normalized Cpeak NOx 

concentrations at the D-05 location remained 97% less than the influent concentration 

across all HLR events (Figure 3.5c). Low NOx concentrations observed at D-05 for the 

middle and top column is likely attributed to presence of an immobile zone and limited 

mass transport below raised underdrains as demonstrated from previous work (Donaghue 

et al., 2021). However, the IWS volume below raised underdrain was not entirely 

characterized by an immobilize zone. Top column IWS NOx concentration profiles at the 

conclusion of Trans-2.5HLR-II and III demonstrated that mixing and mass transport 

occurred a certain depth below the underdrain (Figure 3.6a). For example, D-25 NOx was 

~2.2 mg-N/L but ranged from non-detect to 0.16 mg-N/L for location D-05 to D-20 

(Figure 3.6a). 

IWS old water (t = 0 min) NOx concentrations were considerably lower relative to 

the final event water concentrations (t = 300 min) (Figure 3.6). This cycle was observed 

over multiple events (Figure 3.5) and suggested that NOx removal also occurred between 

storms. For example, at the conclusion of Trans-2.5HLR-II (t=300 m sample time) the 

bottom column IWS NOx concentrations were 2.9 mg-N/L (D-25) and 1.8 mg-N/L (D-

05) (Figure 3.6a, Table B8). While IWS old water NOx concentrations for the bottom 

column declined more than 94% and equaled 0.17 mg-N/L (D-25) and 0.04 mg-N/L (D-

05) for the Trans-2.5-III event Figure 3.6).  
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Figure 3.6. Comparison of NOx concentration profiles for top and bottom columns 

for Trans-2.5HLR event. 
*denotes immobile zones. ND = non-detect (0.008 mg-N/L). Event water includes mixture of old 

IWS water and new synthetic stormwater. 

All three columns showed a linear slope between δ15N and δ18O (Figure 3.7a) and 

isotope enrichment factors indicated denitrification (Table 3.2) albeit with limited data 

for the top column due to little change in NO3
- concentrations. Trans-1HLR and Trans-

2.5HLR showed roughly half the enrichment of steady state (-2.7 to -3.8 for δ15N and -1.6 
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to -2.9 for δ18O), while Trans-5HLR showed higher enrichment (-7.6 to –9.6 for δ15N and 

–5.1 to –6.5 for δ18O). However, there were limited data for the middle and top columns 

for Trans-5HLR; additionally, some points did not fall on a linear enrichment trend (e.g., 

the bottom underdrain at t = 180 min; Figure B5). Where sufficient data were available, 

the slopes (enrichment factors) for t = 180 min and t = 300 min were similar, excluding 

the outliers (Figure 3.7b,c). In some cases (Trans-1HLR and top column Trans-2.5HLR) 

the δ18O data were not linear, unlike the steady state conditions. The higher enrichment 

for Trans-5HLR may be a reflection of more NO3
-
 mass that was applied and available for 

processing at the higher flow. For example, ~50 mg-N were applied for Trans-5HLR 

compared to ~10 mg-N applied during Trans-1HLR. 
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Figure 3.7. Transient isotope data for (a) dual isotope plot and isotope enrichment 

plots for (b) Trans-1HLR and (c) Trans-2.5HLR events.  
Insufficient data to compare time steps for Trans-5HLR events. δ15N and δ18O plot along a 

denitrification line for all three HLR. Enrichment plot shows similar slopes for time steps (T) of 180-200 

min and 300 min samples. For the bottom column intermediate time is 200 minutes, and for the middle and 

top columns it is 180 minutes.  
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Table 3.3. Enrichment factors calculated for transient events. 
Points that did not fall on a linear trend were excluded from the slope calculation as indicated 

under the Dataset column. For the bottom column intermediate time is 200 minutes, and for the middle and 

top columns it is 180 minutes. Orange shading indicates insufficient data. 

Event Dataset 15N 

enrichment 

(Ɛ) 

18O 

enrichment 

(Ɛ) 

Number of points 

Trans-1.5HLR  all -2.7 -1.6 8 

Trans-2.5HLR  all but bottom column 

T200min 

-3.8 -2.9 12 

Trans-5HLR all but bottom column 

D-05 and D-25, 

T200min 

-7.6 -5.1 6 

     

Trans-1HLR  all -2.7 -1.6 8 

Trans-1HLR  bottom column -2.9   2 δ18O not linear 

Trans-1HLR middle column -2.7 -1.8 2 

Trans-1HLR top column -2.7 -1.8 4      

Trans-2.5HLR  all but bottom 

underdrain T200min 

-3.8 -2.9 12 

Trans-2.5HLR  bottom column -3.7 -3.0 3 

Trans-2.5HLR middle column -3.0 -1.8 4 (2 off scale) 

Trans-2.5HLR top column     4 (not linear)      

Trans-5HLR  all but bottom column 

D-05, D-25 T200 min 

-7.6 -5.1 6 

Trans-5HLR 

bottom c. 

bottom column -7.5 -5.1 4 

Trans-5HLR  middle column 
  

1 insufficient data 

Trans-5HLR top column 
  

1 insufficient data      

Trans-1HLR   all  -2.7 -1.6 8 

Trans-1HLR   T300 min -2.9 -2.0 4 

Trans-1HLR T180-200 min -2.6   4 δ18O not linear 
     

Trans-2.5HLR all but bottom 

underdrain T200 min 

-3.8 -2.9 12 

Trans-2.5HLR  T300 min -3.8 -3.0 6 

Trans-2.5HLR T180-200 min -3.8 -2.8 6      
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Tanns-5HLR  all but bottom column 

D-05, D-25 T200 min 

-7.6 -5.1 6 

Trans-5HLR T300 min -9.6 -6.5 5 

Trans-5HLR T180-200 min     1 insufficient data 

During transient flow, effluent pH was less than synthetic stormwater (~7.0) and 

effluent peak DOC concentrations were associated with old IWS water and occurred at 

the beginning of events. Hydrolysis of woodchips produces volatile fatty acids and is 

associated with a decrease in pH (Lynn et al., 2015a). Except for event Trans-1HLR-I, 

average effluent pH was 6.7 (bottom underdrain) and 6.6 (middle and top underdrains) 

(Table B9). Other woodchip bioreactor columns demonstrated decreased pH relative to 

influent conditions under transient flow (Lynn et al., 2015a; Peterson et al., 2015). During 

dry periods, fungi and bacteria can degrade lignocellulose biomass like woodchips which 

increases DOC concentrations in porewater (Lynn et al., 2015b; Malherbe and Cloete, 

2002). Concomitant with decreased pH, effluent DOC concentrations spiked at the 

beginning of event sampling (first ~0.1 to 0.25 total PVs) except for the top underdrain 

(Figure 3.5d). Compared to steady state conditions, transient IWS water quality 

highlights the role dry periods play in promoting DOC leaching for potential 

denitrification. DON was observed in effluent across all three columns (Figure B6a) and 

ammonium was non-detect for most events (Figure B6b) (see discussion in Appendix B).  

Generally, the top column resulted in lower effluent DOC mass flux (Table B7, 

Figure B7) and DOC concentrations (Figure 3.5d) from the underdrain which is attributed 

to more mixing between old IWS water and new water during events compared to the 

bottom column. For the Trans-5HLR scenario, NOx and DOC mass flux released from 

the bottom underdrain were 298 mg-N/m2 and 3,560 mg-C/m2, respectively compared to 

564 mg-N/m2 and 1980 mg-C/m2 for the top underdrain (Table B7). For the middle 
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underdrain, NOx and DOC mass fluxes were 449 mg-N/m2 and 3,360 mg-C/m2 for Trans-

5HLR scenarios. Opposing trends observed between effluent DOC and NOx mass fluxes 

highlight two important considerations regarding underdrain placement. First, under 

transient conditions, raised underdrains promote mixing between old IWS water and new 

water relative to the bottom column and providing an opportunity to utilize DOC built up 

during APDs for denitrification. For the top column, old IWS water DOC concentrations 

ranged from 3.8 to 26 mg-C/L for P-25 and ranged from 30 to 36 mg-C/L for P-05 

(Figure B8a). In contrast, IWS old water DOC concentrations for the bottom column 

were consistent across the P-25 and P-05 locations (Figure B8a). Following application 

of new stormwater two trends occurred for the top column: 1) P-05 IWS DOC 

concentrations spiked and 2) the final event water concentration gradient between the P-

25 and P-05 increased with increasing HLR. For example, the gradient ranged from 0.41 

to 0.76 mg-C/L/cm for Trans-1HLR and ranged from 2.2 to 2.7 mg-C/L/cm for Trans-

5HLR (Figure B8a). During transient flow for the top column, incoming new stormwater 

pushed a fraction of IWS old water, with increased DOC, to the P-05 location. This 

transport phenomena was supported by transient chloride tracer storms conducted 

previously where chloride (a conservative tracer) accumulated at the P-05 location over 

the course of four transient events (Figure S4 in Donaghue et al., 2021). However, DOC 

concentrations in IWS old water declined before the next event suggesting utilization 

(Figure B8a-c) and likely higher DOC mass transfer rates to immobile regions during 

flow conditions. A second consideration for underdrain placement is that for bioretention 

systems, release of labile DOC to receiving water bodies is also an undesirable outcome 

and could potentially increase the biological oxygen demand. While nitrogen removal is a 
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primary treatment concern, DOC trends suggest that positioning the underdrain 

somewhere between the top and middle of the IWS can help to minimize both nitrogen 

and DOC in effluent. Emphasis on minimizing NO3
- or DOC will likely be driven by 

whether TMDLs for TN or biological oxygen demand exist.  

Column studies with a bottom underdrain IWS commonly assume ideal plug flow 

when describing NO3
- removal (Igielski et al., 2019; Lynn et al., 2017; Subramaniam et 

al., 2016) and immobile zones are assumed absent or minimal. However, flow conditions 

were classified as non-ideal for the middle and top columns as demonstrated by hydraulic 

efficiencies ≤ 1 reported in our previous work (Donaghue et al., 2021). The extent of the 

immobile zone is also impacted by the HLR. We previously demonstrated that the 

immobile zone fraction decreased from 36 to 14% as HLR increased from 4 to 13 cm/h 

(Donaghue et al., 2021). Thus, site infiltration rates will also influence optimal 

underdrain height within the IWS in order to promote mixing with old IWS water and 

enhance NO3
- removal during storm events.  

3.4.4 Impact of ADP on NOx and Isotope Patterns 

  For ADP conditions, the NOx mass flux ranked from least to greatest in the order 

of bottom column < middle column < top column and longer ADPs generally resulted in 

lower NOx mass flux from the bottom and middle columns (Table B7). For example, the 

middle underdrain average NOx mass flux was 69 mg-N/m2 after 14 days compared to 

106 mg-N/m2 after 3 days (Table B7). For the top underdrain, average NOx mass flux 

decreased from 215 to 166 mg-N/m2 as ADP increased from 3 to 7 days; the average 

mass NOx flux was 188 mg-N/m2 following 14 days.  

DOC concentrations in IWS old water generally did not increase as ADP 

increased from 3 to 14 days, with the exception of a few events. For example, P-05 IWS 
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old water DOC concentrations ranged from 18.5 to 30.2 mg-C/L across the variable 

ADPs considered (Figure B9a). But IWS old water DOC concentrations for the middle 

column P-05 increased from 16 to 31 mg-C/L between consecutive events Trans-7ADP-

III and Trans-14ADP-II (Figure B9b). Previous columns studies with similar IWS media 

composition reported increasing IWS old water DOC concentrations as ADP increased 

from 0 to 16 days (analytical methods differed) (Lynn et al., 2015a). Authors attributed 

concurrent DOC build up with increased dry periods to DOC leaching rates exceeding 

DOC utilization rates. However, Lynn et al. observed that DOC leaching declined over 

longer ADP periods; the maximum DOC concentration of ~114 mg-C/L occurred 

following a 14 ADP but decreased to ~ 76 mg-C/L after a 30 ADP (2015a).  

Isotope data collected to monitor ADP focused on evaluating the end of the dry 

period (labeled as t = 0 min associated with the subsequent transient event). The isotope 

data neither confirmed nor contradicted the ADP assessment because NO3
- concentrations 

were low at the end of the dry periods. These low concentrations limited analytical 

precision for the isotope analysis. Only one sample submitted for analysis met the data 

quality requirements. The one sample with sufficient NO3
- indicated a second source of 

NO3
- released during the dry period with 2‰ lower δ15N than the synthetic stormwater 

composition (likely woodchip organic matter). Five samples that were below the 

suggested detection limits also showed lower δ15N than the synthetic stormwater. A 

possible scenario is that fractionation went to completion and the isotope signal for 

denitrification was “lost”. This highlights an important consideration when incorporating 

isotope analysis for ADPs and suggests isotope sample collection should target the time 
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period immediately following the storm event (i.e., ~3-5 h post storm) rather than the end 

of the ADP.  

3.4.5 IWS Design Considerations and Environmental Implications 

Bioretention basins are dynamic systems and in situ IWS sampling reveals spatial 

and temporal variations related to transport processes. Limiting sampling to inlet and 

outlet locations when GSI incorporates IWS may overlook the presence and influence of 

immobile zones on system performance. Additionally, dual isotope analysis is a valuable 

tool to distinguish whether low NO3
- concentrations are a result of denitrification or 

dilution. However, application becomes limited after prolonged ADPs and if NO3
- 

concentrations are below detection limits. This should be considered when planning field 

and laboratory column investigations. Laboratory column IWS layers were exposed to 

prolonged (4.5 month) dry conditions and the observed decrease in steady state NOx 

removal following suggested column aging. The IWS longevity and effectiveness may 

become compromised in climates with long dry seasons unless sustainable alternatives 

are identified to irrigate systems.  

Transient flow is more representative of field conditions but estimating NO3
- 

removal rates under these flow conditions becomes challenging. While dual isotopes in 

NO3
- confirmed denitrification across steady state and transient flow, other IWS water 

quality parameters varied (i.e., DOC dissolution, pH, DON generation). Implementing 

conservative tracers, such as chloride, in column and field pilot studies can be an 

effective tool to characterize hydraulics and estimate intra-storm removal rates. Field 

studies in colder climates could also monitor pulses of chloride during road salt 

application as another method for tracer studies. GSI sites typically contain fill media 

with high hydraulic conductivities. Faster infiltration rates into the IWS would likely 
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decrease immobile zones below the underdrain (Donaghue et al., 2021). Top underdrain 

DOC concentrations and enrichment factors observed for the range of HLRs tested 

suggests raised underdrains may enhance mixing between new and old IWS water and 

enhance denitrification potential during storms. 

The IWS geometry will influence system hydraulics and it is important to 

recognize that the effects of underdrain configuration reported here are specific to a case 

where the IWS width to depth ratio is less than 1. The presence of immobile zones were 

attributed to low velocity zones below raised underdrains (confirmed by simulations) and 

bromide mass recoveries less than 70% for the middle and top underdrain (observed 

during laboratory tracer studies). Simulations performed by our research group elsewhere 

(Donaghue et al., 2021) demonstrated that for IWS width to depth ratios greater than 1, 

hydraulics efficiencies are less sensitive to underdrain configuration. As a result, 

maintenance considerations may act as a main driver in IWS design choices for sites with 

wider geometries. For example, raised underdrain would avoid sediment clogging. 

Additionally, raised underdrains may also help to vent gas buildup from denitrification or 

other biotic processes in the IWS. This would occur for unlined systems when exfiltration 

causes the IWS water level depth to recede below the perforated raised underdrain.  

3.5 Conclusions 

Specific conclusions from this study include the following:  

• For steady state, the bottom IWS underdrain height achieved higher NOx removal 

efficiencies (25-99%) compared to the top underdrain configuration (10-52%). 

Stronger performance observed for lower underdrain heights is attributed to 

longer HRTs (or contact time) within the IWS compared to the top underdrain 

configuration.  
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• Zero-order kinetics were observed across all underdrain heights and confirmed the 

significance of HRT in NO3
- removal. 

• For IWS mobile zones, linear slopes for δ15N and δ18O enrichment plots 

confirmed denitrification for bottom and middle column. IWS DO < 1 mg/L and 

the absence of NH4
+ production in underdrain effluent indicated favorable 

denitrification conditions were present in all three columns. 

• Non-linear enrichment trends for the top column suggested mixing with old IWS 

water. Mixing with old IWS water from the immobile zone was also supported by 

lower effluent DOC loads relative to the middle and bottom underdrains.  

• Under intermittent conditions, effluent NOx mass loads and flux increased as HLR 

increased. Complete breakthrough was never observed for the highest HLR and 

isotope enrichment factors confirmed denitrification occurred across all three 

HLR.  

• Longer ADP (~14 days) with the same HLR corresponded to a reduction in NOx 

fluxes observed in the bottom and middle columns.  

• For the IWS geometry considered, results suggest optimal underdrain height may 

be located somewhere between the bottom and top of the IWS. This underdrain 

configuration enhances mixing with old IWS and allows utilization of DOC built 

up in the IWS during ADPs for denitrification during storms. 
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IMPACT OF INTERNAL WATER STORAGE MEDIA 

COMPOSITION ON NO3
- AND DON REMOVAL 

4.1 Abstract 

Bioretention design can include a submerged zone, often called internal water 

storage (IWS), to enhance water quality. The addition of a carbon source in situ promotes 

denitrification. But it is uncertain whether dissolved organic carbon (DOC) in runoff can 

deliver a viable carbon source. Additionally, adsorbent media amendments, such as 

biochar, can retain DOC and improve sorption of dissolved organic nitrogen (DON) and 

organic pollutants with subsequent potential for biological transformation. Incorporating 

biochar in IWS for water quality improvements remains unexplored. This study compares 

the performance of three IWS media under continuous and transient flow conditions: 

gravel-woodchip, gravel-woodchip-biochar, and gravel. For continuous flow at a 

hydraulic loading rate of 2.5 cm/h, NOx (NO3
- + NO2

-) removal decreased in the presence 

of humic acid: from 86 to 78% for the gravel-woodchip and from 97 to 61% for the 

gravel-woodchip-biochar. The gravel IWS showed no signs of NO3
- removal across all 

continuous flow conditions. In contrast, under transient flow the gravel-woodchip-

biochar column had the lowest total nitrogen (TN) underdrain concentrations, but 

ammonium (NH4
+) generation was observed and increased as a function of antecedent 

dry period (ADP). Complete NOx removal occurred within 18 hours flowing a transient 

flow event. IWS creates conditions that can lead to an anaerobic environment and 

facilitate degradation of trace organic nitrogen compounds when heterotrophic bacteria 

are present. During continuous flow, sampling indicated the biochar layer achieved 100% 

removal of 1H-benzotraizole, where sorption likely played an important role. Up to 50% 
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removal of 1H-benzotraizole was observed in the gravel-woodchip and gravel IWS 

during no-flow periods, suggesting longer residence times allowed for biodegradation. 

Our results demonstrate that IWS performance observed under continuous flow is not an 

accurate predictor of nitrogen processing during transient conditions. Additionally, the 

gravel IWS dissolved oxygen remained above anaerobic conditions and the addition of 

humic acid did not provide an adequate a carbon source. 

4.2 Introduction 

Eutrophication is a primary water quality concern and occurs when excess 

nitrogen and phosphorus from agriculture or urban areas, that use a separate sewer 

system, is introduced into water bodies. For example, on a national scale the nutrient 

loads into the Gulf of Mexico have created a low dissolved oxygen (DO) or “dead zone” 

which covered a 6,334 square mile area in 2021 (Rabalais, 2018). Low DO in surface 

water can stress aquatic life and be fatal at hypoxic levels (< 2 mg/L) (Breitburg et al., 

2018). On a local scale, the Delaware River receives the second highest nitrogen load of 

any river basin on the Atlantic Coast (Kauffman, 2018). While urban stormwater 

accounts for just over 10% of the total nitrogen (TN) load (Kauffman, 2018), 

urbanization and population growth call attention to managing this input. 

Green stormwater infrastructure (GSI) strategies are implemented in urban 

landscapes to mimic pre-development conditions. GSI is a passive treatment technology 

that exploits infiltration, storage, exfiltration, evapotranspiration, and biotic and abiotic 

processes to manage stormwater water quantity and quality. The removal of TN in GSI 

systems is complex due to the presence of multiple chemical forms, differences in their 

respective removal mechanisms, and transformations that can occur within GSI media. 

Inorganic nitrogen forms include ammonia/ammonium (NH3/NH4
+), nitrate (NO3

-), and 
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nitrite (NO2
-). The organic forms include dissolved organic nitrogen (DON) and 

particulate organic nitrogen (PON). Typically, NH4
+ is effectively removed via sorption 

onto negatively charged soil particles. NO3
- is a negatively charged ion and removal is 

limited to plant uptake, denitrification, and dissimilatory NO3
-
 reduction to ammonium 

(DNRA) (Igielski et al., 2019; Li et al., 2019). Organic nitrogen is the predominant form 

of nitrogen in urban runoff (Mohtadi et al., 2017) and DON is often exported from GSI 

systems (Li and Davis, 2014). For example, 2019 annual monitoring (2018-2019) for 

bioretention field sites in Philadelphia, PA revealed NO3
- and DON comprised 8 to 30% 

and 49 to 99%, respectively of the TN fraction in runoff (McKenzie et al., 2019). Similar 

findings are reported in literature, with NO3
- and DON concentrations contributing 44% 

(1 mg-N/L) and 33% (0.75 mg-N/L) to TN in influent (Li and Davis, 2014). 

DON in stormwater represents a mixture of compounds from natural and 

anthropogenic sources. DON compounds from natural sources, such as ammino acids and 

proteins to more complex compounds such as tannins, come from plants, leaf debris, soil 

organic matter and animal waste (Yang and Lusk, 2018). Anthropogenic DON 

compounds include trace organic nitrogen contaminants such as benzotriazoles (i.e.,1H-

benzotriazole) which are used in products for corrosion inhibitors and antifreeze. 

Benzotriazoles are toxic, polar pollutants and less likely to sorb to soil media and pass 

through GSI systems (Lefevre et al., 2015; Ulrich et al., 2017b). Wet atmospheric 

deposition is another DON source; for example caffeine, released from waste 

incineration, is a compound of known occurrence in rainwater (Seitzinger and Mazurek, 

2005). Furthermore, the bioavailable fraction of DON can be as high as 59% in 
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stormwater and disrupt downstream water quality (Seitzinger and Mazurek, 2005). 

However, targeted treatment of DON in GSI systems is less studied.   

GSI design may include internal water storage (IWS) to either increase the 

volume of treatment from a hydrologic perspective or create a saturated anaerobic layer 

for water quality benefits. To facilitate denitrification, a carbon source, such as 

woodchips or saw dust, is required and included in situ with IWS gravel media (Kim et 

al., 2003). Dissolved organic carbon (DOC) and associated DON constituents are 

abundant in urban runoff and include labile fractions. It remains unclear if DOC in runoff 

can potentially provide a viable carbon source to promote denitrification. McCabe et al. 

reported DOC concentrations ~10 mg-C/L for untreated urban runoff in conveyance 

ditches. Additionally, authors noted first-flush from urban runoff mobilizes large 

quantities of organic matter which is more labile than forested watersheds (Mccabe et al., 

2021). Braswell et al. observed NO3
- removal over a 60 h period (DO < 0.5 mg/L) for 

IWS implemented below permeable pavement (2018). The authors attributed NO3
- 

removal to denitrification and hypothesized that DOC from the soil water interface 

supplied a carbon source. While findings from Braswell et al. suggest DOC from soil 

organic matter is a viable carbon source, potential exists for the supply to be exhausted 

over time if not replenished. If DOC present in runoff and basin media can serve as a 

carbon source, then the amount or volume of woodchip addition could be reduced. This 

would alleviate concerns related to undesirable DOC export from underdrains (Lopez-

Ponnada et al., 2020; Lynn et al., 2015a). While nutrient treatment is a priority, organic 

matter released to water ways can also drive aerobic respiration and lead to DO 
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impairments. If the labile fraction of organic carbon in runoff can be utilized by microbial 

processes in the IWS, then negative impacts to receiving waters can be minimized.   

The GSI IWS design and media amendments in the form of adsorbents offer the 

most potential for optimizing organic pollutant removal (Lefevre et al., 2015). The fate of 

trace organic nitrogen contaminants such as benzotriazole compounds in anaerobic IWS 

is not well studied. To enhance treatment of stormwater contaminants, GSI media can be 

augmented with a porous material of higher removal capacity. Biochar ($250/ton) is a 

material produced from waste biomass with comparable performance to activated carbon 

($3,000/ton) at a fraction of the cost (Kearns et al., 2014; Ulrich et al., 2015). Biochar 

provides multiple benefits including increased water storage capacity (Berger et al., 

2019), support for plant growth when applied at typical ratios (Mohanty et al., 2018), and 

superior contaminant removal (trace organic compounds and urban pesticides) (Ulrich et 

al., 2017a, 2017b). The inclusion of biochar in IWS could potentially help retain DON 

and trace organic nitrogen contaminants during wet events and promote subsequent 

biodegradation in anaerobic layers during dry periods.  

Laboratory studies that considered GSI design alternatives and adsorbent media 

amendments mostly operated under continuous flow conditions. Continuous flow 

conditions serve as a critical first step to understanding transport; however, these 

conditions are not representative of transient flow and dry periods that occur in field 

systems. Additionally, investigations of nitrogen dynamics in IWS often apply simple 

matrices and omit DOC and nitrogen containing organic contaminants (Mohanty et al., 

2018). GSI technologies are classified as dynamic systems where vegetation, incoming 

loads, and in situ basin processes change. In a review highlighting potential biochar 
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application in GSI, Mohanty et al. recognized research needs to better understand the 

impact of transient flow conditions and antecedent drying periods (ADP) on performance 

(Mohanty et al., 2018). Addressing the aforementioned knowledge gaps can aid 

practitioners designing IWS to improve TN removal. 

This study compares three IWS media types (gravel, gravel-woodchip, and 

gravel-woodchip-biochar) and their impact on the fate of many nitrogen species under 

both continuous and transient flow conditions. Specifically, we aimed to: (1) compare 

steady state NO3
- removal in the absence and presence of DOC, (2) evaluate bulk DON 

and trace organic nitrogen compound fate in the IWS during three different ADPs, and 

(3) employ bioassays to determine changes in the bioavailability of DON in IWS water 

during transient events as a function of ADP. It was hypothesized that: (1) the presence of 

DOC in influent would facilitate denitrification for the gravel column, (2) the presence of 

biochar would improve bulk DON retention and removal of trace organic nitrogen 

compounds, and (3) longer ADPs would increase the bioavailability of DON in old IWS 

water stored between transient events.  

4.3 Methods 

4.3.1 Key Terminology 

Three IWS media treatments were studied and are referred to as gravel (G), 

gravel-woodchip (GW), and gravel-woodchip-biochar (GWB). Flow conditions studied 

included steady state (SS; i.e., continuous flow) and transient (intermittent flow). Water 

during transient flow was applied over a 5 h duration with a variable ADP between 

events. ADP represents the dry period between the end of one transient event and the start 

of the following transient event. For ease of reporting, the nominal ADPs are referenced 

(i.e., 3, 7, and 14 d) rather than the exact ADP 2.8, 6.8, and 13.8 d. The term “removal” 
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encompasses multiple mechanisms (i.e., sorption and microbial degradation); specific 

mechanisms are noted when applicable. Water stored in the IWS between transient events 

is referred to as old IWS water and new IWS water refers to fresh incoming synthetic 

stormwater applied during transient flow (Wang et al., 2018).  

4.3.2 Synthetic Stormwater 

Water was prepared in a 65-gallon tank using deionized water treated using ion 

exchange and activated carbon. The sodium nitrate concentration was added at a 

concentration of ~3 mg-N/L. Humic acid (Sigma Aldrich, technical grade) was added to 

achieve a DOC concentration of ~7 mg-C/L and corresponding DON concentration of 

~0.59 mg-N/L. Prior to tank addition, humic acid was stirred overnight in deionized 

water and then passed through a 75 µm sieve to remove large particulates. Trace organic 

nitrogen compounds,1H-benzotriazole and caffeine, were added to achieve an initial tank 

concentration of 50 µg/L (Ashoori et al., 2019). Trace organic nitrogen stocks for tank 

preparation were prepared fresh daily in water. Additional stormwater components and 

concentrations are listed in Table C.1. The pH was maintained at ~7.0 using hydrochloric 

acid. Synthetic stormwater was pumped, using a Masterflex L/S digital drive peristatic 

pump (ColeParmer), to the top of columns. Even distribution was achieved using a 

polyethylene tubing with equidistant perforations.   

4.3.3 Bioretention Column Design 

The laboratory columns were fabricated with underdrains located at the bottom of 

the IWS (Figure 4.1). The IWS included sample ports at heights of 5, 10, 20, and 25 cm 

from the column base. The ports are collectively referred to as proximal (P) and 

positioned 5 cm from the center PVC pipe. Sample identification includes P for proximal 

and the sample height. For example, P-10 indicates the proximal, 10 cm height sample 
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port. The underdrain was also sampled and ports for DO sensors were located at depths of 

1, 15, and 30 cm.  

Media layers, from bottom to top, included a 32 cm media-filled IWS; 38 cm 

loamy sand layer; and 2 cm gravel layer. Loamy sand composition followed local design 

specifications: sand (80%), silt (13%), and clay (7%) (PWD, 2020). The IWS media 

composition varied across each column and included: (1) a gravel (G), (2) gravel-

hardwood mulch (2:1 ratio by volume) (GW), and (3) gravel-hardwood mulch (2:1 ratio 

by volume) with a 6 cm biochar layer (after compaction) mid-depth (GWB) (5% by 

volume of IWS). Biochar was incorporated as a layer intermixed with sand (1:4 ratio by 

volume) to avoid subsidence and prevent biochar washout. All media layers were 

separated by geotextile fabric. Biochar was procured from Soil Reef in Berwyn, PA. The 

supplier prepared biochar using a wood feedstock with pyrolysis performed at 550-

600°C. The composition specifications provided by the supplier noted a carbon content of 

70% and ash content ranging 5 to 20%. Biochar was added to the IWS without further 

processing from the supplier (0.25 to 4.0 mm).  

Step tracer tests using 100 mg-Br/L were performed following methods described 

in Chapter 2. Step tracer tests were employed to determine the effective porosity (ƞeff), or 

porosity contributing to flow, and the effective pore volume. Results are provided in 

Appendix C, Table C.2.  
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Figure 4.1. (a) Universal column schematic and IWS media design for the (b) 

gravel-woodchip-biochar (GWB) IWS, (c) gravel-woodchip (GW) IWS, (d) gravel (G) 

IWS, and (e) a photograph of the physical laboratory column setup. 
The columns were covered in tinfoil during experiments to block light and limit algal growth. 

4.3.4 Steady State 

Steady state testing occurred over a ~two-month period (March 22, 2021 to May 

30, 2021). Synthetic stormwater composition and hydraulic loading rate (HLR) were 

modified during three operational phases (Table 4.1). Phase 1 operated at a HLR of 2.5 

cm/h and NO3
- was the only nitrogen form included in synthetic stormwater (March 22 

until April 21, 2021). Phase 2 operated at a HLR of 2.5 cm/h, with NO3
-, humic acid, and 

trace organic nitrogen compounds added to synthetic stormwater (April 22, 2021 to May 

26, 2021). Phase 3 operated at a HLR of 5 cm/h (May 26, 2021 to May 30, 2021) and the 

synthetic stormwater composition matched Phase 2.  



 

96 

 

Substantial underdrain flow reductions were observed during Phase 2 for the 

gravel-woodchip and gravel-woodchip-biochar columns. Experience from previous work 

suggested that gas build up (likely N2 from denitrification) occurred throughout 

continuous operation. To resolve flow impediments, the maintenance drain was opened 

on May 12, 2021 to empty the IWS and the top DO port was opened to release gas 

pressure. The IWS was then upfilled with synthetic stormwater (upflow through the 

screened section in the center PVC pipe). After saturating media from the bottom up, 

steady state conditions were resumed and the underdrain flow rate recovered 

immediately. Flow corrections due to IWS gas build up only occurred once.  

The gravel IWS showed no indications of NO3
- removal upon addition of humic 

acid during Phase 2. It is suspected that the gravel media alone (without woodchips) did 

not provide an environment to support a rich microbial community. In an attempt to 

inoculate the gravel IWS, water was bailed from the IWS layer of a field site (5 gallons) 

and introduced to the top of the gravel column (i.e., applied above the loamy sand media, 

additional site detail provided in Appendix C). The underdrain valve was closed after 

dosing with the inoculum water and the gravel IWS sat for 3.5 days without flow. The 

DO dropped from 7.19 to 5.67 mg/L. Flow was reintroduced and Phase 2 steady state 

conditions continued for 18 days.  
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Table 4.1. Experimental sequence for steady state (SS) and transient (trans) ADP events. 

Eventa Nominal   G GW GWB ADPc 

  Flow   HRTb HRTb HRTb   

  mL/min cm/h         

      hr hr hr   

Phase 1 27.5 2.5 9.8 12.6 11.3   

SS-2.5-NOx             

Phase 2 27.5 2.5 9.8 12.2 12.0   

SS-2.5-NOx/DON             

Phase 3 55 5 4.9 6.1 5.5   

SS-5-NOx/DON             

              

Trans-3ADP-I 55 5 -- -- -- 2.8 

              

Trans-14ADP-I 55 5 -- -- -- 13.8 

              

Trans-7ADP-I 55 5 -- -- -- 6.8 

              

Trans-14ADP-II* 55 5 -- -- -- 13.8 

              

Trans-7ADP-II* 55 5 -- -- -- 6.8 

              

Trans-3ADP-II* 55 5 -- -- -- 2.8 

              

              
a steady state (SS) flow refers to saturated conditions. Transient flow events were  

applied for a 5 h duration.           
b hydraulic residence time (HRT) was calculated using the effective porosity (ƞe);  

 the porosity that contributed to flow and determined via tracer step tests. 
c Antecedent dry period (ADP) equals the number of days between the end of  

event x and the start of subsequent event       

* event included in bioassay experiment       

Sampling occurred biweekly during steady state for nitrogen analysis. IWS 

sample ports P-25, P-20, P-10, and P-05 were sampled for NOx only. Underdrain 

sampling included the full suite of nitrogen species (TN, DON, PON, NOx, and 

NH4
+/NH3) and trace organic nitrogen compounds. Samples for dual isotopes in NO3

- 

were collected at the end of each steady state phase from the P-10 location and the 

synthetic storm water tank. UV-vis (254 nm; Agilent 8453) was used as a proxy for DOC 
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(Abusallout and Hua, 2017; Berger et al., 2019); DOC concentrations were monitored 

from the underdrain outlet and analyzed the same day of collection. Underdrain effluent 

was also monitored for pH using a Thermo Scientific Orion Versa Star module and DO 

(Phase 2 and 3) using a UNISENSE Oxygen MiniOptode 3000 µm sensor (UniSense, 

Denmark). 

4.3.5 Transient Flow and ADP Sequencing  

Transient flow was applied over a 5 h period (300 min) at a HLR of 5 cm/h. Three 

different ADP conditions (3, 6, 14 d) were tested in duplicate following the sequence 

listed in Table 4.1. Sampling included storm sampling (0 < t ≤ 300 min), post storm 

sampling (3 h, 18 h, 22 h), and a final sample collected at the end of the ADP (3, 7, or 14 

d) just prior to initiation of the next flow event. A primary objective of this study was to 

investigate the impact of IWS media composition on nitrogen fate between storms. As a 

result, sampling methodology emphasized post storm sampling. Post storm nitrogen 

sampling considered the P-20 and P-10 IWS sample ports for all columns. The P-20 and 

P-10 sample ports allowed comparison of water chemistry immediately upgradient and 

downgradient of the biochar layer. Post storm samples were analyzed for the full nitrogen 

suite (TN, DON, PON, NH4
+, NOx). Trace organic nitrogen compounds were sampled 

from the P-10 location for gravel and gravel-woodchip IWS and both the P-10 and P-20 

location for the gravel-woodchip-biochar IWS to evaluate the effects of the biochar layer. 

Complementary samples for dual isotope in NO3
- were collected from synthetic 

stormwater (i.e., the tank) and IWS P-10 locations at the end of flow events (t = 300 min) 

and during the post storm sampling (3 h, 18, 22 h). The effluent pH was monitored at 60 

and 300 min. Effluent flow was generally measured gravimetrically every 60 minutes. 

DO measurements were collected t = 0 and t = 300 min for each column at the 30 cm port 
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for the gravel-woodchip and gravel-woodchip-biochar and 1 cm port for the gravel. 

During post storm analysis a DO probe was left in the 30 cm port for the gravel-

woodchip-biochar column to monitoring DO over the 24 h period.  

4.3.6 Water Quality Analysis  

Nitrogen species were analyzed using a SEAL Analytical AQ300 discrete 

analyzer. Dissolved nitrogen species were centrifuged at 1,000 g x 8 minutes and the 

supernatant was analyzed for NH4
+ (EPA method 150-A Rev. 2) and NOx (nitrate plus 

nitrite; EPA method 126-D Rev. 0). Peroxodisulfate oxidation digestion (Ebina et al., 

1983) was employed for determination of TN (uncentrifuged) and total dissolved 

nitrogen (TDN; centrifuge supernatant as described above). Digested samples were then 

analyzed for NOx. Particulate organic nitrogen (PON) was determined as the difference 

between TN and TDN. DON was determined by subtracting NOx and NH4
+ from TDN. 

Table C.3 reports sample preservation and analytical detection limits.  

4.3.7 Trace Organic Nitrogen Analysis  

Trace organic nitrogen compounds were quantified using a high-resolution liquid 

chromatography (LC) quadrupole time of flight mass spectrometry (QTOF MS) (SCIEX, 

X500R). Electrospray ionization (ESI) was employed to detect compounds in positive 

mode. Liquid chromatography was performed using a Gemini 3µm pore size C18 column 

with dimension 50 mm x 3 mm. Prior to analysis, samples were centrifuged at 1,000 g for 

8 minutes to remove particulates. A sample aliquot of 0.8 mL was mixed with 0.2 mL 

diluent to achieve a 20% methanol, 0.1% formic acid matrix. 100 µL injection volumes 

were used with an aqueous mobile phase of HPLC water with 0.1% formic acid and 

organic phase of HPLC grade methanol with 0.1% formic acid. Appendix C provides 

additional method details (i.e., LC and MS method, fragment ions).  
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4.3.8 Bioassays 

Bioassay experiments were conducted to evaluate the bioavailability of nitrogen 

species from IWS underdrain effluent for transient events noted in Table 4.1 (designated 

by “*”). Specifically, experiments compared the bioavailability between old IWS water 

and new IWS water, collected from the underdrain effluent at t = 0 min and t = 300 min, 

respectively. Bioassay experiments were initiated within two hours after the last sample 

collection round (i.e., t = 300 min) and followed procedures used by others (Lusk and 

Toor, 2016a; Osborne et al., 2013). In brief, 400 mL of underdrain effluent was filtered 

through 0.45 µm filter and mixed with 125 mL of inoculum water (Schuylkill River) in a 

1-L glass Erlenmeyer flask. The inoculum had been previously passed through a 150 µm 

mesh (to remove heterotrophic organisms). Initial bioassay samples were sampled 

immediately after preparation and designated as T0, for old and new IWS water. A second 

set of bioassay samples were prepared and incubated for 5 days (T5) using ambient light 

at room temperature. Just prior to analysis, T0 and T5 samples were centrifuged at 1,000 g 

for 8 minutes and supernatant (dissolved) was analyzed for NOx, NH4
+, and TDN using 

an AQ300 discrete analyzer (SEAL Analytical). 

4.3.9 Data Analysis  

The percent NOx removal observed at the underdrain location for steady state 

conditions was determined in accordance with Eq. 4.1 

𝑁𝑂𝑥𝑆𝑆 (%) = (
𝐶𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡−𝐶𝑢𝑛𝑑𝑒𝑟𝑑𝑟𝑎𝑖𝑛

𝐶𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡
) ∗ 100  (4.1) 

where Cinfluent equals the measured synthetic stormwater NOx concentration (~3 mg-N/L) 

and Cunderdrain equals the observed underdrain effluent NOx concentration. 

Significant differences in steady state NOx removal across columns for each 

individual phase were evaluated using ANOVA (p-level = 0.05). For bioassay results, the 
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percent bioavailability of DON and dissolved inorganic nitrogen (DIN) was calculated 

using Eq 4.2 

𝑃𝑒𝑟𝑐𝑒𝑛𝑡 𝑏𝑖𝑜𝑎𝑣𝑎𝑖𝑙𝑎𝑏𝑙𝑖𝑡𝑦 =  
𝑇𝑜−𝑇5

𝑇𝑜
     (4.2) 

where a negative value indicates biodegradation of nitrogen species and a positive value 

indicates that DON or dissolved inorganic nitrogen (DIN) was generated. 

4.4 Results and Discussion 

4.4.1 Steady State: the Presence of Humic Acid Decreased NOx Removal 

Efficiency 

Phase I steady state NOx concentration profiles in the gravel-woodchip and 

gravel-woodchip-biochar IWS decreased as a function of depth and indicated NOx 

removal. For example, average Phase 1 NOx concentrations decreased from 2.33 mg-N/L 

(P-25) to 0.69 mg-N/L (P-05) for the gravel-woodchip IWS and decreased from 2.48 mg-

N/L (P-25) to 0.68 mg-N/L (P-05) for the gravel-woodchip-biochar IWS. In contrast, 

average NOx concentrations remained constant across the gravel IWS (3.19 to 3.15 mg-

N/L for P-25 and P-05, respectively) and were similar to influent concentrations.  

Under steady state conditions, the presence of humic acid decreased underdrain 

NOx removal efficiency for the gravel-woodchip and gravel-woodchip-biochar columns. 

Specifically, NOx removal efficiency decreased from 86% (Phase 1) to 78% (Phase 2) for 

the gravel-woodchip and from 97% (Phase 1) to 61% (Phase 2) for gravel-woodchip-

biochar (Figure 4.2a). Similar to Phase 1, NOx removal was not observed for the gravel 

column and average effluent NOx concentrations equaled 3.04 ± 0.14 mg-N/L (Phase 2). 

It had been hypothesized that the presence of humic acid in influent would provide an 

external carbon source for the gravel IWS and facilitate denitrification, but this was not 

observed. Humic acid contains redox-active molecules that can facilitate electron 

shuttling (Valenzuela et al., 2019). Compounds capable of electron shuttling assist 
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microbes with electron transfer between itself and either electron donating or electron 

accepting substances and can enhance NO3
- removal (Tu et al., 2020).  

One potential explanation for the observed decrease in NOx removal efficiency 

for the gravel-woodchip and gravel-woodchip-biochar IWS in the presence of humic acid 

could be attributed to the molecular weight distribution inhibiting nitrite removal. In 

denitrification, NO3
- is reduced to molecule nitrogen (N2) alongside the oxidation of an 

electron donor (i.e., carbon source). The step-wise reduction occurs in the order of NO3
-, 

nitrite (NO2
-), nitric oxide (NO), nitrous oxide (N2O) and finally N2. Zhang et al. reported 

that while humic acid enhanced NO3
- removal rates, humic acid molecular weight > 100 

kDa inhibited NO2
- reduction and overall denitrification removal efficiency decreased 

(Zhang et al., 2021). The authors hypothesized that the quinone moiety of humic acid, 

acting as an electron shuttle, could have posed a toxic effects to bacteria which they 

attributed to the compound’s antibiotic properties (Zhang et al., 2021). The size 

distribution for the humic acid considered here ranged 2 to 500 kDa with 20 to 50 kDa 

reported as the predominant range (information provided by Sigma Aldrich via personal 

communication). The presence of higher molecular weight fractions could have 

contributed to the observed decrease in efficiency.  

As expected, the higher HLR (5 cm/h) applied during Phase 3 contributed to 

decreased NOx removal efficiency (Figure 4.2a) for the gravel-woodchip IWS (decreased 

78% to 37%) and gravel-woodchip-biochar IWS (decreased 61% to 31%). This can be 

attributed to shorter hydraulic residence times (Table 4.1) which we demonstrated more 

vigorously in previous columns studies (Chapter 3). Similar to Phase 1 and 2 for the 

gravel IWS, effluent NOx concentration matched influent concentrations and NOx 
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removal was not observed. The percent NOx removal observed across all three columns 

for each Phase was determined to be significant by ANOVA (p-value < 0.05; removal 

efficiency ranked gravel-woodchip > gravel-woodchip-biochar >> gravel). 

Under steady state conditions, water quality parameters confirmed the presence of 

favorable conditions for denitrification for the gravel-woodchip and gravel-woodchip-

biochar columns. During Phase 2, average DO concentrations measured at the top of the 

IWS (30 cm) equaled 2.78 and 4.88 mg/L for the gravel-woodchip and gravel-woodchip-

biochar, respectively. DO decreased as a function of IWS depth and equaled 0.29 mg/L at 

the bottom of the IWS (1 cm) for both gravel-woodchip and gravel-woodchip-biochar 

during Phase 3 (DO at the bottom of the IWS was not measured during Phase 2). Average 

underdrain NH4
+ concentrations ranged from 0.03 mg-N/L to 0.15 mg-N/L across Phases 

1 through 3 for all columns and confirmed DNRA was not a pathway for NOx removal 

(Figure 4.2c). DNRA is a process where NO3
- is converted to NO2

- and then NH4
+ under 

anaerobic conditions. The gravel IWS average DO concentration at the beginning of 

Phase 2 indicated aerobic conditions (7.9 mg/L, 15 cm port). After inoculation and a 

stagnation period, as described in methods, the average DO concentration was 5.83 mg/L 

for the remainder of Phase 2 and 8.05 mg/L during Phase 3. The higher DO level for the 

gravel IWS indicated inhibitory conditions for denitrification and this trend continued for 

transient flow events.  
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Figure 4.2. Steady state performance observed from the underdrain for (a) NOx 

removal (b) 1H-benzotriazole removal, and (c) nitrogen speciation. 
Note trace DON compounds were not included in synthetic stormwater during Phase 1. 

Additionally, trace organic nitrogen compounds would be counted toward DON but they represent a minor 

fraction compared to DON from humic acid. 
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4.4.2 Biochar Enhanced Trace Organic Nitrogen Removal 

The gravel-woodchip-biochar IWS demonstrated 99-100% removal for 1H-

benzotriazole (Phase 2 and 3; Figure 4.2b) but removal equaled 8% (Phase 2) and 17 % 

(Phase 3) for the gravel-woodchip column and 2% (Phase 2) and 13% (Phase 3) for the 

gravel column. Results suggest that for the hydraulic residence times considered, IWS 

conditions were not sufficient for biodegradation. The presence of an adsorbent was 

needed to enhance removal indicating that sorption plays an important role. Caffeine was 

never detected in underdrain effluent across all three columns. Other studies have 

reported caffeine sorption to negatively charged mineral surfaces such as sandy loam 

with a Kd of 17.86 L/kg (Martínez-Hernández et al., 2014). The pKa of caffeine is 10.4 

and for experimental conditions examined here (pH = ~7), caffeine was overwhelmingly 

present as a cation. Removal via sorption in the loamy sand layer is likely the primary 

source of removal. This was supported by batch tests that considered different sorption 

losses as a function of vial type and matrix (Figure C.1).  

4.4.3 Transient Flow: Underdrain Performance 

During transient flow, TN released from the underdrain ranked greatest to least in 

the order gravel > gravel-woodchip > gravel-woodchip-biochar, but notable NH4
+ 

generation was observed for the gravel-woodchip-biochar system. During the beginning 

of flow conditions for each transient event, old IWS water exiting the gravel-woodchip 

and gravel-woodchip-biochar columns was predominately comprised of DON (51 to 

70%) at concentrations higher than synthetic stormwater (Figure 4.3). This is likely 

attributed to organic nitrogen, associated with DOC, leaching from woodchips (Berger et 

al., 2019; Lynn et al., 2015a) combined with the release of microbial exudates (Williams 

et al., 2010). Alternatively, at the end of the transient flow, underdrain effluent TN was 
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predominantly DON (46 to 48%) and NOx (44 to 48%) for the gravel-woodchip and 

DON (26 to 51 %) and NH4
+ (26 to 60%) for the gravel-woodchip-biochar column. NH4

+ 

is toxic to fish at concentrations exceeding 0.16 mg-N/L (Sawyer and McCarty, 1978). 

For collected underdrain samples, gravel-woodchip-biochar effluent was the only IWS to 

export NH4
+ at concentrations exceeding 0.16 mg-N/L (Figure 4.3 and Appdendix C 

Figure C.2). Potential sources are discussed in the proceeding sections. ADP did not 

appear to influence underdrain NOx concentration profiles during transient flow (Figure 

C.2) in contrast to trends reported by others (Lynn et al., 2015a, 2015b). This trend was 

also observed for bioretention studies previously performed by our group and was also 

reported for a bioretention field system with an IWS that considered ADPs spanning 0 to 

13 days (Lopez-Ponnada et al., 2020). For the gravel IWS, nitrogen speciation and 

concentrations at the underdrain effluent matched the influent composition and no 

reductions were observed in TN concentrations (Figure 4.3).  

Underdrain flow rates varied across the IWS media treatments with averages 

equal to 46.5 ± 5.6 mL/min, 53 ± 4.7 mL/min, and 35.2 ± 4.8 mL/min for the gravel, 

gravel-woodchip, and gravel-woodchip-biochar, respectively. Reductions in saturated 

hydraulic conductivity (Ksat) due to biochar addition have been reported by others 

(Barnes et al., 2014; Berger et al., 2019; Liu et al., 2016). Lim et al. observed that biochar 

addition to coarse and fine sand decreased Ksat 90 to 10%, indicating that larger soil 
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Figure 4.3. Average nitrogen speciation observed for underdrain effluent during 

intermittent flow for (a) Int-3ADP-I and Int-3ADP-II and (b) Int-7ADP-I and Int-7ADP-

II. 

particles experienced more substantial reductions in Ksat relative to loam and clay soils 

over time (2016). The authors attributed this to increased tortuosity (Lim et al., 2016). 

The reduced hydraulic conductivity observed for the gravel-woodchip-biochar studied 

here caused substantial ponding (ranged 5 to 12.7 cm in depth at the end of flow). 

Increased tortuosity in the biochar layer would lead to longer travel distances and 

consequently increased hydraulic residence time during transient flow (~8.5h). This 
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likely contributed to stronger performance in minimizing NOx release for the gravel-

woodchip-biochar underdrain.  

4.4.4  IWS Performance During ADP: NOx Removal Occurred Within 18 Hours 

and the Presence of Biochar Contributed to NH4
+ Generation 

Complete NOx removal occurred within 18 h following transient flow application 

for the gravel-woodchip and gravel-woodchip-biochar IWS across all ADPs (Figure 4.3 

shows 7 d ADP results). The gravel-woodchip IWS showed greater changes in NOx 

concentrations during the first 3 h post storm whereas the gravel-woodchip-biochar IWS 

showed the greatest changes between 3 and 18 h post storm. For example, the gravel-

woodchip IWS, NOx concentrations decreased 65% and 72% for P-20 and P-10, 

respectively between the end of flow application and 3 h post storm. Alternatively for the 

gravel-woodchip-biochar IWS, NOx concentrations decreased 20% for the P-20 location 

between the end of flow application (0 h) and 3 h post storm and then decreased 90% 

between 3 and 18 h post storm. Additionally, the gravel-woodchip-biochar P-10 NOx 

concentrations were notably less than P-10 concentrations for the gravel-woodchip IWS. 

Higher P-20 NOx concentrations observed for the gravel-woodchip-biochar IWS 3 h post 

storm is attributed to slower advective transport. As previously described, the gravel-

woodchip-biochar column had lower effluent flow rates and significant ponding at the 

end of transient flow application. As a result, flow, from ponded water, continued for up 

to 3 h post storm. For the gravel column, NOx concentrations remained similar to the 

influent and no changes were observed with depth.  

Post event, gravel-woodchip-biochar P-10 NH4
+ concentrations were significant 

(~65% TN) but then dramatically dropped (<15% of TN) for the final sample collection 

at the end of the ADP. For example, gravel-woodchip-biochar P-10 average NH4
+ 



 

109 

 

concentrations ranged 0.87 to 0.61 mg-N/L (28 to 53% of TN) up to 22 h following the 

event but decreased to an average concentration of 0.2 mg-N/L by 7 days (Figure 4.4, 

Trans-7ADP). In contrast, detection of NH4
+ remained less than 0.2 mg-N/L for the 

gravel-woodchip and gravel columns (both P-20 and P-10 locations) for the entirety of 

the 7 ADP (Figure 4.4). Gravel-woodchip-biochar IWS NH4
+ concentrations down-

gradient from the biochar layer (P-10) were 62 to 83% greater than concentrations 

observed up-gradient from the biochar layer (P-20) and suggested that processes within 

the biochar layer contributed to NH4
+ production. Additionally, gravel-woodchip-biochar 

P-10 NH4
+ concentrations at the end of transient flow events (0 h) and 3 h post event 

increased with increasing ADP and suggested longer dry periods increased NH4
+ 

production. It is hypothesized that NH4
+ generation in the biochar layer during ADPs was 

attributed to either one or a combination the factors. Many of these factors are likely 

affected by the carbon to nitrogen (C/N) ratio and the carbon to NO3
- (C/NO3-) ratio. 

First, nitrogen mineralization, or the degradation of organic nitrogen to inorganic 

nitrogen (NO3
- and NH4

+), can occur in the presence of biochar when microbes degrade 

biochar compounds with high C/N ratios (Bruun et al., 2012; Dempster et al., 2012). 

Additionally, DON from humic acid sorbed to biochar could also undergo degradation 

during ADPs. If NO3
- was a byproduct during these processes it is possible the C/NO3

- 

ratio in the biochar layer favored DNRA. DNRA is the least studied nitrogen pathway in 

soil environments (Xin et al., 2019) but can occur when NO3
– is limited and carbon 

availability is high. For example, a C/NO3
- ratio greater than 12 was provided in one 

study (Friedl et al., 2018). Lastly, NH4
+ generation may also be ascribed to the 

degradation of soluble microbial byproducts (Zhang et al., 2021) potentially facilitated by 
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biochar. Kappler et al. demonstrated that biochar can act as an electron shuttle and 

mediate electron transfer in soil which may favor certain microbial pathways such as 

DNRA compared to the woodchip-gravel layer alone (2014).  

Between the 22 h post storm sampling period and the end of the 7 ADP, NH4
+ 

decreased to 0.11 mg-N/L and DON increased (Figure 4.4). This could be attributed to 

potential microbial uptake of NH4
+ and DON release as microbial exudates for the 

woodchip-gravel portion of the IWS. The majority of biochar studies in literature 

evaluate performance under batch conditions (Mohtadi et al., 2017; Ulrich et al., 2015), 

continuous flow (Ashoori et al., 2019), or omit analysis of all nitrogen species (i.e., only 

consider NO3
-) (Berger et al., 2019). Comparisons between steady state and ADP 

scenarios considered here indicate different processes can become significant under wet 

and dry cycles as observed with NH4
+. Thus, it is important to exercise caution when 

translating trends derived from continuous flow experiments to design decisions for field 

systems that experience transient flow.  
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Figure 4.4. Average nitrogen speciation for post storm sampling for the (a) P-20 

and (b) P-10 IWS location for events Int-7ADP-I and Int-7ADP-II. 
ps = post storm  
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4.4.5 ADP IWS Performance: Trace Organic Nitrogen Compounds 

1H-benzotraizole removal increased, in the IWS, as a function of increasing ADP 

across all three columns. The presence of biochar resulted in 100% removal of 1H-

benzotriazole at the P-10 gravel-woodchip-biochar location (Figure 4.5). At the end of 

the transient events, removal observed for the gravel (6.5%) and gravel-woodchip 

(12.8%) IWS was similar to performance under steady state at the same flow rate (Phase 

3 SS; Figure 4.2b). During the non-flowing period, IWS removal increased to 47% 

(gravel) and 51.3% (gravel-woodchip) by the end the 7 ADP. Ashorri et al. did not 

observe 1H-benzotrizazole removal under continuous flow for woodchip and biochar 

augmented woodchip biofilters; hydraulic residences times ranged 11 to 13 h compared 

to ~5 to 7 h considered in this current study (2019). In a different paper, biodegradation 

of 1H-benzotriazole was observed in microcosm studies conducted over 3.3 days (Ulrich 

et al., 2017b). The increased residence time (7 days compared to ~ 5h) for ADPs 

scenarios considered in the current paper likely facilitated biodegradation and the 

observed increase in 1H-benzotraizole removal for the gravel-woodchip and gravel IWS. 

While ADPs allowed sufficient time for IWS treatment between transient events, the 

presence of biochar was needed to achieve 100% removal and would be more protective 

during precipitation events.  

Similar to steady state conditions, caffeine was non-detect (<1 µg/L) in the P-10 

IWS location for all three treatments. Additionally, caffeine was non-detect at the P-20 

IWS location for the gravel-woodchip-biochar IWS which provided another line of 

evidence that caffeine was likely removed via sorption onto the loamy sand media layer. 

Although biodegradation in the unsaturated zone may also have occurred. DON includes 

a range of compounds with varying structure, molecular weight, and physical and 
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chemical properties. As a result, transport will vary and removal mechanisms will be 

specific to bioretention media layers (i.e., variably saturated loamy sand compared to 

saturated IWS). 

 

Figure 4.5. Average ADP percent removal observed for trace organic nitrogen 

compounds (a) 1H-benzotriazole and (b) caffeine for events Int-7ADP-I and Int-7ADP-II. 

Note that caffeine was likely removed via sorption on the loamy sand layer. 
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4.4.6 Old and New IWS Water Bioavailability 

Bioassay results varied across IWS media and ADP scenarios. DON in underdrain 

effluent was bioavailable (i.e., concentration decreased between To and T5 samples) for 

~40% of bioassay samples (7 of 18; Table 4.2, detailed Table C.6). Six bioavailable 

samples for DON were specific to the 14 ADP scenario and DON biodegradability was 

higher in new IWS water compared to old IWS water for all three IWS media. For 

example, gravel-woodchip-biochar DON bioavailability in new IWS water was 61% 

compared to 18% in old IWS water. For the 14 ADP treatment, the new IWS water DON 

bioavailability ranked highest to lowest in the order of gravel-woodchip-biochar (61%) ~ 

gravel (58%) > gravel-woodchip (49%). The remainder of ADP bioassay samples 

generally resulted in an increase in DON (i.e., production) between To and T5 samples in 

new IWS water, with the exception of the gravel IWS (Trans-3ADP scenario). Cases 

where DON increased were generally associated with a decrease in DIN concentration 

between To and T5 samples and suggested processing of DIN to organic nitrogen.  

Increases in bioassay DON concentration observed here are not consistent with 

bioavailability trends reported in literature where DON and DIN concentrations 

decreased between the To and T5 samples (Lusk and Toor, 2016b, 2016a; Osborne et al., 

2013). In these studies, results were representative of one sample collected in time and 

space to compare bioavailability across two water types—i.e., stormwater runoff and 

effluent from an above grade retention pond (i.e., open-to-the-atmosphere). Our study is 

the first bioassay assessment for water released from an IWS and results suggest that 

DON bioavailability trends may be more variable across multiple runs. Additionally, 

inoculum water was collected from the same physical location but at three different times 

(i.e., corresponding with each bioassay batch). Thus, the water chemistry and the 
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abundance of bacteria and phytoplankton communities were subject to temporal 

variability which may influence bioassay results. While consistent patterns were not 

observed, results indicate that bioavailability can be a concern for both new and old IWS 

water. Future studies that couple bioassays with other analytical tools, such as high-

resolution mass spectrometry, could link IWS bioavailability to changes in DON 

structure.  

Table 4.2. Percent change in dissolved organic nitrogen (DON) and dissolved 

inorganic nitrogen (DIN) between To and T5 bioassay samples for old IWS water and new 

IWS water. 
Changes that resulted in over a 10% decrease (i.e., biodegradable) are highlighted green. 

      Percent Change 

Column ADP  Old IWS Water  New IWS Water 

      DIN DON   DIN DON 

Gravel (G)       

 Trans-3ADP  ↑ 1% ↑ 38%  ↑ 2% ↓ 11% 

 Trans-7ADP  ↓ 4% ↑ 35%  ↓ 2% ↑ 23% 

 

Trans-

14ADP  ↓ 5% ↓ 15%  ↓ 5% ↓ 58% 

Gravel-woodchip 

(GW)       

 Trans-3ADP  ↓ 13% ↓ 5%  ↓ 3% ↑ 21% 

 Trans-7ADP  ↓ 27% nc  ↓ 21% ↑ 18% 

 

Trans-

14ADP  ↓ 17% ↓ 32%  ↓ 8% ↓ 49% 

Gravel-woodchip-biochar (GWB)     

 Trans-3ADP  ↓ 17% ↑ 12%  ↓ 16% ↑ 17% 

 Trans-7ADP  ↓ 20% ↑ 67%  ↓ 52% ↑ 46% 

  

Trans-

14ADP   ↓ 20% ↓ 18%   ↓ 25% ↓ 61% 

Notes:               

↓ decrease in concentration; biodegradable          

↑ increase in concentration; produced or cellular metabolites     

nc = no change; To = T5             

4.4.7 Environmental Implications 

 Performance observed under steady state (continuous flow) does not translate to 

transient flow—a condition more relevant to field systems. For steady state conditions, 

TN removal ranked greatest to least in the order gravel-woodchip > gravel-woodchip-
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biochar > gravel. However, performance ranking for TN and NOx management changed 

under transient flow and the gravel-woodchip-biochar was the most effective in 

minimizing NOx release from the underdrain.   

Concern worthy NH4
+ concentrations were generated for the gravel-woodchip-

biochar IWS during transient events. Biochar application in unsaturated layers may be 

particularly advantageous for sites where an IWS is not be feasible (e.g., media depth is 

limited) or exfiltration is a reliable process but managing NO3
- is a water quality 

objective. Application in the unsaturated media would increase soil water retention, 

decrease DO (to create micro anaerobic sites), and retain DOC in porewater (Berger et 

al., 2019), creating favorable conditions for denitrification. Additionally, NH4
+ export 

from the system would likely be avoided as generated NH4
+ would be removed via 

sorption in the unsaturated, aerobic layer or plant assimilation. However, continued 

research efforts that improve understanding of biochar properties on nitrogen fate are 

needed.   

The presence of humic acid alone for the gravel IWS did not provide a viable 

carbon source to facilitate denitrification. One explanation could be attributed to the 

molecular weight range of the humic acid used in these experiments or that DO remained 

at an inhibitory levels (> 3 mg/L). DOC composition in runoff and entrained by 

infiltrating water in field systems is likely comprised of a wider array of organic 

molecules. Additionally, urban environments have been shown to release more labile 

DOC inputs compared to less human impacted watersheds (Williams et al., 2010). 

Woodchip application in the IWS can be disadvantageous, due to the release of DOC in 

the effluent which contributes to biological oxygen demand in receiving water bodies 
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(Lopez-Ponnada et al., 2020). While management of nitrogen should be prioritized, if 

labile fractions of DOC in urban runoff provides a viable carbon source, then application 

of woodchips can be reduced or minimized. The inclusion of biochar in the IWS could 

help to retain DOC within the submerged layer for microbial utilization (Berger et al., 

2019). However, research efforts are needed to identify mechanisms responsible for NH4
+ 

production. Additionally, future laboratory studies should include compounds in 

synthetic stormwater preparation to account for the complexity of dissolved organic 

matter in urban runoff and the associated effects on TN removal. 

4.5 Conclusions 

This work compared the performance of three different IWS media types under 

both continuous and transient flow.  

• Under steady state conditions for a hydraulic residence time of ~ 12 h, the 

gravel-woodchip IWS achieved superior NOx removal (78%) in the presence 

of humic acid compared to the gravel-woodchip-biochar (61%). No 

appreciable NOx removal occurred in the gravel system, regardless of humic 

acid inclusion in the applied water.  

• For transient flow conditions tested, IWS performance ranking changed and 

the gravel-woodchip-biochar IWS resulted in the lowest effluent TN 

concentration. However, elevated NH4
+ concentrations were observed below 

the biochar layer, suggesting the biochar layer altered water chemisty and 

microbial pathways during ADPs. Longer ADPs resulted in increased NH4
+ 

concentrations immediately following the transient event. Biochar type 

employed here would not be recommended for the IWS.  



 

118 

 

• In the gravel-woodchip and gravel-woodchip-biochar IWS systems, complete 

NOx removal occurred within 18 h after application of new water ceased.  

• The gravel-woodchip-biochar IWS achieved 100% 1H-benzotraizole removal 

for all events. Removal of 1H-benzotraizole for the gravel-woodchip and 

gravel was minimal during transient flow but increased during ADPs and was 

likely attributed to biodegradation associated with the longer residence times.  

• Bioassay experiments showed a higher fraction of bioavailable DON in new 

IWS water relative to old IWS water for the 14 ADP. For other scenarios 

considered, DON production was observed. While results provided mixed 

trends, it suggests that processes within the IWS may cause DON 

bioavailability to increase. 
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FIELD MONITORING OF WATER QUALITY AND NITROGEN 

FATE IN A BIORETENTION BASIN WITH INTERNAL WATER 

STORAGE 

5.1 Introduction 

Total nitrogen (TN) removal in green stormwater infrastructure (GSI) strategies 

remains a challenge due to the multiple chemical forms of nitrogen. Nitrogen speciation 

in stormwater includes the inorganic forms of nitrate (NO3
-) and ammonium/ammonia 

(NH4
+/NH3) and the organic forms of dissolved organic nitrogen (DON) and particulate 

organic nitrogen (PON). Bioretention field studies show a range of performance 

variability spanning from 80% NO3
- removal to NO3

- export (i.e., increase in NO3
- 

concentration)(Lefevre et al., 2015). NH4
+/NH3 exists predominantly in the ionized form 

(pKa = 9.25) at environmental pH values and is effectively removed via sorption onto 

negatively charged soil media. In colder climates, deicer application can impact sorption 

mechanisms and processes. However, the resiliency of GSI media to retain NH4
+ during 

winter months is not well studied.  

Internal water storage (IWS) is a GSI design feature that can be included to 

enhance water quality benefits under anaerobic conditions (Kim et al., 2003). 

Specifically, NO3
- can be reduced to N2 gas via microbial denitrification. General IWS 

design includes a 0.6 to 0.75 m thick gravel layer located below engineered fill media 

(Hunt et al., 2012). A perforated underdrain with an upturned elbow, commonly called an 

inverted underdrain, is utilized to create saturated conditions. Alternatively, the 

perforated underdrain can be placed at the top of the gravel layer and is called a raised 

underdrain. However, concern exists that a raised underdrain may limit the exchange or 

the replacement of old IWS water (stored between events) with new infiltrating 
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stormwater if exfiltration does not occur (Pennsylvania Department of Environmental 

Protection, 2019). The concept of using a saturated layer and woodchips is not unique to 

the stormwater sphere but has been exploited in agricultural best management practices to 

manage NO3
-. Woodchip bioreactors differ from bioretention IWS with respect to flow 

configuration, media composition, and geometry. However, design variables affecting 

agricultural woodchip bioreactor performance can often translate to stormwater treatment 

approaches.  

Extensive laboratory column studies investigated IWS design variables to 

maximize denitrification efficiency. Design components considered in laboratory studies 

include, but are not limited to, carbon source type, underdrain configuration, hydraulic 

residence time, the presence of vegetation, and IWS thickness (Halaburka et al., 2017; 

Igielski et al., 2019; Li et al., 2019; Martin et al., 2019; Peterson et al., 2015; Wang et al., 

2018). While laboratory findings have advanced treatment effectiveness, they were 

primarily conducted using synthetic stormwater that only include NO3
-. In the field, 

system performance is complicated by the presence of multiple nitrogen forms (NO3
-, 

NH4
+, PON, and DON), vegetation, and climate factors such as seasonal effects, storm 

intensity, and antecedent dry periods (ADPs).  

Bioretention field studies with IWS are less common and results demonstrated a 

range of performance for NO3
- removal. For example, Valencia et al. (2021) evaluated 

the performance of GSI sites (bioretention, grass swales, media filters, and retention 

ponds) using data from the BMP database (years 1982 through 2018) coupled with 29 

peer-reviewed articles published prior to June 30, 2020. For the 10 bioretention sites 

considered in the study, authors reported that TN removal increased to 57% when an IWS 
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was present (n=4) compared to systems with no IWS (n=6) (23% TN removal) (Valenca 

et al., 2021). A pilot field study demonstrated that a cell with IWS resulted in 80% NO3
- 

removal and lower effluent TN concentrations (<0.75 mg/L) compared to a cell without 

IWS (29% NO3
- removal and ~1.65 mg/L effluent TN) (Lopez-Ponnada et al., 2020). 

Brown and Hunt (2011) reported a site with IWS and underlying sandy clay loam 

achieved 50% reductions for all nitrogen species. 

Field studies tend to exploit influent and effluent water quality sampling. While 

this approach typically represents overall performance it lacks information and certainty 

regarding in situ processes (i.e., soil porewater or IWS) (Brown and Hunt, 2011; Lopez-

Ponnada et al., 2020; McPhillips et al., 2018). This is primarily driven by water quality 

goals, which are evaluated for water exiting the system—the outlet or underdrain. 

However, using a “black box” approach (inlet and outlet) to evaluate field performance 

risks overlooking internal processes that indicate immobilize zones or changes in 

pollutant fate across basin components. For example, 100% infiltration into native media 

(no outflow) or water quality trends obscured at the outlet location would miss potential 

risks posed to groundwater. Additionally, the presence of immobile zones can reduce 

hydraulic efficiency, NO3
- removal, and contribute to sediment build-up over time. High-

frequency sampling (< 1-hour sampling intervals) can improve certainty with regards to 

estimated removal rates and load reductions (Maxwell et al., 2020). Field monitoring that 

utilizes high-frequency sampling, particularly to target internal processes, provides the 

opportunity to uncover high variability in solute dynamics, identify deficiencies in system 

performance, and improve modeling approaches. For instance, rapid changes in dissolved 

oxygen (DO) due to mixing in IWS during storm events can inhibit denitrification. 
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Obtaining more field data related to in situ processes will improve the efficiency and 

resiliency of future designs for IWS-containing systems.   

Bioretention sites are dynamic systems where the fate of pollutants changes 

during and between events. High-frequency sampling offers a valuable tool to investigate 

spatial and temporal trends of a particular contaminant or solute during a storm. High-

frequency monitoring via sensors has been employed to understand solute transport in 

bioreactors (Maxwell et al., 2020), wetland sediment and reservoirs (Birgand et al., 

2016), tidal marshes (Etheridge et al., 2014), and IWS temperature and water level 

(Brown and Hunt, 2011; Wardynski et al., 2013). High-frequency monitoring of a 

stormwater retention pond outlet revealed peak dissolved organic carbon (DOC) 

concentrations occurred alongside peak discharge and rain intensity (first-flush effect) 

(Kalev et al., 2021). The application of high-frequency monitoring of IWS behavior in 

the field to understand nitrogen dynamics is not well studied.  

This paper aims to address knowledge gaps regarding nitrogen water chemistry 

during storm events for a bioretention site with IWS. Nine storms were sampled, 

primarily over a 10-month period, to probe signature patterns and possible seasonal 

effects. Specifically, we 1) coupled high-frequency monitoring of DO and conductivity to 

probe IWS mixing patterns, 2) employed high-frequency sampling of the IWS to evaluate 

nitrogen speciation and determine the absence or presence of denitrification (~24 hours 

following a storm), and 3) assessed TN fate across forebay runoff, unsaturated porewater, 

and the IWS to evaluate system performance and highlight future research needs.  
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5.2 Methods 

5.2.1 Site Description 

Field monitoring occurred at a bioretention site located in Philadelphia on the east 

side of Interstate 95 (I-95) in the Fishtown neighborhood. The site drains ~6,000 m2 (1.5 

acres) from I-95 plus 1,000 m2 (0.25 acres) additional overland runoff from an adjacent 

parking lot. During construction (Summer of 2018), long-term ponded water from 

groundwater interactions was observed in construction trenches (Photo D.1) and 

infiltration testing could not be conducted. As a result, the design was modified and an 

IWS was incorporated to enhance water quality. Figure 5.1 shows the basin aerial map and 

design components. The basin contains five inlets (four that collect runoff from I-95 and 

one from an adjacent parking lot). Inlets connect to pavers where runoff flows through 

gabion baskets and then enters a vegetated infiltration basin. The configuration of the inlets 

posed challenges for automated sampling of the influent. As a result, stormwater bottles 

were utilized and are discussed more below. The basin media from top to bottom included: 

8 cm surficial layer of hardwood mulch, 76 cm amended soil layer (loam/loamy sand), and 

61 cm gravel layer with a ~5 cm thick hardwood mulch layer mid-depth (Photo D.2). The 

amended soil and gravel layer are separated by geotextile fabric. A perforated raised 

underdrain, 15.2 cm in diameter, was employed to create IWS. The invert elevation of the 

underdrain at the outlet location is 72 cm above the base of the gravel layer and discharges 

to one outlet box. Water exits the outlet box via a 45.7 cm outlet pipe to the sewer network. 

The outlet pipe contained a Thelmar weir.  

Field monitoring efforts utilized an IWS monitoring well, suction lysimeters, and 

housing for stormwater bottles (Figure 5.1). The IWS monitoring well is located adjacent 

to the outlet box and is screened the depth of the gravel layer only. A cluster of five suction 
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lysimeters, 2 cm ID (Soilmoisture Equipment Corp.), were installed near the outlet box. 

Lysimeters were located a lateral distance of 0.9 m and 1.8 m from the underdrain at depths 

of 15, 30, and 60 cm with respect to the ground surface (Figure 5.1c). Lysimeter 

identification notes the location of either outlet proximal (OP) or outlet distal (OD) 

followed by the lysimeter sample depth (i.e., 15, 30, 60 cm). Housing for stormwater 

sampler bottles were permanently installed directly downgradient of the gabions connected 

to the inlet sampling locations EW61, EW62, and EW64/65. Inlet EW61 services the 

adjacent parking lot and EW62 and 64/65 service I-95. These samples are referred to as 

forebay runoff samples. Design and housing installation for stormwater bottles followed 

methodology developed by others (Cushman, 2019). 
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Figure 5.1. Bioretention site with a raised underdrain for IWS (a) aerial map, (b) 

photograph of outlet box and IWS monitoring well, (c) conceptual schematic of IWS and 

(d) dissolved oxygen and conductivity probe attached to steel rod deployed in IWS 

monitoring well. 
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5.2.2 Storm Events Monitoring  

Water quality monitoring, specifically high-frequency IWS sampling, was 

conducted at the site during October 2019 and then August 2020 through May 2021. A 

total of nine storms were sampled. Table 5.1 reports storm characteristics and includes 

total precipitation depth, storm intensity, ADP, and the IWS peak water level depth 

during a storm. Precipitation depths employed either weather data from an adjacent 

bioretention site’s weather station, referred to as “Site” in Table 5.1 (~400 m west) or 

data from the Philadelphia International Airport (Network ID: GHCND:USW00013739). 

ADPs were calculated using the corresponding weather station data. The IWS water level 

depth was also monitored using a water level logger (HOBO, U20) with recordings 

intervals typically set at 10 min. During DO and conductivity monitoring (described 

below), manual water level depths were recorded to verify water level logger 

measurements.  

5.2.3 Sampling Methodology 

Samples included forebay runoff samples (stormwater sampler bottles), suction 

lysimeter samples, and high-frequency sampling of the IWS using an automated sampler 

(ISCO 6712, Teledyne) deployed in the IWS monitoring well. Stormwater bottles with a 

temperature sensor logger (HOBO TidbiT) were installed into housing fixtures the day 

before forecasted events and a vacuum was applied to suction lysimeters. After the storm 

event, lysimeter samples were collected using a dedicated syringe with flexible tubing for 

each location. High-frequency sampling utilized the IWS monitoring well to evaluate 

IWS water quality trends. The underdrain effluent discharged to an outlet box where 

water was a mixture of multiple inputs (precipitation, surface ponded water, and 

underdrain effluent). Because the IWS monitoring well was in close proximity (~ 0.3m  



 

127 

 

from outlet and underdrain) to the outlet box, it was assumed this location likely 

represented underdrain effluent trends.  

Table 5.1. Storm characteristics. 

Date 
Storm 

Duration    ADP 
Total 

precip. 
Avg  

intensity Station 

Peak  

IWS  

WL
a 

Water 

quality 

monitoring Notes 
  h   d mm mm/h   m --   
Storm events for DO and conductivity monitoring           
October 27, 2019 7.9 

 
6.3 18.8 2.38 Site 0.96 IWS WL, DO,  

Cond. 
-- 

October 30-31, 2019 12.1 
 

1.9 24.4 2.02 Site 1.51 IWS WL, DO,  

Cond. 

underdrain 

capped  

(1) 
Storm events for IWS samples                  
August 12, 2020 3.4 

 
4.8 30.7 9.03 Site 1.10 IWS WL, N, 

dual isotopes 
-- 

September 10, 2020 21.8 
 

12 16.3 0.75 Site 0.94 IWS WL, N, 

dual isotopes 
(1) 

October 12, 2020 9.4 
 

12 28.7 3.05 Site 1.02 IWS WL, N, 

dual isotopes 
-- 

November 12, 2020 26.6 
 

10 41.4 1.56 Site 1.10 IWS WL, N, 

dual isotopes 
-- 

February 16, 2021 6.6 
 

4.6 19.1 2.89 PIA 1.07 IWS WL, N (2) 
March 18. 2021 12.9 

 
17 23.1 1.79 PIA 0.99 IWS WL, N (3) 

May 28, 2021 13.0   1.9 28.2 2.17 PIA 1.02 IWS WL, N -- 
          
Notes:          
Site = site weather station located at adjacent SMP (~400 m west); precipitation recorded at 5 minute intervals 
Philadelphia International Airport (PIA), NOAA (Network 

ID:GHCND:USW00013739)   
a. For events with two storm pulses, the first peak IWS water level is 

reported    
1. storm included 2 pulses         
2. event included freezing rain; heavy snow from coastal storm occurred February 7, 2021  
3. between February and March sampling events; four snow or wintery mix events occurred  
ADP = antecedent dry period          
DO = dissolved 

oxygen          
cond. = conductivity          
IWS = internal water storage         
WL = water level          
N = nitrogen analysis (all 

species)         
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The base of the gravel layer was used as the datum for the IWS monitoring well 

(sensors and water quality monitoring). The intake of the automated sampler suction line 

was positioned mid-depth of the gravel layer (30 cm from base) for each sampling event 

(Figure 5.1c). This was executed by attaching the intake to a steel rod. Programming for 

the automated sampler was operated in extended mode and enabled via a liquid detector. 

The liquid detector was attached to the steel rod 1 cm above the baseline (pre-storm) IWS 

water level. The rapid increase in IWS water level at the onset of a storm triggered high-

frequency sampling. Once enabled, the automated sampler collected 24 samples in 

separate bottles over a ~24 hour duration in the following sequence: 1 sample upon 

program enabling, 5 samples collected every 10 min, 6 samples every 30 minutes, 6 

samples every 60 minutes, 4 samples every 120 minutes, and 2 samples at 180 minutes. 

Sample collection for the last two samples was extended in some cases to account for 

longer predicted storm durations. High-frequency IWS samples are hereafter referred to 

as IWS samples. 

5.2.4 Water Quality Analysis 

Prior to implementing the IWS sampling, three DO sensors (miniDO2T Logger, 

Precision Measurement Engineering, Inc; PME) and three conductivity loggers (HOBO, 

U24) were deployed in the IWS monitoring well from October 23 through November 4, 

2019. A PME DO and HOBO conductivity logger were coupled together and attached to 

the steel rod deployed in the IWS monitoring well at depths of 0 (bottom), 30 (middle), 

and 60 cm (top) with respect to the base of the gravel layer (Figure 5.1d). DO loggers 

were not used during IWS ISCO sampling because the suction line bubbled air into the 

sampling location. Due to the frequent sampling intervals, this caused unreliable DO 
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data. Between October 30, 2019 through February 25, 2020, the local municipality 

prioritized infiltration and the underdrain was capped temporarily. 

Nitrogen analysis for forebay runoff samples, lysimeter, and IWS samples was 

conducted using an AQ300 discrete analyzer (SEAL Analytical) and included the full 

suite of species (TN, DON, PON, NOx, and NH4
+/NH3). Prior field analysis indicated that 

NOx (NO3
- + nitrite (NO2

-)) was predominately comprised of NO3
- in runoff (81%) and 

lysimeter porewater (93%) samples; as a result, NOx was monitored. NOx was analyzed 

in accordance with EPA method 126-D Rev. 0 and NH4
+ in accordance with EPA method 

150-A Rev. 2. TN and total dissolved nitrogen (TDN) were determined using 

peroxodisulfate oxidation digestion (Ebina et al., 1983) followed by NOx analysis. PON 

(=TN-TDN) and DON (=TDN-NO3
—NH4

+) were solved for by difference. TN, DON, and 

NH4
+/NH3 were analyzed only for odd-numbered IWS samples. When sufficient 

lysimeter volume was available (i.e., > 30 mL), an aliquot of sample was used for 

conductivity measurements (Oakton pH conductivity probe). All sampling bottleware 

(stormwater bottles, lysimeter syringes, and automated sampler bottles) was acid washed 

(5% hydrochloric acid) and triple rinsed with deionized water before each use. 

5.2.5 Isotopic Analysis 

Isotope samples were collected for forebay runoff sample location EW62 and 

odd-numbered IWS samples. Within 24 hours of sample collection, samples for dual 

isotope analysis were filtered (0.45-µm), transferred into 30-mL wide-mouth high-density 

polyethylene (HDPE) bottles (Thermo Scientific™, DWK Life Sciences Wheaton™ 

Leak-Resistant), and stored frozen until analysis. Dual isotope samples were shipped to 

Davis Stable Isotope Facility (SIF), University of California and analyzed in accordance 

with a bacteria denitrification assay (University of California Davis Stable Isotope 
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Facility, 2021). Samples shipped for analysis had NO3
- concentrations greater than the 

SIF lower limit of quantitation (0.4 μM or ~0.05 mg-N/L). Details regarding quality 

control/quality assurance are provided in Chapter 3 (Section 3.3.6). Dual isotope analysis 

associated with this work is fully discussed in another thesis (Morgan, 2021) and is not 

the focus of this current chapter.   

5.2.6 Data Analysis 

IWS samples were categorized as IWS global maximum (IWS Cmax), IWS rising 

limb average, and IWS falling limb average. Cmax represents the peak TN concentration 

(and associated nitrogen speciation; NOx, NH4
+, DON, and PON) observed during the 

entire sampling duration. The IWS rising limb average represents the concentration 

average over the rising limb of the IWS water level and the IWS falling limb average 

represents the concentration average over the falling limb of the IWS water level. All the 

measured IWS concentrations for NH4
+, NOx, and DON were broken into two groups: 

group one represents measured concentrations for summer/fall (August through 

November) and group 2 represents winter/spring (February through May). Significant 

differences in averages between the two groups were evaluated using a t-test (p-value of 

0.05) with the assumption of normal distribution.  

5.3 Results and Discussion 

5.3.1 DO and Conductivity Trends Within IWS Suggest Complete Exchange 

During Events 

DO and conductivity measurements within the IWS monitoring well were 

monitored for two consecutive storm events (October 27 to October 31, 2019, Table 5.1). 

Monitoring water quality within the IWS has several advantages. First, DO 

concentrations above 3 mg/L inhibit denitrification (Gómez et al., 2002). In situ DO 
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monitoring within the IWS provides information regarding the timing and duration of 

potential aerobic conditions during storms. Underdrain effluent is exposed to atmospheric 

oxygen and does not reflect conditions in the IWS. Second, conductivity measurements 

from multiple depths can identify immobile zones within the IWS. Immobilize zones are 

undesirable because a fraction of the IWS is not utilized for treatment.  

Prior to precipitation, anaerobic conditions existed throughout the IWS monitoring well 

(from top to bottom) and DO was ~0.03 mg/L. DO trends revealed three signature 

patterns immediately following precipitation. First, DO profiles sharply increased from 

anaerobic concentrations (DO < 0.1 mg/L) to more oxic conditions (> 3 mg/L) and the 

spike occurred simultaneously with the rising limb of the IWS water level (Figure 5.2a). 

For example, during the October 27, 2019 event, DO for the top logger increased from 

0.03 mg/L to a peak concentration of 7.8 mg/L as the IWS water level depth increased 

0.30 m (from 0.68 to 0.98 m) (Figure 5.2a). Second, DO concentration profiles generally 

decreased as a function of IWS depth in the order top > middle > bottom. Peak DO 

concentrations for the October 27, 2019 event were 7.8 mg/L, 4.0 mg/L, and 2.2 mg/L for 

the top, middle, and bottom loggers, respectively. Lastly, DO concentrations decreased to 

anaerobic conditions (<3 mg/L) faster than the falling limb of the IWS water level to pre-

storm depths (water level slope ~0.07 m/d). For example, during the October 27 event, 

after reaching a maximum DO concentration, DO decreased to < 3 mg/L within 7 hours 

or less (slope for top DO = 16 mg/L/d). In contrast, the IWS water level continued to 

recede 24 h following the peak water level. The faster decrease in DO relative to the IWS 

water level could be attributed to slow exfiltration rates. For all monitored storms, the 

IWS remained partially saturated between events. The time for DO to return to anaerobic 
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conditions increased with subsequent events on October 31, 2019 and the shape of the 

falling limb of the DO concentration profiles differed. These two events occurred during 

the period when the underdrain was capped and likely contributed to different flow 

regimes. Signature DO patterns were observed for both uncapped and capped events (i.e., 

decrease in DO as a function of depth and spike to oxic conditions simultaneously with 

the rising limb of water level).  

 Conductivity measurements for top, middle, and bottom sensors overlapped and 

indicated mixing between “old” IWS water and “new” infiltrating runoff during storm 

events (Figure 5.2c). Conductivity measurements indicated two trends. First, immediately 

following precipitation there was a rapid change in conductivity over a short time span 

(~0.5 to 3 h) for the middle and bottom conductivity loggers that coincided with the 

rising limb of the IWS water level (Figure 5.2c). The rapid change is likely attributed to 

an initial first-flush through unsaturated fill media. After the rapid change, conductivity 

response during the falling limb of the IWS water level were more gradual over time 

(~24 h). Unlike DO patterns which returned to pre-storm conditions more quickly, 

conductivity continued to change as the IWS water level receded. These results suggest 

disturbances to DO occur primarily during the rising limb. But conditions return and 

stabilize to anerobic levels while mixing continues during the falling limb. 
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Figure 5.2. IWS water quality monitoring (a) precipitation (b) dissolved oxygen and IWS 

water level, and (c) conductivity measurements. 
Note the IWS remained partially saturated between events and did not empty for events monitored. 

Loggers were pulled from the IWS monitoring well 10/30 to add the middle conductivity logger. 
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DO and conductivity were connected to make assessments on anaerobic 

conditions and mixing within the IWS. Changes were observed to be rapid and, in some 

instances, preceded water level fluctuations. This suggests that water level data should 

not be used as the sole proxy for IWS behavior or mixing. The two main themes are: (1) 

there is a rapid change in redox conditions as new water mixes in the IWS; however, DO 

returns to anaerobic conditions while mixing continues along the falling limb; and (2) 

conductivity trends support the phenomena of a rapid (< 4 h) IWS first-flush from 

overlying media layers into the IWS. Subsequently, this initial sharp change is followed 

by gradual mixing along the falling limb. DO and conductivity trends provided context 

for interpreting nitrogen speciation patterns that follow. 

5.3.2 IWS Samples Indicate First-flush of Nitrogen and Periodic Denitrification  

High-frequency monitoring is valuable from an engineering perspective to 

identify periods when TN may be exported from the IWS. IWS ISCO samples showed 

that TN generally demonstrated a first-flush phenomenon, as exemplified by September 

10, 2020 (Figure 5.3a), where TN peaked during the first ~0.33 h of sampling. Similar to 

the rapid changes in conductivity, the spike in TN concentrations is often associated with 

little to a comparatively slower change in the IWS WL depth (i.e., concentration change 

preceding water level change; Figure 5.3b).  

The presence of IWS is intended to provide storage to manage stormwater 

quantity and improve water quality, particularly with regards to NO3
-. IWS NOx 

concentrations generally peaked during the hydrologic rising limb and then decreased 

over time within the ~24-hour sampling duration. DO monitoring suggested that DO 

concentrations return to anaerobic conditions while water continues to exit the 

underdrain. The quick rebound (~7 h) to anaerobic conditions is assumed to occur 
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throughout the IWS, especially closer to the IWS bottom in this system with an elevated 

underdrain. Decreases in NOx concentrations during the falling limb could be attributed 

to dilution (due to mixing) or denitrification.   

 

Figure 5.3. High-frequency internal water storage (IWS) sampling September 10, 

2020 showing (a) nitrogen speciation and precipitation and (b) IWS water level data.  
Sampling occurred over a 22 h period. TN, DON, NH4

+/NH3 were analyzed for odd bottles only 

(n=12). NOx data points with blue shading indicate intervals of microbial denitrification determined by 

dual isotope analysis.  

 



 

136 

 

The broader project on nitrogen fate and transport in an IWS included dual 

isotope analysis. Project collaborators Naomi Morgan and Dr. Laura Toran managed 

efforts for isotope sample collection and data interpretation. Aliquots were collected from 

forebay runoff and IWS samples for dual isotopes in NO3
- to determine the absence or 

presence of denitrification (August through November 2020). Dual isotopes refer to 

analysis of both the nitrogen isotopes (14N and 15N) and the oxygen isotopes (16O and 

18O) in NO3
-. Isotopes can be employed to identify a transformation that preferentially 

favors an isotope and leads to fractionation. During microbial denitrification, organisms 

preferentially consume lighter nitrogen and oxygen isotopes (14N and 16O) and this 

depletion creates solute NO3
- enriched in heavier isotopes (15N and 18O) (Mariotti et al., 

1981; Zhang et al., 2019).  

 Key findings published from the Master’s thesis are summarized here (Morgan, 

2021). For three of the four sampled events, the presence of heavier isotopes combined 

with decreased NOx concentrations confirmed the presence of microbial denitrification. 

This trend occurred along the falling limb of the NOx concentration curves. However, 

denitrification was not continuous and occurred during discrete time intervals. For 

example, during the September 2020 storm, δ15N and δ18O decreased for the first 30 

minutes of sampling but then δ15N and δ18O increased over the subsequent 15 hours. The 

largest increase in heavy isotope enrichment occurred over seven hours from 9/10/20 

7:36 to 9/10/20 14:36 (symbols highlight with an arrow, samples17 and 21, Figure 5.3a) 

where δ15N increased by 14.0‰ and δ18O increased by 8.7‰. Enrichment of heavier 

isotopes corresponded with a decrease in NOx concentrations from 4.8 to 0.12 mg-N/L 

(Figure 5.3a) and indicated the presence of microbial denitrification. During the last six 
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hours of monitoring, a second storm pulse occurred and coincided with a decrease in δ15N 

of 7.0‰ and δ18O of 5.1‰ indicating a recovery of isotopic ratios to baseline conditions 

and the absence of denitrification. The presence of denitrification was confirmed for a 4 

hour period and a 13 hour period for the August (Figure 5.4a) and October (Figure 5.4b) 

events, respectively. The November 2020 event provided little evidence of 

denitrification.  
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Figure 5.4. High-frequency internal water storage (IWS) sampling nitrogen 

speciation, precipitation, and water level data for (a) August 12, 2020 and (b) October 12, 

2020. 
TN, DON, NH4

+/NH3 were analyzed for odd bottles only (n=12). NOx data points with blue 

shading indicate intervals of microbial denitrification determined by dual isotope analysis. 
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5.3.3 Seasonal Trends and Concerns for NH4
+ Washout 

For the September 2020 event NOx and DON were the dominant nitrogen species 

within the IWS. This trend was observed for four of the seven events (August through 

November). Alternatively, DON and NH4
+ dominated IWS nitrogen speciation for events 

captured in February through May. It is assumed NH3/NH4
+ existed predominantly in the 

ionized form. Historical (2017-2021) pH averages across monitored SMP sites for 

stormwater runoff and lysimeter porewater are 7.82 ± 0.90 and 7.52 ± 0.81, respectively. 

During the winter and early spring months (i.e., February through May), peak NH4
+ 

concentrations ranged 1.7 to 3.4 mg-N/L and in some instances were five times higher 

than peak NH4
+concentrations observed August through November (Figure 5.5a). The 

measured IWS NH4
+ concentrations for February through May were greater than the 

measured IWS NH4
+concentration for August through October and were determined to 

be statistically significant (p << 0.01). For environmental context, ~0.05 mg-N/L is the 

reported 2014 mean ammonia concentrations for Brandywine Creek in southeastern PA 

of (Oelsner et al., 2017). Ammonia concentrations above 1 mg/L (0.77 mg-N/L) in 

surface waters is concerning. Free (i.e., NH3) concentrations greater than 0.2 mg/L pose 

toxicity risks to fish (Sawyer and McCarty, 1978).  

NH4
+ concentrations generally remained elevated during the falling limb of the 

curve (recovery). Recovery NH4
+ concentrations at the end of sampling decreased from 

2.0 to 0.75 mg-N/L from February to May 2021 (Figure 5.5a). Alternatively, recovery 

NH4
+ concentration for August to November 2020 ranged from non-detect (0.016 mg-

N/L) to 0.242 mg-N/L. IWS monitoring occurred over the span of ten months and 

allowed exploratory assessment of seasonal trends. The winter of 2021 was associated 

with a series of snow events and frequent roadway icing. The elevated use of road salts 
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during the winter months was visually noted during the February sampling campaign. 

IWS samples bottles left appreciable salts residues on lab benches during sampling 

processing.  

 

Figure 5.5. Seasonal comparison of internal water storage (IWS) concentrations 

for (a) NH3 /NH4
+, (b) NOx

 concentrations, and (c) suction lysimeter conductivity 

measurements. 
May 2021 NOx

 data is not shown to improve figure clarity. NM indicates note measured due to 

insufficient volume. For lysimeters NM denotes “not measured” due to insufficient sample volume. 
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The observed significant seasonal changes in IWS NH4
+ concentrations are likely 

attributed to NH4
+ mobilization due to salinization. The release of NH4

+ from soils was 

observed by Duan and Kaushal during laboratory salinization experiments (Duan and 

Kaushal, 2015). The authors dosed field soil samples with NaCl at three different 

concentrations (0, 2, and 4 g-Cl/L). The addition of 4 g-Cl/L increased the release of 

TKN (DON + NH4
+) from soils by 93 ± 25% compared to the 0 g-Cl/L treatment (Duan 

and Kaushal, 2015). Authors attributed NH4
+ release to sodium (Na+) dispersion (Duan 

and Kaushal, 2015), a process in which positively charged NH4
+ ions retained on 

negatively charged soils are replaced by Na+ ions. The exchange between ions results in 

NH4
+ being flushed from soil media. Other studies have reported NH4

+ mobilization due 

to salinization  (Duckworth and Cresser, 1991; Kaushal et al., 2018; Kim et al., 2013). 

The process of cation exchange on the surface of particles is mainly driven by the 

concentration gradient. After applying deicers, the concentration of Na+ in infiltrating 

water would be substantially greater in bulk solution compared to the Na+ concentration 

on the soil particle surface. This concentration gradient creates a flux of Na+ towards the 

diffuse double layer around particles. The exchangeable cations, such as NH4
+, on the soil 

particle surface consequently desorb and migrate from the particle double-layer into the 

bulk solution.  

Suction lysimeter conductivity measurements provided supporting evidence of the 

introduction of deicers and their sustained presence into warmer seasons (Figure 5.5c). 

From August to November 2020, conductivity measurements remained less than 810 

µS/cm. However, conductivity substantially increased to levels as high as 12,000 µS/cm 

between January and March 2021 followed by a gradual decline through May 2021.  
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In contrast to NH4
+ patterns, seasonal effects on IWS NOx concentrations between 

August through November and February through May (p-value = 0.22) were not 

significant. For example, higher peak NOx concentrations (2.8 mg-N/L) were observed 

for March 2021 compared to peak NOx concentrations (1.0 mg-N/L) in the August 2020 

event (Figure 5.5b). Nitrate is a negatively charged ion and thus the mechanism of Na+ 

dispersion does not apply. However, salinization can inhibit biological processes such as 

denitrification and nitrification as reported in other studies (Aminzadeh et al., 2010; 

Lancaster et al., 2016). IWS DON concentrations were statistically higher during 

February through May compared to August through November (p-value << 0.01). This 

could be attributed to less mineralization due to lower temperatures during winter 

months.  

5.3.4 Nitrogen Speciation Across Basin Media and Limitation to Sampling 

Approaches 

Average TN for all IWS samples (Cmax, IWS rising limb, IWS falling limb) 

exceeded TN observed for forebay runoff and lysimeters (i.e., for TN, IWS > inlets ~ 

lysimeters) (Figure 5.6). Additionally, the average DON and NOx concentrations for Cmax 

were greater than all lysimeter samples (Figure 5.6). For example, the average IWS Cmax 

for DON was 1.7 mg-N/L and the average DON for lysimeters ranged 0.97 to 1.3 mg-

N/L. The source of DON in IWS water following precipitation is likely attributed to an 

initial washout of DON leached from PON. The source of NOx is likely attributed to 

nitrification and mineralization of DON to NO3
- in aerobic overlying soils. Li and Davis 

(2014) also observed the dominance of DON and NO3
- in the effluent of a bioretention 

site without an IWS. It should be noted that lysimeter samples represent a porewater 

composite collected between the time of lysimeter suction and sample retrieval following 
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the storm ( ≥ 24 h sample collection time). Thus, lysimeter samples do not capture rapid 

changes in water chemistry (< 24 h). Explanation for DON and NO3
- washout from 

unsaturated layers is based on findings reported in literature and rapid changes in TN 

observed in IWS samples at the start of the precipitation. The IWS falling limb averaged 

showed more similarity to lysimeter samples.  

 

Figure 5.6. Average nitrogen speciation for forebay runoff, suction lysimeter, and 

IWS from August 2020 through May 2021.   
Error bars report 1 standard deviation about the mean for TN concentrations (sample number 

indicates above each location). Forebay, lysimeter, and IWS samples were collected over different time 

intervals as noted in figure. Thus, caution should be applied when directly comparing concentrations 

across sample types. 

The Cmax and IWS rising limb averages demonstrate that even with an IWS 

present, there is a time during the storm (typically first-flush) that the basin may be 

exporting TN (Figure 5.6). This can be attributed in part to (1) NOx and DON washout 

from unsaturated layer and (2) discrete intervals of denitrification that occur during the 

falling limb. TN concentrations greater than 1.5 mg-N/L are indicative of eutrophic 

conditions in streams (Sawyer and McCarty, 1978). IWS Cmax TN concentrations for all 

seven storms were greater than the 1.5 mg-N/L benchmark. The recommended EPA 
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ecoregion XIV reference condition for TN ambient water quality is 0.7 mg-N/L (U.S. 

Environmental Protection Agency, 2000). Evaluation of nitrogen speciation across 

bioretention media for the seven monitored events highlights the complexities of 

managing different nitrogen forms and potential deficiencies in basin performance. 

Additionally, dual isotope analysis demonstrated microbial denitrification occurs during 

discrete time intervals during the storm. Many column studies have indicated that 

denitrification efficiency is a function of hydraulic residence time and that denitrification 

occurs predominantly during dry periods when IWS water is stored for an extended 

duration (Igielski et al., 2019; Lynn et al., 2015a). However, relying on denitrification 

between storms may not be an effective approach if NOx export is expected to occur at 

the beginning of a storm event.  

The appreciable contribution of NH4
+ to average TN concentrations for IWS Cmax 

(20%), IWS rising limb (22%), and IWS falling limb (28%) is attributed to the seasonal 

effects previously discussed. The collected lysimeter NH4
+ concentrations did not exceed 

0.7 mg-N/L, even during the winter months. One source of NH4
+ within the bioretention 

systems is mineralization of DON in the unsaturated layer (Li and Davis, 2014). 

Generated NH4
+ would subsequently be sorbed to soil media. Substantially lower NH4

+ 

concentrations in lysimeters relative to IWS samples demonstrate how water chemistry 

can change rapidly while new incoming water infiltrates though unsaturated layers and 

subsequently mixes with old IWS water. These potential shifts in matrices should be 

considered when monitoring GSI systems and our results highlight the utility of 

employing multiple sampling approaches to help characterize in situ processes. For 

example, suction lysimeters are not able to capture rapid temporal changes (< 24 h) for 
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processes like Na+ dispersion and uncertainty exists on what specific time period is 

reflected in the collected sample. However, coupling suction lysimeter conductivity 

measurements with IWS samples helped to link trends across sampling media (i.e., salt 

storage in soil media and NH4
+ washout). Lower NH4

+ concentrations detected in 

lysimeter samples could also be attributed to sorption losses onto ceramic cups (Fares et 

al., 2009).  

5.3.5 Environmental Implications 

This study employed high-frequency sampling of an IWS with a raised underdrain 

coupled with forebay runoff and suction lysimeter samples to improve characterization of 

nitrogen speciation for a bioretention site. The variation in nitrogen composition across 

sample types and observed seasonal patterns informed the following design 

recommendations and environmental implications.   

• There is a concern regarding IWS with a raised underdrain because the height 

may limit exchange between old IWS water and new infiltrating water. High-

frequency DO and conductivity monitoring in the IWS monitoring well 

demonstrated mixing across the entire depth of the ~0.60 m thick saturated 

layer. Our data set was limited to one well adjacent to the outlet structure and 

considered two storms. Implementation of multiple monitoring wells 

throughout the basin would enhance the resolution of mixing patterns from 

inlets to outlet locations. DO and conductivity sensors are useful tools that can 

be employed to understand IWS mixing patterns.   

• Field trends observed here suggest management of TN in the IWS is most 

critical during the onset of a storm during the first-flush into the IWS.  
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• As shown by IWS samples and implications noted for bioreactors elsewhere 

(Maxwell et al., 2020), high-frequency sampling highlights the potential error 

in reporting performance metrics when using discrete or instantaneous 

measurements. This is particularly concerning when high variability exists in 

water chemisty over short durations (~2 hrs). DO and conductivity monitoring 

demonstrated how these parameters can be flashy during a storm event 

compared to the IWS hydrologic response (i.e., water level depth).  

• In colder climates, NH4
+ washout from bioretention systems during months of 

road salt application is of concern. While plant uptake is one pathway of 

ammonium removal, this mechanism is likely less prevalent during winter 

months. Future research efforts should investigate media amendments that 

would prevent NH4
+ washout during winter months. Zeolite has demonstrated 

strong sorption capacity for NH4
+ in wastewater (Hedstro, 2001) and was 

recently explored as a low cost bioretention media amendment of interest for 

DON and metal removal (Mohtadi et al., 2017; Wilfong et al., 2021). Biochar 

or zeolite could be intermixed with media in the unsaturated layer (loamy 

sand) or positioned at the base of the loamy sand layer to minimize NH4
+ 

release into the IWS (Mohtadi et al., 2017).  

• The stormwater community is encouraged to collaborate across disciplines to 

seek solutions for managing salinization and to identify greener alternative to 

deicers. Environmental, water resource, and transportation engineers along 

with regulatory and policymakers need to work together to implement 
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sustainable options that keep the community safe during winter months and 

minimize the negative impacts to water quality.  

5.4 Conclusion 

 This work is the first field monitoring effort to incorporate high-frequency in situ 

sampling of an IWS to characterize nitrogen composition following a storm. We coupled 

water quality monitoring using DO and conductivity sensors to assess mixing patterns 

and conditions for denitrification during and immediately following a storm. Results 

demonstrated a first-flush of TN from the overlying unsaturated media layer into the IWS 

at the onset of a storm. Additionally, collaborators employed dual isotope sampling to 

differentiate between dilution and denitrification. Increases in heavier isotopes of δ15N 

and δ18O confirmed the presence of denitrification for select storms. However, microbial 

denitrification was not continuous and occurred over discrete time intervals (8-15 h). 

Lastly, seasonal monitoring showed the effects of road salt application on NH4
+ washout 

due to Na+ dispersion. Water quality analysis reported here highlights the importance of 

in situ sampling to improve the characterization of internal processes in bioretention 

systems. Discrete sampling has the potential to miss when high variability occurs and 

allow design shortcomings to be repeated. 
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SINGLE VERSUS MULTI-METAL SULFIDE SYSTEMS: THE 

ROLE OF CYSTEINE AND COMPLEX ENVIRONMENTAL 

CONDITIONS  

6.1 Abstract 

The presence of dissolved organic matter (DOM) can impact metal sulfide (MeS) 

precipitation and mobility. Thiol containing ligands such as cysteine have been shown to 

be effective capping agents in single metal MeS studies, allowing NPs to persist in oxic 

environments. In this study, both single (Cd or Zn) and multi-MeS (Cu, Pb, Cd, Zn, and 

As) nanoparticle (NP) formation was characterized to understand the impact of the thiol 

cysteine (CYS) on early stage (3 hours) MeS NP behavior. Short duration single metal 

batch experiments, in the absence and presence of CYS, confirmed that MeS species 

readily formed solids with limited dissolved fraction; however, multi-metal systems 

exhibited divergent behavior reflecting a wider range of NP sizes and an increased 

dissolved concentration. Multi-metal batch experiments revealed that metals were 

generally sequestered into MeS solids in accordance with MeS solubility products (i.e., 

from least to most soluble: Cu > Pb ~ Cd > Zn). CYS concentrations in excess of sulfide 

(10:1 CYS:S ratio) stabilized MeS within the Small NP size fraction (3.2 nm < d < 43 

nm) and reduced Pb, Cd, and Zn dissolution compared to molar ratios of 1:1. In the 

combined presence of CYS and Ca2+, multi-MeS particle aggregation increased 

substantially compared to monovalent systems. Dissolution increased for Pb and Zn as a 

function of matrix ionic strength whereas dissolved Cu trends changed as a function of 

cation valence state (e.g., Na+ vs. Ca2+). Most noteworthy, single-metal Zn and Cd batch 

experiments demonstrated that single-metal studies can overestimate MeS NP resistance 

to oxidative dissolution compared to multi-metal counterparts. Thus, caution should be 
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taken when broadly applying mechanisms and rates elucidated from single-metal 

systems.  

6.2 Introduction 

Copper (Cu) and zinc (Zn) are essential nutrients to plants and microorganisms 

but become toxic at elevated concentrations. Lead (Pb) and cadmium (Cd) are heavy 

metal pollutants with no biological function but persist in the environment due to 

anthropogenic and natural sources (Dartmouth Toxic Metals Superfund Research 

Program, 2019). Anaerobic environments containing elevated sulfide species (H2S and 

HS-) can be characteristic of wetland sediments and inundated flood plain soils. Under 

such conditions, metal sulfide (MeS) precipitation, including CuS, PbS, CdS, and ZnS, 

plays an important role in immobilization of heavy metals (DiToro, D.M., 1992; 

Gondikas et al., 2012; Huerta-Diaz et al., 1998). Many MeS species are highly insoluble 

and thermodynamics favor precipitation for metal concentrations in the nM to µM range. 

While sediments sequester metals, storm events or flooding can mobilize colloidal or 

particulate MeS into oxic waters (Sukola et al., 2005; Vazquez G. et al., 1989) and 

transport particles downstream (e.g., ZnS has a half-life of ~30 days) (Luther and 

Rickard, 2005).   

Dissolved organic matter (DOM) is ubiquitous in aquatic environments and 

influences MeS precipitation and colloid stability (Tipping, 2002) via chelating metal 

cations, adsorbing and capping the MeS surfaces, reducing the net surface charge of a 

colloid or particle (Tiller and O’Melia, 1993), altering dissolution/precipitation reactions 

(Brantley, 2008; Slowey, 2010), and catalyzing redox (Borch et al., 2010) and 

photochemical (Latch and McNeill, 2006; Sulzberger and Durisch-Kaiser, 2009) 

reactions. DOM includes a complex class of low molecular weight (LMW) to high 
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molecular weight (HMW) organic molecules that contain a variety of functional groups. 

Thiols are examples of LMW DOM that impact metal mobility (Aiken et al., 2011). 

Thiols exist in anerobic porewater at concentrations spanning the nanomolar to 

micromolar range (Shea and MacCrehan, 1988). The thiol cysteine (CYS) has strong 

binding affinities with soft sphere metals and can preferentially sorb to MeS solids 

(Deonarine and Hsu-Kim, 2009; Gondikas et al., 2012; Lau and Hsu-kim, 2008; 

Mullaugh and Luther, III, 2010). Single-metal studies evaluating DOM-MeS interactions 

revealed that DOM characteristics have varying impact on MeS precipitation. Generally 

thiol-containing ligands have strong binding affinities for soft sphere metals (i.e. Zn and 

Cd) and saturate the surface of MeS solids to slow particle growth and allow the 

persistence of MeS nanoparticles (NP) (Gondikas et al., 2012; Lau and Hsu-kim, 2008; 

Mullaugh and Luther, III, 2010; Mullaugh and Luther, 2011).  

Previous studies have enhanced understanding of MeS/DOM interactions, but to 

our knowledge, only single-MeS systems were considered (ZnS, CdS, and HgS) (Aiken 

et al., 2011; Deonarine et al., 2011; Mullaugh and Luther, 2011; Slowey, 2010). In 

environmental settings, the presence of multiple metals could alter MeS precipitation and 

fate. Additionally, many seminal research efforts to understand single-MeS NP growth 

lacked characterization of dissolved concentrations (Gondikas et al., 2012; Mullaugh and 

Luther, III, 2010; Mullaugh and Luther, 2011). In part, this is attributed to the selection of 

analytical methodologies not suitable for multi-metal evaluations. Common techniques 

such as dynamic light scattering (DLS) or ultraviolet-visible (UV-vis) spectroscopy are 

advantageous for single-metal NP studies but lack analyte specificity for multi-metal 

counterparts. In environmental compartments, the presence of multiple metals could alter 
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the preferential sorption of DOM to certain metals. Additionally, Pb(II) can act as a 

catalyst for sulfide, S(-II), oxidation (Luther, III, George W.; Rickard, 2005) and 

potentially alter MeS behavior. Chou et al. reported oxidative dissolution for PbS, CuS, 

and ZnS particles (e.g., d > 5 µm) in oxic waters in the presence of humic acid (Chou et 

al., 2018). Weber et al. monitored multi-metal (Cu, Pb, Cd, Zn, and Ni) dynamics in 

inundated flood plain soils and found MeS precipitation agreed with respective solubility 

constants (Ksp) under limited sulfide concentrations and mixed Cu-Cd-Pb sulfide NPs 

were shown to precipitate in porewater (Hofacker et al., 2013; Weber et al., 2009). Thus, 

investigation of simultaneous multi-MeS NPs precipitation and stability of is less 

abundant in literature and full consideration of multi-metal systems is critical to fully 

characterize possible implications on MeS fate. 

Here we investigated early stage (3 hours) multi-MeS precipitation and resultant 

NP behavior for complex environmental matrices. The study objectives were to: (1) 

compare MeS NP behavior between select single (Zn or Cd) and multi-metal systems 

(Cu, Pb, Cd, Zn, and As) as affected by CYS presence; (2) compare the effects CYS 

concentration on dissolved and solid phase dynamics in multi-MeS systems; and (3) 

assess the impact of valence state (Na+ versus Ca2+) on multi-MeS precipitation and 

dissolved fractions in the presence of CYS.  

6.3 Materials and Methods 

6.3.1 Materials  

Chemicals used were reagent grade or higher. To minimize background 

concentrations, polypropylene bottleware was acid washed and nanopure water and acid 

matrices were sub-boiled (Savillex) to enhance reagent purity prior to use. Metal stock 

solutions of 5 mM were prepared separately in 0.1 M HNO3 using Zn(NO3)2*6H2O, 
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Pb(NO3)2, Cd(NO3)2*4H2O, Cu(NO3)2, and NaHAsO4*7H2O. As(V) was included to 

evaluate potential impacts associated with the presence of a metalloid not likely to 

precipitate with sulfide. Sodium sulfide (Na2S) and CYS stock solutions were prepared 

daily following procedures used by others (Deonarine et al., 2011; Gondikas et al., 2012; 

Lau and Hsu-kim, 2008; Mullaugh and Luther, III, 2010; Mullaugh and Luther, 2011). 

Appendix E provides details for S stock solution and CYS derivatization reagent 

preparation.   

6.3.2 Centrifugation Batch Experiments  

The impact of environmental conditions on MeS dynamics was assessed using 

continuously stirred batch experiments. Duplicate batch experiments were conducted in 

250 mL polypropylene bottleware under ambient laboratory conditions (~23°C and oxic 

environment). Unless otherwise stated, the experimental matrix consisted of a 0.01 M 

NaNO3 electrolyte and 4 mM HEPES buffer solution (pH ≈ 7.5) mixed at 500 rpm (refer 

to Appendix E for additional detail). NaNO3 concentrations were adjusted to evaluate 

ionic strengths of 0.01, 0.10, and 0.20; results are presented in the SI. The effect of 

valence state was considered using Ca(NO3)2 as the matrix electrolyte. Concentrations 

were adjusted to match ionic strengths of NaNO3.  

Experiments were initiated following procedures used by others (Deonarine et al., 

2011; Deonarine and Hsu-Kim, 2009; Gondikas et al., 2012; Lau and Hsu-kim, 2008; 

Mullaugh and Luther, III, 2010; Mullaugh and Luther, 2011) where spikes of CYS, metal 

species (2 µM each in order of Cu, Pb, Cd, Zn, and As), and sulfide (12 µM) were added 

in the order noted (Table E1 summarizes all batch experiments conducted). CYS 

concentrations of 12 µM and 120 µM were considered to correspond to CYS:S molar 
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ratios of 1:1 and 10:1. All metals (Cu, Pb, Cd, and Zn) were supersaturated with respect 

to their sulfide solids with saturation indices equal to or greater than four.  

During batch experiments, samples were collected and processed for dissolved, 

NP fractionation, and total metal concentrations (Figure E1). Both ultrafiltration and 

centrifugation have been coupled with analytical techniques to successfully separate 

dissolved ions and NP species for a range of metals, respectively (López-Serrano et al., 

2014; Van Koetsem et al., 2017). Here ultrafiltration (Amicon Ultra-0.5; average pore 

size estimated as 3.2 ± 2.3 nm; Van Koetsem et al., 2017) was employed to determine 

dissolved metal (free and aqueous complexes) concentration prior to sulfide addition and 

at 25, 55, 70, and 180 minutes. Ultrafiltration samples were centrifuged for 15 minutes at 

14,000 relative centrifugal force (RCF). Centrifugation and total metal samples were 

collected at 2.5, 7.5, 25, 40, 55, 70, 90, 120, and 180 minutes. Centrifugation samples for 

NP fractionation were dispensed into three sets of triplicate 1.5 mL microcentrifuge tubes 

and subjected to 2, 5, and 15-minute spin times at 18,000 RFC. Supernatant of 

centrifuged samples was pooled for a total volume of 3 mL and acidified for subsequent 

analysis. It is recognized 15-minute centrifugation spin times extended beyond the 

reaction time of 2.5 and 7.5 minutes. However, these samples were collected to estimate 

changes in particle size distributions (PSDs). The assumptions and implementation of the 

size fractionation approach are discussed in Section 6.3.4. 

6.3.3 Analytical Methods  

Elemental concentrations of fractionated and total metals samples were analyzed 

using inductively coupled mass spectrometry (ICP-MS; Agilent 7900) operated in helium 

mode to minimize polyatomic interferences. Appendix E includes details regarding ICP-

MS quality assurance metrics, ICP-MS detection limits (Table E2), data repeatability 
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(Table E3), and summary table of total quantitative and estimate concentrations counts 

(Table E4) for metal analytes. Sulfide stock and batch experiment concentrations (initial 

and final) were confirmed in accordance with USEPA methylene blue method using a 

HACH 5000 spectrophotometer (Hach, 2013); the detection limit for this method is 5 

µg/L S2-. Transmission electron microscopy (TEM; JEOL 1400) operated at 80 kV was 

utilized to assess multi-metal particle morphology in the presence of 120 µM CYS. TEM 

sample prep is presented in SI. Lastly, recoveries of dissolved CYS and dissolved metal-

CYS complexes post ultrafiltration was quantified using high-performance liquid 

chromatography (HPLC-Agilent Technologies, 1260 infinity) equipped with a C18 

column (Kinetex, 5µm, 50 x 4.6 mm) and a UV diode-array detector (DAD). HPLC 

determination of CYS followed methods developed by others (Hsu-Kim, 2007; 

Vairavamurthy and Mopper, 1990) which included a derivatization step, using 2,2′-

dithiobis(5-nitropyridine) (DTNP), to form a stable disulfide derivative. The gradient 

method was modified to account for column length and analysis of only one thiol. 

Derivatization methodology and HPLC gradient details are noted in Appendix E. 

6.3.4 Data Analysis  

Dissolved Components  

Dissolved concentrations, determined via ultrafiltration, was limited to sample 

collection at 0, 25, 55, 70, and 180 minutes; thus, two approaches were applied to 

estimate dissolved concentrations for remaining time points. First, confirmatory dissolved 

experiment (25 minutes in duration) were conducted to measure multi-metal dissolved 

concentrations at 2.5 and 7.5 minutes (details in Appendix E). Results confirmed rapid 

precipitation (within 2.5 minutes) and that ultrafiltration sample processing (15 minutes) 

did not allow for elucidation of early-stage kinetics (Table E5). Multi-metal dissolved 
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concentrations at 2.5 and 7.5 minutes were equal to or less than concentrations measured 

at 25 minutes and dissolved concentrations were less than 4% of the total mass fraction 

for Zn and less than 1% of the total mass fraction for Cu, Pb, and Cd. Therefore, in the 

absence of ultrafiltration, dissolved metal concentrations at 2.5 and 7.5 minutes were set 

equal to the measured concentration at 25 minutes. Second, based on observed trends, 

particle stability/dissolution generally occurred at time scales beyond 25 mins. As a 

result, dissolved metal concentrations for 40, 90, and 120 minutes were determined via 

linear interpolation.  

 Particle Size Distributions and Multi-MeS Density Assumptions  

Centrifugation spin times were utilized to generate metal PSDs. Here multi-metal 

PSDs represent the metal mass fractions determined by difference between spin times. 

Where [Me]x represents the supernatant produced by set centrifugation times (i.e. x min), 

PSD size fractions included: dissolved ([Me]ultrafiltration/[Me]Tot; i.e., filtrate from 

ultracentrifugation), Small NPs ({[Me]15 – [Me]ultrafiltration} /[Me]Tot), Medium NPs 

({[Me]5min – [Me]15min} /[Me]Tot), Large NPs ({[Me]3min – [Me]5min} /[Me]Tot) , and 

Colloids ({[Me]Tot – [Me]3min} /[Me]Tot). PSD algorithms are described in detail in the SI.  

Stoke’s Law was employed to relate centrifugation spin times with particle size 

fractionation cutoffs for single and multi-metal systems. For single-metal experiments, 

size fractionation cutoffs were a function of the MeS density for ZnS or CdS (Table E6). 

For multi-metal systems, application of Stokes’ law is subject to variability based on 

particle density assumptions. A sensitivity analysis of multi-metal particle size fraction 

cutoffs was conducted and considered the following: (1) co-precipitation of mineral 

phases (pure MeS solids versus mixed MeS hydroxide or carbonate precipitates) and its 
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impacts on density, (2) shape factor (cluster of spheres versus cylindrical), (3) dissolution 

(considering the final solid mass present for the 12 and 120 µM CYS case), and (4) solid 

particle porosity (0.2, 0.6, and 0.8) (Table E6). Each parameter was varied independently 

to assess a total of ten different densities ranging 5.0 to 6.15 g/cm3. The percent variation 

in multi-metal particle fractionation cutoffs was compared to a reference density of 5.74 

g/cm3, where the reference density accounts for all MeS and thermodynamically expected 

(hydro)oxides mineral phases and assumes a pure solid particle (i.e., no aggregation with 

porosity of 1.0). Parameters were considered sensitive if they resulted in a 10% or greater 

change in particle cutoffs. Sensitivity analysis was demonstrated for the Cd multi-metal 

experimental data for the 12 µM CYS:12 µM S scenario because multiple size fractions 

contributed to PSDs over time.   

Volume weighted particle centroids  

The volume-weighted particle centroid (Dv) (Allen, 1997) for both single and 

multi-MeS systems was employed to evaluate average particle size over time (Equation 

6.1). Dv is a function of the mid-point diameters (Di) of each respective particle size 

cutoff determined by Stoke’s Law and the particle number concentration (Cpi,) described 

in Appendix E.  

Dv=
∑ Di

4Cpi
n
1

∑ Di
3Cpi

n
1

         (6.1) 

6.4 Results and Discussion 

Metal species were selected to cover a range of MeS solubilities, resistance to 

MeS oxidation, and CYS stability constants (Table 6.1). For multi-metal systems, particle 

fractionation and Dv estimations were most sensitive to particle porosity. Based on 

experimental observations, a constant density and porosity assumption were applied 
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globally to all multi-metal systems (Section 6.4.1). A key finding of this study is that 

system dynamics were substantially different between single- and multi-metal systems 

(discussed in Section 6.4.2 through 6.4.3). These mechanisms are complex but 

illuminated three overarching trends. First, initial MeS precipitation occurred rapidly yet 

particle stability and sometimes dissolution were observed over longer time scales (e.g., t 

> 25 min;) (Section 6.4.4 and 6.4.7). Second, the higher CYS concentration limited NP 

growth/aggregation and generally decreased oxidative dissolution (Section 6.4.7). Third, 

solution chemistry, specifically the presence of a divalent cation, was observed to 

substantially increase particle aggregation and in some cases promote dissolution 

(Sections 6.4.8).      

Table 6.1. Summary of MeS solubility constants, sulfide half-lives (with respect 

to oxidation) when complexed with select metals, and CYS binding constants. 

Element 

MeS  

Solubility 

Constants 

Sulfide Half-

life 

t1/2 Cysteine    

  Log Ksp (days)   Log K1    Log K2   

Zn (II) -8.62 (1) 30 (2) 11.0 (5) 8.8 (5) 

Cd (II) -14.02 (1) 20 (3) 10.9 (6) 6.1 (6) 

Pb (II) -14.92 (1) 0.25 (3) 8.2 (7) 6.62 (7) 

Cu (II) -22.22 (1) 22 (3) 11.1 (6) *   

As (V) --   --   --       

S(II) --   2 (4) --       
Notes: 

Reported half-lives were determined for single-metal systems. Generally, experimental conditions 

included equimolar Me and S reactant concentrations ranging 2 to 15 µM and pH = 7-8. (*) Log 

K2 not found in literature. 

1. Visual MINTEQ Data base (Gustafsson, 2016).  

2. (Luther and Rickard, 2005) 

3. (Sukola et al., 2005) 

4. (Vazquez G. et al., 1989) 

5. (National Institute of Standards and Technology, 1993) 

6. (Walsh and Ahner, 2013) 

7. (Neuzil, 2005) 
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6.4.1 Effects of Particle Density on Particle Fractionation and Volume-

Weighted Centroids (Dv)  

Sensitivity analysis quantified the percent variation in particle fractionation 

cutoffs and Dv as a function of density assumptions. Results were compared to a 

reference density equal to the average density of all MeS and thermodynamically 

expected (hydro)oxides mineral phases as a pure solid (5.74 g/cm3 and porosity of 1.0; 

Table E6). Sensitivity analysis revealed particle fractionation cutoffs and Dv estimates 

were most sensitive to porosity. For example, a porosity of 0.8 resulted in particle 

fractionation cutoffs 118% larger (Table E6) and Dv values (Figure 6.1a) double in size 

relative to the reference density. Porosities were selected to represent different processes 

(see conceptual schematic Figure E2). For example, a porosity of 0.2 reflected processes 

like coprecipitation and densely packed solids phases. The porosities of 0.6 and 0.8 

represented aggregation of CYS coated NPs with interior voids. Shape factor (Figure 

E3a) was moderately sensitive with no more than a 16% change in particle fractionation 

cutoffs compared to the reference density. The effects of mineral phases due to 

coprecipitation (Figure 6.1b) and dissolution (Figure E3B) were negligible with less than 

a 10% change in particle fractionation cutoffs and Dv estimates.     

TEM analysis for the 120 µM CYS:12 µM S case (Figure 6.2, Figure E4) 

provides supporting evidence of smaller NP solids packed as aggregates with interior 

porosity which negated the assumption of a pure solid phase (porosity equal to 1.0). 

Therefore, a mineral phase density of 5.74 g/cm3 (accounting for MeS solids and 

thermodynamically oxides) and particle porosity of 0.6 was assumed for the multi-metal 

particle fractionation cutoffs and Dv calculations moving forward. The combined mineral 
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phase density and porosity corresponds to a wet bulk density of 3.86 g/cm3 (assuming an 

organic matter  

 

Figure 6.1. Sensitivity analysis of volume-weighted centroids (Dv) considering the 

effects of (A) porosity (p) and (B) co-precipitation of mixed mineral phase.  
Porosity calculations apply a wet bulk density accounting for mineral phases and organic matter. 

Error bars represent one standard deviation over mean. 

 

density of 1.05 g/cm3 (Johnson et al., 1996)). Moving forward the density 3.86 g/cm3 was 

used in Stokes Law calculations and corresponded to the following particle fractionation 

cutoffs for multi-metal PSDs: dissolved (d < 3.2 nm; i.e., filtrate from 

ultracentrifugation), Small NPs (3.2 nm < d < 42 nm), Medium NPs (42 nm < d < 73 

nm), Large NPs (73 nm < d < 116 nm), and Colloids (d > 116 nm). In the absence of 
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sulfide, 92% of CYS was found to be overwhelming present in the dissolved fraction and 

this persisted with the addition of Cd (Figure E5). The recovery of CYS post 

ultrafiltration, confirmed that homogenous complexes were smaller than the 3.2 nm pore 

size and appropriately characterized by the dissolved fraction. For the colloid size 

fraction, 200 nm was artificially selected as the dpi value. Particle sizes beyond the upper 

limit of the colloid bin size (i.e., 116 nm) are approximates, but spin times employed for 

the remaining size fractions align with research objectives to investigate multi-MeS NP 

(< 100 nm) behavior.  

 

Figure 6.2. TEM image for multi-metal suite in the presence of 120 µM CYS:12 

µM S. 

While not an exact representation of all the environmental conditions considered 

in this study, the multi-Me PSDs density was selected to account for organic matter 

capping, co-precipitation, and porosity which were all parameters observed 

experimentally to play a significant role in particle behavior and is discussed further. 

Additionally, alterations in PSDs in response to experimental factors considered were 

much larger compared to shifts in particle fractionation cutoffs from sensitivity analysis 

except for extreme cases (i.e., the 0.8 porosity scenario). 
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6.4.2 Zn Single-metal System  

Initial dissolved Zn concentrations were 92 ± 2.3% (Figure 6.3a) and 80 ± 18% 

(Figure 6.3b) in the absences and presence of CYS, respectively. Rapid solid formation 

observed following sulfide addition confirmed the presence of ZnS solids. Formation of 

sulfide solids dominated Zn PSDs for single-metal systems where 96% or more of Zn 

was characterized by ZnS solids beyond t > 25 mins (Figure 6.3a and 6.3b). Additionally, 

for control experiments with no sulfide, dissolved Zn accounted for 90% or more of the 

mass fraction over the three-hour time course further supporting formation of ZnS solids 

(Figure E6e). In the absence of 12 µM CYS, particle centroids (Dv) quickly approached 

the 200 nm colloid cutoff (Figure 6.3a). The presence of CYS resulted in 83% or more of 

Zn characterized as small NPs (Figure 6.3b) and Dv values remained constant at less than 

43 nm.  

PSDs and Dv trends for single Zn systems observed here agree with particle sizes 

reported in other studies under similar conditions. For example, ZnS solids were greater 

than 200 nm in the absence of NOM (Deonarine et al., 2011; Lau and Hsu-kim, 2008) but 

stabilized to particles sizes of ~10 nm for a 2:1 CYS:ZnS ratio (Gondikas et al., 2012). 

The dominance of the Small NP size fraction and reduced Dv values in the presence of 

CYS can be attributed to particle capping. For  single metal systems here, CYS:Zn ratios 

equaled 6:1. Capping effects of CYS have been widely reported by others for single-

metal studies (Gondikas et al., 2012; Lau and Hsu-kim, 2008; Mullaugh and Luther, III, 

2010; Mullaugh and Luther, 2011) and are a result of CYS saturating  the particle surface 

and consequently blocking particle growth sites. Also noteworthy, no evidence of 

dissolution was observed for single Zn systems with final dissolved fractions reported as 

non-detect (Figure 6.3a) or less than 3% (Figure 6.3b).   
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Figure 6.3. Zn PSDs for (A) single-metal 12 µM S and (B) single-metal 12 µM 

CYS:12 µM S. Black tick at t = 0 for 100% notes equilibrium percent dissolved 

determined by Visual MINTEQ in absence of S. 
Asterisks (*) denote measured dissolved samples via ultrafiltration. Error bars represent one 

standard deviation over mean. 

6.4.3 Cd Single-Metal System  

CdS solids comprised ~100% of the mass fraction following sulfide addition for 

single metal systems (Figure 6.4a-b). Similar to Zn, the formation of CdS solids was 

supported by 88% or more of Cd present as dissolved for the no sulfide control case 

(Figure E6d). However, unlike Zn PSDs, the Small NP size fraction predominately 

characterized CdS solids for both 12 µM S and 12 µM CYS:12 µM S cases suggesting 

the presence of CYS did not dramatically impact particle fractionation or Dv evolution. 

One explanation could be attributed to the lower driving force for CdS precipitation 

compared to ZnS solids. Others have shown ZnS growth rates to be sensitive to saturation 

index (Q/Ksp) with particle growth rates more than doubling when log Q/Ksp increased 

from 5.2 to 5.8 (Deonarine et al., 2011). Here, the saturation index (log Q/Ksp) for 

greenockite (CdS) in the absence of CYS was 5.3 compared to 6.1 for sphalerite (ZnS). It 

is also plausible that shifts to smaller CdS NPs (for example 30 nm to 10 nm) were 

masked by the Small NP size fraction. Single CdS studies by others at equimolar CYS:S 

ratios observed stabilized CdS NPs 4 to 4.2 nm in diameter; however, a ratio of 1:2 
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resulted in minimal changes with particles ~4.2 nm in diameter (Mullaugh and Luther, 

2011). Thus, it is hypothesized that lower saturation indices coupled with the Small NP 

size fraction was not able to resolve capping effects in the presence of CYS. 

 

Figure 6.4. Cd PSDs for (A) single-metal 12 µM S and (B) single-metal 12 µM 

CYS:12 µM S. 
Black tick at t = 0 for 100% notes equilibrium percent dissolved determined by Visual MINTEQ in 

absence of S. Asterisks (*) denote measured dissolved samples via ultrafiltration. Error bars represent one 

standard deviation over mean. 

6.4.4 Zn and Cd Behavior in Multi-metal Systems  

Comparison of single-metal Zn and Cd batch experiments to select multi-metal 

cases revealed (1) substantial differences in particle size evolution and dissolved fractions 

beyond t > 25 minutes and (2) clearly demonstrates that Zn and Cd dynamics are 

substantially influenced by the presence of CYS, other metals, and the combination of 

CYS and other metals. For multi-metal systems, rapid Zn (Figure 6.5a and 6.5b) and Cd 

(Figure 6.5c and 6.5d) precipitation generally still occurred resulting in a wide range of 

particle sizes and evolution in Dv. Furthermore, while Dv values were noticeably different 

for Cd and Zn compared to their respective single-metal experiments (Figure 6.3 and 

6.4), Dv evolution was similar for multi-metal Cd and Zn experiments (Figure 6.5) 

suggesting co-precipitation with mixed MeS particles.  
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Zn PSDs solid fractions showed more dramatic shifts relative to Cd in the 

presence of other metals and CYS. For example, multi-metal Zn PSDs for the 12 µM S 

case (Figure 6.5a) included a range of particle sizes (i.e., small NPs to colloids) that 

contributed to Zn solids. However, small NPs predominately characterized multi-metal 

Zn for the 12 µM CYS:12 µM S case (Figure 6.5b). In contrast, all particle fractions 

contributed to Cd PSDs for both 12 µM S case (Figure 6.5c) and 12 µM CYS:12 µM S 

(Figure 6.5d). 

 

Figure 6.5. PSDs for (A) Zn multi-metal 12 µM S, (B) Zn multi-metal 12 µM 

CYS:12 µM S, (C) Cd multi-metal 12 µM S, and (D) Cd multi-metal 12 µM CYS:12 µM 

S. 
Black tick at t = 0 for 100% notes equilibrium percent dissolved determined by Visual MINTEQ in 

absence of S Asterisks (*) denote measured dissolved samples via ultrafiltration. Error bars represent one 

standard deviation over mean. 
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Despite thermodynamics favoring MeS solid formation, multi-metal Zn (Figure 

6.5a-b) and Cd (Figure 6.5c-d) dissolved fractions increased as the experiments 

progressed (e.g., t > 25 min). Notably, this was observed in the multi-metal Zn-

containing and Cd-containing systems but not in single-metal analogues both in the 

presence and absence of CYS. For example, single-metal final dissolved Zn 

concentrations were less than the detection limit (0.176 µg/L) and less than 3% of the 

total mass for the 12 µM S and 12 µM CYS:12 µM S scenarios, respectively (Figure 

6.3a-b). In contrast, multi-metal final percent dissolved Zn equated to 39.5% and 85.5% 

for the 12 µM S and 12 µM CYS:12 µM S scenarios, respectively (Figure 6a-b). Similar 

dissolved trends were observed for Cd in multi-metal systems (Figure 6.5c-d). In multi-

metal systems both particle growth, aggregation, and dissolution can occur concomitantly 

as seen with increases in both Dv and dissolved concentrations over time (Figure 6.5). 

However, unlike single-metal studies, elevated final percent dissolved for Zn (Figure 

6.5a-b) and Cd (Figure 6.5c-d) in multi-metal systems demonstrated that the presence of 

other metals contributed to metal release following precipitation and suggests that 

oxidative dissolution can influence NP stability and metal ion release.  

Increased Zn and Cd dissolved fractions for multi-metal systems highlighted the 

interactions among precipitated metals and illuminates potential drawbacks to single-

metal counterparts which may overestimate particle stability and long-term behavior for 

less soluble MeS. In oxic water, free sulfide (i.e., HS-) is fairly stable to oxidation with a 

half-life of 2 days (Table 6.1). For the time span considered, sulfide oxidation is expected 

to be slow compared to MeS precipitation rates since sulfide recovery in metal-free 

buffer matrices was 97.3 ± 7.3% after three hours. One possible explanation for Zn and 
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Cd dissolution in multi-metal systems could be attributed to the relatively short half-life 

(6 hours, 0.25 days) of PbS (Table 6.1), indicating that within six hours, a third of the 

sulfur bound in PbS will be oxidized with the resultant solid dissolution (e.g., PbS → 

Pb2+ and SO4
2-, where the oxidation state for sulfur changes from (-II) to (+VI)). Half-

lives reported in Table 6.1 were derived by monitoring sulfide stability under aerobic 

conditions after precipitating equimolar concentrations of Me and sulfide. For mixed 

MeS solids, Pb-mediated oxidation of sulfide could concomitantly contribute to Zn and 

Cd release. These effects are explored further in Section 6.4.7.  

6.4.5 Behavior of Cu and Pb in Multi-metal Systems  

In the absence of sulfide and organic ligands, solid formation was significant for 

Cu and Pb (Figure E6a and b). Initial dissolved fractions for Cu and Pb (65.3 ± 3.2% and 

4.08 ± 0.09%, respectively) were much lower relative to Zn and Cd and are likely 

attributed to metal (hydr)oxide solids, specifically CuO and Pb(OH)2. Visual MINTEQ 

(Gustafsson, 2016) confirmed supersaturation for these solids in the absence of sulfide 

and as previously noted, the multi-metal mineral density accounts for CuO and Pb(OH)2 

(refer to Appendix E for Visual MINTEQ details). However, the impact of (hydr)oxide 

solids is not discussed further because initial percent dissolved fractions for Cu and Pb 

increased as CYS concentration increased (Table E8). For example, initial percent 

dissolved for Pb was 5.06 ± 1.7% in the absence of CYS but became 67.7 ± 3.79% in the 

presence of 12 µM CYS, and became 87.7 ± 14.9% in the presence of 120 µM CYS. 

Increased initial dissolved fraction in the presence of CYS provided supporting evidence 

that the formation of aqueous organic-metal complexes regulated oxide formation in 

subsequent experiments. In contrasting the results across systems with and without 

sulfide, it is clear that sulfide promotes the rapid and extensive formation of solids among 
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all metals, but the formation of aqueous complexes and other mineral phases can also 

impact metal fate and transport. For example, hydroxide solids could provide seeds for 

MeS precipitation and growth. 

In the presence of sulfide and CYS, Cu and Pb extensively formed MeS 

containing solids (Figure E7-E8). Similar to Zn and Cd multi-metal systems, precipitated 

Cu and Pb was observed in all particle size fractions for multi-metal 12 µM S systems 

(Figure E7A and E8A). Additionally, Dv evolution for Cu (Figure E7b) and Pb (Figure 

E8b) in the presence of 12 µM CYS followed similar patterns to Zn and Cd trends 

furthering suggesting co-precipitation. Cu was the only element to be characterized by 

100% solids for the 12 µM S and 12 µM CYS:12 µM S cases (Figure E7). In contrast, Pb 

showed evidence of dissolution overtime were percent dissolved increased from <1% at 

t=25 minutes to 18% at 180 minutes for the 12 µM CYS:12 µM S scenario.  

6.4.6 Behavior of Oxyanion As in Multi-metal Systems  

In its most oxidized state As (V) is not expected to form a MeS solid and was 

included in the experimental design with the hypothesis that the As oxyanion would 

remain in the dissolved phase. As remained overwhelmingly in the dissolved fraction 

(dissolved > 80%) as expected and agreed with equilibrium speciation modeling. The no 

sulfide control case presented the only exception with evidence of As solids (average 

percent dissolved = 45.4 ± 1.2%, Figure E6C). These results contradicted equilibrium 

speciation which predicted As undersaturated with respect to the following potential 

solids: Pb3(AsO4)2, Cu3(AsO4)2, Zn3(AsO4)2, and As2O5. It is hypothesized that dominant 

aqueous As species (H2AsO4
- and HAsO4

2-) sorbed to thermodynamically predicted 

Pb(OH)2 and CuO solids in the absence of sulfide. For a pH of ~7.5 considered here, Pb 

and Cu oxides would likely carry a net positive charge and could sorb negatively charged 
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As complexes (e.g., point of zero charge [pzc] for Pb(OH)2 and CuO are typically 11-

11.5 and 7.5-9.4, respectively, for systems with ionic strengths of 0.01 or less; 

Kosmulski, 2016). Alternatively, metal sulfides have a lower isoelectric point (pH(zpc) < 

2) and carry a net negative charge at circa neutral pH (Bebie et al., 1998). Sorption of 

negatively charged H2AsO4
- and HAsO4

2- species to MeS solids was not observed for any 

of the experimental conditions that included sulfide. Therefore, the remaining discussion 

focuses only on metals likely to participate in MeS solid formation.  

6.4.7 Stability of Multi-MeS Solids and the Role of CYS  

Stability of Multi-metal Particle Fractions  

For multi-metal systems, increasing CYS from 12 to 120 µM contributed to 

diminished particle sizes across all metals. Figure 6.6a presents Zn containing MeS Dv 

values for all cases considered. Equimolar 12 µM CYS:12 µMS slowed particle growth 

and resulted in a final Dv value 42% less than the 12 µM S case (Figure 6.6a). CYS 

present in 10-fold excess to sulfide significantly inhibited particle growth and stabilized 

Zn-containing MeS particles within the Small NPs size fraction. In the presence of 120 

µM CYS, Cu, Pb, and Cd demonstrated similar trends (Figure E8) in which the Small NP 

size fraction predominately characterized solids.  

Multi-metal Dissolution  

When considered simultaneously, final dissolved mass fractions across the metal 

suite generally decreased in accordance with thermodynamic MeS solubility constants 

(Figure 6.6b) for the range of cases considered. For example, the CuS solubility is more 

than 8 orders of magnitude lower than other metal species considered and Cu-containing 

MeS solids resisted dissolution across all scenarios (Figure 6.6b). After sulfide addition 

the Cu dissolved mass fraction did not exceed 1.7 ± 0.48% (i.e., t = 2.5 min sample; 
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Figure E7). In contrast, incorporation of Zn into mixed MeS NP precipitates was 

modulated by more thermodynamically stable MeS (Table 6.1). This is demonstrated by 

higher Zn dissolved fractions compared to Cd, Pb, and Cu for multi-metal systems. In 

another study, TEM-EDX images from Hofacker et al. showed that Pb and Cd were 

sequestered into mixed MeS with Cu once sulfide availability exceeded rates of Cu 

supply (Hofacker et al., 2013). Additionally, metals with lower Ksp, which are 

thermodynamically more favorable to form solids (given equimolar dissolved 

concentrations), can replace more soluble MeS. Laboratory competition experiments 

conducted by others demonstrated that spiked concentrations of dissolved Cd replaced Zn 

from previously precipitated ZnS solids (Tsang et al., 2006).  

CYS concentrations contributed to significant variability in final dissolved 

fractions for Pb, Cd, and Zn. Generally, final dissolved fractions decreased as CYS 

concentrations increased (Figure 6.6b). For example, as the CYS:S molar ratio increased 

from 1:1 to 10:1, the final dissolved mass fraction for Zn and Cd decreased from 86% to 

53% and 59% to less than 2%, respectively (Figure 6.6b). Final dissolved fractions for Pb 

18.2% to 14.7%. If ligand enhanced dissolution were a dominate factor in multi-MeS 

behavior, then opposite trends would be expected with dissolved mass fractions 

increasing concomitant with increased CYS concentrations. Rather increased CYS 

concentration not only contributed to smaller particle fractions but also reduced 
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Figure 6.6. (A) Volume-weighted centroids (Dv) for multi-metal Zn containing 

MeS. Error bars represent one standard deviation over mean. (B) multi-metal final 

dissolved fractions (t = 180 mins).   
MeS solubility constants (Log K

sp
) are noted below each metal identifier for clarity. The log K

sp
 

for As (V) with sulfide was assumed to be 0. Error bars represent one standard deviation over mean. 

followed a similar pattern where final dissolved mass fraction decreased from dissolution 

potentially by saturating the surface of MeS precipitates and shielding from oxidative 

dissolution. This is further supported by strong correlations observed across dissolved 

concentrations. For example, dissolved Pb concentrations were compared to dissolved Zn 

concentrations for 12 µM CYS and 120 µM CYS scenarios and correlated to R2 values of 
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0.88 and 0.92, respectively (Figure E10). Thus, observed increases in dissolved Zn and 

Cd concentration in multi-metal systems could also be attributed to a combination of 

cation release due to fast PbS oxidation kinetics and substitution of less soluble MeS 

species (i.e., Pb and Cu). 

Comparison of PSDs and dissolved components for multi-MeS systems in the 

presence of CYS suggests that MeS half-lives cannot be used as a sole indicator to MeS 

NP fate. With the exception of Cu, observed dissolved multi-metal trends contradicted 

concentrations predicted according to MeS half-lives (Table 6.1). After three hours, 

dissolved Pb would be expected to comprise 30% of the total mass fraction. Here, final 

dissolved fractions for Pb ranged from 1 to 18%. Additionally, Table 6.1 half-lives do not 

account for the effect of thiols like CYS on MeS NP stability and dissolution. Overall, 

thermodynamic constants appear to be a moderately strong predictor of overarching 

solubility trends, but more work is needed on oxidative dissolution kinetics which will 

likely be important in storm scenarios.    

6.4.8 Accelerated Aggregation in the Presence of Divalent Matrices  

The effect of divalent cation matrix components (Ca2+) was investigated and 

compared to NaNO3 multi-metal systems of equivalent ionic strength. For the lowest 

matrix ionic strength (0.01), Ca2+ resulted in the majority of solids in the Colloids size 

fraction and visible solids were observed. For example, Cu-containing MeS Dv values 

increased by a factor of eight compared to the equivalent ionic strength NaNO3 systems 

(Figure 6.7a). Similar trends were observed for Pb, Cd, and Zn-sulfide containing solids. 

Unlike the monovalent systems considered, Zn particle size fractionation was also 

described by the Colloids size class. As demonstrated in Figure 6.7a, multi-MeS Dv 

leveled off at approximately 200 nm during experiments with divalent matrices, which is 
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an artifact of applying an artificial particle cutoff (200 nm) to estimate dpi values for the 

colloid size fraction. Therefore, particle growth greater than 200 nm may have occurred 

but was obscured by the sample and data processing methods. The dominance of larger 

size fractions in the presence of Ca2+ is likely attributed to intramolecular cation bridging. 

Ca2+ is known to form strong complexes with humic substances (Philippe and 

Schaumann, 2014). Work performed by Labille et al. demonstrated that carboxyl groups 

are highly efficient flocculants and carboxyl group concentration and position govern 

bridging effectiveness (Labille et al., 2005). The orientation of CYS carboxyl groups 

towards the particle-solution interface would enable complexation with Ca2+ and bridging 

among MeS precipitates. Visual MINTEQ calculations indicate supersaturation of the 

calcium carbonate solid calcite for the 0.2 ionic strength Ca(NO3)2 system only. Thus, 

coprecipitation with carbonate solids is possible. However, as previously noted inclusion 

of calcite in density sensitivity analysis impacted particle cutoffs less than 10% (Table 

E6) and was not included in density assumption.   
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Figure 6.7. Effects of ionic strength on (A) volume weighted centroids (Dv) for 

Cu containing MeS, (B) final percent dissolved for multi-metal system (t =180 min), and 

(C) final phase II percent dissolved for Cu and Pb in monovalent and divalent systems. 
Solution matrix consisted of 4 mM HEPES, 120 µM CYS:12 µM S, and either NaNO3 or 

Ca(NO3)2 adjusted to various ionic strengths (0.01, 0.10, and 0.20 M). Slopes and R2 values for final 

percent dissolved for each metal as a function of ionic strength are noted in figure. Error bars represent 

one standard deviation over mean. 

Dissolved trends observed for Cd, Zn, and Pb in the presence of Ca2+ were similar 

to those observed for the monovalent systems (Figure 6.7b). However, final Cu dissolved 

fractions decreased with increasing ionic strength (Figure 6.7c). It would be suspected 
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that flocculation of larger MeS particles in the presence of Ca2+ would reduce surface 

area and decrease available surface sites for dissolution. However, trends observed for 

dissolved Cd, Pb, and Zn between monovalent and divalent matrix components allude to 

mechanisms unrelated to particle aggregation. Variations among the metal suite indicate 

multi-MeS precipitation in the presence of Na+ and Ca2+ includes a complex blend of 

particle aggregation, bridging, coprecipitation, adsorption, and dissolution. For multi-

metal systems, formation of mixed MeS precipitates may vary within the solid structure 

such that Cd and Cu could be concentrated within the particle core. Therefore, Cd and Cu 

would be shielded from chemical oxidation or cation release due to PbS oxidation. 

Furthermore, dissolution trends appeared to be metal specific and can change as a 

function of valence state as observed with Cu (Figure 6.7c).   

6.5 Conclusions 

Overall, findings from this study highlight that early stage multi-MeS behavior 

and potential fate is metal specific while also a function of the metal suite and applied 

environmental factors. Conclusions and environmental implications specific to this study 

include: 

• In the absence of other competing metals, single-metal ZnS and CdS remained 

primarily in solid phases; however, in the presence of other metals (Cu, Pb, Cd, 

Zn), a scenario more reflective of environmental conditions, Zn and Cd will be 

more susceptible to oxidative dissolution. Thus, the inclusion of multiple metals 

can potentially impact outcomes of MeS stability, resistance to oxidation, 

bioavailability, and toxicity assessments.  

• Here, all metals were investigated at equimolar concentrations to draw comparisons 

across factors considered. However, in natural environments, metal concentrations 
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are not expected to be equal. For developed watersheds, Rozan et al. observed MeS 

concentrations in oxic water consisted of Fe sulfides > Zn sulfides > Cu sulfides 

(Rozan et al., 2000). When Zn is present at much higher concentrations, 

competition with less soluble trace metals or dissolution due to less stable MeS (i.e, 

PbS) may be less significant. However, determination of MeS half-lives for multi-

metal systems in the presence of representative DOM would improve predictions 

of MeS fate in oxic waters.     

• Fractionation and Dv methods employed here to quantify particle growth is subject 

to density assumptions, defined spin times, and resultant particle cutoffs. Yet 

sensitivity analysis indicated particle aggregate porosity to be most influential 

parameter and overall trends agreed with previous single-metal studies that utilized 

other characterization techniques such as DLS or UV-vis (Deonarine et al., 2011; 

Gondikas et al., 2012; Mullaugh and Luther, III, 2010; Mullaugh and Luther, 2011). 

Centrifugation can be applied in future work for particle fractionation, 

determination of specific MeS dissolution rate constants, and modeling efforts.  

• Based on observed trends for matrix ionic strength systems, we can expect divalent 

cations like Ca2+ to play a more dominant role in promoting particle aggregation 

and sedimentation for Cd and Cu. More noteworthy is that final dissolved fractions 

for Pb and Zn increased concomitantly with ionic strength. Across all factors 

considered, CuS dissolution was only significant for the highest ionic strength in 

monovalent systems. Thus, metal bioavailability may subject to location or water 

type. In estuary-like waters, Cu dissolution may be concern worthy as opposed to 

Cd.  
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CONCLUSIONS 

7.1 Chapter Specific Summary and Conclusions 

Research efforts presented in this dissertation explored the impact of internal 

water storage (IWS) design decisions on nitrogen fate and treatment performance. While 

the application of IWS here pertained to bioretention, IWS can be implemented for other 

green stormwater infrastructure (GSI) technologies (i.e., permeable pavements and 

subsurface gravel wetlands). Major findings from each chapter are highlighted. 

Laboratory columns and USGS VS2DRTI model simulations employed during Chapter 2 

demonstrated that for narrow IWS geometries, higher underdrain heights caused 

immobile zones and decreased hydraulic efficiency (ev) by 26% as underdrain height 

increased from 0 to 30 cm. However, for wider IWS geometries the contributing area of 

immobile zones was less than 2% and ev varied less than 10% as underdrain height 

increased from 0 to 30 cm. The impact of IWS geometry highlights how flow regimes 

observed for narrow column studies do not translate to the field scale. In Chapter 3, 

laboratory columns with narrow IWS geometry showed the presence of immobile zones 

under raised underdrains impacted nitrate (NO3
-) removal efficiency under continuous 

flow. Transient flow or “storm” conditions showed that optimal underdrain height may be 

a balancing act when trying to meet multiple water quality objectives that apply to NO3
- 

and dissolved organic carbon (DOC). In Chapter 4 laboratory columns were modified to 

include bottom underdrains and evaluated the impact of IWS media type on total nitrogen 

(TN) removal. While the presence of biochar in the IWS enhanced NO3
- removal during 

transient flow, ammonium (NH4
+) generation was observed and resulted in effluent 

concentrations exceeding levels toxic to aquatic life. High-frequency monitoring of a 
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field IWS during a storm was presented in Chapter 5. Field results demonstrated that TN 

export from the IWS likely occurred during the rising limb, denitrification occurred over 

discrete time intervals during the falling limb, and seasonal effects resulted in NH4
+ 

washout. Chapter 6 efforts employed batch studies and showed metal sulfide (MeS) 

nano-particle (NP) fate in the presence of multiple metals varied compared to single MeS 

systems for environmental conditions applicable to GSI systems.  

7.2 Cross Connected Themes  

Outcomes across chapters can be connected to identify overarching themes. The 

variables of IWS underdrain height, geometry, IWS media, and seasonal effects were all 

shown to impact system performance or influence nitrogen fate. Concern exists that 

raised underdrains may result in incomplete exchange between old IWS water and new 

infiltrating stormwater. Model simulations and DOC trends described in Chapters 2 and 3 

indicated that mixing with old IWS water occurred and immobile zones decreased with 

increased HLR. High-frequency dissolved oxygen (DO) and conductivity monitoring of a 

field IWS with a raised underdrain (IWS w/d ~ 2.5) demonstrated vertical mixing 

occurred rapidly the entire IWS depth during the rising limb. Results indicate a raised 

underdrain for wider geometries will not limit the exchange between old IWS water and 

new infiltrating water. The severity of storms is expected to increase with climate change. 

Efforts to balance managing both water quality and quantity for more intense storms will 

become more challenging and raised underdrain configurations may prove to be 

advantageous for these conditions due to enhanced mixing. 

Laboratory and field studies with a raised underdrain pointed to similarities in 

mixing but two opposing trends were observed with regards to nitrogen fate. First-flush 

of nitrogen into the field IWS was a reoccurring pattern observed at the onset of storms. 
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In contrast, for laboratory columns peak concentrations (particularly NOx) were observed 

toward the end of the event (i.e., when 1 total pore volume was replaced). The pattern 

observed for the laboratory columns is attributed to applying synthetic stormwater with 

constant composition at a constant rate. The differences between the field and laboratory 

settings suggest that processes occurring at the field scale, on the basin surface or within 

unsaturated media between storm events, is a significant source of nitrogen to the IWS. 

Second, the presence of denitrification varied across field and laboratory systems. 

Denitrification was not continuous in the field and occurred during discrete time 

intervals. Alternatively, laboratory columns indicated the presence of denitrification 

throughout the 5 h event. One possible explanation could be attributed to woodchip 

application. For the field system, a 5 cm woodchip layer was applied mid depth of the 60 

cm gravel layer. In contrast, the laboratory IWS gravel woodchip media was mixed using 

a 2:1 ratio by volume. The location and volume of woodchips will impact DOC 

availability and biofilm growth and potentially the occurrence of denitrification during 

storms. While not a comprehensive list, other factors that would impact observed 

differences in the field include the presence of vegetation, different residence times, 

exfiltration, and the presence of other nitrogen forms. 

Nitrogen fate in bioretention systems is challenging due to the multiple chemical 

forms and various removal mechanisms within GSI. NH4
+ is generally thought to be 

immobilized in unsaturated layers via sorption and cation exchange onto negatively 

charged soil media. However, NH4
+ generation during antecedent dry periods (ADPs) in 

the presence of biochar (Chapter 4) and NH4
+ washout observed during months of road 
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salt application (Chapter 5) suggests that the fate of NH4
+ in these systems requires more 

attention. 

7.3 Recommendations 

This work highlights that the management and treatment of nitrogen in GSI is 

complex and identifying one solution to achieve complete TN removal is unlikely. IWS is 

often included to provide storage capacity and manage water quantity. IWS also provides 

an approach for NO3
- removal via denitrification and consequently reduction in TN to 

enhance water quality. As a result, IWS is an appropriate design strategy for nutrient 

sensitive watersheds and when infiltration into underlying soils is not feasible to achieve 

runoff volume reduction goals. IWS with exfiltration is not an appropriate measure if 

“hot spots” are likely in underlying media, nearby infrastructure would be damaged, or 

karst conditions exist. Many design standards require a 60 cm (2 ft) separation between 

the bottom of a cell and the seasonal high-water table. When maximizing the available 

storage is critical for hydrologic benefits, IWS is not a good candidate where the seasonal 

highwater tables risks intercepting the saturated layer. Furthermore, in urban 

environments, groundwater table interactions could release groundwater contaminants in 

the underdrain.  

Design Recommendations 

Design recommendations consider the influence of the sewer system type, water 

quantity vs water quality concerns, regulatory requirements, and climate on IWS 

effectiveness. Often the intended function of IWS is to manage stormwater volume and 

control flow but design can emphasize water quality enhancements depending on 

regulatory requirements and sewer system type. For example, in a combined sewer 

system the primary focus of IWS is to retain runoff and release slowly (typically over 72 
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hours). Water released into the combined sewer is treated downstream at the wastewater 

treatment plant. Management of outflow from the underdrain minimizes stress to the 

wastewater treatment plants and reduces the occurrence of combined sewer overflows. 

For this application, IWS provides water quantity benefits and acts as a sump to provide 

storage capacity and retain runoff. An unlined IWS is appropriate to promote exfiltration 

and minimize outflow. The occurrence of exfiltration during a storm provides an 

opportunity to manage more runoff volume in addition to the volume provided by the 

IWS alone. Lastly, emptying the IWS between events via exfiltration is a favorable 

strategy to replenish storage capacity for the next storm event. Alternatively, for separate 

sewer systems the underdrain effluent is conveyed to a surface water body. Under these 

circumstances while volume control is still of interest, water quality enhancements also 

drive IWS design—especially in nutrient sensitive watersheds. An impermeable liner 

would be needed if infiltration to underlying soils results in hydraulic residence times less 

than what is required for NO3
- removal during events (~24 h). It is recommended the IWS 

remain partially saturated between events to maintain anoxic conditions and promote 

leaching of DOC between storms to facilitate denitrification; however, areas for research 

are noted later.  

The impact of basin geometry on IWS effectiveness from a water quality 

perspective is more critical for narrow systems (IWS width to depth ratios < 1). Narrow 

geometries are less common but can occur in roadside swales where the bottom width can 

be a minimum of 60 cm (2 ft) and depths a minimum of 76 cm (2.5 ft). For these 

geometries, underdrains should be placed towards the bottom of the IWS to maximize ev. 

Underdrain height is less critical for wider basin footprints. However, maintenance 
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factors like sediment clogging from overlying media layer may drive decisions to locate 

an underdrain at the top of the IWS. Additionally, gas buildup was observed in laboratory 

columns during steady state conditions and between “storm” events. Perforated 

underdrains located at the top of the IWS will provide a release mechanism for gas 

generation once the IWS water level recedes below the underdrain and minimize flow 

impediments compared to an inverted underdrain configuration.  

For nutrient impaired watersheds, field IWS monitoring highlighted NO3
- 

management is critical during the onset of the storm. IWS first-flush of TN was a 

repeating trend across storms and denitrification generally occurred over discrete 

intervals during the falling limb. IWS design should employ strategies to minimize short 

circuiting, minimize disturbance to anaerobic conditions, and prolong denitrification 

during the event. One strategy to maximize solute travel time could be to shorten the 

length of the underdrain or to locate underdrain perforations near the outlet structure so 

water upstream in the IWS does not short circuit the system (Figure 7.1). Another 

alternative could utilize an impermeable liner to separate a portion of the unsaturated 

layer and IWS near the outlet (Figure 7.1). This strategy would direct new infiltrating 

water to enter the IWS at a specific location to maximize residence times. Lastly, flow 

control could be applied at the underdrain orifice to decrease effluent flow rates and 

increase hydraulic residence time. Gravel was selected for laboratory IWS media to 

match the field design. Alternatively, less coarse IWS media such as soil or sand 

intermixed with woodchips would result in less dispersion and consequently alleviate 

abrupt changes in DO. Less coarse media would lower hydraulic conductivity in the IWS 

to slow flow. However, the underdrain would need to be encapsulated by gravel to avoid 
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clogging. Another suggestion to enhance and prolong denitrification is to intermix the 

carbon source throughout the IWS as opposed to a discrete layer. This would distribute 

biofilm growth throughout the IWS. 

 

Figure 7.1. Conceptual design to improve IWS performance for TN removal. 

The inverted underdrain contains perforations localized near the outlet. An impermeable liner 

separates the unsaturated media and the IWS near the outlet structure to direct infiltrating water to enter 

the IWS upstream of the outlet and increase IWS travel time. The underdrain may need to be extended for 

maintenance purposes or to vent gas buildup. Note the conceptual design includes untested components. 

The local climate will impact IWS effectiveness and factors for design 

consideration include seasonality and precipitation patterns. Results from this work 

indicate that road salt application during colder months mobilizes NH4
+ during the winter 

and into the spring. Areas that rely on heavy road salt use should not employ IWS for 

separate sewer systems as this directly releases salt and NH4
+ into surface waters. If 

exfiltration rates alone are suitable to drawn down ponded water to meet regulatory 

requirements, one mitigation strategy could be to cap the underdrain during the winter 

and early spring. Exfiltration would facilitate NH4
+ removal via ion exchange onto 

underlying unsaturated media. Less certainty exists is this mitigation strategy. Greater 

separation between the bottom of the IWS and groundwater table is advised to ensure 

more protection beyond the 60 cm (2 ft) noted by many regulatory standards. Another 

option is to mix an adsorbent amendment with high cation exchange capacity and a 
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negative surface charge, such as biochar, into the unsaturated layer to mitigate NH4
+ 

washout (Figure 7.1). Other media adsorbent amendments such as zeolite could also be 

considered but was not studied in this work.   

Precipitation patterns and concurrent regulatory requirements will also drive the 

intended functionality of IWS. For regions, where precipitation is typically characterized 

by frequent low intensity storms, IWS is effective for management of nitrogen. For 

example, the city of Baltimore, Maryland has rainfall throughout the year with annual 

rainfall of 114 cm (45 in; NOAA, 2021). Baltimore has a separate sewer system and total 

maximum daily loads (TMDLs) for nutrients. IWS under these circumstances is 

beneficial for managing NO3
- for the design storm (1 year 24 h storm). In contrast, IWS 

will be less effective for nitrogen treatment in regions that experience large intense 

storms. For example, in Phoenix, Arizona precipitation is concentrated to several months 

of the year during monsoon season and groundwater recharge is a priority. Under these 

conditions, IWS is favored for promoting exfiltration, but water quality benefits can be 

achieved if infiltration rates allow for a residence time of ~24 hrs. Laboratory column 

employed here represented a lined IWS systems and the 4.5 month dormant period 

provided an extreme drought scenario where the IWS remained partially saturated. 

Following the dormant period, NO3
- removal efficiency decreased up to 45% for the 

middle and bottom underdrain configurations but denitrification was observed in “storm” 

events following. These results indicate that estimates for NO3
- removal should account 

for reduced efficiency due to woodchip age or drought periods. However, regardless of 

region, climate, or woodchip age, IWS will lose water quality functionality under severe 

storm events when DOC supply becomes limited due to the washout of DOC that leached 
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during ADPs (when more than one pore volume is replaced) and IWS residence times 

decrease.  

When evaluating IWS design from a water quality perspective, practitioners are 

encouraged to approach GSI design wholistically and recognize that both external inputs 

(runoff and deposition) and GSI compartments (top media layer, vegetation, unsaturated 

soil media, and IWS) can act as a sink and source of nitrogen. Nitrate inputs into the IWS 

will be from both runoff and from internal processes within the unsaturated layers. Media 

amendments such as compost can leach nutrients or biochar present in the IWS can 

generate NH4
+. Therefore, in sensitive watersheds these types of amendments, for 

applications described, should be avoided. While not a primary focus here, dissolved 

organic nitrogen (DON) is leached from particulate organic nitrogen (PON) associated 

with particulates or leaf debris. DON can undergo mineralized to NH4
+ which can then be 

oxidized to NO3
- in unsaturated media layers. In Pennsylvania, the Managed Release 

Concept requires at a minimum that the O&M schedule include inspection of sediment 

accumulation twice a year and removal of leaf litter annually (Pennsylvania Department 

of Environmental Protection, 2019). This is an important mitigation strategy to eliminate 

internal nitrogen sources and it is recommended accumulated sediments in forebay be 

removed upon inspection to prevent resuspension and transport downgradient during 

more intense storms.  

Future Research 

Outcomes from this work highlight research opportunities for both laboratory and 

field settings to improve understanding of IWS performance and nitrogen fate within GSI 

systems. In the laboratory system studied here, nitrogen sources were limited to the 
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influent. However, high-frequency monitoring of the field IWS highlighted the 

complexities of nitrogen fate and sources with bioretention systems. Sampling within the 

IWS provides important information on how processes and nitrogen fate change across 

media layers. High-frequency sampling to interrogate spatial and temporal variability is 

easier to execute in a laboratory setting. In the field, this becomes more challenging due 

to the scale, costs, and labor associated with sample collection and analysis. However, 

high-frequency monitoring employing sensors (DO, conductivity, temperature, DOC) can 

provide informative data sets to monitor IWS behavior (i.e., immobile zones) and 

performance (first-flush effect and longevity of DOC leaching from woodchips). Future 

field studies are encouraged to include IWS monitoring wells to achieve this goal.  

Research efforts designed to determine the contribution of nitrogen loads 

generated within the basin between storm events would be of great utility. For example, 

how much does unsaturated media contribute to the NO3
- load entering the IWS during a 

storm and does the amount of NO3
- and DON generated in unsaturated media increase 

with increasing ADP. To address these knowledge gaps laboratory columns could 

alternate application of storms with environmentally relevant nitrogen concentration 

present in influent followed by an ADP and a tracer storm with nitrogen absent in the 

influent. This type of experimental sequence would help proportion the amount of 

nitrogen released from within the unsaturated layer. On the field scale, simulated rain 

tests using a hydrant (water low in TN) could be used to determine the speciation and 

amount of nitrogen washed out from unsaturated media into the IWS. 

IWS provides dual functionality in terms of water quantity and water quality; 

thus, maximizing both benefits expands the utility of IWS for a wider range of 



 

186 

 

applications. While exfiltration occurred for field monitoring here, the IWS was partially 

saturated at the start of a storm. At the onset of precipitation, DO concentrations spiked 

above 3 mg/L across the entire depth of the IWS but recovery of DO back to anoxic 

conditions occurred at a rate faster than the receding water level. It remains unclear how 

quickly anoxic conditions, DOC availability, and microbial activity can be reestablished 

when IWS recharges following complete drawn down between events. If anoxic 

condition can be established fairly quickly then IWS drawn over a three-day period 

following a storm would achieve both volume control and NO3
- removal.  

Laboratory studies are encouraged to evaluate the effects of complex synthetic 

stormwater composition. Here humic acid was considered as a DOC source in influent 

and was shown to decrease denitrification efficiency. Future laboratory studies should 

include more organic compounds, both natural and anthropogenic, to examine the effect 

on NO3
- removal in IWS with and without a carbon source. Chapter 5 highlighted the 

unintended consequence of NH4
+ washout following road salt application. Laboratory 

column studies should also consider the presence of alternatives deicers such as 

potassium acetate and beet juice on nitrogen dynamics. The aforementioned alternatives 

could also provide a carbon source for denitrification and this requires further study.   

Both nitrate and DON can be generated within unsaturated soil media. While not 

as readily available as NO3
- or NH4

+, DON also contains labile fractions that can impact 

downstream water quality. First-flush of DON occurred in the field IWS system (Chapter 

5). In laboratory columns (Chapter 4), bulk DON concentrations did not change or show 

signs of removal. However, the chemical composition of DON can be altered as a result 

of biotic processes. Future research efforts that employ high-resolution mass 
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spectrometry to probe changes in the molecular composition of DON coupled with in 

bioavailability assays would help fill knowledges gaps on how IWS impacts DON fate. 
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APPENDIX A 

 

Section A1. Total versus effective pore volumes 

Total pore volume accounts for all pores within the column media and includes 

both loamy sand and IWS layers (Equation A1). Total pore volume is constant for all 

underdrain heights.  

𝑇𝑜𝑡𝑎𝑙 𝑃𝑜𝑟𝑒 𝑉𝑜𝑙𝑢𝑚𝑒 = ƞ ∗ 𝑡𝑜𝑡𝑎𝑙 𝑣𝑜𝑙𝑢𝑚𝑒    (A1) 

Effective pore volume accounts only for pores contributing to flow; effective pore 

volume was estimated using effective porosity (ƞeff) and media volume above the 

underdrain (Equation A2).  

𝐸𝑓𝑓𝑒𝑐𝑡𝑖𝑣𝑒 𝑃𝑜𝑟𝑒 𝑉𝑜𝑙𝑢𝑚𝑒 = ƞ𝑒𝑓𝑓 ∗ 𝑣𝑜𝑙𝑢𝑚𝑒 𝑎𝑏𝑜𝑣𝑒 𝑢𝑛𝑑𝑒𝑟𝑑𝑟𝑎𝑖𝑛 (A2) 

Section A2. Model development – simulated underdrain empty space 

configuration 

Simulated columns developed in VS2DRTI were designed to mimic laboratory 

column scale and media type. However, VS2DRTI does not include a textural class 

representative of “empty space” present in pipe flow. To ensure flow restrictions resulted 

from the column media itself and not the underdrain pipe the following considerations 

were incorporated into the underdrain design: 

1. An “empty space” textural class was created. A porosity of 1.0 and an 

exaggerated hydraulic conductivity (500 m/s) were selected to represent pipe 

flow.  
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2. The simulated underdrain outlet location was positioned to match the elevation of 

the laboratory columns. However, the gravity drain boundary condition was 

applied to all vertical grid cells along the black dashed line associated with the 

thicker empty space geometry (Figure A2). The described set up in the model, 

ensured pipe flow behaved similarly to the laboratory system.  

Section A3. Model sensitivity analysis, calibration, and validation results  

Column-specific effective pore volumes were determined based on step test 

results (Table A1). The general approach to model development – including sensitivity 

assessment, calibration, and validation – is summarized in Figure A3. 

Parameter sensitivity was evaluated under continuous flow conditions using 

baseline parameters (Table A2) and the simulated bottom underdrain column; Table A3 

shows parameter constraints based on published values. Table A4a summarizes results 

indicating which parameters are sensitive based on corresponding % change in sum of 

squared residuals (%ΔSSR). Parameter sensitivity was characterized as: no (%ΔSSR ≤ 

10%; no shading), mild (10 < %ΔSSR ≤ 20; green shading), moderate (20 < %ΔSSR ≤ 

30, yellow shading), or high sensitivity (% change SSR > 30, orange shading). Highly 

and moderately sensitive parameters included internal water storage (IWS) layer porosity 

(ƞ) and loamy sand media porosity (LS) ƞ. Mildly sensitive parameters 

included dispersivity for the IWS layer (IWS λ), loamy sand beta (LS beta), loamy sand 

saturated hydraulic conductivity (LS Sat K), and loamy sand anisotropy or ratio of K in 

the vertical and horizonal direction (LS Kzz/Khh). Parameters likely to be impacted by 

variably saturated media under intermittent conditions, specifically van Genutchen 

parameters, were also considered (Table A4b, Event 4). Loamy sand beta (LS beta) was 
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identified as the only sensitive parameter for the IWS locations immediately below the 

loamy sand layer (i.e., D-25, D-20, P-25, and P-20). 

The following sensitive parameters were adjusted during manual calibration: IWS 

ƞ, LS ƞ, LS beta, and IWS λ. Manual calibration was performed in batches in which the 

value of a single sensitive parameter or group of sensitive parameters was varied across 

the specified range (Table A2). A total of 174 candidate models were run across the three 

underdrain heights. Sat K was determined from experimental data and not assumed, and 

though it demonstrated mild sensitivity, the measured value of Sat K was used 

throughout. Additionally, media was assumed to be isotropic and Kzz/Khh was not adjusted 

(1.0). Non-sensitive parameters, with a %ΔSSR ≤ 10%, remained fixed at baseline values 

during calibration. Calibration prioritized high sensitivity parameters first (IWS ƞ and LS 

ƞ) for saturated conditions. Calibration batches under continuous flow conditions where ƞ 

values exceeded NSE > 0.7 and r2 > 0.8 were also considered for the variably saturated 

conditions and mildly sensitive parameters (LS beta and IWS λ) were varied. The 

threshold of NSE > 0.7 and r2 > 0.8 was used as a selection criterion to determine 

calibration batches for intermittent flow conditions. Model validation, based on the 

underdrain concentration, is shown in Figure A4.  

 Figures A4–6 show examples of experimental data collected from the various 

sampling points. Both laboratory results and VS2DRTI velocity heat maps (Figure A8) 

suggested the presence of an immobile fluid zone below the middle and top underdrain 

configurations. Intermittent Cl tracer storms (Event 4: 1,000 mg/L Cl) provided a dataset 

to improve fits for IWS locations >5 cm below the underdrain (middle and top underdrain 

configurations). To account for nonideal flow regimes, the simulated IWS region below 
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the underdrain was partitioned into mobile and immobile zones with 

different dispersivities of λmob and λimm, respectively. Partitioning was informed by 

considering IWS velocities across all grid cells. The IWS immobile zone boundary was 

defined by the presence of one velocity vector, in a row of grid cells, with a velocity an 

order of magnitude less (1E-6 m/s or 3.6 cm/hr or less) than the overlying row. As a 

result, the immobile IWS zone thickness (from the column base upward) determined 

for top and middle underdrains equaled 20 cm and 8 cm, respectively. Immobile zones 

equaled 8 cm for the simulated 20 cm underdrain height and 20 cm for the simulated 25 

cm underdrain height. The 5 and 10 cm underdrain heights did not cause an immobile 

zone. For the simulated middle underdrain column, partitioning dispersivity for IWS 

media (i.e., different values for λmob and λimm) improved fits for the D-10 and P-10 cm 

locations. Interestingly, the simulated top underdrain column showed less sensitivity to 

this approach, with similar performance across systems with a constant and partitioned 

IWS λ. It is hypothesized that this is attributed to less solute spreading in the IWS layer 

as suggested by lower variances observed with laboratory pulse tests. 

For all simulated columns, the underdrain and IWS sample ports above the 

underdrain satisfied objective function criteria (NSE ≥ 0.5 and r2 > 0.6). Table A5 shows 

calibrated parameters and performance for bottom (0 cm), middle (15 cm), and top (30 

cm) underdrain configuration for continuous and intermittent flow conditions. Calibrated 

parameters (Table A5) were selected based on achieving the highest NSE value for the 

underdrain while also achieving NSE > 0.5 for the maximum number of IWS locations.  

NSE and r2 performance for IWS immobile zone locations (i.e., below the middle 

and top underdrain) were less strong. This decrease in model fit is likely attributed to 
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selecting a uniform flow model in this study in contrast to assuming physical 

nonequilibrium flow. Uniform flow models assume that the media consist of a collection 

of impermeable particles separated by pores and or fractures through which water flow 

and transport occurs. Uniform flow relies on the adjustable parameters of dispersion and 

average flow velocity to simulate solute transport. Under physical nonequilibrium flow, 

water can be separated into zones of mobile and immobile flow where the presence of an 

immobile fluid zone disrupts solute transport (Šimůnek et al., 2009). Two-region 

nonequilibrium models require a third adjustable parameter, a mass transfer coefficient, 

to describe solute exchange across mobile and immobile zones (Field and Pinsky, 2000). 

The impacts of underdrain location relative to IWS depth, studied here, suggests IWS 

underdrain placement can create a less mobile fluid zone below the underdrain where 

mixing with incoming water is significantly inhibited. As previously noted, experimental 

laboratory data from Events 0–3 and VS2DRTI velocity heat maps support this claim.  

  Calibration resulted in different IWS and LS ƞ values across simulated columns 

which is likely attributed to variation in media packing of the laboratory columns. To 

investigate the impact of underdrain height only, IWS ƞ (0.385) and LS ƞ (0.36) values 

were selected and held constant across all simulated columns for validation and 

prediction purposes. The calibrated ƞ values fell within constraints (Table A3). LS beta 

was 2.5 and for elevated underdrains (i.e., at heights 15 through 30 cm), the immobile 

zone depth was determined using the same methodology discussed previously.   

  Simulated columns were validated with experimental data from Event 2, Table 

2.1. Validation was applied to the underdrain location only. The bottom (0 cm), middle 

(15 cm), and top (30 cm) underdrain columns had validation NSE values of 0.59, 0.84, 
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and 0.58, respectively and r2 values of 0.89, 0.94, 0.74, respectively. As expected, NSE 

and r2 values for the same input parameters varied between the three underdrain heights. 

As previously mentioned, this variation can be attributed to different flow patterns (e.g., 

immobile regions below the middle and top underdrains) and unavoidable variability in 

media packing between laboratory columns. 

Section A4. Hydraulic efficiency predictive equation 

Thackston et al. development the following equation (A3) to determine the 

strongest influence on hydraulic efficiency (ev) for shallow basins (Thackston et al., 

1987).  

 𝑒𝑣 = 0.087(
𝐿

𝑊
)0.81(

𝐿

𝐷
)0.25(

𝑉𝑠

𝑉𝑎𝑑𝑣
)−0.093       (A3) 

Where L equals length (ft), W equals width (ft), D is mean depth (ft), Vs is surface 

drift velocity (a function of wind speed, ft/sec), and Vadv is the average advective 

velocity (ft/sec) in the basin.  
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Tables 

 

Table A1. Step test volume measures to determine effective pore volumes 

 

Time PV Time PV Time PV

min L min L min L

40 2.5 40 3.3 40 2.6

60 3.7 60 5.0 60 4.1

80 4.9 80 6.6 80 5.3

100 6.1 100 8.6 100 6.5

120 7.2 120 10.0 120 7.8

140 8.4 140 11.7 140 9.0

160 9.6 160 13.3 160 10.2

180 10.8 180 15.0 180 11.5

200 12.0 200 16.7 200 12.7

220 13.2 220 18.3 220 13.9

240 14.2 240 20.0 240 15.1

262 15.6 262 21.6 260 16.4

280 16.7 280 23.2 280 17.6

300 17.9 300 24.9 300 18.8

320 19.1 320 26.5 320 20.1

340 20.3 340 28.1 340 21.4

360 21.5 360 29.7 360 22.6

380 22.7 380 31.4 380 24.8

400 23.8 400 33.0 400 25.0

420 25.0 420 34.6 420 26.2

440 26.2 460 37.9 440 27.4

460 27.4 480 39.5 460 28.6

480 28.5 500 41.1 480 29.8

500 29.6 520 42.8 500 30.9

520 30.8 540 44.3 520 32.1

540 32.0 -- -- 560 34.5

560 33.1 -- -- 580 35.7

580 34.3 -- -- 600 36.9

600 35.5 -- -- -- --

620 36.7 -- -- -- --

640 37.8 -- -- -- --

660 39.0 -- -- -- --

680 40.2 -- -- -- --

700 41.4 -- -- -- --

720 42.6 -- -- -- --

740 43.7 -- -- -- --

760 44.9 -- -- -- --

800 47.4 -- -- -- --

Bottom Underdrain 

(0 cm)

Middle Underdrain 

(15 cm)

Top Underdrain 

(30 cm)
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Table A2. VS2DRTI baseline parameter values. Parameters are listed to 

reflect VS2DRTI terminology; Sat K equals Sat Khh. 

 

 

Table A3. Sensitive parameter constraints for calibration 

Parameter Units Literature Range 

    min max* Ref 

Beta -- 2.01 2.55 1 

IWS 

porosity (ƞ) -- 0.360 0.540 

2, 

3 

LS 

porosity (ƞ) -- 0.323 0.447 4 

IWS long. 

disp. m 0.020 0.250 3 

LS Ksat m s-1 

9.14E-

06 

7.20E-

05 1 

 

Notes: 

*porosities of 0.62 and 0.66 reported for hardwood mulch. 

LS = loamy sand 

Input Type Parameter Definition Baseline Value UnitsBoundary 

Conditions Global Flux Flux into the domain 1.67E-05 m s
-1

Maximum ponding Maximum height of surface ponding 0.012 m

Pressure head Initial pressure head -0.74 m

Empty space Ksat hh Saturated hydraulic conductivity in the horizontal (x) direction 500 m s
-1

IWS layer Kzz/Khh Ratio of saturated hydraulic conductivity in the vertical (z) direction to that in the horizontal (x) direction 1.00 --

Ksat hh 0.20 m s
-1

Specific storage Fluid storage due to fluid and porous medium compressibility under saturated conditions 1.00E-04 m
-1

Porosity volume of pore space per bulk volume of porous media 0.44 --

Loamy sand Kzz/Khh 1.00 --

Ksat hh 4.05E-05 m s
-1

Specific storage 1.00E-04 m
-1

Porosity 0.41 --

IWS layer RMC Residual moisture content 1.04E-04 --

alpha Parameter in van Genuchten model 16.0 m
-1

beta Parameter in van Genuchten function 2.72 --

Loamy sand RMC 0.057 --

alpha 12.4 m
-1

beta 2.28 --

IWS layer Long. disp. Longitudinal dispersivity 0.05 m

Trans. disp. Transverse dispersivity 0.01 m

Loamy sand Long. disp. 0.00 m

Trans. disp. 3.60E-04 m

Global D Coefficient of molecular diffusion for Bromide 2.01E-09 m
2
 s

-1

Textural 

class flow 

properties

Textural 

class van 

Genutchen

Textural 

class 

solute 

transport



 

213 

 

                 

 

 

 

 

                               

Parameter Unit 

Baseline 

value 

Parameter 

adjustment Underdrain Dist-25 Dist-20 Dist-10 Dist-05 Prox-25 Prox-20 Prox-10 Prox-05

IWS λ m 0.05 +10% -5.5 -7.6 -5.5 -0.6 6.3 -4.6 -11.5 -12.4 -6.6

-10% 5.7 8.1 5.9 0.9 -5.7 7.4 13.2 11.2 5.4

LS beta -- 2.28 +10% -3.5 -13.5 -10.9 -9.6 -5.5 4.4 -2.3 -3.8 -3.1

-10% 3 15.8 12.4 10.7 6.7 -1.9 5.5 6.1 6.1

IWS ƞ -- 0.44 +10% 42.1 23.2 25.1 37.2 27.3 4.5 22 34.5 39.4

-10% -16.5 -23.7 -24.8 -33.2 -26.4 5 -9.7 -20.8 -23.7

LS Kzz/Khh -- 1 +10% -5.3 -12.4 -9.6 -8.5 -5.2 3.2 -3.4 -4.4 -3.6

-10% 3.4 12.2 9.5 8.2 5.1 -1.6 4.2 4.7 4.3

LS Ksat m/s 4.05E-05 +10% -4.8 -11.9 -9.6 -8.5 -4.8 3.8 -2.1 -3.2 -2.4

-10% 5 11.3 8.7 7.5 4.7 -1.5 3.9 4.3 3.9

LS ƞ -- 0.41 +10% 41.7 91.4 70.9 60.6 35.1 13.2 49.9 40.3 35.9

-10% -5.9 -58.5 -47.2 -44.5 -30.4 47.3 10.8 -10.5 -12.3

%ΔSSR 

Parameter Unit 

Baseline 

value 

Parameter 

adjustment Underdrain Dist-25 Dist-20 Dist-10 Dist-05 Prox-25 Prox-20 Prox-10 Prox-05

LS beta -- 2.28 +10% -4.9 -6.6 -6 -3.6 -2.0 -10.3 15.2 -9.0 -6.0

-10% 6.6 9.0 8.2 4.8 2.7 29.6 -17.8 12.5 8.0

%ΔSSR 

mild sentsitivity 10 < %ΔSSR < 20

moderate sentsitivity 20 < %ΔSSR < 30

high sentsitivity 30 < %ΔSSR 

Table A4a. Identified sensitive parameters for continuous 

flow 

Table A4b. Identified sensitive parameters for intermittent flow 
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Simulated Flow Successful

underdrain IWS ƞ LS ƞ LS beta λmob λimm condition locations NSE r
2

NSE r
2

NSE r
2

NSE r
2

NSE r
2

NSE r
2

NSE r
2

NSE r
2

NSE r
2

height -- -- -- m m -- -- -- -- -- -- -- -- -- -- -- -- -- -- -- -- -- -- -- --

Top (30 cm) 0.385 0.36 2.5 0.05 NA I 5 0.91 0.99 0.80 0.97 0.50 0.91 -86.7 0.05 -395 0.29 0.79 0.99 0.67 0.97 -4.09 0.19 -649 0.02

0.385 0.36 2.5 0.05 0.1 C 4 0.91 0.99 0.80 0.97 0.44 0.91 -86.4 0.01 -335 0.29 0.78 0.99 0.63 0.97 -3.72 0.27 -532 0.02

Middle (15 cm) 0.385 0.36 2.5 0.1 0.08 I 7 0.98 0.99 0.97 0.98 0.91 0.99 0.61 0.98 -0.54 0.89 0.93 0.99 0.91 0.97 0.88 0.96 -17.4 0.33

0.385 0.36 2.5 0.1 0.08 C 7 0.74 0.95 0.91 0.96 0.91 0.96 0.79 0.98 -62.4 0.21 0.64 0.84 0.68 0.87 0.71 0.71 -11.3 0.46

Bottom (0 cm) 0.385 0.36 2.5 0.05 NA I 6 0.67 0.90 0.57 0.82 0.51 0.85 0.27 0.77 -0.03 0.67 0.75 0.97 -5.96 0.69 0.80 0.90 0.69 0.88

0.385 0.36 2.5 0.05 NA C 9 0.89 0.93 0.97 0.97 0.94 0.95 0.95 0.96 0.84 0.86 0.85 0.89 0.89 0.93 0.90 0.96 0.89 0.96

P-20 P-10 P-05Underdrain D-25 D-20 D-10 D-05 P-25

Notes:

I intermittent flow

C continuous flow

λmob mobile zone longitudinal dispersivity

λimm immobile zone longitudinal dispersivity

The column for successful locations notes the total number of sample locations that satisfied objective function criteria (NSE > 0.5 and r
2
 > 0.6)

Table A5. Calibration results for continuous and intermittent flow. Green shading indicates locations that 

satisfied objective function metrics (NSE > 0.5 and r2 > 0.6). 

 

.  
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Table A6. Pulse tracer test bromide (Br) recovery 

Laboratory 

Column Br Mass Recovery (%) 

  

Event 

0 

Event 

1 

Event 

2 

        

Top Underdrain 

(30 cm) 58 77 90 

Middle 

Underdrain (15 cm) 66 91 96 

Bottom 

Underdrain (0 cm) 95 93 93 
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Figures  

 

Figure A1. Considering the effect of center PVC pipe on preferential flow by 

comparing adjacent grid cells in the loamy sand layer with (a) a Ksat equal to loamy sand 

(4.0E-5 m/s), (b) an increased Ksat 8.0E-5 m/s to account for preferential flow and 

packing variability, and (c) resultant underdrain breakthrough curves. 
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Figure A2. Heat map simulation of percent saturation. Shaded black line is 

included to show the gravity drain boundary condition. 
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Figure A3. Conceptual flow chart of VS2DRTI Sensitivity, Calibration, and 

Validation Steps. Parameters in both the IWS layer and loamy sand (LS) layer were 

evaluated. Sensitive parameters included: λ = dispersivity, ƞ = porosity, beta = 

Van Genuchten beta, Kzz/Khh = anisotropy, and Sat K = saturated hydraulic 

conductivity. While IWS λ was classified as mildly sensitive it was included in 

calibration for reasons discussed in Appendix A. 
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Figure A4. Model validation at the underdrain for the simulated (a) bottom, (b) 

middle, and (c) top underdrain columns. 
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Figure A5. Tracer break through curves (BTCs) for Br step test (Event 3) for the 

(a) bottom, (b) middle, and (c) top underdrain laboratory columns. 
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Figure A6. Intermittent storm Cl tracer data, for Cl applied in E4 and E6, for the 

top underdrain laboratory column for the (a) underdrain, (b) D-20, and (c) D-05 locations.  
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Figure A7. Intermittent storm Cl tracer data, for Cl applied in E4 and E6, for the 

bottom underdrain laboratory column for (a) D-20, (b) D-05, and (c) underdrain 

locations. 
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Figure A8. Simulated velocity heat maps under continuous flow for the bottom (0 

cm), middle (15 cm), and top (30 cm) underdrain heights. 

  

Figure A9. Effect of HLR on immobile zone area for the 15 cm underdrain height 

for HLRs of (a) 4 cm/hr, (b) 6 cm/hr (b), and (c) 13 cm/hr. 

0 cm 15 cm 30 cm 

vel. (m/s) 

Underdrain Height 



APPENDIX B 

 

B1. HRT calculations based on effective pore volume  

Effective pore volume (PV) refers to the PV contributing to fluid flow. Effective 

porosity (ƞe) was determined using the drainable porosity following methods described 

elsewhere (Berger et al., 2019). In the current paper, HRT was calculated as a function of 

the applied volumetric flow rate (Q) and the pore volume contributing to flow in 

accordance with Eq. (B1).  

𝐻𝑅𝑇 =
𝑉𝑅𝑛𝑒𝑓𝑒

𝑄
         (B1) 

where VR is the volume of the bioreactor (including loamy sand layer and IWS) and fe 

represents the macroscopic mobile fraction of the IWS contributing to flow and equaled 

1.0, 0.8, 0.6 for the bottom column, middle column, and top column, respectively. fe was 

determined as the fraction of IWS volume above the underdrain relative to the total IWS 

volume.  

B2. Pulse tracer experiments 

Pulse tracer experiments were conducted to characterize column hydraulics (i.e., 

hydraulic efficiency and hydraulic residence time). Methodology followed the same 

procedures described elsewhere (Donaghue et al. 2021). In short, tracer experiments 

included application of three total pore volumes of tracer free water followed by a 2 L 

pulse of 1,000 mg/L chloride (Cl) and then a return to application of tracer free water 

until baseline conditions were observed at the underdrain (< 10 mg-Cl/L). Tracer 

experiments were conducted under continuous flow at a hydraulic loading rate of 5 cm/h 

(55 mL/min). Two pulse tracer experiment were performed: tracer 1 occurred after the 
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dormant period, immediately before initiating SS-1.5-dormant, and tracer 2 occurred after 

completing transient events. Table B5 summarizes tracer breakthrough curve statistics.  

Chloride was measured via colorimetric methods using an AQ300 Discrete 

Analyzer (SEAL Analytical; method number EPA-124-C Rev 0). The Cl method 

detection limit was 0.4 mg/L. Cl analysis included sample duplicates, continued 

calibration blanks, and continued calibration verification every 10 samples. 

The E(t) curve or the residence time distribution function (Eq. (B2)), was used to 

determine the tracer mean residence time (𝑡̅) (Eq. B3): 

 

𝐸(𝑡) =
𝐶(𝑡𝑖)

∫ 𝐶(𝑡𝑖)𝑑𝑡
∞
0

=
𝐶(𝑡𝑖)

∑ 𝐶𝑖∆𝑡
𝑛
𝑖=1

      (B2) 

𝑡̅ = ∫ 𝑡𝑖 𝐸(𝑡𝑖)𝑑𝑡
∞

0
= ∑ 𝑡𝑖𝐸𝑖∆𝑡

𝑛
𝑖=1       (B3) 

 

where C is the tracer concentration, ti is the sample collection time, Δt represents the 

incremental time step, and n is the number of samples. Tracer variance (σ2; Eq (B4)) and 

skewness (s3; Eq (B5)) were calculated as the second and third moments about E(t): 

 

𝜎2 = ∫ (𝑡𝑖 − 𝑡̅)2𝐸(𝑡𝑖)𝑑𝑡
∞

0
= ∑ (𝑡𝑖 − 𝑡̅)2𝐸𝑖∆𝑡

𝑛
𝑖=1     (B4) 

𝑠3 = 
1

𝜎3/2 ∫ (𝑡𝑖 − 𝑡̅)3𝐸(𝑡𝑖)𝑑𝑡
∞

0
=

1

𝜎3/2
∑ (𝑡𝑖 − 𝑡)̅3𝐸𝑖∆𝑡

𝑛
𝑖=1    (B5) 

 

B3. Steady state removal kinetics 

Removal kinetic estimates for zero order and first order were determined in excel 

using linear regression. Data employed included average underdrain NOx concentrations 

for SS-1HLR, SS-2.5HLR, and SS-5HLR for all three columns. The zero-order rate 

constant equaled the slope of linear regression for concentration versus time. The first 

order rate constant equaled the slope of the linear regression for the natural log of (C/Co) 

versus time where C equaled the average underdrain effluent NOx concentration for a 

particular HLR and Co equaled the average NOx influent concentration. The square of the 
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Pearson product moment correlation coefficient (r2) was used to compare fits between 

zero and first order. 

B4. Transient events: DON and NH4
+ trends 

While not a source in synthetic stormwater, dissolved organic nitrogen (DON) 

was observed in effluent across all three columns and ranged 0.3 to 1 mg-N/L (with the 

exception of one sample, ~1.5 mg-N/L, Figure S5a) across the three hydraulic loading 

rates (HLRs). It is suspected that DON was associated with organic nitrogen in biomass 

rather than woodchips as biofilm was observed is some underdrain samples. Additionally, 

DON trends did not follow those observed for dissolved organic carbon (DOC). 

Ammonium (NH4
+) was non-detect for almost all storms (Figure S5b) and provided 

confirmatory evidence dissimilatory nitrate reduction to ammonia (DNRA) did not occur 

during transient conditions.  
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Tables  

 

Table B1. Synthetic stormwater composition. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Component Value Unit Notes, source chemical

pH 7 -- Adjusted with HCl, Fisher Chemical Technical Grade

NO3
- 

3.0 mg-N/L NaNO3 Sigma-Aldrich ACS Grade 

NaCl 0.01 mg-N/L Used for ionic strength, NaCl Sigma-Aldrich ACS Grade

NaHCO3 0.003 mg-N/L Used for buffering, NaHCO3 Sigma-Aldrich ACS Grade

PO4
3- 

0.1 mg-P/L Used to promote biological growth, KH2PO4 Sigma-Aldrich ACS Grade
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Table B2. Detailed experimental sequence. 

 

asteady state flow refers to continuous flow conditions. Transient flow events were applied for a 5 h 

duration 
bDuring COVID, lab access was restricted and columns experienced a dormant period from March 2020 to 

August 2020. 
cHydraulic residence time (HRT) was calculated based on the effective pore volume (PV) 
dAntecedent dry period (ADP) the number of days between events. 

 

 

Event Event Bottom U. (0 cm) Middle U. (15 cm) Top U. (30 cm) 

  Date Flow HRT Flow HRT Flow HRT 

    avg. Eff PVc avg. Eff PVc avg. Eff PVc 

    (std. dev) hr (std. dev) hr (std. dev) hr 

SS-5 2/11/2020 - 

2/24/2020 

50.22 

(3.85) 

4.7 52.95 

(2.58) 

3.7 51.91 

(2.33) 

2.8 

SS-2.5 2/25/2020 - 

3/7/2020 

26.1 

(1.43) 

9.4 26.16 

(0.96) 

7.4 26.41 

(1.50) 

5.6 

SS-1 3/6/2020 - 

3/16/2020 

10.74 

(0.51) 

21.9 11.15 

(0.39) 

17.4 11.39 

(0.53) 

13.2 

Dormant Periodb  (3/16/2020 - 8/10/2020)           

SS-1.5-post-

dormant 

8/10/2020 - 

8/24/2020 13.8 17.6 13.6 13.9 14.0 10.5 

    (0.90)   (0.18)   (0.96)   

Trans-1-HLR-I 8/31/2020 11.8 -- 10.98 -- 11.31 -- 

    (0.99)   (0.83)   (1.12)   

Trans-1-HLR-II 9/7/2020 10.92 -- 10.63 -- 10.61 -- 

    (0.63)   (0.73)   (0.46)   

Trans-2.5HLR-I 9/14/2020 Not sampled          

Trans-2.5HLR-II 9/21/2020 28.04 -- 27.17 -- 26.68 -- 

    (0.67)   (0.74)   (1.31)   

Trans-2.5HLR-III 9/28/2020 25.61 -- 26.48 -- 26.20 -- 

    (0.48)   (0.81)   (0.40)   

Trans-5HLR-I 10/5/2020 Not sampled          

Trans-5HLR-II 10/12/2020 54.27 -- 55.10 -- 55.32 -- 

    (0.94)   (1.03)   (0.96)   

Trans-5HLR-III 10/19/2020 53.07 -- 51.49 -- 53.73 -- 

    (0.65)   (1.16)   (0.87)   

Trans-14ADP-I 11/2/2020 25.31 -- 25.91 -- 24.88 -- 

    (1.68)   (1.35)   (1.66)   

Trans-3ADP-I 11/6/2020 25.13 -- 26.11 -- 25.58 -- 

    (0.45)   (0.69)   (0.83)   

Trans-14ADP-II 11/20/2020 26.55 -- 25.93 -- 26.14 -- 

    (0.75)   (1.01)   (0.27)   

Trans-3ADP-II 11/24/2020 27.14 -- 26.83 -- 27.70 -- 

    (0.46)   (0.57)   (0.31)   
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Table B3. Steady state sampling schedule. 

 

 

Parameter

Location pH Flow DOC TN TDN NH4+/NH3 NOx Dual Isotopes

Underdrain x x x x x x x x

D-25 x x

D-20 x

D-10 x x

D-05 x

P-25 x

P-20 x

P-10 x

P-05 x
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Table B4. Transient sampling schedule 

  

 

Table B5. Tracer breakthrough curve statistics. 

 

 

Initial During storm Final 

(t = 0 min) (0 min < t < 300 min ) (t = 300 min)

Location TN TDN

NH 4
+

/

NH 3 NO x DOC TN TDN

NH 4
+

/

NH 3 NO x DOC TN TDN

NH 4
+

/

NH 3 NO x

Underdrain x x x x x x x x x x x x

D-25 x x x x x x

D-20 x

D-10 x x x x

D-05 x x x

P-25 x x x x x x

P-20 x

P-10 x

P-05 x x x x x x

D
u

a
l 

Is
o

to
p

es

D
u

a
l 

Is
o

to
p

es

D
u

a
l 

Is
o

to
p

es

Column Pulse Underdrain Cpeak Tpeak σ² s
3

experiment flowrate

mL/min mg/L min min hr min^2

Bottom underdrain Tracer 1 56.0 182 280 300 4.99 7,220 127

Tracer 2 54.7 179 280 302 5.03 6,900 252

Middle underdrain Tracer 1 54.9 272 200 230 3.83 11,220 918

Tracer 2 55.1 186 200 255 4.26 8,820 793

Top underdrain Tracer 1 53.9 364 190 213 3.55 7,700 666

Tracer 2 55.9 253 200 234 3.9 6,450 977

 ̅
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Table B6. Analytical preservation, holding times, and limit of quantification (LOQ) 

  

Table B7. Average mass loads and mass flux for NOx and DOC during transient events. 
Mass flux for NOx and DOC is also plotted and shown in Figure B.9. 

  

Bottom 

underdrain     Middle underdrain   Top underdrain     

  NOx   DOC    NOx   DOC    NOx   DOC    

  Load Mass flux Load 

Mass 

flux Load Mass flux Load 

Mass 

flux Load Mass flux Load 

Mass 

flux 

Event mg-N mg-N/m2 

 mg-

C mg-C/m2 mg-N mg-N/m2 

 mg-

C mg-C/m2 mg-N mg-N/m2  mg-C mg-C/m2 

Trans-

1HLR 0.01 0.16 135 2100 0.30 4.68 124 1930 2.62 40.8 58.5 913 

Trans-

2HLR 0.75 12 192 2990 6.83 106 228 3560 10.7 166 79 1230 

Trans-

5HLR 19 298 228 3560 28.8 449 216 3360 36.2 564 127 1980 

Trans-

3ADP 1.0 16 113 1750 7.34 115 123 1920 13.8 215 50.5 788 

Trans-

14ADP 0.58 9.0 131 2040 4.43 69.0 131 2040 12.1 188 59.5 928 
aThe nominal ADP was 7 days for events Trans-1HLR, Trans-2.5HLR, and Trans-5HLR and the HLR was 2.5 cm/h for events Trans-3ADP and Trans14ADP. 
bMass flux is equal to the mass load divided by the column cross-sectional area (0.064 m2). 

Analyte Preservation Holding Time LOQ

DOC room temperature analyzed day of collection 2.5 mg-C/L

TN 4°C, digested within 48 hrs 28 days 0.008 mg-N/L

TDN 4°C, digested within 48 hrs 28 days 0.008 mg-N/L

NH4
+
/NH3 4°C 24 hours 0.016 mg-N/L

NOx frozen indefinite 0.008 mg-N/L
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Table B8.  Summary of IWS NOx concentrations for transient events for old IWS water 

(t=0 min) and final event water (t=300 min). 

 
NM = not measured 

non-detect concentrations are reported in italics (< 0.008 mg-N/L) 

 

 

 

 

 

IWS   Bottom column   Middle column   

Top 

column   

Location 

Old IWS 

Water 

Final 

Event 

Water   

Old 

IWS 

Water 

Final 

Event 

Water   

Old IWS 

Water 

Final 

Event 

Water 

Trans-1-HLR-I               

D-25   0.592 1.599   0.556 1.606   0.326 0.715 

D-05   0.084 0.008   0.020 0.008   0.049 0.008 

P-25   0.687 1.784   0.638 2.106   0.151 1.657 

P-05   0.195 0.008   0.036 0.008   0.031 0.008 

Trans-1-HLR-II               

D-25   0.145 2.218   NM 1.970   NM 1.398 

D-05   0.035 0.008   0.008 0.008   0.037 0.022 

P-25   0.302 2.480   NM 2.219   0.070 0.868 

P-05   0.017 0.024   0.008 0.008   0.016 0.010 

Trans-2.5-HLR-II               

D-25   0.008 2.857   0.174 2.590   0.048 2.104 

D-05   0.008 1.805   0.018 0.008   0.008 0.008 

P-25   0.008 2.765   0.016 2.596   0.038 2.190 

P-05   0.008 1.346   0.011 0.008   0.008 0.008 

Trans-2.5-HLR-III               

D-25   0.173 2.641   0.319 2.401   0.211 2.307 

D-05   0.044 1.512   0.026 0.008   0.010 0.008 

P-25   0.317 2.436   0.147 2.501   0.173 2.131 

P-05   0.094 1.142   0.045 0.008   0.015 0.008 

Trans-5-HLR-II               

D-25   0.008 3.266   0.008 2.915   0.039 2.888 

D-05   0.008 2.872   0.010 0.019   0.018 0.015 

P-25   0.008 3.103   0.032 3.085   0.079 2.721 

P-05   0.008 2.633   0.018 0.008   0.051 0.008 

Trans-5-HLR-III               

D-25   0.307 2.882   0.324 2.683   0.221 2.716 

D-05   0.137 2.583   0.029 0.154   0.008 0.008 

P-25   0.475 2.836   0.498 2.779   0.138 2.734 

P-05   0.155 2.472   0.055 0.008   0.008 0.008 
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Table B9. Transient underdrain average pH and ammonium/ammonia 

(NH4
+/NH3) results. 

pH averages include five sample points ammonia averages include 3. 

    Bottom column   Middle column   Top column 

    Avg. ±σ   Avg. ±σ   Avg. ±σ 

Trans-1-HLR-I                 

pH   7.719 0.293   7.575 0.292   7.386 0.172 

NH4
+ /NH3   0.062 0.003   0.230 0.010   0.025 0.015 

Trans-1-HLR-II                 

pH   6.94 0.056   6.6384 0.166   6.673 0.065 

NH4
+ /NH3   0.023 0.013   0.073 0.063   0.09 0.091 

Trans-2.5-HLR-

II                 

pH   6.650 0.092   6.577 0.100   6.604 0.071 

NH4
+ /NH3   0.016 0   0.091 0.092   0.016 0 

Trans-2.5-HLR-III               

pH   6.539 0.027   6.476 0.038   6.524 0.114 

NH4
+ /NH3   0.016 0   0.081 0.061   0.016 0 

Trans-5-HLR-II                 

pH   6.639 0.057   6.656 0.143   6.736 0.220 

NH4
+ /NH3   0.016 0   0.189 0.075   0.016 0 

Trans-5-HLR-III                 

pH   6.661 0.065   6.631 0.128   6.751 0.171 

NH4
+ /NH3   0.016 0   0.016 0   0.016 0 
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Figures

 

Figure B1. Tracer breakthrough curves for (a) tracer 1 and (b) tracer 2. 

 

 

 



 

235 

 

 

Figure B2. Box and whisker plots for dissolved oxygen (DO) for (a) SS-2.5 and 

(b) SS-1.5-post-dormant.  
DO measurements were collected from 15 cm height IWS DO port. n umber of data points ≥ 50. 

Whiskers indicate minimum and maxium values. 
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Figure B3. Steady state velocity heat map simulation for SS-1.  
Applied HLR equal to 1 cm/h. Simulations were conducted in USGS VS2DRTI. 

 

 

 

Figure B4. Final NOx observed from underdrain as a function of effective pore 

volume across all transient HLR scenarios. 
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Figure B5. Examples of non-linear isotope enrichment response: (a) non-linear 

δ15N for HLR 5 cm/h at T180-200 min (b) non-linear δ18O for HLR 1 cm/h at T180-200 

min  ( c) non-linear δ18O for HLR 2.5 cm/h for bottom underdrain at T180-200 min and 

HLR 2.5 cm/h. 
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Figure B6. Transient events as a function of HLR for (a) DON and (b) 

ammonium/ammonia (NH4
+/NH3). 
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Figure B7. Average mass flux for (a) NOx and (b) DOC as a function of hydraulic 

loading rate (HLR). 
Mass flux equals the mass load (Table S7) divided by the column cross-sectional area (0.064 m2). 
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Figure B8. IWS DOC concentrations as a function of HLR for the (a) top column 

(b) middle column, and (c) bottom column. 
Gradient (i.e., change in concentration over depth, ΔC/Δh) is in units of mg-N/L/cm. DOC was 

measured via UV-vis at a wavelength of 254 nm. 
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Figure B9. IWS DOC concentrations as a function of ADP for bottom column (a) 

middle column (b) and top column (c). 
DOC was measured via UV-vis at a wavelength of 254 nm. 
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Figure B10. Normalized Cpeak NOx observed at the underdrain location as a 

function of ADP. 
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APPENDIX C 

C.1. Inoculum water site description 

Inoculum water was bailed from internal water storage (IWS) of a bioretention 

site in Philadelphia, PA. The IWS was ~ 60 cm thick and comprised of gravel and a 5 cm 

woodchip layer mid-depth. Water was bailed into a 5-gallon buck using a monitoring 

well screened in the IWS. 

C.2 High-resolution LC MS/MS method details 

Table C.4 summarizes the liquid chromatography (LC) pump binary gradient. The 

flow equaled 0.5 mL/min and a 12-minute analysis time was used. For the mass 

spectrometry (MS) method, the following source and gas parameters were applied: ion 

source gas equaled 20 psi, curtain gas 25 psi, CAD gas 7 psi, and temperature of 500°C. 

A multiple reaction monitoring (MRM) experiment was used in positive mode with a 

spray voltage of 5000 V. Time of flight (TOF) MS parameters included a 40 Da start 

mass, a 500 Da stop mass, and 0.12 s accumulation time. Fragmentation was achieved 

using a declustering potential of 80 V and collision energy of 10 V. Table C.5 

summarizes TOF MS/MS parameters.  
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Tables 

Table C.1. Synthetic stormwater composition. 

Component Value Unit Source chemical/Notes 

pH 7 -- adjusted with hydrochloric acid or sodium 

hydroxide 

NO3
- (mg-N/L) 3.0 mg-N/L sodium nitrate 

NaCl  58.4 mg/L used for ionic strength 

NaHCO3 252 mg/L used for buffering 

PO4
3- (mg-P/L) 0.1 mg-P/L potassium dihydrogen orthophosphate, used to 

promote biological growth 

DOC 7 mg-C/L humic acid  

DON 0.6 mg-N/L humic acid  

1H-

benzotriazole 

50 µg/L trace organic nitrogen compound 

caffeine 50 µg/L trace organic nitrogen compound 

 

Table C.2. Saturated hydraulic conductivity (Ksat) and effective porosity (ƞeff) 

determined during step tracer tests. 

Column  Ksat   ƞeff PVeff IWS PVeff 

  mL/min cm/hr -- L L 

Gravel (G) 96.2 9.0 0.36 15.9 7.3 

Gravel-woodchip (GW) 89.2 8.3 0.45 19.8 9.1 

Gravel-woodchip-biochar 

(GWB) 74.3 6.9 0.41 18.3 8.4 

 

Table C.3. Nitrogen analysis sample preservation, holding times, and limit of 

quantification (LOQ). 

Analyte Preservation Holding Time LOQ 

DOC room temperature 

analyzed day of 

collection 2.5 mg-C/L 

TN 

4°C, digested within 48 

hrs 28 days 0.008 mg-N/L 

TDN 

4°C, digested within 48 

hrs 28 days 0.008 mg-N/L 

NH3/NH4
+ 4°C 24 hours 0.016 mg-N/L 

NOx frozen indefinite 0.008 mg-N/L 
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Table C. 4. TOF MS/MS parameters 

Components   
Precursor 

Ion 

Fragment 

Ion 

Declustering 

Potential  

Collision 

Energy 

Retention 

Time 

    Da Da V V min 

1H 

Benzotriazole  
120.05 65.0419 30 30 3.33 

  120.05 92.0559 30 20 3.33 

Caffeine  195.08 138.0662 25 25 3.21 

  195.08 154.0399 25 10 3.21 

  195.08 110.0957 25 30 3.21 

  195.08 109.9997 25 15 3.21 

    195.08 83.0729 25 35 3.21 

  

Table C.5. Bioassay results, detailed table 

    Percent Change   

Column ADP 

Old IWS 

Water   

New IWS 

Water  
    DIN DON TDN   DIN DON TDN 

Gravel (G)        

 

Trans-

3ADP ↑ 1% ↑ 38% ↑ 7.9%  ↑ 2% ↓ 11% ↑ 1% 

 

Trans-

7ADP ↓ 4% ↑ 35% ↑ 2%  ↓ 2% ↑ 23% ↑ 2% 

 

Trans-

14ADP ↓ 5% ↓ 15% ↓ 7%  ↓ 5% ↓ 58% ↓ 17% 

Gravel-woodchip 

(GW)        

 

Trans-

3ADP ↓ 13% ↓ 5% ↓ 9%  ↓ 3% ↑ 21% ↑ 1% 

 

Trans-

7ADP ↓ 27% nc ↓ 14%  

↓ 

21% ↑ 18% ↓ 10% 

 

Trans-

14ADP ↓ 17% ↓ 32% ↓ 25%  ↓ 8% ↓ 49% ↓ 20% 

Gravel-woodchip-biochar 

(GWB)       

 

Trans-

3ADP ↓ 17% ↑ 12% ↓ 4%  

↓ 

16% ↑ 17% ↓ 6% 

 

Trans-

7ADP ↓ 20% ↑ 67% ↑ 15%  

↓ 

52% ↑ 46% ↓ 22% 

  

Trans-

14ADP ↓ 20% ↓ 18% ↓ 19%   

↓ 

25% ↓ 61% ↓ 38% 

Notes:         
↓ decrease in concentration; 

biodegradable       
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↑ increase in concentration; produced or cellular 

metabolites     
nc = no change;  

To = T5        
 

Figures 

 

Figure C. 1. Results of caffeine sorption loss study. 

Sample were collected immediately follow preparation at times of 4 and 24 h. The 

concentration at t=0 was 65 µg/L. 
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Figure C. 2. Concentration profiles over the course of transient events for (a) NOx 

(b) dissolved organic nitrogen (DON), and (c) ammonium (NH4
+). 
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APPENDIX D 

 

Photo D.1. Standing water observed in the excavation trench of a bioretention 

field site in Philadelphia, PA.  
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Photo D.2. Installation of gravel layer with a 5 cm woodchip layer for a 

bioretention field site in Philadelphia, PA.  
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APPENDIX E 

E.1 Materials and Methods 

Our approach included a complex blend of examining multi-metal sulfide (MeS) 

formation and behavior across various factors (presence/absence of organic ligands, 

matrix ionic strength, and valance state) and levels. Additionally, single-metal MeS 

studies were performed for select metals (Zn and Cd) and compared to multi-MeS trends. 

Table E1 provides a summary of all experimental runs considered (11 total, each in 

duplicate) across single and multi-metal systems. Five metals total were investigated to 

cover a range of MeS solubilities. The effects of increasing ligand concentration was 

examined for cysteine (CYS) at equimolar 1:1 and 10:1 CYS: sulfide (S) molar ratios (12 

µM CYS and 120 µM CYS, respectively). Single-metal MeS studies were examined for 

12 µM S and equimolar CYS:S ratio cases only. Lastly, we examined the effects of 

matrix ionic strength and valence state for multi-metal systems in the presence of 120 µM 

CYS.  

E.1.1 Materials.  

All solutions were prepared with sub-boiled nanopure water (SBW; 18.2 MΩ-

cm). Acidification of samples consisted of OmniTrace sub-boiled nitric (2.0%, by 

volume) and hydrochloric acid (0.5%, by volume). Polypropylene bottleware for stock 

solutions, centrifugation, and inductively couples mass spectrometry (ICP-MS) analysis 

were acid rinsed in nitric acid (5%, by volume) overnight and triple-rinsed with nanopure 

water.  

Sodium sulfide (Na2S) and CYS stock solutions were prepared daily; purged 

SBW was used to rinse Na2S*9H2O salt crystals, weighed in 2 mL of purged sub-boiled 
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water. The S stock was adjusted to a pH ~10. Except for inorganic reagent salts, all stock 

solutions were stored at 4°C. 

Reagents for CYS derivatization included 2.0 mM 2,2′-dithiobis(5-nitropyridine) 

(DTNP) dissolved in acetonitrile and 0.5 M sodium acetate buffer adjusted to pH 6 

(Vairavamurthy and Mopper, 1990).  

E.1.2 Centrifugation Batch Experiments.  

Initial matrix pH was measured (Proton ISE electrode; ThermoFisher Scientific 

model 8302BUMD). For matrix ionic strength experiments, NaNO3 concentrations were 

adjusted to evaluate ionic strengths of 0.01 (10 mM NaNO3), 0.1 (100 mM NaNO3), and 

0.2 (200 mM NaNO3). The effect of valence state was considered using Ca(NO3)2 as the 

matrix electrolyte and adjusting the concentration to achieve ionic strengths of 0.01 (3.3 

mM Ca(NO3)2 ), 0.1 (33 mM Ca(NO3)2 ), and 0.2 (66 mM Ca(NO3)2 ). 

For dissolved analysis, ultrafiltration using pre-rinsed Amicon Ultra-0.5 

centrifugal filters with a 10 kDa molecular weight cutoff (MWCO) were utilized to 

differentiate between particulate and “truly” dissolved species (average pore size 

estimated as 3.2 ± 2.3 nm; (Van Koetsem et al., 2017). Ultrafiltration samples were 

subjected to 14,000g for 15 minutes in accordance with manufacturer recommendations 

(Millipore Corporation, 2011). Additional samples for ultrafiltration (dissolved species) 

were collected for select time points of 25, 55, 70, and 180 minutes. The filtrate was 

collected and diluted to a total volume of 3 mL for ICP-MS analysis.   

Following 12 µM S addition, centrifugation samples were subject to spin times of 

2, 5, and 15 minutes.  

E.1.3 CYS Ultrafiltration Test. 
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A single-metal batch test of CYS and Cd was performed to determine the 

concentration of CYS passing through ultrafiltration filters. Experiments were initiated 

by adding 12 µM CYS to the 10 mM NaNO3, 4 mM HEPES buffer. Upon CYS addition 

samples were collected to determine the total CYS concentration and the CYS 

concentration post ultrafiltration. A spike of 2 µM Cd was then added and samples were 

collected a second time to measure total CYS and CYS post ultrafiltration.  

CYS concentration was monitored by taking 1 mL aliquots for the noted samples 

and derivatizing for 5 minutes at room temperature by adding 50 µL of the 2 mM DTNP 

reagent and 50 µL of the 0.5 M sodium acetate buffer. Samples were analyzed the same 

day of collection.  

E.1.4 Analytical Methods. 

ICP-MS Standards were prepared in a 2% nitric acid and 0.5% hydrochloric acid 

sub-boiled matrix using ICP-MS 71A standard (Inorganic Ventures). Due to matrix 

effects associated with Ca2+, standards for valance state experiments were prepared using 

equivalent Ca(NO3)2 concentrations in 4 mM HEPES acidified matrix. Internal Standard 

6020 (Inorganic Ventures) was used throughout out analysis to determine batch and 

analysis stability. NIST SRM 1640 was used to verify sample accuracy every 20 samples. 

Quantitative samples met the following quality assurance metrics: 

• Internal standard recovery 100 ± 30%; 

• Internal standard relative standard deviation < 5%; 

• Measured concentration was greater than the limit of quantification (LOQ) 

determined by the lowest calibration standard that can be quantified (± 30%); and 
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• Measured values of NIST SRM 1640a with ± 10% of known reference material 

concentration. 

Batch detection limits (DLs) and LOQs are summarized in Table E2. Table E3 

summarizes variability between duplicates with respect to average standard deviations for 

each metal and batch experiment.  Table E4 summarizes total quantitative versus estimate 

concentrations counts for metal analytes across all factors and levels considered in this 

study.   

Transmission electron microscopy (TEM) samples were prepared by depositing 

10 µL aliquots onto a 200-mesh formvar coated nickel grid (Ted Pella) positioned on 

filter paper to adsorb excess liquid. Deposition was repeated four times and samples were 

oven dried at 50°C for 10 minutes then preserved in a vacuum chamber prior to analysis 

(VWR, Vacuum Sample Saver). 

CYS analysis followed a method used by others (Vairavamurthy and Mopper 

1990), where solvent B consisted of acetonitrile (stronger eluent) and Solvent A 

contained 0.05 M sodium acetate and 7.5 mM tetrabutylammonium hydrogensulfate 

adjusted to a pH of 3.5 ± 0.05. A flow rate of 200 µL/min was applied using the 

following gradient sequence (26-minute run time per sample): isocratic at 10% B for 4 

minute, 10% to 34% B in 8 minutes, 34 to 55% B in 5 minutes, 55 to 100% B in 5 

minutes, isocratic at 100% B for 2 minutes and back to 10% B in 2 minutes. Calibration 

curves in the range 1 – 20 µM CYS were made fresh the day of analysis.  

E.2 Data Analysis 

E.2.1 Confirmatory Dissolved Experiment. 
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A multi-metal confirmatory dissolved batch experiment was performed for the12 

µM CYS:12 µM S case for a 25-minute duration. Measured dissolved concentrations at 

2.5 and 7.5 minutes indicated that precipitation was rapid, with a notable fraction of the 

metals present as solids within the first sampling period (Table E5). As a result, dissolved 

concentrations for 2.5 and 7.5 minute time points were set equal to the measured 

concentration at 25 minutes for all batch experiments. Table E5 summarizes the multi-

metal dissolved experiment results.  

E.2.2 Sensitivity Analysis: Multi-MeS Density Assumptions.  

Table E6 summarizes particle fractionation cutoffs as a function of particle 

density assumptions. For multi-metal systems, MeS densities were varied to account for 

the effects of co-preciptiation with other mineral phases, dissolution, shape factor, and 

aggregate porosity. The percent change in particle fraction was compared a reference 

density of 5.74 g/cm3. The reference density assumes solid phase particle (i.e, no 

porosity) and accounts for thermodynamically expected (hydr)oxides. Based on 

sensitivity analysis and experimental trends, a density assuming aggregates with 0.6 

porosity and a mineral phase density of 5.74 g/cm3 (highlighted in yellow, Table E5) was 

applied globally to all multi-metal Dv calculations.  

E.2.3 Particle Size Distribution Calculations. 

PSDs were determined following the example algorithms below. In brief, 

concentrations for duplicate samples were averaged and the mass concentration for each 

particle size fraction was computed as the difference. Percent mass relative to each size 

fraction was computed using the total unfractionated mass concentration measured for 
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each time point. Table E7 provides the data set for multi-metal Cd in the presence of 12 

µM S for example calculation that follows.  

1. Metal concentrations for each sample collection point (dissolved, small NPs, medium 

NPs, large NPs, and colloids) were averaged (duplicate samples) and the mass 

concentration for each particles size class was computed as the difference. For 

example, for the 5-minute spin time: 

𝑀𝑒𝑑𝑖𝑢𝑚 𝑁𝑃𝑠 𝐶𝑑 𝐶𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛 = 𝐴𝑣𝑒𝑟𝑎𝑔𝑒 [𝐶𝑑]3 𝑚𝑖𝑛  − 𝐴𝑣𝑒𝑟𝑎𝑔𝑒 [𝐶𝑑]5 𝑚𝑖𝑛 

𝑀𝑒𝑑𝑖𝑢𝑚 𝑁𝑃𝑠 = 1.62 µ𝑀 − 1.39 µ𝑀 = 𝟎. 𝟐𝟑 µ𝑴 

2. Percent mass for each bin size was determined using the average total mass measured 

for each time step. For example, the percent mass for Cd for the medium NP bin size 

was calculated as: 

𝑀𝑒𝑑𝑖𝑢𝑚 𝑁𝑃𝑠 =
𝑀𝑒𝑑𝑖𝑢𝑚 𝑁𝑃𝑠 𝐶𝑑 𝐶𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛

𝑇𝑜𝑡𝑎𝑙 𝐶𝑑 𝐶𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑖𝑜𝑛
=

0.23 µ𝑀

1.91 µ𝑀
= 𝟏𝟐. 𝟎% 

3. For time steps when 10 kDa filtration was applied, the dissolved size fraction equal to 

the measured filtrate concentration.  

4. In the absence of 10 kDa filtration, dissolved fractions were determined as follows: 

(1) precipitation time points (T = 2.5 and 7.5 minutes) were set equal to the dissolved 

concentration measured at T = 25 minutes and (2) dissolved concentrations (T = 40, 

90, and 120 minutes) were calculated using linear interpolation between T = 25 min 

and T = 180 min..  

5. In the event that concentrations were not statically different between subsequent spin 

times, particle size ranges were not computed. 

6. Occasionally, 15-minute spin times resulted in concentrations statistically greater than 

a shorter spin time (i.e. 5 minutes or larger particle size). This was attributed to 



 

256 

 

precipitation continuing to occur during centrifugation. In these cases, concentrations 

were used as measured.  

S.2.4 Equations for Volume Weighted Particle Centroids (Dv).  

The particle number concentration (Cpi,) use in PSD development was calculated 

in accordance with equation S1, which were then used to calculate volume weighted 

particle centroids (Dv, equ 1 in main MS): 

Cpi=
Ci

Vpi*ρ
MeS

       (E1) 

where: 

Ci=MeS concentration for bin size i (µg/L) 

Vpi= volume of a spherical MeS particle associated with Di of bin size i (cm3) 

ρ
MeS

= MeS density (µg/cm3) 

 

E.2.5 Equilibrium Speciation Modeling.  

Equilibrium conditions for multi-metal experimental conditions (25°C and opened 

to the atmosphere) were assessed using Visual MINTEQ 3.1 (Gustafsson, 2016). 

Simulations were executed to verify dissolved equilibrium concentrations in the presence 

and absence of sulfide, and possible solid phases. 

E.3 Supplemental Results 

E.3.1 Effect of Ionic Strength on MeS Precipitation and Aggregation.  

Particle growth, aggregation, and potential dissolution were monitored for multi-

metal systems containing 120 µM CYS:12 µM S in the presence of NaNO3 for ionic 

strengths of 0.01, 0.10, and 0.20. Increased particle sizes for the multi-MeS suite was 

only observed for the highest ionic strength tested (0.20, Figure 6.7A). Figure 6.7A 

shows Cu-containing MeS Dv exceeded 45 nm for an ionic strength of 0.20 compared to 
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Dv sizes less than 26 nm for the low (0.01) and intermediate (0.10) ionic strength cases. 

Additionally, 39% of Cu was represented by the colloid size fraction compared to 99% 

and 93% characterized by the small NPs for low and intermediate ionic strength cases, 

respectively (Figure E11). Similar size fractionation trends were observed for Pb and Cd 

where the colloid size class characterized 28% and 39% of the total mass, whereas small 

NPs characterized more than 86% for low and intermediate ionic strengths. Alternatively, 

the dissolved and Small NP size fractions overwhelmingly described Zn distributions 

across all ionic strength cases. Elevated ionic strength conditions, caused by increased 

NaNO3 concentrations (i.e., a monovalent cation), causes only modest aggregation. 

Results suggests that in the presence of excess organic ligand with respect to 

sulfide, electro-static double layer compression, due to increased matrix ionic strength, 

can overcome particle capping effects as seen with Cu, Pb, and Cd. Similar trends have 

been observed in single-metal studies for Zn (Deonarine et al., 2011; Lau and Hsu-kim, 

2008) and Cd (Mullaugh and Luther, 2011). For multi-metal systems here, Zn was 

limited to smaller NP sizes across all ionic strength levels. Similar particle size 

fractionation trends observed across Cu, Pb, and Cd and findings reported by others 

(Hofacker et al., 2013) suggest larger colloids are likely mixed MeS precipitated of Cu-

Pb-Cd. Broadly, for multi-metal system shifts in PSDs toward larger particle sizes is 

generally related to MeS solubility constants such that the percent mass described by 

larger size fractions corresponded to more insoluble MeS (i.e., Cu > Pb = Cd > Zn).  

Dissolved metal trends across the metal suite varied as a function of matrix ionic 

strength (Figure 6.7b). With the exception of Cd (and to a lesser extent Zn), increases in 

matrix ionic strength associated with high NaNO3 concentrations enhanced dissolution. 
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Final dissolved fractions for As, Pb, and Cu demonstrated strong linear correlations with 

matrix ionic strength exhibiting R2 values greater than 0.9. Correlations were less 

significant for Zn (R2 = 0.72) and matrix ionic strength had no observed impact on Cd 

dissolution (R2 = 0.32). Chou et al. observed opposing trends where Pb released from 

PbS was higher in freshwater compared to synthetic estuary and sea water (Chou et al., 

2018). Yet similar to this study, Cu release was highest for seawater compared to 

freshwater (Chou et al., 2018). The work of others and variability in dissolved metal 

fractions observed here (Figure 6.7b) suggest dissolution is metal specific and trends 

must be considered independently across the suite. Additionally, variations in 

experimental setup including concentration and metal suite considered could also 

contribute to opposing trends observed across studies.  

 

S.4 Figures 

 

Figure E1. Sample processing schematic for batch experiments.  
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Figure E2. Conceptual model of particle porosities (a) 0.2 (b) 0.6, and (c) 0.8 

considered in density sensitivity analysis. 

 

 

 

Figure E3. Sensitivity analysis of volume-weighted centroids (Dv) considering 

the effects of (A) shape factor (α) and (B) dissolution.  
Error bars represent one standard deviation over mean. Shape factors of 1.43 and 1.29 account 

for cylinder and cluster of spheres, respectively. 
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Figure E4. TEM images of multi-MeS precipitates 120 µM CYS:12 µM S 

scenario. 

 

 

Figure E5. HPLC CYS concentrations pre ultrafiltration (UF) and post UF. 

Matrix included 10 mM NaNO3 4 mM HEPES buffer, pH 7.5. 
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Black tick marks at T = 0 were included in PSDs to indicate initial dissolved 

concentration predicted by visual MINTEQ. As shown in Figure E4d, experimental initial 

dissolved mass fractions for Cd equated to 91 ± 0.4% compared to 100% initial dissolved 

predicted by Visual MINTEQ. The discrepancy between measured and simulated initial 

percent dissolved could be contributed to sorption onto hydroxide solids or minor filter 

loss during ultrafiltration. Substantially lower mass fractions for Cu (Figure E4a) and Pb 

(Figure E4b) are attributed to thermodynamically expect oxide solids. 

 

Figure E6. PSDs for multi-metal suite, in the absence of S and organic ligands for 

(A) Cu, (B) Pb, (C) As, (D) Cd, and (E) Zn.  
Black tick at T = 0 notes equilibrium percent dissolved determined by Visual MINTEQ in absence 

of S. Dashed lines for select D bin size indicates interpolated dissolved concentrations. Asterisk (*) denotes 

measured dissolved samples via ultrafiltration. 
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Figure E7. Cu PSDs for multi-metal (A) 12 µM S (B) 12 µM CYS:12 µM S:, and 

(C) 120 µM CYS:12 µM S.  
Asterisk (*) denotes measured dissolved samples via ultrafiltration. Error bars represent ± 1 

standard deviation above the mean. 
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Figure E8. Pb PSDs for multi-metal (A) 12 µM S, (B) 12 µM CYS:12 µM S, and 

(C) 120 µM CYS:12 µM S.  
Dashed lines for select D bin size indicates interpolated dissolved concentration. Asterisk (*) 

denotes measured dissolved samples via ultrafiltration. Error bars represent ± 1 standard deviation above 

the mean. 

 

 

Figure E9. Volume-weighted average diameters (Dv) for multi-metal suite in the 

presence of 120 µM CYS:12 µM S.  
Error bars represent ± 1 standard deviation above the mean. 
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Figure E10. Correlation of Pb and Zn dissolved concentrations (25 minutes < t < 

180 minutes). Average dissolved concentrations are reported. 

 

 

 

Figure E11. Multi-metal Cu PSDs for in the presence of 120 µM CYS:12 µM S 

for ionic strengths of (A) 0.01, (B) 0.10, and (C) 0.20.  
Ionic strength was adjusted with NaNO3. Asterisk (*) denotes measured dissolved samples via 

ultrafiltration. Error bars represent ± 1 standard deviation above the mean. 
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E.5 Tables  

Table E1. Summary of 11 batch experiments and corresponding factors and 

matrix components. 
A “x” denotes element was included in experimental run. NA = not applicable. CYS = cysteine. 

  

 

Table E2. Summary of ICP-MS batch detection limits (DL) and limit of 

quantification (LOQ). 

 

 

 

 

 

 

 

Matrix Organic Ligand Cu Pb Cd Zn As S

Run No. Environmental Factor 2 µM 2 µM 2 µM 2 µM 2 µM 12 µM

1 NA x x x x x --

2 NA x x x x x x

3 12 µM CYS x x x x x x

4 120 µM CYS x x x x x x

5 0.10 M NaNO3 120 µM CYS x x x x x x

6 0.20 M NaNO3 120 µM CYS x x x x x x

7 0.03 M Ca(NO3)2 120 µM CYS x x x x x x

8 0.30 M Ca(NO3)2 120 µM CYS x x x x x x

9 0.70 M Ca(NO3)2 120 µM CYS x x x x x x

10 NA -- -- x x -- x

11 12 µM CYS -- -- x x -- x

Multi-metal system

ionic strength

Multi-metal system

valence state

Single-metal

studies
0.01 M NaNO3

Batch Experiment

Multi-metal system

absence/presence of sulfide
0.01 M NaNO3

Multi-metal system

organic ligands
0.01 M NaNO3

Run No. Matrix unit DL LOQ DL LOQ DL LOQ DL LOQ DL LOQ

1 NA µg/L 0.321 1 0.023 0.03 0.007 0.3 0.238 3 0.061 1

2 NA µg/L 0.316 3 0.063 1 0.019 0.3 0.428 3 0.566 10

3 12 µM CYS µg/L 0.071 3 0.026 0.1 0.018 0.3 0.134 3 0.469 3

4 120 µM CYS µg/L 0.100 1 0.009 1 0.012 0.3 0.420 3 0.505 3

5 0.10 M NaNO3 120 µM CYS µg/L 0.015 0.3 0.007 0.03 0.006 0.03 0.086 1 0.023 0.3

6 0.20 M NaNO3 120 µM CYS µg/L 0.062 1 0.029 0.3 0.005 0.1 0.437 1 0.099 1

7 0.03 M Ca(NO3)2 120 µM CYS µg/L 0.425 1 0.017 0.03 0.020 0.3 0.854 1 0.226 1

8 0.30 M Ca(NO3)2 120 µM CYS µg/L 1.196 10 0.013 0.1 0.064 0.1 1.819 10 0.053 0.1

9 0.70 M Ca(NO3)2 120 µM CYS µg/L 0.391 1 0.017 0.1 0.030 0.1 0.576 1 0.126 0.3

10 NA µg/L -- -- -- -- 0.016 0.1 0.352 1 -- --

11 12 µM CYS µg/L -- -- -- -- 0.014 0.03 0.038 0.3 -- --

Multi-metal system

valence state

Single-metal

studies
0.01 M NaNO3

He -75

Multi-metal system

absence/presence 
0.01 M NaNO3

Multi-metal system

organic ligands
0.01 M NaNO3

Multi-metal system

ionic strength

Environmental 

Factor

Organic 

Ligand

He - 65 He - 208 He - 111 He - 66

AsBatch Experiment Cu Pb Cd Zn
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Table E3. Summary of average standard deviation between duplicate samples for 

each metal. 

 

 

 

Table E4. Summary of quantitatve versus estimate metal concentrations 

determined via ICP-MS. 
Estimates correspond to concentrations reported between the DL and LOQs (Table S3). SM = 

single-metal. 

 

 

 

 

 

Batch Experiment Cu Pb Cd Zn As

Avg. Std. Dev Avg. Std. Dev Avg. Std. Dev Avg. Std. Dev Avg. Std. Dev

µg/L µg/L µg/L µg/L µg/L

No S 7.83 6.85 3.64 2.54 3.22

12 µM S 4.71 5.70 4.73 3.28 5.15

12 µM CYS:12 µM S 6.15 4.49 13.4 4.70 4.21

120 µM CYS:12 µM S 3.11 16.3 5.65 4.49 27.3

0.10 M NaNO3 1.28 8.07 2.06 1.73 3.78

0.20 M NaNO3 16.2 63.0 27.9 7.66 3.32

0.03 M Ca(NO3)2 5.23 19.4 7.79 9.30 5.15

0.30 M Ca(NO3)2 1.17 12.4 2.64 6.70 1.89

0.70 M Ca(NO3)2 1.70 13.9 1.38 3.16 3.18

Dissolved Experiment 10.2 12.1 2.39 1.74 2.52

SM 12 µM S -- -- 5.40 5.40 --

SM 12 µM CYS:12 µM S -- -- 3.04 3.04 --

Batch Experiment

Quant. Est. % Quant. Quant. Est. % Quant. Quant. Est. % Quant. Quant. Est. % Quant. Quant. Est. % Quant.

No S 83 1 98.8% 83 1 98.8% 83 1 98.8% 83 1 98.8% 83 1 98.8%

12 µM S 64 18 78.0% 64 18 78.0% 66 16 80.5% 66 16 80.5% 81 1 98.8%

12 µM CYS:12 µM S 62 25 71.3% 81 9 90.0% 78 12 86.7% 81 9 90.0% 81 9 90.0%

120 µM CYS:12 µM S 75 9 89.3% 79 5 94.0% 71 13 84.5% 79 5 94.0% 82 2 97.6%

0.10 M NaNO3 83 1 98.8% 83 1 98.8% 83 1 98.8% 83 1 98.8% 83 1 98.8%

0.20 M NaNO3 58 26 69.0% 58 26 69.0% 55 29 65.5% 58 26 69.0% 59 25 70.2%

0.03 M Ca(NO3)2 70 14 83.3% 84 0 100% 76 8 90.5% 84 0 100% 84 0 100%

0.3 M Ca(NO3)2 37 47 44.0% 82 2 97.6% 77 7 91.7% 76 8 90.5% 82 2 97.6%

0.7 M Ca(NO3)2 56 28 66.7% 80 4 95.2% 75 9 89.3% 80 4 95.2% 80 4 95.2%

Dissolved Experiment 10 6 62.5% 16 0 100% 11 5 68.8% 11 5 68.8% 16 0 100%

SM  12 µM S -- -- -- -- -- -- 76 8 90.5% 48 36 57.1% 41 0 100%

SM  12 µM CYS:12 µM S -- -- -- -- -- -- 80 4 95.2% 71 12 85.5% -- -- --

Total 598 175 77.4% 710 66 91.5% 831 113 88.0% 820 123 87.0% 772 45 94.5%

Cu Pb Cd Zn As
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Table E5. Confirmatory dissolved experiments: dissolved concentations for Cu, 

Pb, Cd, and Zn. 

 

Table E6. Sensitivity Analysis: Effects of particle density on particle 

fractionation cutoffs. 
Fractionation cutoffs highlighted in yellow note density assumption that was applied for multi-

metal fractionation cutoffs and Dv calculations moving forward. 

 

Time

min Avg. Std. Avg. Std. Avg. Std. Avg. Std. Avg. Std. Avg. Std. Avg. Std. Avg. Std.

0 132.0 76.6 117.4 0.76 234.3 80.2 408.4 3.34 190.0 11.8 211.9 3.0 111.5 6.13 121.3 0.84

2.5 0.07 0.00 116.1 2.59 0.80 0.17 408.9 3.53 0.11 0.02 211.2 0.94 2.19 0.39 122.0 0.28

7.5 0.07 0.00 114.2 0.03 0.66 0.00 409.2 2.73 0.06 0.08 211.9 0.12 4.02 3.11 122.1 1.28

25 0.57 0.70 114.1 0.80 2.63 2.59 401.7 4.17 1.20 1.65 210.6 1.54 4.30 1.87 119.5 0.03

Diss. Tot.

Cu Pb Cd Zn

Diss. Tot. Diss. Tot. Diss. Tot.

ρ 2 5 15

Solid Phases g/cm ³

Single MeS

ZnS 4.09 112 71 41 --

CdS 4.80 101 64 37 --

PbS 7.60 76 48 28 --

CuS 4.25 109 69 40 --

Co-precipitated Multi-MeS Solids Average ρ

Change in 

Particle Cutoff 

(%)

g/cm ³

Co-precip MeS 5.19 96 61 35 6.46

MeS + CuO + Pb(OH)₂ (reference density) 5.74 90 57 33 0.00

MeS + CuO + Pb(OH)₂+ CaCO₃ (calcite and aragonite) 5.00 99 63 36 10.3

Impact of dissolultion on Multi MeS Solids Average ρ

Change in 

Particle Cutoff 

(%)

g/cm ³

12 µS: 12 µM CYS 6.15 86 55 32 4.03

12 µS: 120 µM CYS 5.98 88 56 32 2.40

Shape Factor Impacts on Co-precipitated Multi-MeS 

Solids Average ρ

Change in 

Particle Cutoff 

(%)

g/cm ³

α  = 1.43 (Cylinder 1x10 axial ratio) 5.74 75 48 28 16.3

α  = 1.29 (Cluster of spheres) 5.74 79 50 29 11.9

Impact of Porosity

Change in 

Particle Cutoff 

(%)

porosity = 0.20 4.80 101 64 37 12

porosity = 0.60 3.86 116 73 42 29

porosity = 0.80 1.99 197 125 72 119

Particle Cutoff (nm)

Centrifugation Spin Time, t (min)

Fractionation cutoff (nm)

Particle Cutoff (nm)

Particle Cutoff (nm)
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Table E7. Example data set for Multi-metal Cd in the presence of 12 µM S. 

 

 

 

Table E8. Initial percent dissolved for Cu, Pb, and As in the absence of and 

presence of CYS. 

  

 

 

 

Sample Type/ 

Spin Time Run 1 Run 2 Average Size Fraction Conc. Mass Percent 

µM µM µM µM (%)

Ultrafiltration 1.27E-03 7.64E-04 1.02E-03 Dissolved 1.02E-03 0.10

15 min 1.44 1.35 1.39 Small NPs 1.39 72.6

5 min 1.70 1.54 1.62 Medium NPs 0.23 12.0

2 min 1.77 1.74 1.76 Large NPs 0.13 6.90

Total Cd 1.92 1.93 1.92 Colloids 0.16 8.40

ICP-MS Data Calculated Fractionated Concentration

Metal 12 µM CYS:12 µM S 120 µM CYS:12 µM S

Cu 43.0 ± 18 36.2 ± 10 85.9 ± 2.5

Pb 5.06 ± 1.7 67.7 ± 3.79 87.7 ± 14.9

As 65.4 ± 7.56 90.8 ± 8.4 80.3 NA

Average Initial Percent Dissolved for Multi MeS Systems 

12 µM S


