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ABSTRACT 
 

Stormwater management practices (SMPs) are engineered landscapes that treat runoff by 

increasing infiltration and retention, reducing the peak flow, and improving water quality. 

In this study, the mutual impacts of Kd and SMP loading ratio (ratio of contributing to the 

infiltration area) on SMP performance were assessed by developing a 1-D transport model. 

After simulation of 20 years of SMP service under baseline salinity conditions, Cl- was the 

only PTE that showed high mobility and quickly reached the groundwater table, while the 

other PTEs (e.g., metals) were effectively retarded in the top ~ 60 cm of the fill media. 

However, experimental batch and column studies showed that in higher salinity conditions, 

PTE Kd values reduced significantly, resulting in higher PTE mobility. Cation exchange 

followed by complexation with ligands were the main drivers for lower PTE Kd under high 

salinity conditions. Such reduced retardation can be alarming because it could readily lead 

to the overestimation of fill media capability in water quality enhancement. Moreover, 

columns experiments revealed that cycles of baseline and high salinity conditions cause 

substantial episodic PTE leachate from the fill media, even for PTEs like Cu and Pb that 

were not abundant in the fill media. The previously captured PTEs during baseline salinity 

were desorbed during the periods with high salinity, resulting in leaching. Dynamic 

transport modeling that included cycles of high and baseline salinity simulated the PTE 

transport more accurately because it prevented the overestimation of fill media capacity in 

the high salinity seasons, and it also modeled the substantial episodic leaching. PTE 

retardation was mainly attributed to the adsorption of metals by the top layers that caused 

surficial accumulations. Field samples were collected along the gradient of a SMP to study 
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the dynamics of horizontal PTE transport. When compared with coarser particles, the fine 

particles (d < 10 µm) had two to three times greater PTE Kd values owing to their higher 

specific surface area and organic content. Fine particles, as vectors for metal transport, 

were readily resuspended due to runoff flowing over the SMP bed, while resuspension of 

coarse particles only occurred during the storms with an average intensity of greater than 

4.5 mm/hour in the monitored SMP. SMPs may increase the particle and metal loads due 

to resuspension, imposing a high risk of point source contamination for the downstream 

water bodies.  Also, increasing salinity to environmentally relevant levels resulted in higher 

stability of fine particles, yet another negative impact of high salinity on SMP performance. 

In-situ fill media remediation techniques like flushing with cysteine showed promising 

evidence of cleansing the fill media top layers, which would lower the likelihood of 

resuspension and redistribution of surficial accumulated PTEs. Well-designed and 

maintained SMPs may notably reduce the likelihood of surficial 

resuspension/redistribution via prioritizing infiltration over other forms of the discharge 

from the SMP as well as decreasing the stream power by adopting measures like 

appropriate vegetative cover or installing forebays, gabions, and weirs.  
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CHAPTER 1  

INTRODUCTION 
 

1.1 Problem statement 

Stormwater can form runoff and subsequently pose a variety of water quantity and 

quality challenges (Park and Roesner, 2012). These challenges are intensified in urbanized 

areas because higher urbanization is associated with converting natural lands, which have 

infiltration surfaces, into impervious surfaces due to changes in land use (Purvis et al., 

2018). Over the last two decades, the percentage of the urbanized population has increased 

from ~ 46 to 57 globally and it is estimated to be ~ 75 % in the year 2050 (United Nations, 

2021). Such a shift toward urbanization suggests a substantial need for land development, 

which involves an inevitable increase in impervious surfaces. Impervious surfaces have 

great potential for contaminant build-up (Wei et al., 2019), and a variety of contaminant 

types, including solids, metals, and nutrients, have been found in the stormwater runoff 

(Davis et al., 2001). The formation of runoff from impervious surfaces may not only 

increase the risk of flooding but also can readily wash off the build-up contaminants and 

carry them toward downstream water bodies, imposing the risk of contamination. For 

instance, Pennsylvania integrated water quality monitoring and assessment report (2018) 

listed stormwater in urbanized areas as the source of ~ 62 % of impaired surface streams 

across the city of Philadelphia, and the cause was identified as challenges posed from fine 

sediments in ~ 21 % of the impaired streams. Wicke et al. (2021) showed that land-use 

types, including roadways, commercial areas, and new and old residential areas, 
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significantly impacted the quality of water drained from impervious surfaces in 90 % of 

tested contaminants, where major roadways had the highest contribution to the 

contamination. Stormwater management practices (SMPs) may provide promising tools 

for tackling the problems associated with stormwater from both quantity and quality 

perspectives.  

SMPs are designed to partially mimic the pre-development infiltration condition of 

lands. They provide more post-development infiltration than would be available in the 

absence of SMPs. However, the provided infiltration is concentrated at relatively compact 

locations. A contributing impervious area drains into a smaller infiltration area that has a 

depression to hold stormwater temporarily. SMPs employ infiltration and retention 

capabilities provided by fill media and vegetative cover as well as engineered structures 

like forebay and weir to manage the quantity and quality of stormwater before releasing it 

into receiving water bodies (Rocco, 2009). Groundwater, rivers, streams, and sewer 

systems, are examples of receiving water bodies that may be affected by stormwater runoff. 

Although the primary design consideration of the SMPs is flood control (i.e., water quantity 

management), the role of the water quality component has recently gained more attention 

(Ashoori et al., 2019). The stormwater that is drained into the SMPs can potentially be 

highly contaminated due to serving to a larger impervious surface (i.e., high loading ratio, 

defined as the ratio of contributing to infiltration areas). The release of such impaired runoff 

to any type of water resource and without treatment can adversely impact the water 

resource quality. This challenge to water quality can be more intensified in water-stressed 

regions, at which stormwater is being considered a valuable water resource due to the lack 
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of other water resources. Cost-benefit analysis of installing SMPs to manage stormwater 

runoff as opposed to unmanaged stormwater generally is challenging due to the variety of 

types and sizes of SMPs as well associated environmental uncertainties. However, the 

Environmental Financial Advisory Board (EFAB, 2020) reported 67.2 billion $ is needed 

in the next two decades in the United States for investment in stormwater management.  

The performance of SMPs in water quality enhancement depends on numerous 

factors, among which the fate and transport of contaminants are of great importance. 

Contaminants like metals are ubiquitous and non-degradable, which facilitates their 

accumulation in different media (Moore et al., 2011). Many studies have shown the adverse 

effect of metals on biological systems (e.g., human health and aquatic life) and hence they 

are regulated by different agencies for various situations, including in drinking water or 

surface streams (US-EPA, 2017; Jaishankar et al., 2014).  For instance, dissolved Pb 

chronic aquatic life criterion is 2.5 µg/L in freshwater and with the assumption of 100 mg/L 

hardness (US-EPA, 2017), while data records extracted from 2999 different SMPs show 

the average of event mean concentrations (EMC) of dissolved Pb in the influents has been 

6.72 µg/L (Stormwater BMP Database, 2021). In the current dissertation, metals and other 

potentially harmful elements (e.g., Cl-) are referred to as potentially toxic elements (PTEs).  

The most central step in modeling the fate and transport of PTEs in stormwater 

runoff is the evaluation of their transport vectors as well as their speciation. These factors 

may notably be different depending on environmental conditions, including hydrology, 

hydraulics, and chemistry (e.g., pH, salinity, organic content, oxidation-reduction 

potential) of stormwater and fill media (Augustine, 2017; Degryse et al., 2009). Many 
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researchers have assessed the fate and transport of PTEs in stormwater runoff using 

different approaches like field monitoring (e.g., Flanagan et al., 2019; Allen et al., 2018; 

Tedoldi et al., 2017), bench and pilot-scale experiments (e.g., McManus and Davis, 2020; 

Wang et al., 2016; Paus et al., 2014), and computational modeling (e.g., Li and Sansalone, 

2020; Peng et al., 2018; Obropta and Kardos, 2007). However, as will be discussed in the 

introduction section of each chapter, there are still knowledge gaps as it relates to 

interactions within SMPs. The environmental conditions may dynamically impact the fate 

and transport of PTEs, and subsequently, affect the effluent quality management. 

Generally, the objective and motivation of this research were to fill in such gaps by 

incorporating environmental factors and improve understanding of PTE fate and transport 

by adopting a dynamic approach that can account for environmental variations. This 

research was also designed to provide SMP engineers and practitioners with design and 

maintenance recommendations based on the findings.  

1.2 Dissertation organization  

This research and the current dissertation are built upon four main chapters 

(chapters two to five). Each chapter was prepared for peer-reviewed journals and has either 

been published or submitted for publication. More detailed problem statements and explicit 

objectives of each chapter along with their findings and implications in the environmental 

field are presented separately. Here, the outline of the current dissertation is presented as a 

roadmap to familiarize the readers with the general structure throughout this written 

presentation. 



 

5 
 

Chapter two discusses the developed 1-D PTE transport model in the SMP fill 

media along with the contributions to existing transport models. Moreover, the practical 

aspects of the long-term simulation, including SMP design and maintenance 

recommendations, were provided. The contents of this chapter are published in the Journal 

of Contaminant Hydrology (Behbahani et al., 2020). 

Chapter three presents the details of the batch study that was designed to investigate 

the impacts of salinity from various types of salts (NaCl, MgCl2, KCl, CaCl2) on metal 

water-solid distribution coefficient (i.e., Kd). The mechanisms of salinity impacts were 

discussed and quantified (i.e., apportioned) for the first time. Also, the role of salt type at 

various concentrations on the potential changes in suspended particle size distribution was 

investigated. This chapter is published in the Science of the Total Environment (Behbahani 

et al., 2021).  

Chapter four introduces the details and results from a field study that investigated 

suspended particle behavior inside a SMP. These samples were collected along the gradient 

of a SMP during storms with varying intensities, and the role of intensity and particle size 

in potential resuspension were assessed. Evaluation of metal adsorption onto suspended 

particles was another part of this field study. This chapter is submitted to the Journal of 

Sustainable Water in the Built Environment. 

Chapter five reports the details of a bench-scale column study that investigated the 

metal mobility through two different engineered fill media under constant and cycling 

salinity conditions. Additionally, the potential of an environmentally friendly chelator like 
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cysteine for in-situ fill media remediation was evaluated. The contents of this column study 

are submitted to Environmental Research. 

The final chapter of this dissertation (chapter six) is comprised of a summary of 

findings as well as practical implications. This chapter holistically reports the conclusions 

from chapters two to five to reveal the connection among the main components of this 

research as a whole body. Additionally, the suggestions for future work are proposed at the 

end of the final chapter. 
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CHAPTER 2 

LONG-TERM SIMULATION OF POTENTIALLY TOXIC 

ELEMENTS (PTEs) ACCUMULATION AND BREAKTHROUGH 

IN INFILTRATION-BASED STORMWATER MANAGEMENT 

PRACTICES (SMPs) 
 

2.1 Abstract 

Stormwater management practices (SMPs) rely on infiltration and adsorption capabilities 

of soil and vegetative cover to mitigate the harmful impacts of contaminants in stormwater 

runoff, including potentially toxic elements (PTEs). Under chemical equilibrium 

conditions, the soil-water distribution coefficient (Kd) quantifies the relationship between 

the solid and aqueous phase PTE concentrations, and thus the PTE removal efficiency and 

mobility through the SMP soil layers during the infiltration process. The SMP loading ratio 

(LR), the ratio of the drainage area to the SMP infiltration area, combined with runoff 

concentration determines SMP mass loading and is also expected to impact PTE transport. 

In this study, a simulation model was developed to investigate PTE breakthrough and 

build-up in SMP media, considering the impacts of Kd and LR. Eight PTEs were simulated 

(Cl-, Cr, Fe, Zn, Cu, As, Cd, and Pb), and Cl- was the only PTE that showed high mobility 

and reached the groundwater table in less than 1.1 years. Conversely, other PTEs were 

effectively immobilized in the top 60 cm of soil for a simulated lifespan of 20 years. Soil 

and porewater contaminant indices, as indicators of SMP lifespan, were estimated based 

on the ratio of PTE porewater and soil concentrations after 20 years to published standards; 

it suggested the following order of environmental significance: Cl- > Cr > As > Pb > Fe > 
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Cu > Cd > Zn. Generally, higher LR and Kd contributed to higher accumulation of PTEs 

in top layers; however, simulations showed that the combination of low LR and high Kd 

may result in lower PTE accumulation in the media, such that the PTE concentration in 

soil may decrease in deeper layers. In these scenarios, a notable fraction of PTE load was 

adsorbed on top layers and considerably lower PTE load reached the lower layers. 

Sensitivity analysis revealed that dispersion, infiltration rate, and kinetically-limited 

sorption did not impact the PTE accumulation and mobility to a practical extent. The results 

from this simulation may be adapted to various environmental conditions to enhance the 

design and maintenance of SMPs. 

2.2 Introduction  

Stormwater runoff in urban areas can be problematic due to potential flooding and 

water quality deterioration in nearby water bodies (Park and Roesner, 2012). Urbanization 

contributes to increased impervious areas and consequently the hazards associated with 

stormwater runoff intensify (Purvis et al., 2018). Stormwater runoff entrains built-up 

contaminants (e.g., metals, nutrients, and particles) on impervious urban surfaces (e.g., 

motorways) and carries them towards downstream areas. Additionally, during the runoff 

process, contaminants may become disassociated from the particles (e.g., desorb or 

dissolve), resulting in dissolved contaminants with varying fate and transport properties 

compared to their particle-associated counterparts.  

At elevated concentrations, some metals and metalloids have been observed to 

cause toxic effects on a range of organisms. For example, while Fe, is a trace mineral 

necessary to maintain biochemical reactions of organisms, at elevated concentrations, Fe 
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can catalyze the formation of radicals, which may damage biomolecules, cells, and tissues 

(Jaishankar et al., 2014). Some other common stormwater metalloids and metals, including 

As, Cd, and Pb, are not beneficial at any exposure levels (Jaishankar et al., 2014). Drinking 

water maximum contaminant levels (MCL; US EPA, 2017a) and aquatic life regulatory 

standards (US EPA, 2017b) have been developed for several potentially toxic elements 

(PTEs). PTEs are ubiquitous in urban areas, owing to their broad daily usages in different 

aspects, such as industry, transportation systems, and households. Such anthropogenic 

activities increase the PTE load on impervious urban surfaces, which are highly susceptible 

to being washed off during a storm (Barbosa et al., 2012). PTEs have also been found in 

many environmental media including the atmosphere, soil, plant tissues, surface water, and 

groundwater (Jiang et al., 2013), and are concern-worthy because they are non-degradable, 

and in some cases may bioaccumulate (Moore et al., 2011). These forms of PTEs in urban 

streams are potentially hazardous to both aquatic life and water resources which may serve 

as drinking water sources for municipalities; therefore, it is crucial to determine the fate 

and transport of PTEs in infiltration-based stormwater management areas.  

Stormwater management practices (SMPs), also known as best management 

practice (BMP), incorporate retention, vegetation, and infiltration processes to mitigate the 

potentially harmful impacts of stormwater runoff from quality and quantity perspectives 

(Purvis et al., 2018). SMPs are designed to perform two seemingly contradictory tasks: 

provide rapid infiltration to control the hydrograph peak of the runoff (Tixier et al., 2011) 

and provide sufficient contact time between the porous media (soil) and the infiltrated 

water to facilitate contaminant removal (Xiao et al, 2017). SMP porous media is commonly 
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comprised of sand with some amount of loam and organic matter (Davis et al., 2001). High 

sand content promotes rapid infiltration of stormwater, while loamy materials containing 

natural organic matter (NOM) contribute to substantial contaminant removal, including 

PTEs, during the infiltration process (Davis et al., 2001). Media characteristics, including 

the distribution coefficient (Kd) and hydraulic conductivity, are critical components to the 

simultaneous achievement of water quantity and quality design goals as well as the longer-

term operation and maintenance of SMPs (Tixier et al., 2011).   

 Loading ratio (LR) is another important design concept that affects both the 

hydrologic and the contaminant loading of infiltration-based SMPs. The hydrologic 

concept of LR, defined as the ratio of the drainage area to the infiltration area, is often 

limited by available land area and other site constraints.  SMP designs with LR values 

greater than 16 often are reported to fail in restraining the peak of stormwater runoff 

(Pennsylvania Department of Environmental Protection, 2006), and the Pennsylvania 

Department of Environmental Protection recommends SMP LR of 8 or less. In Delaware 

state, LR should not exceed 8 (Rocco, 2009), but in New York and Michigan maximum 

recommended LRs SMPs are just 5 (LID Manual for Michigan, 2008; New York State 

Stormwater Management Design Manual, 2017).  Conventionally, LRs are designed based 

on stormwater quantity control using hydrological data, such as precipitation intensity and 

depth, runoff rate and depth, soil infiltration rate, and in rare cases, evapotranspiration. 

Coupling stormwater quality parameters with hydrology will help achieve a SMP design 

that attains effective, reliable and long-term treatment of stormwater. 
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Anderson (2016) reported that SMPs, receiving runoff from impervious 

catchments, achieved an average of 81% removal across all metals evaluated. Similarly, 

Davis (2001) used synthetic stormwater in a pilot-scale infiltration basin and observed that 

the sandy loam media showed an excellent reduction in metal concentrations (average of 

larger than 90%). In a study of metal adsorption by soil, Pitt et al. (1995) found PTEs with 

a high Kd (i.e. Pb, Zn, Cd, Cu, and Ni) were removed efficiently by porous media. In line 

with these findings, Nieber (2014) studied the impacts of infiltration basins on groundwater 

quality and found that Pb removal efficiency was the highest while Cd removal efficiency 

was the lowest, which was consistent with observed sorption affinities (i.e., Kd). Taken 

together, soil media properties (represented by Kd) are a significant factor in the PTE 

removal from the infiltrating runoff (Anderson, 2016; Davis, 2001; Pitt et al., 1995; Nieber, 

2014). Therefore, long-term PTEs accumulation in the SMP media should be considered 

to understand the potential impacts on media lifespan limitations. 

Previous studies have evaluated the impacts of the LR on runoff volume 

management (e.g., Lindsay et al., 2016). However, long-term SMP performance with 

regards to water quality is of critical interest, and the interactions among LR, media 

properties, and media effective lifespan have not been previously considered. 

Computational approaches were used in this study to simulate transport and accumulation 

of a suite of PTEs (Cl-, Cr, Fe, Zn, Cu, As, Cd, and Pb) in SMP media and assess potential 

impacts of LR and Kd. The soil and porewater contaminations during the effective lifespan 

were estimated by comparing the simulation results with published standards. Additionally, 
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simulation results were employed to prioritize the risk associated with PTEs based on the 

accumulation in the soil and breakthrough to the groundwater. 

2.3 Methods  

A simulation model was developed to study PTE concentrations in both soil and 

porewater, which facilitated the PTE impact assessment as it is related to Kd and LR values, 

two critical design factors.  LRs from 2 to 16 were selected based on typical design 

recommendations (Low Impact Development Manual for Michigan, 2008; New York 

Stormwater Management Design Manual, 2017; Pennsylvania Department of 

Environmental Protection, 2006; Rocco, 2009). Loamy sand has shown appropriate 

infiltration and moisture retention characteristics (Alfakih et al., 1999; Pennsylvania 

Department of Environmental Protection, 2006); however, to cover various scenarios, 

more types of soil were considered by applying a range of distribution coefficients and 

corresponding soil characteristics, such as hydraulic conductivity and density.  The 

simulation model was developed in MATLAB (Mathworks, 2017) to evaluate PTE 

transport and accumulation for a 20-year simulated lifespan and consisted of two main 

components: (1) a hydrogeologic component, which simulates one-dimensional water flow 

through the SMP soil and (2) a solute transport component, which simulates PTE mass 

distribution between aqueous and solid phases. Figure 2-1 shows a schematic of different 

system compartments. 
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2.3.1   Simulation characteristics  

This simulation approach requires three main input data sets: initial soil-associated 

PTE concentrations, hydrologic (precipitation) records, and runoff PTE concentration. The 

approach could be applied for any location with information on these parameters. For this 

study, highway runoff data from Interstate 95 in northeastern Philadelphia, PA were 

utilized. Applied rainfall data were extracted from the precipitation records provided by 

the National Oceanic Atmospheric Administration (NOAA, 2018) at the KPNE station 

(northeastern Philadelphia) from January 1998 to August 2018. Stormwater runoff samples 

were collected monthly from October 2016 to August 2018 (Appendix 2.6.1), PTE 

concentrations were quantified, and the resultant data were used to evaluate PTE 

concentration distributions. A time-series prediction model was used to synthesize runoff 

concentrations based on the measured concentrations in sampled events. PTE 

concentration for a given simulated storm event was randomly sampled from the 

appropriate lognormal distributions, where the mean and standard deviation for a select 

PTE matched those of the measured data. Further details regarding the prediction of 

concentration time-series are provided in Appendix 2.6.1. Table 1 summarizes the selected 

PTEs and their mean and standard deviation of influent concentrations (C0)  (Toran et al., 

2017) and soil background concentrations (US EPA, 2003). 
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Table 2-1. Mean and standard deviation of influent samples (C0) to SMPs (Toran et al., 2017) and soil 

background concentrations (US-EPA, 2003). 

 

PTE Cl- Cr Fe Cu Zn As Cd Pb 

Mean C0 
(µg/L) 

1.6x106 
 

34 1.4x103 
 

68 240 2.3 0.4 15 

Std Dev C0 
(µg/L) 33x106 52 1.5x103 

 
33 230 3.4 0.7 13 

Soil 
background 

concentration 
(mg/kg) 

100 53 3.6x104 
 

   37  81 13 0.1 23 

 

2.3.2  Water transport component 

A 20-year precipitation data record, with data reported every 24 hours, from 

Philadelphia was used to provide a realistic precipitation pattern. Employing higher 

resolution precipitation data would become important for intense rainfall events but can 

add sophistication to the model. For the purpose of this study, the focus was on water 

quality rather than flood control, therefore, a high-resolution rainfall record was considered 

less crucial. For a given time interval, the precipitation depth was multiplied by the LR, to 

determine an applied runoff depth and total incoming volume. Previous research has 

revealed that hydraulic conductivity depends on temperature and saturation conditions 

(Fetter, 2008), however, this was beyond the scope of this study and a constant value 

corresponding to the saturated condition was used (e.g., 55 cm/day for loamy sand (Toran 

et al., 2017)). The infiltration rate (f, L/T) depends on the pressure head and the tortuosity 

coefficient, which represents non-homogeneity of the media, but in this study, the 
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infiltration rate was assumed to be equal to saturated hydraulic conductivity which implies 

unit hydraulic gradient. Also, the adsorption simulation model assumed equilibrium 

conditions (instantaneous phase transfer independent of contact time), and thus variable 

infiltration rates would have negligible impacts (more information in Appendix 2.6.2).  The 

estimated infiltration rate (f) was used to simulate water infiltration from the surface to the 

groundwater table 500 cm below, based on the field data from Philadelphia Interstate 95 

SMPs (Toran et al., 2017), discretized into finite sub-sections of 1 cm.  

2.3.3  Solute transport component 

Solute transport was modeled using linear adsorption under equilibrium conditions 

(Eq.  2-1), to calculate the distribution of the PTE mass between aqueous and solid phases 

at any time t and depth z. 

CS(t, z) = 0.001KdCW(t, z)                                                                                           (2-1)                                                                                                               

In which CS(t, z) is the PTE concentration in the soil (mg/kg) at time t  and at the bottom 

of layer z, Kd is the soil-water distribution coefficient for each PTE (L/kg), and CW(t, z) is 

the PTE concentration in porewater (µg/L) at time t at the bottom of the layer z; hence, the 

total mass (mg) present at time t and depth z is 

L (t, z) = [(0.001 × CW(t, z) × V(t)] + [CS(t, z) × Ms]                                                 (2-2)                                              

Where L (t, z) is total PTE mass (mg) at time t and at the bottom of layer z, V(t) is 

stormwater runoff volume present in the control volume during time t and Ms is the soil 

control volume mass (kg).  In this model, the dimensions of the soil control volume are 1m 

×1m × 1cm (L × W × D). Initially, the total mass available for distribution is  

L (t, z − 1) = [0.001 × CW(t, z − 1) × V(t)] + [CS(t, z − 1) × Ms]                                     (2-3)                                                       
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In which L (t, z − 1) is total PTE mass (mg) at time t and at the top of layer z,   CS(t, z − 1) 

is the initial PTE concentration in the soil (mg/kg) at time t and at the top of layer z, and  

CW(t, z − 1) is the PTE concentration in pore water (ug/L) at the same time and depth (i.e., 

top of the layer).  Combining Equations 2-1, 2-2, and 2-3, the concentration of PTE in the 

porewater at the end of time t and the bottom of layer z is  

CW(t, z) =  CW(t,z−1)×V(t)+1000 CS(t,z−1)×Ms
KdMs+V(t)

                                                                    (2-4)                                                                                                                        

By solving Equations 2-1 and 2-4 simultaneously, the PTE concentrations in each phase at 

a desired time and depth can be calculated. The accuracy of these equations to simulate 

water and solute transport through the media was evaluated and confirmed by applying 

HYDRUS 1-D (Simunek, 2015) in two cases (Appendix 2.6.2).    

 
 
 

 
Figure 2-1. Schematic of the system compartments; phenomena in oval demonstrate natural processes, 

items not circled are controllable factors. 
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2.3.4  Modeling assumptions  

This transport simulation model was built on several initial simplifying 

assumptions. Only vertical infiltration was considered (one-dimensional infiltration) and 

the depth to the water table, which is representative of the unsaturated zone, was assumed 

to be fixed at 500 cm and unaffected by stormwater infiltration. It is assumed that no 

overflow will occur in the basin and evapotranspiration (ET) is negligible, hence, all 

stormwater entering the basin exits via infiltration.  Chances of overflow are normally low 

in well-designed infiltration-based SMPs, which implies that neglecting overflow does not 

notably change the results of a long-term simulation (Appendix 2.6.2 for further 

information). Nonetheless, when overflow through the SMP outlet structure occurs, the 

runoff volume (and associated contaminant load) available for infiltration is reduced.  In 

this study, we made the conservative assumption that all runoff would be infiltrated, and 

no overflow would occur.  Heterogeneities associated with soil and plants make the 

estimation of stormwater loss via ET a complex process, which was not addressed in this 

research.  

Solute fate and transport generally have four main phenomena: advection, 

dispersion, retardation, and attenuation. The infiltration rate can be considered as the 

advective factor in this one-dimensional transport model. In the case of groundwater flow, 

the seepage velocities are relatively small; therefore, dispersion becomes an important 

factor in contaminant transport. However, in the case of typical SMP infiltration rates, the 

transport would be dominated by advection (i.e., high Peclet number) and dispersion could 

be neglected. Retardation was addressed in the modeled PTE by adsorption to soil particles, 
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which was assumed to be an instantaneous phase transfer resulting in equilibrium 

condition; this assumption was evaluated through sensitivity analysis (Appendix 2.6.2). It 

is also noteworthy that the potential competition for sorption sites among different PTEs 

was not reflected in this model. Furthermore, removal via other compartments (e.g., plants, 

gas phase) was not included in the current model, which is supported by ongoing project 

work to measure plant uptake and translocation of PTEs (Toran et al., 2017). PTEs in the 

study are stable isotopes and thus attenuation was not considered.  

2.3.5  Contaminant indices  

 
Calculated soil-associated and porewater concentrations were compared to 

regulatory human-health and aquatic life criteria (Table 2-2). After calculating the PTE 

concentrations in the solid phase (for each specified depth and time), the soil contaminant 

index (SCI) was calculated using Eq. 2-5, which is similar to an approach applied by 

Hakanson (1980):   

SCI = Cs
Sx

                                                                                                                           (2-5)                                                                       

In which, Cs is the soil PTE concentration, and Sx is the recommended soil PTE screening 

value for the PTE and varies with land use category such as sites (US EPA 2002).  Soil 

effective lifespan can be considered exhausted when SCI at a chosen depth exceeds unity. 

Similarly, the porewater contaminant index (PWCI) was evaluated using the same 

approach (Hakanson 1980). 

PWCI = Cw
Lx

                                                                                                                      (2-6)                                                                                                                        
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In which, Cw is porewater PTE concentration, and Lx is the more stringent value of EPA 

aquatic life criteria or drinking water MCL (US EPA, 2017a; US EPA, 2017b;), where 

values higher than unity for porewater at the groundwater table indicate concern-worthy 

contamination with regard to a given PTE. The total contaminant index (TCI) is the 

geometric average of SCI and PWCI (Eq.  2-7) and provides complementary details to 

prioritize PTEs. 

TCI = √SCI × PWCI                                                                                                                         (2-7) 

Table 2-2. Published regulatory standards applicable in the Commonwealth of Pennsylvania; * the more 
stringent standard between EPA drinking water MCL and EPA aquatic life criteria is chosen; ** soil 

screening values for residential areas. 

PTE Porewater Standard (µg/L)* Soil Screening (mg/kg)** 

Cl- 

Cr 

Fe 

Cu 

Zn 

250,000 

74 

300 

3 

120 

1,000 

4 

150,000 

8,100 

66,000 

As 10 12 

Cd 

Pb 

1 

2.5 

1.2 

500 

 

2.4 Results and discussion 

The transport simulation model was employed to estimate the PTE concentration 

in both aqueous and solid phases over a 20-year period. To address the study objectives, 

the results are presented in four sections: model assumption validation; description of PTE 

accumulation and breakthrough; PTE prioritization based on contaminant indices; and 
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sensitivity analysis on LR and Kd to evaluate the SMP performance in PTE removal under 

various scenarios. In the first two sections, the initial surface runoff PTE concentrations 

were fixed at the average field measured concentrations (i.e., the constant value shown in 

the first row of Table 2-1) and the SMP loading ratio was fixed at 8 to evaluate PTE 

accumulation and breakthrough in the SMP medium. While the study approach was 

employed to evaluate SMP performance for Interstate 95 in the Philadelphia, PA area, this 

framework can be readily adapted for other locations of interest.  

2.4.1  The sensitivity of model output to modeling assumptions 

The simplifying assumptions used in this simulation model were validated by 

applying the model to simple cases (i.e., short term transport simulation of a PTE with 

constant load and fixed precipitation) and comparing the model outputs to results from 

other available tools (e.g., HYDRUS) and similar studies (i.e., literature review). 

 Infiltration rates used in the model were calculated under saturated conditions 

throughout the simulation. Unsaturated zones have lower hydraulic conductivity compared 

to saturated zones due to more limited water transmission in air-containing pores (Fetter, 

2008). Both saturated and unsaturated hydraulic conductivities were evaluated by the 

simulation model and the results on contaminant transport were compared. In the case of 

equilibrium adsorption, which is independent of the contact time, the adsorption of PTEs 

onto soil does not depend on the infiltration rate. In the case of non-equilibrium adsorption, 

in which contact time becomes important, varying hydraulic conductivity, particularly in 

the soil upper layers (i.e., top 150 cm), had a negligible impact (Appendix 2.6.2). In regard 

to infiltration rate and its impact on solute transport, Buffle et al (2007) compared 
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infiltration rates with some typical PTE diffusion coefficients and found that the vertical 

component of transport (i.e., infiltration rate) is orders of magnitude faster than the 

diffusive component, implying that overlooking the diffusive part of dispersion will not 

significantly affect the accuracy of the transport model.      

While chemical equilibrium is a simplifying assumption, kinetic limitations may be 

present in high Darcy velocity scenarios, including rapid infiltration. The impact of rate-

limited sorption was evaluated for Cr and Fe based on the experimentally derived rate 

constant of k = 0.005 per day (Lee et al., 2012).  Cr exhibited minimal differences between 

rate-limited and equilibrium scenarios, but modest differences were observed for Fe where 

kinetic limitations resulted in greater transport into the media (Appendix 2.6.2). For all four 

scenarios, the PTE load is immobilized within the top 100 cm of media.  Although 

differences between the equilibrium and non-equilibrium cases were observed, the impacts 

on SMP functionality are insignificant. The impact on long-term surficial soil 

concentrations and associated soil lifespan are not substantially different; equilibrium 

conditions may provide more conservative PTE soil accumulation estimates.  While kinetic 

models more conservatively simulate contaminant transport toward the groundwater table, 

neither scenario suggested a risk. Chemical equilibrium was selected to address the goals 

of this study.  

2.4.2  PTE accumulation and breakthrough  

PTE accumulation and breakthrough were initially evaluated for specific soil Kd 

values and runoff concentrations, where the simplified system enabled a clear 

demonstration of trends. A literature assessment of PTE distribution coefficients revealed 
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substantial variability for reported PTEs of interest. Typical distribution coefficients for 

PTEs in this study (Appendix 2.6.3) suggests that they may be categorized as mobile PTEs 

including Cl- with a small Kd value of 1 L/kg, marginally mobile PTEs including Cr, Cu, 

Zn, As, and Cd with Kd values between 200 to 1,000 L/kg, and significantly immobilized 

PTEs such as Pb and Fe with high Kd values of 2,000 and 7,500 L/kg respectively. PTE 

accumulation and breakthrough are discussed according to this classification. For mass 

transport in the porous media, retardation factor (R) can be a surrogate of Kd  to elaborate 

on the combined role of Kd, (as a chemical property) and geotechnical characteristics of the 

media in slowing the PTE transport process (USEPA, 1999): 

R = 1 + ρKd
n

                                                                                                                               (2-8) 

In which, ρ is dry bulk density (kg/L) and n is the porosity of the media. Using typical 

loamy sand values of 1.6 kg/L and 0.41 for density and porosity (Fetter, 2008), 

respectively, corresponding R values can be computed. For this case, R for Cl- as a mobile 

PTE is ~ 4.9, while it ranges from 780 to 3900 for marginally mobile PTEs and R values 

greater than 3900 are considered significantly immobile PTEs (i.e., Fe and Pb).   To enable 

easy comparison, both Kd and R values have been provided throughout the discussion. 

Table 2-3 summarizes the typical Kd and R values for the studied PTEs in a loamy sand 

media. 
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Table 2-3. Typical distribution coefficient (Kd) and retardation factors (R) for the studied PTEs in loamy 
sand media. 

PTE Cl- Cr Fe Cu Zn As Cd Pb 

Kd (L/kg) 1 
 

200 7500 
 

1000 400 500 300 2000 

R 4.9 780 29270 
 

3900 1560 1950 1170 7800 

 

Limited sorption and elevated mass load resulted in a rapid breakthrough of Cl-. 

Fig. 2-2 shows  Cl- breakthrough to the groundwater table after 1.1 years in the case of 

loamy sand media with R=4.9 (Kd=1 L/kg (Sheppard et al., 2009)). However, using a media 

with higher Kd (R ≅ 40) drastically delayed breakthrough but was not able to protect the 

underlying water body in the long term. This finding agrees with field monitoring by Li 

(2007) which showed that stormwater BMPs were incapable of intercepting Cl-.  

Salinization of urban streams and other waterways has gained national attention, 

particularly in northern climates where road de-icing salts, typically composed of NaCl, 

are widely utilized (Fleming, 2015).  Despite the low sorption capacity of Cl-, some studies 

have shown that Cl- mobility in the soil can be reduced due to the formation of chlorinated 

organic matter that is subsequently adsorbed onto the media (Bastviken et al., 2007). Also, 

Cl- can accumulate in the plant tissues which can potentially reach toxic levels 

(Hajrasuliha, 1980), but this may not substantially affect the Cl- flux via the infiltration 

process.       
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Figure 2-2. Normalized Cl- (representing mobile PTE) porewater concentrations at various depths below 
the surface for constant precipitation, C0 = 1600 mg/L, LR=8, and R = 4.9 and 40. 

As can be seen from Fig. 2-3, the full breakthrough at 5 cm below the surface is 

achieved faster for PTEs with lower R values (e.g., Cr), while larger R values are associated 

with slower transport and incomplete breakthrough (e.g., Fe).  PTE removal by the upper-

most soil layer results in elevated soil-associated PTE concentrations. Simulated trends 

agree with a field study of SMPs serving highways in Essen, Germany by Dierkes and 

Geiger (1999) where soil samples showed elevated concentrations for a suite of metals (Pb, 

Zn, Cu, and Cd) in the top 5 cm layer and then the concentrations substantially decreased 

in deeper layers. The decreasing Pb concentration trend was the greatest and the decreasing 

Cd concentration trend was the lowest. Assessment of field (Dierkes and Geiger, 1999) and 

modeling results in this study confirms the importance of adsorption to SMP media in 

limiting the vertical mobility of PTEs and suggests that infiltration-based SMPs may be 
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protective of water that receives infiltrated stormwater (i.e., underlying groundwater and 

downstream water resources).  

 
Figure 2-3. Normalized porewater concentrations of marginally mobile and significantly immobile PTEs at 

5 cm below the surface for LR=8 and the case of constant C0 and precipitation. 

Generally, R determines the PTE transport depth, and under linear equilibrium 

conditions, porewater PTE concentrations reflect soil concentrations. In this study, the 

transport of PTEs with R values greater than 780 was limited to a depth of 60 cm or less 

(Fig. 2-4). For instance, at 20 years, a complete Cu breakthrough is observed at 3 cm below 

the surface indicating this soil layer has reached its Cu adsorption capacity.  Partial 

breakthrough is observed no deeper than 19 cm indicating porewater Cu concentrations 

that are essentially zero at deeper layers.  In contrast, porewater Cr achieves the full 

breakthrough at almost 30 cm below the surface with partial breakthrough up to 57 cm 

below the surface. Since the expected lifespan of infiltration basins is 10 to 15 years 

(Department of Industry and Science, 2015), after which the SMP media needs 

replacement, the slow transport of PTEs observed in this study suggests the time to 
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breakthrough to groundwater exceeds the SMP lifespan. This model results are in line with 

other studies that reported metals are trapped in the top 50 cm of the media (Nieber et al., 

2014).  In Interstate 95 sampling campaigns for this study, porewater samples collected via 

suction lysimeters — installed at 15 and 30 cm below the surface — for two years has 

shown that the SMPs are far from metal breakthrough and the upper layers are still 

effectively removing metals (Caplan et al., 2018).   

 
Figure 2-4. Normalized porewater concentrations of marginally mobile and immobile PTEs (e.g., metals) 

after 20 years for LR=8 and the case of constant C0 and precipitation. 

2.4.3  PTE prioritization  

For PTE prioritization efforts, the model complexity was increased to reflect 

varying PTE loads from the surface runoff (i.e., historic precipitation record and 

statistically sampled concentrations) and the calculated soil and porewater concentrations 

were compared to relevant regulatory standards. Pedestrian and pet exposure to SMP media 
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is most relevant for the top layers (e.g. 1 – 5 cm). As a result, surficial soil concentrations 

were compared to soil screening values of residential areas (Pennsylvania Department of 

Environmental Protection, 2016). Exposure risk to porewater was likely the greatest 

concern in impacting groundwater, due to contamination of drinking water resources or 

potential effects on groundwater-impacted surface water systems. Porewater 

contamination was evaluated at the modeled groundwater table, 500 cm below the SMP 

surface. To develop the contaminant indices, published standards for Pennsylvania (Table 

2-2) were used.  Table 2-4 presents the contaminant indices from the upper-most soil layer, 

which suggest that some PTE may accumulate to concentrations exceeding screening 

levels. Chloride exceeds the regulatory soil screening values after 0.03 year, while high 

background concentrations of Cr and As resulted in SCIs greater than unity, though these 

could be mitigated through a selection of soil media with lower Cr and As initial 

concentrations.  However, Fe, Cu, Zn, Cd, and Pb concentrations are noticeably below the 

soil screening value after a 20-year simulation. Comprehensive results of contaminant 

indices for different scenarios (i.e., soil type and LRs) are presented in Appendix 2.6.4. 

Table 2-4. PTE contaminant indices at the top layer (1 to 5 cm below surface) of the basin after 20 years for 
a system with LR = 8 and soil distribution coefficient values shown in Table 2-3. 

PTE Cl- Cr Fe Cu Zn As Cd Pb 
PWCI 4.19 0.41 1.50 17.80 2.21 0.24 0.41 5.28 

SCI 1.15 14.78 0.26 0.01 0.003 1.18 0.18 0.10 
TCI 2.20 2.46 0.62 0.44 0.08 0.53 0.27 0.73 

 

The results of the contamination assessment in the layer adjacent to groundwater 

are summarized in Table 2-5. Based on a 20-year simulation of PTE dynamics in the SMP 

media, Cl- is the only PTE among those studied which reaches the lower layer and exceeds 
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screening criteria by a considerable amount (i.e., 6.1 times the regulatory value). The 

complete breakthrough of Cl- from the surface to groundwater is rapid and occurs after 

approximately 2.5 years (also PWCI >1). As a reminder, the breakthrough time is different 

from section 2.4.2 because at this step the environmental variability was considered while 

previously a constant surface load and precipitation were employed.  

Table 2-5. PTE contaminant indices at the groundwater table (i.e., 500 cm below surface) after 20 years. 

PTE Cl- Cr Fe Cu Zn As Cd Pb 
PWCI 6.1 4E-6 4.E-22 2E-45 4E-20 2E-26 1E-13 1E-68 

SCI 1.6 13 0.24 4E-3 1E-3 1.08 0.08 4E-2 
TCI 3.1 7E-3 1E-11 4E-24 7E-12 2E-12 1E-7 2E-35 

 

Tables 2-4 and 2-5 suggest Cl-, Cr, and As might be problematic in the infiltration 

basins because of relatively high contaminant indices and PTEs can be prioritized as 

follows (ranked from greatest to least risk): 

Cl- > Cr > As > Pb > Fe > Cu > Cd > Zn 
 
The above prioritization has been established using the quality of the stormwater runoff in 

the Interstate 95 SMPs, Pennsylvania water quality standards, and assumed LR and Kd 

values.  Other values could be employed to calculate indices, and this would change the 

results accordingly. Generally, PTEs in stormwater runoff can be prioritized based on their 

environmental concerns, including chronic toxicity thresholds (Eriksson et al., 2006).  

Eriksson et al. (2006) found the suite of Cd, Cr, Cu, Ni, Pb, Pt, and Zn in stormwater runoff 

possess toxicity risk for chronic exposure scenarios and therefore, are categorized as high 

priority metals. Nieber et al. (2014) reported the high priority metals in the stormwater as 

Pb, Zn, Cu, and Cd due to their abundance in the environment and toxicity; the study also 
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found that their associated hazards as a result of breakthrough to groundwater, is a long 

process.  Pitt et al. (1996) found that metals introduced to infiltration basins from surface 

runoff would be unlikely to impact underlying water bodies, however, in contrast, Zn can 

impose a potential contamination hazard for groundwater due to its abundance in the 

media.    

Chloride concentrations in soil at different depths were simulated using variable 

precipitation and surface load. Despite environmental variabilities, the fluctuation of Cl- in 

the media attenuated with depth due to the media sorption capacity, but soil Cl- 

concentration typically exceeded the published screening standard in all reported depths 

after 20 years of simulation (Fig. 2-5). Relatively similar median Cl- concentrations in the 

media during 20 years of simulation indicated that the breakthrough has occurred, and the 

media would no longer protect the groundwater from Cl- leakage. Numerous stormwater 

studies also found Cl- is not effectively removed by the stormwater infiltration process and 

therefore poses a high risk of groundwater contamination (Pitt et al., 1999; Pitt et al., 2002, 

Kaushal et al., 2005). 
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Figure 2-5. Chloride concentration in the media over 20 years for LR=8, Kd = 1 L/kg, and for the case of 

variable C0 and precipitation. 

 
Figures 2-6 and 2-7 depict the concentrations of Cr and As, respectively, in the soil 

at different depths over time. For both cases, a limited breakthrough is predicted for depths 

greater than 60 cm. As can be seen, after 5 years of simulation, Cr reached the full 

breakthrough at 5 cm below the surface and did not reach to 30cm or 60 cm below the 

surface. At the same time, a complete breakthrough of As at 5 cm below the surface did 

not occur, and As was found in trivial concentrations at 15 cm below the surface.  At 15 

cm below the surface, the full breakthrough of Cr occurred after almost 10.2 years while 

after almost 19.2 years the breakthrough of As was accomplished at the same depth. It 

highlights the importance of the retardation factor as well as incoming contaminant load 

and background contamination of the media.  The findings in this study are in line with 
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HYDRUS 2D simulations of an agricultural field where non-equilibrium and non-linear 

sorption models were employed and the suite of metals was largely intercepted by the top 

60 cm of the media (Xiao et al., 2015). 

 
Figure 2-6. Chromium concentration in the media after 20 years for LR=8, Kd = 200 L/kg, and for the case 

of variable C0 and precipitation. 

 
Figure 2-7. Arsenic concentration in the media after 20 years for LR=8, Kd = 500 L/kg, and for the case of 

variable C0 and precipitation. 
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2.4.4  Effects of varying LR and Kd on the performance of infiltration basins 

A wide range of Kd values, representative of the PTEs for various soil types based 

on published literature, in conjunction with LRs ranging from 2 to 16 were used to envision 

the interacting effects of LR and Kd. The results for Cl- and As are presented here, and a 

complete presentation of the results can be found in Appendix 2-7-5. For Cl-, which 

potentially reaches the groundwater table, the results are illustrated at 500 cm below the 

surface after 20 years (Fig. 2-8 and Appendix 2-7-6) and for the case of As, which proved 

to be more problematic in top layers, the results at 5 cm below the surface after 20 years 

are shown (Fig. 2-9).  

Fig. 2-8 uses a heatmap to provide a visual overview of how applying varying LRs 

and Kd values impact the Cl- PWCI at the groundwater table. The heatmap is generally 

divided by an imaginary line into areas with PWCI lower than unity and the areas at which 

PWCI ranges from 1 to 7.5. For any given LR, there is an upper limit of Kd above which a 

limited amount of Cl- reaches the groundwater table.  For instance, with a LR of 8 and Kd 

value greater than 6.5 L/kg, the majority of the Cl- load is sorbed onto the soil particles in 

top layers.  However, for a LR of 8 and Kd less than 6.5 L/kg, PWCI becomes more than 

unity, and groundwater contamination may occur. The variability in the region where 

PWCI > 1 is due to the stochastic influent concentration, mainly as a result of seasonal 

changes in the incoming Cl- loads, and the effects of adsorption and desorption. The 

distribution coefficient used in this simulation determines the mass partitioning between 

aqueous and solid phases thus in addition to adsorption, it also allows desorption of PTEs. 

That implies more desorption of Cl- when the runoff is relatively less concentrated (e.g.., 
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no de-icing salt) which results in higher Cl- porewater concentration. After applying de-

icing salts, the runoff would be highly concentrated with Cl- and that is when adsorption 

occurs and Cl- porewater concentration decreases. This is a continuous cycle and explains 

the fluctuations observed in the heatmap. Such heatmaps at different depths can be useful 

design tools to evaluate the combination of LR and Kd that meets SMP design goals. 

Heatmaps for numerous depths and PTEs are provided in Appendix 2-7-4. 

 
Figure 2-8. Chloride porewater contaminant index at 500 cm below the surface after 20 years for the case 

of variable C0 and precipitation. 

Surficial As concentration is further explored in Figure 2-9, where the interactions 

between LR and Kd are evaluated for porewater and soil concentrations (i.e., concentrations 

at 5 cm depth in Figs 2-9a and 2-9b, respectively). Fig. 2-9a shows that for low Kd values 

(e.g., < 100 L/kg), the porewater concentration is highly dependent on the LR, but Kd 
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values greater than 400 L/kg coupled with low LR values cause declining porewater 

concentration, which highlights the important interaction between LR and Kd in 

contaminant dynamics. The quasi-straight line reveals that the porewater concentration at 

5 cm depth after 20 years is generally insensitive to both LR and Kd values and that the 

porewater concentration is similar to the mean influent As concentration (i.e., complete 

breakthrough). Fig. 2-9b demonstrates As soil concentration largely follows a quasi-linear 

trend associated with full breakthrough though some deviations are observed for low LR-

elevated Kd systems; the interaction between LR and Kd values indicates that if higher Kd 

values can be coupled with lower LR values then As contamination can be limited.  Using 

LR < 6 and Kd > 400 (critical distribution coefficient) may be associated with a supply 

limitation resulting in incomplete breakthrough.   

 

 
Figure 2-9. Arsenic concentration at 5 cm below the surface after 20 years for the case of variable C0 and 
precipitation (a) in the porewater (b) in the soil; note that As background concentration in the soil is 13 

mg/kg. 

For a wide range of LRs and distribution coefficients, the SCI for As exceeds 1.12 

at 5 cm below the surface after 20 years, which implies the importance of monitoring As 
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in the system to evaluate the effective lifespan of the system. However, for this particular 

case high As background concentration in the soil (13 mg/kg) was the primary reason and 

the rate of accumulation in top layers played a less important role. Elevated As 

concentrations highlight the importance of ensuring clean media during SMP construction. 

2.5 Conclusions 

Prioritization of PTEs based on comparing their presence in the infiltration-based 

SMPs with published standards indicated higher environmental risk from Cl-, Cr, and As. 

Chloride, most commonly from applying deicing salts in colder regions, is mobile and can 

readily migrate from the surface through the porous media and into groundwater.  In SMPs 

with lifespans of 20 years, marginally mobile PTEs such as Cr and As can accumulate in 

the top 60 cm of soil, which is protective of the underlying groundwater, but may 

eventually result in SCIs greater than unity. Lead (Pb) and Fe, which have high distribution 

coefficients, were intercepted in the top 10 cm of the soil but did not exceed soil screening 

levels. However, soil background concentration may also be a major factor in determining 

the SCI.  The contaminant indices at each time and depth were impacted by both LR and 

Kd. For a given PTE and a low LR at a given depth, there is a critical Kd at which soil 

adsorption will be maximized.  Distribution coefficients higher than the critical value result 

in lower PTE contamination in deeper layers due to PTE sorption at shallower media 

depths.   

By conducting this simulation for any PTE of interest, designers and other 

stakeholders can readily recognize the effects of each set of LR and Kd combination on the 

performance of an infiltration SMP in terms of contaminant build-up and breakthrough in 
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the SMP porous media. The output would also assist in identifying an appropriate 

maintenance timetable to limit contaminant concentrations and migration beyond a 

specified depth which can be adjusted to address the specific constraints of a site. If 

unacceptable values are predicted, a designer can improve the design by incorporating a 

soil amendment to sequester a contaminant of interest or by providing detailed operation 

and maintenance schedules for media replacement.   

 
2.6 Appendix 

2.6.1  Sampling details and log-normal distribution algorithm to predict surface 
contamination 

Stormwater runoff samples were collected monthly during storms that met 

representative storm criteria.  Storm sampling criteria were as follows:  at least 3 days 

antecedent dry period (ADP), a minimum total rainfall depth of 0.25 cm, and the rainfall 

depth and duration must fall within ± 50 % of previous events’ average values (Smullen 

et al., 1999). Runoff samples from the inlet of each stormwater management practice 

(SMP) were collected using autosamplers (ISCO 6712 and Global GS750). The study site 

includes four vegetated stormwater management practices (SMPs) in northeastern 

Philadelphia located in the Girard Avenue interchange area and receiving runoff from I-

95. Table 2-6 describes the sampling dates and relevant storm characteristics, including 

ADP and rainfall intensities (Caplan et al, 2018). 
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Table 2-6. Summary of storm data (during the time of sampling) collected from Villanova University 
weather station. 

Date 
Sampling 

Start 
 Time 

Mean 
Storm  

Intensity 
(cm/h) 

Mean 
Intensity 
 During 

Sampling 
(cm/h) 

ADP (h) 

Mean 
Atmosphere  
Temperature 

(oF) 

10/27/2016 1:06 PM 0.102 0.102 124 52 
11/30/2016 9:45 AM 0.127 0.432 13 58 
1/20/2017 12:35 PM 0.102 0.152 59 41 
2/7/2017 9:56 AM 0.152 0.584 287 45 

3/27/2017 8:45 AM 0.406 0.305 41 45 
4/6/2017 11:15 AM 0.025 0.051 54 49 

5/22/2017 10:40 AM 0.102 0.686 50 61 
8/29/2017 10:30AM 0.127 0.356 154 65 
10/9/2017 9:25 AM 0.305 2.032 23 77 
12/5/2017 7:00 PM 0.432 0.330 324 55 
2/7/2018 8:00 AM 0.381 0.330 59 38 
4/4/2018 12:15 PM 0.330 0.025 16 56 

4/25/2018 11:35 PM 0.889 0.508 10 62 
5/31/2018 2:30 AM 0.508 0.508 88 72 
6/28/2018 8:00 AM 1.295 1.295 82 80 
8/1/2018 3:45 AM 0.635 0.635 101 82 

8/21/2018 11:30 PM 0.203 0.203 69 75 
  

All collected samples were acidified (2% nitric acid and 0.5% hydrochloric acid) 

and kept at 4 oC. Samples were acidified for preservation as well as to prevent microbial 

growth and to dissolve particles in preparation for analysis by inductively coupled plasma 

mass spectrometer (ICP-MS; Agilent 7900).  Quality assurance and control (QA/QC) 

criteria, including detection levels, the limit of quantification, calibration curves, etc., were 

implemented on the results to calculate the percentage of the results which were considered 

as quantitative or estimates (Table 2-7). However, both estimated and quantitative results 
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were employed to synthesize runoff concentrations in this study. Descriptive statistics of 

potentially toxic element (PTE) concentrations are shown in Table 2-8.   

Table 2-7. ICP-MS QA/QC criteria (Toran et al.,2017). 

Parameter Explanation  Determination  

Batch stability Determination of batch-wide matrix 
has affected ICP-MS performance 

Internal standard recovery: 
100 ± 30% 

Analysis stability Determination of instrument is 
stable (consistent) for a sample) 

Internal standard RSD < 
5% 

Sample stability Determination of analysis is stable 
(consistent) for a sample 

< 30% 

Detection limit 
(DL) 

Quantification of the lowest value 
that can be differentiated from 0 

MassHunter DL 
determination based on 

replicate analysis of 
calibration blank/analysis 
of seven blank vials: mean 

+ 3×stdev 
Limit of 

quantification 
(LOQ) 

Determination of the lowest 
concentration that can be quantified 

(30% precision) 

Estimated concentration is 
± 30% of known standard 

concentration 

Accuracy Accurate analysis of a known 
sample 

Measured value of ± 10% 
of known standard 
reference material 

concentration1 

Max concentration Upper limit of quantification based 
on calibration curve 

Maximum value of 
standard that is retained in 

the calibration curve 
1NIST SRM 1640a was used for verification of aqueous sample accuracy 
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Table 2-8. Mean and standard deviation of the inlet concentration for high priority elements in all SMPs 
(µg/L). 

Element Cr Fe Co Cu 

Storm Mean Stdev Mean Stdev Mean Stdev Mean Stdev 
10/28/2016 5.79 4.52 825.30 1033.65 1.09 1.01 54.61 47.26 
11/30/2016 4.46 7.66 607.51 387.25 0.50 0.29 20.39 11.86 
1/20/2017 19.21 24.68 944.22 790.72 0.95 0.50 48.76 30.16 
2/7/2017 14.63 17.53 768.51 666.31 1.51 666.31 81.79 49.41 

3/27/2017 74.61 74.26 4503.88 4167.85 3.14 2.64 87.57 63.35 
4/6/2017 12.14 13.79 668.11 313.25 0.72 0.46 28.05 11.65 

5/22/2017 58.52 25.46 1453.10 799.38 1.26 0.19 41.74 29.52 
8/29/2017 1.23 0.73 769.34 271.95 1.48 0.36 13.98 7.70 
10/9/2017 10.62 8.24 4410.65 2484.70 3.24 1.68 70.47 50.59 
12/7/2017 44.97 42.65 673.88 487.96 0.52 0.50 61.98 23.05 
2/7/2018 46.54 21.34 4453.20 3021.43 2.76 1.24 124.57 70.99 
4/3/2018 24.06 8.05 2466.31 5380.42 2.64 4.36 97.36 94.85 

4/25/2018 226.14 163.62 1061.15 340.80 0.79 0.71 113.73 66.19 
5/31/2018 34.16 44.73 863.35 1055.48 1.18 1.09 82.75 31.44 
6/28/2018 16.24 15.74 363.27 168.32 0.64 0.23 108.61 24.51 
8/1/2018 26.53 20.21 525.17 293.29 0.47 0.37 65.55 23.69 

8/21/2018 6.64 4.73 272.07 73.54 0.30 0.14 43.95 12.73 
Average 36.85 29.29 1507.59 1278.61 1.36 40.12 67.40 38.17 
Element Zn As Cd Pb 

Storm Meann Stdev Mean Stdev Mean Stdev AveMeann Stdev 
10/28/2016 253.96 309.53 1.02 0.64 0.12 0.15 19.57 26.55 
11/30/2016 93.05 63.84 0.63 0.55 0.06 0.03 7.89 5.06 
1/20/2017 179.38 136.23 1.33 0.42 0.15 0.13 15.60 12.50 
2/7/2017 0.00 0.00 1.32 0.74 0.24 0.18 21.73 19.39 

3/27/2017 490.77 452.04 7.39 4.83 0.46 0.40 38.24 34.61 
4/6/2017 128.36 72.29 1.72 0.74 0.08 0.06 8.19 5.19 

5/22/2017 170.06 141.62 2.44 1.28 0.07 0.03 10.01 9.55 
8/29/2017 207.46 115.84 0.08 0.07 0.05 0.03 9.28 3.78 
10/9/2017 1075.61 1628.09 1.13 0.51 0.23 0.18 36.53 17.60 
12/7/2017 172.10 119.76 0.39 0.26 0.05 0.07 7.11 6.52 
2/7/2018 508.48 237.88 14.27 10.40 2.63 3.07 45.55 28.57 
4/3/2018 393.30 483.03 2.73 1.25 1.14 0.99 10.03 14.74 

4/25/2018 204.43 74.89 1.40 0.36 0.17 0.08 7.54 2.62 
5/31/2018 134.44 33.65 1.09 0.33 0.14 0.06 3.74 1.70 
6/28/2018 155.23 27.73 2.77 7.20 0.26 0.24 4.91 2.57 
8/1/2018 111.25 54.18 0.65 0.59 0.13 0.06 8.11 5.59 

8/21/2018 150.98 157.34 0.01 0.03 0.11 0.05 3.75 0.82 
Average 260.52 241.64 2.37 1.78 0.36 0.34 15.16 11.61 
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The PTE mean concentrations from field samples generally followed a lognormal 

distribution (log of the mean and standard deviation of field samples are presented in Table 

2-8); therefore, the runoff concentration data sets were generated based on the current 

measurements such that the synthesized data had lognormal distribution with the same 

mean and standard deviation as the corresponding values of field measurements. The mean 

(𝑚𝑚) and variance (𝑣𝑣) of the measured data were used to estimate µ (mean of the synthesized 

data) and 𝜎𝜎 (standard deviation of the synthesized data) by Equations 2-9 and 2-10, then 

the corresponding synthesized data with lognormal distribution were generated using 

MATLAB. 

µ = log � 𝑚𝑚2

√𝑣𝑣+𝑚𝑚2�                                                                                                                                        (2-9)  

𝜎𝜎 =  �𝑙𝑙𝑙𝑙𝑙𝑙 � 𝑣𝑣
𝑚𝑚2+1

�                                                                                                                               (2-10) 
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Table 2-9. Logarithm of mean and standard deviation of the inlet concentration for high priority elements in 
all SMPs. 

Element Cr Fe Co Cu 

Storm Log 
Mean 

Log 
Stdev Log Mean Log 

Stdev 
Log 

Mean 
Log 

Stdev Log Mean Log 
Stdev 

10/28/2016 0.763 0.655 2.917 3.014 0.037 0.004 1.737 1.674 
11/30/2016 0.649 0.884 2.784 2.588 -0.301 -

 
1.309 1.074 

1/20/2017 1.284 1.392 2.975 2.898 -0.022 -
 

1.688 1.479 
2/7/2017 1.165 1.244 2.886 2.824 0.179 2.824 1.913 1.694 

3/27/2017 1.873 1.871 3.654 3.620 0.497 0.422 1.942 1.802 
4/6/2017 1.084 1.140 2.825 2.496 -0.143 -

 
1.448 1.066 

5/22/2017 1.767 1.406 3.162 2.903 0.100 -
 

1.621 1.470 
8/29/2017 0.090 -0.137 2.886 2.434 0.170 -

 
1.146 0.886 

10/9/2017 1.026 0.916 3.645 3.395 0.511 0.225 1.848 1.704 
12/7/2017 1.653 1.630 2.829 2.688 -0.284 -

 
1.792 1.363 

2/7/2018 1.668 1.329 3.649 3.480 0.441 0.093 2.095 1.851 
4/3/2018 1.381 0.906 3.392 3.731 0.422 0.639 1.988 1.977 

4/25/2018 2.354 2.214 3.026 2.532 -0.102 -
 

2.056 1.821 
5/31/2018 1.534 1.651 2.936 3.023 0.072 0.037 1.918 1.497 
6/28/2018 1.211 1.197 2.560 2.226 -0.194 -

 
2.036 1.389 

8/1/2018 1.424 1.306 2.720 2.467 -0.328 -
 

1.817 1.375 
8/21/2018 0.822 0.675 2.435 1.867 -0.523 -

 
1.643 1.105 

Element Zn As Cd Pb 

Storm Log 
Mean 

Log 
Stdev 

Log 
Mean 

Log 
Stdev 

Log 
Mean 

Log 
Stdev 

Log Mean Log  

Stdev 
10/28/2016 2.405 2.491 0.009 -0.194 -0.921 -0.824 1.292 1.424 
11/30/2016 1.969 1.805 -0.201 -0.260 -1.222 -1.523 0.897 0.704 
1/20/2017 2.254 2.134 0.124 -0.377 -0.824 -0.886 1.193 1.097 
2/7/2017 NA NA 0.121 -0.131 -0.620 -0.745 1.337 1.288 

3/27/2017 2.691 2.655 0.869 0.684 -0.337 -0.398 1.583 1.539 
4/6/2017 2.108 1.859 0.236 -0.131 -1.097 -1.222 0.913 0.715 

5/22/2017 2.231 2.151 0.387 0.107 -1.155 -1.523 1.000 0.980 
8/29/2017 2.317 2.064 -1.097 -1.155 -1.301 -1.523 0.968 0.577 
10/9/2017 3.032 3.212 0.053 -0.292 -0.638 -0.745 1.563 1.246 
12/7/2017 2.236 2.078 -0.409 -0.585 -1.301 -1.155 0.852 0.814 
2/7/2018 2.706 2.376 1.154 1.017 0.420 0.487 1.658 1.456 
4/3/2018 2.595 2.684 0.436 0.097 0.057 -0.004 1.001 1.168 

4/25/2018 2.311 1.874 0.146 -0.444 -0.770 -1.097 0.877 0.418 
5/31/2018 2.129 1.527 0.037 -0.481 -0.854 -1.222 0.573 0.230 
6/28/2018 2.191 1.443 0.442 0.857 -0.585 -0.620 0.691 0.410 
8/1/2018 2.046 1.734 -0.187 -0.229 -0.886 -1.222 0.909 0.747 
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8/21/2018 2.179 2.197 -2.000 -1.523 -0.959 -1.301 0.574 -0.086 

2.6.2  Assessment of simplifying assumptions 

In general, the main advantage of using HYDRUS in equilibrium mode is the 

inclusion of dispersion in the transport model.  However, in this case, the dispersion was 

shown to have an insignificant impact on PTE transport. When compared to HYDRUS, the 

developed code in MATLAB facilitates long-term simulation by decreasing the run time 

notably. Also, it is feasible to include parameters like LR in the code, while such parameters 

cannot be directly defined in HYDRUS. Data handling is another advantage of the code 

over HYDRUS; the input and output sets can be directly introduced to / derived from 

MATLAB as matrices with two dimensions of time and space, also creating tables and 

figures from MATLAB is much faster and easier compared to HYDRUS which requires 

exporting output data to a spreadsheet (i.e., excel) and then produce relevant tables and 

graphs.   

Two 20-year simulation cases, developed to model the transport of As and Cr in 

the sandy loam media, were run using the MATLAB code, and results were compared with 

the corresponding outputs from HYDRUS 1-D to compare the output of the developed 

model with a currently accepted tool. The MATLAB output was regressed against 

HYDRUS output and found to have an r2 of 0.96 for As and 0.94 for Cr, suggesting 

insignificant differences (p = 0.03) between the model outputs. The porewater 

concentrations versus depth are presented in figures 2-10 and 2-11. 
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Figure 2-10. Arsenic aqueous phase concentration after 20 years; MATLAB model vs HYDRUS 1-D for 

LR=8, Kd = 500 L/kg, and variable C0 and precipitation. 

 

 

 
Figure 2-11. Chromium aqueous phase concentration after 20 years; MATLAB model vs HYDRUS 1-D for 

LR=8, Kd = 200 L/kg, and variable C0 and precipitation. 
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2.6.3  Overflow  

Overflow elevation is the maximum active elevation of a basin, where the active 

portion describes the infiltration area and is delineated by the elevation of the outlet 

structure invert; overflow occurs when the ponded depth exceeds the overflow elevation. 

The overflow elevation is a critical factor required for the design of outlet structures that 

prevent SMP overtopping. When overflow through the SMP outlet structure occurs, the 

runoff volume (and associated pollutant load) available for infiltration is reduced.  In this 

study, we made the conservative assumption that all runoff would be infiltrated, and no 

overflow would occur.  

2.6.4  Variable hydraulic conductivity 

In this section, the potential impacts of employing a fixed saturated hydraulic 

conductivity (instead of more realistic unsaturated hydraulic conductivities) on porewater 

and PTE transmittal through the soil media is assessed. Infiltration rate is a function of 

hydraulic conductivity and pressure head gradient, which depends on soil type, 

precipitation, and groundwater table. Unsaturated zones have lower hydraulic conductivity 

compared to saturated zones because some pores are filled with air and do not initially 

participate in water transmittal. Hence, hydraulic conductivity in an unsaturated (vadose) 

zone can be expressed as a function of water content. The empirical formula generated by 

van Genuchten can be used to calculate hydraulic conductivity of each type of soil as a 

function of water content (van Genuchten M.Th,1980; Fetter, 2008):      

K(θ) =  KsSe1/2[1 − �1 − Se
1
m�

m

]2                                                                              (2-11) 
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In which K(θ) is the hydraulic conductivity when the water content is equal to θ, Ks is the 

saturated hydraulic conductivity, m is a soil type parameter (Table 2-10),  and Se = θ−θr
θs−θr

, 

where, θs is the water content in saturated conditions (theoretically equal to soil porosity), 

and θr is the minimum water content based on soil type (i.e., the irreducible minimum 

water content). It should be noted that whenever the soil has the minimum water content 

(θ = θr), infiltration will not occur as gravitational and capillary forces are balanced. 

Infiltration will be initiated when θ >  θr.  

Unsaturated hydraulic conductivity requires a water content computation at each 

section. Volumetric water content as a function of pressure head (h) can be calculated by 

van Genuchten’s empirical formula (van Genuchten M.Th,1980; Fetter, 2008): 

θ = θr + θs−θr
[1+(α|h|)n]m

                                                                                                      (2-12) 

Where h is the matric potential, and α and n are soil parameters that can be found based on 

soil type.  Values for sandy loam are shown in Table 2-10. This equation is valid when h > 

0, which implies there should be external water entering the system. 

Table 2-10. Mean values of the van Genuchten soil parameters obtained by experimental means for sandy 
loam media (Fetter, 2008). 

soil 
texture 

porosit
y  𝛉𝛉𝐬𝐬  

saturated  
hydraulic 

conductivit
y (cm/hr) 

α 
(1/cm) 

n 
 

(dimensionless
) 

m 
 

(dimensionless
) 

sandy 
loam 0.41 0.065 4.42 0.075 1.89 0.471 
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One may take variable water content (calculated using corresponding parameters) 

into account to estimate infiltration rates in unsaturated conditions when unsaturated 

hydraulic conductivity is calculated from equation (2-11). To assess how the variable 

infiltration rate would impact the results, PTE concentration in the soil (Cs) was evaluated 

and a linear regression test was used to illustrate the sensitivity of the output (Cs) to 

different inputs (infiltration rates). 

In the first scenario, saturated conditions were assumed resulting in a fixed 

infiltration rate of 4.42 cm/day based on values found in Table 2-10. In the second scenario, 

saturated conditions were not assumed, and infiltration rates were adjusted for water 

content at each time step. As discussed previously, lower infiltration rates are expected in 

this case. By using LR = 8 and Kd = 200 L/kg (for Cr), the linear regression analysis of 

solid-phase concentrations for each scenario yields r2 = 0.99. Other statistical parameters 

are summarized in Table 2-11. A graphical presentation of this case is shown in Fig. 2-12. 

Table 2-11. Summary of linear regression test by Excel. 

  Coefficients 
Standard 

Error t Stat P-value 

Intercept -0.024 0.238 -0.101 0.920 

X Variable 1 0.999 0.004 225.950 0.000 
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Figure 2-12. Chromium solid phase concentration after 20 years; Saturated vs Unsaturated infiltration rate; 
LR=8, Kd =200 L/kg, variable precipitation and C0; note that Cr background concentration is 53 mg/kg. 

 

It can be understood from Fig. 2-12 that the infiltration rate does not impact how 

PTE adsorbs to the porous media in the soil upper layers. It may potentially influence the 

adsorption and transport pattern in the layers lower than ~ 60 cm to some extent, and since 

drastically lower PTE mass is left for those lower layers, there is no significant difference 

in the PTE concentration in the soil. As a result, when simulating soil upper layers, 

particularly in the equilibrium mode, using a fixed infiltration rate derived from saturated 

hydraulic conductivity is a reasonable assumption for the purposes of this study. 

2.6.5  Sorption kinetics – chemical non-equilibrium  

When modeling PTE adsorption by soil particles, the simplest approach is to 

assume an equilibrium condition which implies instantaneous phase transfer between the 

aqueous and solid-associated phases.  Because sufficiently slow reaction kinetics can cause 

deviations from the equilibrium assumption, simulating non-equilibrium PTE adsorption 

is a more complicated process that requires greater focus on the runoff transport time 
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through the porous media. In this section, the non-equilibrium process is introduced as well 

as a depiction of how the model outputs are changed for the equilibrium case.  

A two-site sorption model is one approach to modeling kinetically limited sorption. 

In this model, the adsorbent (soil) is divided into two sections as follows: type-1 sites react 

instantaneously and are in equilibrium with the aqueous phase, while type-2 sites are 

kinetically limited and therefore sorption is time-dependent as described below  (Lee et al., 

2012).   

Cs1 = 𝑎𝑎KdCinitial                                                                                                           (2-13) 

where Cs1 (mg/kg) and Cinitial (mg/L) are PTE concentrations at type-1 sites and in the 

runoff, respectively, Kd is the adsorption coefficient (L/kg) and a represents the fraction of 

all adsorptions sites that are type-1 sites and can be estimated as  

𝑎𝑎 = βR−1
R−1

                                                                                                                       (2-14) 

in which 

 β = V+𝑀𝑀𝑠𝑠aKd
V+𝑀𝑀𝑠𝑠Kd

                                                                                                                  (2-15)  

 R is retardation factor and can be computed as  

  𝑅𝑅 = 1 + 𝑀𝑀𝑠𝑠Kd
V

                                                                                                               (2-16) 

where V is the incoming volume (L) and 𝑀𝑀𝑠𝑠 (kg) is mass of soil control unit.  

The concentration of PTE in the aqueous phase at time t can be computed as 
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C𝑤𝑤(t)
Cinitial

= 1
βR

                                                                                                                   (2-17) 

in which 𝐶𝐶𝑤𝑤(t) is the instantaneous PTE concentration in the porewater. 

The model then employs a reaction rate constant to calculate the aqueous concentration of 

PTE in at time t+1: 

𝐶𝐶𝑤𝑤(t+1)
𝐶𝐶𝑤𝑤(t)

= 1
R

+ ( 1
βR
− 1

R
)e−(kr/β)t                                                                                     (2-18) 

in which kr is the adsorption rate coefficient.  

The solid phase concentrations at time t and each type would be computed based on 

equations (2-19) and (2-20): 

𝑀𝑀𝑠𝑠Cs1(t)
VCinitial

= 1 − 1
βR

                                                                                                                        (2-19)                                                                                                                                                                                                                                                                                                                                           

And finally, 

𝑀𝑀𝑠𝑠Cs2(t)
VC0

= 1
βR
− [(1

R
+ � 1

βR
− 1

R
� e−�

1
R�t]                                                                          (2-20)                                                                                                   

where Cs2(t) is the PTE concentration in the soil at type-2 sites. 

If 𝑎𝑎 = 0, then instantaneous adsorption is not included in the system, and for cases where 

a = 1 the entire system is at equilibrium; for 0 < a < 1, both equilibrium and rate-limited 

sorption are considered. For the purpose of this scenario, the value of a was set as 0.07 

(i.e., the overwhelming majority of sites are participating in rate-limited sorption), adopted 

from a study by Lee et al. (2012). Also, the reaction (adsorption) rate coefficient employed 

in the model to assess the effects of a non-equilibrium condition on the outputs is  kr =
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0.00542 day−1 (Lee et al., 2012). It is noteworthy that Lee et al. (2012) used the 

aforementioned values for a and kr for a non-reactive solute in porous media. Other 

numerical values such as volume and mass are the same as what were used in the 

equilibrium mode. The following figures illustrate a comparison of the outputs: 

 
 

Figure 2-13. Iron aqueous phase concentration after 20 years Equilibrium vs Non-equilibrium state for 
LR=8, Kd = 7500 L/kg, and variable C0 and precipitation. 

 

 
 

Figure 2-14. Chromium aqueous phase concentration after 20 years; Equilibrium vs Non-equilibrium state 
for LR=8, Kd = 200 L/kg, and variable C0 and precipitation. 
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   As can be seen from Fig. 2-13 and Fig. 2-14, the phase transfer of a relatively 

immobile PTE like Fe would be different when considering the non-equilibrium state and 

kinetics of reaction (dependency on time). The process is slower in a non-equilibrium 

condition resulting in higher aqueous PTE concentrations transported to greater soil media 

depths.  Note, however, that the model suggests that these higher Fe concentrations will 

only reach the 30 cm depth after 20 years.  Given the 500 cm depth to the water table, Fe 

is not expected to be of concern even under these conditions.  Generally, it can be noted 

that when applying a non-equilibrium condition, the PTE concentration in both the porous 

media and porewater is distributed more evenly over depth than in an equilibrium state in 

which a considerable fraction of the PTE load is adsorbed in the upper layers. Soil lifespan 

is expected to be higher in the non-equilibrium state as a result of lower PTE concentration 

and accumulation in the soil; however, it is more likely to observe partial or full 

breakthrough. Both partially mobile PTEs (Cr) and relatively immobile PTEs (Fe) showed 

higher porewater concentration in lower layers but in neither case did the PTE reach the 

groundwater table. When it comes to the breakthrough of PTEs to groundwater, both 

models indicate quick transport of mobile PTEs (e.g., Cl-, not shown) to the groundwater, 

and despite the differences, they are also in agreement that partially mobile or immobile 

PTEs (e.g., metals) are unlikely to reach the groundwater table in the 20 years of 

simulation. Furthermore, employing an equilibrium state is a more conservative modeling 

approach in terms of PTE accumulation in the porous media. 
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2.7.1 Summary of literature review on adsorption coefficient and its impacts on breakthrough depths in the model 

 

Table 2-12. Suggested values for adsorption coefficients by different studies. 

Kd values in L/kg 

metal Baghenejad 
 et al., 2016 

Vidal 
et al., 
2008 

Augustine 
A., 2017 

Sheppard 
et al., 
2009 

De Groot 
et al., 
1998 

Weng 
et al., 
2002 

Degryse 
et al., 
2009 

Sangiumsak 
et al., 2014 

Fabiani 
et al., 
1997 

 Bradl 
H.B., 
2004 

Cr   22 532 140 16700           

Fe       25000 124000           

Co       5000           1300 

Cu 1310 1697 1700 450 483 616 900 797     

Zn 85 315 1980 10 2170 140 1100 467     

As       34 5740       4000   

Cd 16 188 616 73 691 274       630 

Pb 1215 1398 925 6000 19100 32000         

 

 

 
    

 

 

 

 
       

  
Conditions 
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Baghenejad 
 et al., 2016 

field samples - calcareous soil - PTE concentration between 10 to 200 mg/l - Freundlich isotherm  
 OM of soil: 2.5 %, soil CEC= 24 cmol/gr, soil pH = 7.5  

Vidal 
et al., 2008 

field samples - mineral soil - PTE concentration between 0.1 to10 meq/l - Freundlich isotherm  
 OC of soil: 16 g/kg, soil CEC= 33.6 cmol/gr, soil pH = 8.3 

Augustine 
A., 2017 

field samples - sandy loam soil - PTE concentration between 0 to50 mg/l - Freundlich isotherm  
 TOC of soil: 1.1 %, soil CEC= 13.5 cmol/gr, soil pH = 6 

Sheppard 
et al., 2009 

field samples - clayey silty soil - PTE concentration 1000 mg/l - Freundlich isotherm  
 TOC of soil: 0.3 %, soil CEC= not reported, soil pH = 6.5 

De Groot 
et al., 1998 

field samples - sandy soil - PTE concentration not reported - Freundlich isotherm  
 TOC of soil: 2.4 %, soil CEC= not reported, soil pH = 5.7 

Weng 
et al., 2002 

field samples - sandy soil - PTE concentration not reported mg/l - Freundlich isotherm  
 DOC of soil: 20 mg/l, soil CEC= not reported, soil pH = 5 

Degryse 
et al., 2009 

uniform soil sample - PTE concentration not reported - Freundlich isotherm  
 DOM of soil: 50 mg/l, soil CEC= not reported, soil pH = 7 

Sangiumsak 
et al., 2014 

field samples - silty clay soil - PTE concentration between 25 to 1000 mg/l - Freundlich isotherm  
 DOC of soil: not reported, soil CEC= not reported, soil pH = 6.4 

Fabiani 
et al., 1997 

field samples - loamy sand soil - PTE concentration 1000 mg/l - Freundlich isotherm  
 OM of soil: 0.8 %, soil CEC= 2.3 meq/100gr, soil pH = 7 

 Bradl H.B., 
2004 

field samples - loamy sand soil - PTE concentration is high- Freundlich isotherm  
 OM of soil: low, soil CEC: high, soil pH = 7 
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Table 2-13. Full breakthrough (Cw/C0 =1) depths for studied metals after 20 years; NA implies full breakthrough has not occurred. 

PTE Cr Fe Cu Zn As Cd Pb 

Kd (L/kg) 200 7500 1000 400 500 300 2000 

R 780 29270 3900 1560 1950 1170 7800 

Breakthrough 

depth (cm) 
27 NA 3 17 9 19 NA 
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2.6.6  Contamination indices heatmaps 

This section provides soil, porewater, and total contamination indices at various 

depths (5 and 500 cm below the surface) for different PTEs using heatmaps. It should be 

noted that the color bars shown in the heatmaps may vary significantly for different figures 

due to the wide range of computed values and limitations in the available color codes.  

 
Figure 2-15. Chloride soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-16. Chloride porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-17. Chloride total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-18. Chloride soil contamination index at 500 cm below the surface after 20 years. 

 
Figure 2-19. Chloride porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-20. Chloride total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-21. Chromium soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-22. Chromium porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-23. Chromium total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-24. Chromium soil contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-25. Chromium porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-26. Chromium total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-27. Arsenic soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-28. Arsenic porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-29. Arsenic total contamination index at 5 cm below the surface after 20 years. 

5 10 15 20 25 30

LR

200

400

600

800

1000

1200

Kd
 (L

/K
g)

0.1

0.12

0.14

0.16

0.18

0.2

0.22

0.24

PWCI

5 10 15 20 25 30

LR

200

400

600

800

1000

1200

Kd
 (L

/K
g)

0.35

0.4

0.45

0.5

0.55

TCI



 

63 
 

 
Figure 2-30. Arsenic soil contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-31. Arsenic porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-32. Arsenic total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-33. Lead soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-34. Lead soil contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-35. Lead total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-36. Lead soil contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-37. Lead porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-38. Lead total contamination index at 500 cm below the surface after 20 years. 

 
Figure 2-39. Iron soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-40. Iron porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-41. Iron total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-42. Iron soil contamination index at 500 cm below the surface after 20 years. 

 

Figure 2-43. Iron porewater contamination index at 500 cm below the surface after 20 years.  
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Figure 2-44. Iron total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-45. Copper soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-46. Copper porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-47. Copper total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-48. Copper soil contamination index at 500 cm below the surface after 20 years. 

 

 

Figure 2-49. Copper porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-50. Copper total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-51. Cadmium soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-52. Cadmium porewater contamination index at 5 cm below the surface after 20 years. 

 

 
Figure 2-53. Cadmium total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-54. Cadmium soil contamination index at 500 cm below the surface after 20 years. 

 
Figure 2-55. Cadmium porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-56. Cadmium total contamination index at 500 cm below the surface after 20 years. 

 

 
Figure 2-57. Zinc soil contamination index at 5 cm below the surface after 20 years. 
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Figure 2-58. Zinc porewater contamination index at 5 cm below the surface after 20 years. 

 

 

Figure 2-59. Zinc total contamination index at 5 cm below the surface after 20 years. 
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Figure 2-60. Zinc soil contamination index at 500 cm below the surface after 20 years. 

 

 

Figure 2-61. Zinc porewater contamination index at 500 cm below the surface after 20 years. 
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Figure 2-62. Zinc total contamination index at 500 cm below the surface after 20 years. 

 

2.6.7  PTE concentrations in porewater and soil versus time at various depths 

 
Figure 2-63. Lead concentration in soil; LR=8, Kd=1990 L/kg, variable C0 and precipitation; soil screening 

value=500 mg/kg. 
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Figure 2-64. Lead concentration in soil at 5 cm below surface after 20 years. 

 

 
Figure 2-65. Lead concentration in porewater; LR=8, Kd=1990 L/kg, variable C0 and precipitation; 

porewater standard=2.5 µg/L. 
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Figure 2-66. Lead concentration in porewater at 5 cm below surface after 20 years. 

 

 
Figure 2-67. Iron concentration in soil; LR=8, Kd=7490 L/kg, variable C0 and precipitation; soil screening 

value=150,000 mg/kg. 
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Figure 2-68. Iron concentration in soil at 5 cm below surface after 20 years. 

 

 
Figure 2-69. Iron concentration in porewater; LR=8, Kd=7490 L/kg, variable C0 and precipitation; 

porewater standard=300 µg/L. 
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Figure 2-70. Iron concentration in porewater at 5 cm below surface after 20 years. 

 

 
Figure 2-71. Copper concentration in soil; LR=8, Kd=850 L/kg, variable C0 and precipitation; soil screening 

value=8100 mg/kg. 
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Figure 2-72. Copper concentration in soil at 5 cm below surface after 20 years. 

 

 
Figure 2-73. Copper concentration in porewater; LR=8, Kd=850 L/kg, variable C0 and precipitation; 

porewater standard=3 µg/L. 
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Figure 2-74. Copper concentration in porewater at 5 cm below surface after 20 years. 

 
Figure 2-75. Cadmium concentration in soil; LR=8, Kd=300 L/kg, variable C0 and precipitation; soil 

screening value=1.2 mg/kg. 
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Figure 2-76. Cadmium concentration in soil at 5 cm below surface after 20 years. 

 

 
Figure 2-77. Cadmium concentration in porewater; LR=8, Kd=300 L/kg, variable C0 and precipitation; 

porewater standard=1 µg/L. 

100 200 300 400 500 600 700 800 900 1000 1100

Adsorption Coefficient (L/Kg)

0

0.05

0.1

0.15

0.2

0.25

0.3

0.35

0.4

C
d 

co
nc

en
tra

tio
n 

in
 th

e 
so

il 
(m

g/
kg

) 

LR=2

LR=4

LR=6

LR=8

LR=10

LR=12

LR=14

LR=16

0 1000 2000 3000 4000 5000 6000 7000 8000

Time(day)

0

2

4

6

8

10

12

14

C
d 

co
nc

en
tra

tio
n 

in
 th

e 
po

re
 w

at
er

 (u
g/

l)

on the surafce

5 cm below surface

10 cm below surface

LR=8

Kd=300 L/kg

porewater standard



 

87 
 

 

 
Figure 2-78. Cadmium concentration in porewater at 5 cm below surface after 20 years. 

 
Figure 2-79. Zinc concentration in soil; LR=8, Kd=400 L/kg, variable C0 and precipitation; soil screening 

value=66000 mg/kg. 
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Figure 2-80. Zinc concentration in soil at 5 cm below surface after 20 years. 

 
Figure 2-81. Zinc concentration in porewater; LR=8, Kd=400 L/kg, variable C0 and precipitation; soil 

screening value=120 µg/L. 

100 200 300 400 500 600 700 800 900 1000 1100

Adsorption Coefficient (L/Kg)

0

50

100

150

200

250

300

Zn
 c

on
ce

nt
ra

tio
n 

in
 th

e 
so

il 
(m

g/
kg

) 

LR=2

LR=4

LR=6

LR=8

LR=10

LR=12

LR=14

LR=16

0 1000 2000 3000 4000 5000 6000 7000 8000

Time(day)

0

500

1000

1500

2000

2500

3000

3500

Zn
 c

on
ce

nt
ra

tio
n 

in
 th

e 
po

re
 w

at
er

 (u
g/

l)

Kd = 400 L/Kg

LR = 8

on the surafce

5 cm below surface

10 cm below surface

porewater standard



 

89 
 

 

 
Figure 2-82. Zinc concentration in porewater at 5 cm below surface after 20 years. 

 
Figure 2-83. Chloride concentration in soil; LR = 8, Kd = 1 L/kg, variable C0 and precipitation; soil 

screening value=1000 mg/kg. 
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Figure 2-84. Chloride concentration in the media for LR=8 and Kd = 1 L/kg with variable precipitation and 
C0 = 1.6 gr/L with just one seasonal spike of C = 6 gr/L starting from day 3650 to day 3740 (winter of tenth 

year of simulation). 

 

2.6.8  Impacts of varying conditions on the dynamic of chloride transport at 
different depths  
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Figure 2-85. Chloride concentration in soil at 5 cm below surface after 20 years. 

 

 
Figure 2-86. Chloride concentration in porewater at 5 cm below surface after 20 years. 
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Figure 2-87. Chloride concentration in soil at 100 cm below surface after 20 years. 

 

 
Figure 2-88. Chloride concentration in porewater at 100 cm below surface after 20 years. 

 
Figure 2-89. Chloride concentration in soil at 500 cm below surface after 20 years. 
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Figure 2-90. Chloride concentration in porewater at 500 cm below surface after 20 years.  
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CHAPTER 3 

IMPACTS OF SALINITY ON THE DYNAMICS OF FINE 

PARTICLES AND THEIR ASSOCIATED METALS DURING 

STORMWATER MANAGEMENT 
 

3.1 Abstract  

Elevated salinity in stormwater runoff may adversely impact the efficacy of stormwater 

management practices (SMPs) in intercepting contaminants via changing the stability of 

suspended particles as well as the fate and transport of their associated contaminants. Field-

collected soil samples were employed to characterize the impacts of salinity on suspended 

particles. Varying concentrations (10 mM to 1000 mM) of chloride salts (NaCl, KCl, 

MgCl2, and CaCl2) were applied to suspended particle samples to assess the changes in 

particle size distribution (PSD) and metal desorption from particles. The concentration of 

fine particles (d < 10 µm) was higher in samples treated with up to 100 mM monovalent 

and 50 mM divalent salts (both corresponding to the ionic strength of ~ 0.1 M). This was 

attributed to the ion attraction to the particle’s surface resulting in induced repulsive forces 

that prevented coagulation. Particle aggregation was observed at higher salt concentrations, 

associated with ionic strength greater than ~ 0.1 M, due to compression of the double-layer 

which restrained the repulsive force. Generally, elevated salinities resulted in increased 

desorption of exchangeable Cr, Fe, Cu, Zn, and Pb, which is likely a combination of cation 

exchange and formation of aqueous metal complexes. The contributions of complexation 

and ion exchange were estimated using experimental results and speciation by MINTEQ. 

This analysis suggested that cation exchange was generally the main contributor, save Pb, 
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though the role of complexation became more important at high salt concentrations. 

Increased fine particle and dissolved metal fractions could negatively impact the 

functionality of SMPs, potentially leading to increased media clogging and increased 

transport of metals to underlying groundwater and downstream water bodies. This study 

highlights the importance of optimizing the introduction of salts and proper maintenance 

of SMPs, particularly in locations where applying deicing salts (e.g., NaCl) is a necessary 

safety measure. 

3.2 Introduction 

Infiltration-based stormwater management practices (SMPs) are commonly 

employed to address problems associated with stormwater runoff (Purvis et al., 2018). The 

primary function of SMPs is to prevent flooding in urban areas. Yet, SMP functionality 

includes contaminant removal and water quality enhancement as a secondary 

consideration. The role of water quality has recently gained more attention when 

considering stormwater runoff as a source for surface waters and groundwater recharge, 

particularly in water-stressed regions (Ashoori et al., 2019). The strain on water treatment 

systems can be notably reduced if the incoming water resources are less contaminated. A 

properly designed and maintained SMP may play a significant role in mitigating 

contaminant loads before stormwater runoff enters water resources. 

Suspended particles in stormwater runoff can adversely impact water quality and 

clarity in receiving water bodies and particles can be vectors for different contaminants 

like metals (Flanagan et al., 2019; Zhang et al., 2019). Fine particles (d < 10 µm) are 

considered particularly problematic and disproportionately contribute to water quality 
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challenges. Fine particles are recognized as sinks and sources for a variety of contaminants, 

including metals, owing to their high specific surface area (Wei et al., 2019; Gbeddy et al., 

2018). Fine particles are unlikely to settle and remain suspended in the stormwater runoff, 

reducing the efficiency of SMPs for water quality enhancement (Selbig et al., 2016). Soil 

pore sizes are usually larger than 10 µm, implying the filtration would not efficiently 

remove fine particles when they migrate through the porous media (Flanagan et al., 2019). 

Thus, owing to their small sizes, fine particles and their associated metals are not expected 

to be removed effectively by sedimentation or filtration in the SMP fill media. Flanagan et 

al. (2019) found that fine particles showed negligible removal efficiency (~ 5 %) in a 

stormwater biofilter during wintertime compared to higher removal efficiency values 

during warmer seasons (ranging from 61 % to 72 %). Particle dispersion (i.e., the stability 

of fine particles) was identified as a key mechanistic contributor, which occurred in 

response to the high concentration of deicing salt. A column study by Klopp and Daigh 

(2020) showed that the elevated salinity reduced the saturated hydraulic conductivity of 

the media due to fine particle dispersion (particularly clay) due to a high concentration of 

Na. The stability of fine particles, as a result of alterations in the chemistry of the system, 

may also impact water quality through changes in the distribution coefficients (Kd values) 

of their associated metals.  

Particulate metals fall into five major fractions which include: exchangeable, 

carbonate-bound, oxidizable, reducible, and residual (Tessier et al., 1979). The metal Kd 

values are empirical coefficients that reflect metal distribution between solid-associated 

exchangeable and aqueous phases. Metal Kd values are defined based on assumptions of 
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equilibrium, reversibility of the surface association between solid and aqueous phases, and 

trace concentration of metals (Tomczak et al., 2019; Boyer et al., 2018). Adsorption of 

metals onto solid phases has been broadly studied as an effective tool to capture dissolved 

and colloid-associated metal species. Adsorbents that possess high specific surface area, as 

well as an abundance of functional groups have demonstrated enhanced metal removal 

efficiencies (Faisal et al., 2020; Awual et al., 2015; Naushad et al., 2015). Plants can also 

capture metals through adsorption, where metal accumulation onto plant roots (e.g., 

phytoaccumulation and phytostabilization) can occur via different processes, including 

adsorption, and can effectively immobilize various metals (Muthusaravanan et al., 2018).  

Although high adsorption of metals onto different solid phases may be promising from a 

water quality standpoint, there are risks associated with overestimation of Kd values and 

reversibility of adsorption (i.e., desorption) under certain conditions, including higher-

than-normal salinity.  

The exchangeable fractions of metals are weakly bound metals on the surface of 

particles that can be desorbed under relevant chemical conditions like high concentrations 

of major cations (Na+, K+, Mg2+, and Ca2+), which readily replace the metals. A variety of 

parameters such as pH, initial concentrations of different ions (e.g., major cations and 

metals), size of the hydrated sphere around ions, contact time between aqueous and solid 

phases, and properties of solid phases such as their concentration, size, and surface 

characteristics may impact Kd values (Tomczak et al., 2019; Naushad, 2014). In addition 

to ion exchange, the released ligands such as Cl- (from salt dissociation) may form a 

homogeneous complex with the metal cations and impact Kd values (Gaulier et al., 2021; 
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Fernandes et al., 2019; Ranjan et al., 2018; Thanh-Nho et al., 2018). Stability constants of 

potential complexes determine the thermodynamically predicted speciation (i.e., metal-

ligand complexes and solids). Either pathway (i.e., ion exchange or complexation) may 

facilitate the formation of dissolved metal species that are ready to react and therefore are 

potentially bioavailable (Jaishankar et al., 2014). Consequently, the exchangeable fractions 

of particulate metals – which are more readily transformed into dissolved metal species 

due to changes in solution chemistry (Kang et al., 2019) – are worthy of attention due to 

their potential mobility and bioavailability. 

The presence of major cations and anions from salt dissociation would likely impact 

the soil characteristics, including changes in hydraulic conductivity, cation exchange 

capacity (CEC), the potential for clay dispersion, and particle-associated metal 

concentrations (Søberg et al., 2017).  Conducting pilot-scale bioretention column studies 

demonstrated that metal concentrations in the outflow notably increased when the influent 

had higher salinity (Søberg et al., 2017).  High salinity, particularly as a result of elevated 

Na after applying deicer on roadways, has resulted in an increased fraction of metals in the 

dissolved form, potentially associated with the release of previously captured metals from 

the SMP fill media (Kratky et al., 2017). de Souza Machado et al. (2018) studied the 

mobilization of a group of high priority metals in a typical estuary and found that 

concentrations of major cations were significantly correlated with metal mobilization in 

porewater samples. Intentionally increasing Mg2+ is considered an effective way to release 

the exchangeable metal fraction and thereby remediate contaminated sediments (Bolan et 

al., 2014). Jamshidi et al. (2020) reported that an increase in Na concentration in the soil 
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was associated with higher concentrations of metals in the underlying groundwater owing 

to competition among metals and Na for soil sorption sites.  

Fate and transport of particles and their associated metals within SMPs could 

impact both design and maintenance considerations. This study contributes to the body of 

knowledge needed to holistically consider water quality in the design and maintenance of 

SMPs by investigating the impacts of varying salinities on the fate of particles and their 

associated metals. Previous studies have generally focused on assessing the impacts of 

salinity on the permeability and adsorption capability of deposited sediments, while the 

focus of the current research was the impacts of varying salinity on suspended particles 

and desorption of their associated metals. Although the stability of deposited sediments in 

SMPs has been previously studied, there are knowledge gaps regarding the stability of fine 

suspended particles. This study aims to quantify suspended fine particle stability in SMPs 

across a range of salinities and salt types. Moreover, this study undertakes quantitatively 

describing metals desorption as a function of salt concentration via linear regression, which 

to the author’s knowledge, has not previously been done. Changes in metal Kd values were 

apportioned to cation exchange and complexation and the share of each reaction was 

determined to further highlight differences among metals when treated by varying 

concentrations of different salts. To accomplish these tasks, batch experiments were 

employed to investigate the impacts of varying concentrations of NaCl, KCl, MgCl2, and 

CaCl2 on 1) changes in the particle size distribution (PSD) of suspended solids and 2) 

desorption of solid-associated exchangeable fractions of a suite of environmentally 

important metals (Cr, Mn, Fe, Cu, Zn, and Pb). The environmental implication of this study 
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may help in improving the performance of SMPs, particularly in northern climates, by 

recognizing the implications of deicer salt use (both type and dose) on particle stability and 

metal mobility. Additionally, determining metal Kd values under various salinities 

identifies sources of variability and reduces uncertainties associated with Kd values, which 

may deviate over orders of magnitude in environmental systems. Employing dynamically 

estimated Kd values leads to more realistic modeling of metal transport in different 

conditions, leading to enhanced SMP design. 

3.3 Materials and methods 

3.3.1 Sample collection and preparation 

Four representative soil samples were investigated, where three were collected 

from SMP fill media installed in the vicinity of Interstate 95 in Philadelphia, PA. Soil 

samples from the top 5 cm of the media were collected from three locations (near the inlet, 

in the middle, and near the outlet) of a SMP that had been in service for ~ 3 years (since 

2016; samples collected in summer 2019). A fourth soil sample was collected in summer 

2018 from underlying natural soil prior to the installation of fill media at another SMP in 

that same Interstate 95 area. To minimize potential contamination during sampling, plastic 

scoops – soaked in 5 % nitric acid, triple rinsed with deionized (DI) water, and allowed to 

dry – were employed to collect soil samples. Soil samples were stored in plastic bags and 

transferred to the laboratory on ice. Upon arrival at the lab, soil samples were passed 

through a plastic mesh to remove particles larger than 2 mm, and vegetative components 

such as leaves, stems, and roots were separated to a feasible extent. Samples were stored 

in the freezer at -20 oC until further sample processing and experimentation. 
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3.3.2 Solid characterization 

Cationic exchange capacity (CEC) is defined as the total available negatively 

charged sites on the surface of particles that can bind with cations. The 1M KCl extraction 

method (Ross and Ketterings, 2011) was employed to estimate the CEC of different 

samples. One subsample from background soil, 2 subsamples from inlet and middle, and 3 

subsamples from outlet samples were used for the CEC analysis.  In this method, 

concentrations of major cations in extracted samples were analyzed by ICP-MS. These 

concentrations of major cations were then converted to milliequivalent for a specific mass 

of particles (i.e., 100 g). BET specific surface area (SSA) was measured by PennState 

University using an ASAP 2420 Automated Surface Area and Porosimetry System. 

Samples were analyzed for loss on ignition (LOI) to determine the organic matter (OM) 

content (Hoogsteen et al., 2015). Samples were analyzed in triplicate for SSA and LOI (i.e., 

three subsamples from the background, inlet, middle, and outlet samples). 

3.3.3 Synthetic sample creation and analysis 

Sieved soil samples were oven-dried at 40 oC for 24 hours and then passed through 

a riffle splitter four times sequentially to prepare representative particle samples. The 

experimental design included a reference case (DI water) and saline solutions of 10, 50, 

100, 500, and 1000 mM NaCl, KCl, MgCl2, and CaCl2 (i.e., one reference condition and 

20 treatments representing combinations of salt type and concentration). Batch 

experiments evaluated the differences in PSD and the distribution of metal concentrations 

between aqueous and solid-associated exchangeable phases after applying various 

treatments. Samples from background media (natural soil) did not have replicates, while 
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samples from near the inlet, in the middle, and near the outlet of the active media, had 2, 

2, and 3 replicates, respectively (i.e., 8 replicates for each scenario were tested).  Reagent 

grade salts were used to prepare samples for PSD analysis, while trace metal grade salts 

were employed for the metal desorption experiment to minimize potential contaminations. 

One gram of processed particles was added to 50 mL of the prepared treatment solution 

and mixed for 8 hours at 125 rpm using Scilogex, MX-RL-E LCD Tube Rotator to 

synthesize samples. Fig. 3-1 illustrates the general experimental workflow. 

 

 
Figure 3-1. The workflow of batch experiments for a. particle size distribution and b. metal desorption. 

 

Sample PSDs were analyzed by a liquid mode LS 13 320 Particle Size Analyzer, 

manufactured by Beckman Coulter Life Sciences. The instrument employs light scattering 

and laser diffraction techniques to assess the volumetric percentage of particles associated 

a- particle size distribution b- metal desorption 
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with a given size class. The quantifiable range of particle sizes was from 0.375 µm to 2000 

µm, which was divided into 120 size classes with a logarithmic interval (i.e., more 

resolution in finer size classes).  

The particle-associated metal exchangeable fraction was extracted using the 

approach developed by Tessier et al. (1979). Synthesized samples were centrifuged at 1000 

g for 8 minutes using Thermo Scientific, Sorvall legend XTR. After centrifugation, 10 mL 

of supernatant was transferred to acid-washed vials, then 0.5 % hydrochloric acid and 2 % 

nitric acid was added (v/v); the solutions were kept at 4 oC until further analysis. The 

remaining supernatant solution was decanted to a practical extent and then the vial 

containing the moist solid particle pellet was dried in an oven at 60 oC for 48 hours. To 

analyze the solid phase exchangeable metal concentration, 8 mL of 1 M MgCl2 (the 

extraction solution) was added to the oven-dried particles, the pH was adjusted to 7, and 

the solutions were mixed for 1 hour (room temperature, ~20 oC, at 80 rpm using Scilogex, 

MX-RL-E LCD Tube Rotator). After mixing, the solutions were centrifuged again at 1000 

g for 8 minutes and 5 mL of supernatant solutions were transferred to acid-washed vials, 

followed by acidification (0.5 % hydrochloric acid and 2 % nitric acid, v/v) and stored at 

4 oC until further analysis. 

An inductively coupled plasma mass spectrometer (ICP-MS; Agilent 7900) was 

used to analyze samples for metals. Hydrogen (H2) for reaction and helium (He) for 

collision modes were employed in the octopole reaction system unit of ICP-MS to enhance 

the accuracy of the results by minimizing the polyatomic interferences. Calibration points 

were prepared using stock solutions manufactured by Inorganic Ventures. Seven blank 
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samples were analyzed, and the detection levels (DL) of the runs were chosen as the 

maximum value of the DL reported by Mass Hunter (ICP-MS control software) or 3𝜎𝜎 

(standard deviation) above the mean concentration of the seven blanks (i.e., 95 % 

confidence level). Quality assurance/quality control criteria for recoveries of internal 

standards were set to be ± 30 % of the stock solution. A standard reference material, 1640A 

by NIST, was analyzed every 20 samples to check the accuracy and precision of the runs; 

a threshold of ± 10 % of the standard reference material recovery was set as the range for 

reliable quantification. The sample analytical stability was assessed through monitoring 

relative standard deviations of the internal standard counts per second to less than 5 %, and 

concentration relative standard deviations of three analytical replicates to less than 30 %.  

3.3.4 Data processing 

The changes in PSD were evaluated by comparing the fraction of fine particles in 

the total suspended solids under various treatment concentrations. LS 13 320 Particle Size 

Analyzer data provided a volumetric percentage for different size bins; by assuming 

constant density, volumetric percentages are presented as mass percentages. The 

summation of mass percentages from 0.375 µm to 10 µm established the index to evaluate 

changes in fine particle PSD statistically. The sign test was employed to evaluate the 

impacts of various treatments and a 95 % confidence level was chosen for a significant 

difference. The sign test is a nonparametric approach that was utilized to compare two sets 

of data to determine the significance level of statistical difference among various 

treatments. The test compares every element of each set with its counterpart in the other 

set. This test employs the binomial distribution of the population to compute a p-value, 
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which creates independence from normal distribution conditions in statistical tools such as 

t-test (more details in Appendix 3.6.1).  

The equilibrium distribution coefficient (Kd) associated with each metal under 

varying scenarios was computed from Eq. 3-1 using the concentrations measured by ICP-

MS: 

Kd = Cs
Cw

                                                                                                                          (3-1)     

In which, Cw is the metal aqueous phase concentration measured in the salt treatment 

supernatant (i.e., not the extraction solution) and Cs is the solid phase concentration derived 

from Eq. 3-2. 

cs = VexCex
Ms

                                                                                                                     (3-2)    

For Eq. 3-2, Vex is the volume of added extraction solution, Cex is the metal aqueous phase 

concentration measured in the extraction solution, and Ms is the dry-weight mass of 

particles in the sample. Distribution coefficients (Kd values) were used to compare the 

metal desorption for each treatment. A linear regression model (Eq. 3-3) was employed to 

assess the impacts of different treatment concentrations on the Kd associated with each of 

the studied metals. The regression parameters (a: slope and b: intercept) along with their 

corresponding confidence levels and R2 values were employed for statistical evaluations. 

Distribution coefficients (L/kg) from all media were evaluated in a statistical model by 

using salt concentrations (mM) and the mean Kd value of 8 replicates for each treatment. 

Kd = a × Log(Csalt) + b                                                                                                (3-3) 
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3.3.5 Determination of metal speciation  

Speciation simulations for each of the metals and treatments were performed using 

MINTEQ (Gustafsson, J. P., 2012) to quantify the role of complexation in metal Kd under 

various treatments. Similar to the regressions, the mean Kd values were used for 

apportionments. The simulation assumed typical aqueous concentration of metals that were 

measured in the reference cases (0.1 µM CrO42-, 0.78 µM Mn3+, 0.24 µM Fe3+, 0.24 µM 

Fe2+, 0.1 µM Cu2+, 0.1 µM Zn2+, and 0.02 µM Pb2+). All four salts were simulated 

separately as treatments with concentrations from 10 mM to 1000 mM. Metals were 

assumed to be present in the system in their most environmentally abundant oxidation 

states. In environmental systems, Cr is most often found in the oxyanion form of CrO42- in 

which Cr has an oxidation state of +6. Chromium (Cr) is present in circumneutral pH 

systems as a combination of HCrO4- and CrO42- (i.e., pKa = 5.9; (Benjamin, 2015)). 

Manganese (Mn) is present in the soil particles in the reducible form of Mn3+, Fe is 

abundant in the media as Fe2+ and Fe3+, and Cu, Zn, and Pb overwhelmingly exist as Cu2+, 

Zn2+, and Pb2+. The system was modeled as an open system, subject to carbonate exchange 

with atmosphere CO2 (i.e., 0.00038 atm) and pH was calculated from mass and charge 

balance by MINTEQ. Both experimentally measured batch pH values, as well as pH values 

calculated by MINTEQ, were slightly alkaline, ranging from 7.2 to 8.7. 

3.4 Results and discussion 

3.4.1  Solid characterization  

Table 3-1 reports the mean values of solid characterization along with their 

corresponding standard deviations for different samples. Owing to the substantial impact 

of CEC on metal sorption, overseeing agencies set recommended minimum CEC value of 
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fill media in SMPs. For instance, the Philadelphia stormwater management guideline 

recommends employing fill media with a CEC of at least 5 meq
100 g soil

, while the Pennsylvania 

SMP design manual proposes a higher minimum of 10 meq
100 g soil

 (City of Philadelphia 

Planning and Research and City of Philadelphia Water Department, 2015; Pennsylvania 

Department of Environmental Protection, 2006). Relatively large CECs revealed the 

abundance of negatively charged sites and the high capacity for cations on the surface of 

particles (Table 3-1). The specific surface area (SSA) of soil particles may span over orders 

of magnitude depending on the percentage of fine particles (e.g., clay content). Generally, 

the higher the clay content, the higher the specific surface area (Khorshidi et al., 2017). 

Specific surface area analysis revealed that natural background soil had higher clay content 

compared to engineered soil cores, which were collected from the active SMP and had a 

higher amount of sand and loam (Table 3-1). The higher amount of organic matter (OM) 

in a media is usually associated with a higher capacity for metal removal by adsorption 

because OM can bind dissolved metals and capture them on the surface of particles. 

Philadelphia stormwater management guideline suggests adding OM to fill media if the 

CEC is less than the recommended value (i.e., 5 meq
100 g soil

) to modify adsorption capacity, 

however, it is also recommended that OM should not exceed 15 % (City of Philadelphia 

Planning and Research and City of Philadelphia Water Department 2014). The maximum 

threshold is set to prevent substantial leaching of dissolved organic carbon (DOC) that can 

result in potential remobilization of metals by complexation between metals and DOC.  
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Table 3-1. Mean and standard deviations of selected solid characterizations for all samples; NA stands for 
not analyzed because one subsample background soil was analyzed for CEC. 

 

3.4.2  Impacts of salinity on PSD   

Background and active media included particles with a range of sizes, where the 

greatest mass percentage was generally observed between 8 – 200 µm. When PSD was 

determined in DI water (i.e., reference case), the most abundant size fraction varied by 

sampling location but was typically between 30 – 50 µm. Salt composition and 

concentration were observed to impact PSD, as exemplified in Fig. 3-2. When salt 

concentrations of 100 mM NaCl and 50 mM MgCl2 were applied, the PSD generally shifted 

toward finer particles, though the effect was media and salt type specific. PSDs in 

background and inlet samples were most substantially affected, while comparatively 

minimal effects were observed for media collected from the middle and outlet sampling 

locations. The increase in the fine particle share (i.e., smaller than 10 µm) was 

counterbalanced by a corresponding reduction in the share of coarser particles (Fig. 3-2). 

The size in which the intersection of PSD curves of reference and treatment cases could be 

observed was variable for each scenario, however, the fine size classes always had a higher 

percentage after treating with 100 mM NaCl and 50 mM MgCl2. For instance, Fig. 3-2a 

shows the share of particles with sizes smaller than 48 µm treated by 100 mM NaCl 

increased compared to the reference case. Similarly, Fig. 3-2c illustrates that treatment with 

mean std mean std mean std
background 25.91 NA 6.31 0.28 3.70 0.25

inlet 22.63 3.45 4.37 0.56 2.50 1.01
middle 20.84 2.84 1.22 0.73 3.11 0.76
outlet 23.66 4.37 2.02 0.005 2.91 0.90

CEC (meq/100g)
 

SSA (m2/g) OM (%)
sample

characteristic
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50 mM MgCl2 resulted in the dominance of particles smaller than 63 µm when compared 

to the reference case.  

 

 
Figure 3-2. Share of each size class in total suspended particle for reference case, 100 mM NaCl, and 50 

mM MgCl2 treatments of different samples; x-axis is log scale. 

Particles are usually negatively charged on their surface. However, the negative 

charges are counterbalanced by cations present in the solution to neutralize the total charge 

of the system (Fetter, 2008). These cations become electrostatically bound to the surface 

of particles, resulting in a nanoscale layer of positively charged ions around the particle 

(electrostatic diffuse double-layer). The influence of the diffuse double-layer decreases 
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with distance, because the locally elevated concentration of cations around the particle 

decreases with distance, and at a sufficient distance the bulk solution achieves 

electroneutrality (i.e., charge balance) (Trefalt et al., 2013; Fetter, 2008). Elevated salt 

concentration, reduced ionic size, and polyvalent ions generally result in stronger bonds 

and compress the double layer (Fetter, 2008). Derjaguin, Landau, Verwey, and Overbeek 

(DLVO) developed a renowned theory that described particle stability as a function of two 

opposing forces: Van der Waals attraction and electrostatic repulsive forces (Derjaguin and 

Landau, 1941; Verwey, and Overbeek, 1948). Depending upon a variety of factors like 

surficial charge on the diffuse double-layer around particles, the thickness of the double-

layer, and the distance among particles, one of the forces prevails and changes the resultant 

particle-particle interaction. The stability of fine particles occurs when repulsive forces 

dominate. In contrast, when attraction forces dominate, fine particles can approach each 

other which increases the probability of contact and aggregation. 

The samples from background media showed more notable changes in PSD after 

treatments compared to samples from active media (Fig. 3-2). Background media had 

lower background concentrations of salts compared to the active media; the mean 

conductivities of the background and active media samples treated with DI water were 

129±51 µS/cm and 221±72 µS/cm, respectively. Based on the DLVO theory, the higher 

presence of major cations in the samples from active media might have compressed the 

diffuse double layer, which can lead to less repulsive forces. Hence, similar treatments of 

active media were associated with lower stability of fine particles, which led to a less 

pronounced PSD shift toward fine size fractions.  
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Generally, treating samples with concentrations of up to 100 mM monovalent salts 

and up to 50 mM divalent salts resulted in a higher fraction of finer particles (i.e., 0.375 

µm < d < 10 µm) compared to both the reference case and higher salt concentrations (Fig. 

3-3). In the reference NaCl treatment (0 mM), 22 % of suspended particles were smaller 

than 10 µm, while the corresponding finer percentages for 10, 50, and 100 mM NaCl 

treatments were 28 %, 32 %, and 37 %, respectively (Fig. 3-3). All NaCl treatments were 

found to be statistically different based on the sign test. For example, statistical comparison 

(sign test) between fine particle fractions associated with 0 mM and 10 mM NaCl 

treatments had a p-value of ~1E-4. Treatments with higher concentrations of NaCl also 

facilitated the stability of fine particles, relative to the reference case, but to a lesser extent 

than modest NaCl concentrations (percentage of fine particles in 500 and 1000 mM NaCl 

treatments were 27 % and 25 %, respectively). As salinity increases, progressively more 

Na+ can be associated with particle surfaces and strengthen the repulsive forces. However, 

when the solution ionic strength exceeded a critical level (larger than 0.1 M), the observed 

trend reversed due to induced shielding effects associated with compressing the diffuse 

double-layer. 
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Figure 3-3. Comparison between impacts of various treatments on the range of 0.375 to 10 µm.  The data 
from the eight assessed analyses, presented as a box and whisker plot, is the fraction of particles smaller 

than 10 µm. The boxes cover from 25th to 75th percentile of data (i.e., 50th interquartile); the red 
horizontal lines inside boxes are median values of data; whiskers are extended to highest and lowest 

observed data not considered outlier; outliers (shown as +) are either larger than 75th percentile plus 1.5 
times interquartile or smaller than 25th percentile minus 1.5 times interquartile. 

High ionic strength has been shown to impose shielding effects on the diffuse 

double-layer by compressing it, which may result in lower repulsive forces among fine 

particles (Flanagan et al., 2019; Benjamin, 2015). Such phenomena may lead to the 

aggregation of fine particles. However, the stability of fine particles may be partially 

maintained while the diffuse double-layer is compressed if there are sufficient cations on 

the double-layer to induce repulsive forces among particles (Flanagan et al., 2019; Missana 

et al., 2018). As DLVO theory suggests, a compressed double-layer restrains the repulsive 

forces among fine particles, which facilitates aggregation. It can be conceived that both 

background concentration of major cations in the particles (e.g., leached from the media) 

and the treatment concentration are impactful on the bulk solution ionic strength, and 

therefore the diffuse double-layer thickness and the dominance of repulsion or attraction. 
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Based on continuing stormwater monitoring efforts in the SMPs, the highest Na 

concentrations occur in the winter and do not exceed 100 mM (Caplan et al., 2018), 

therefore, concentrations higher than 100 mM are not considered environmentally relevant 

but are included to demonstrate the effect of elevated salinities. Potassium chloride (KCl), 

as another monovalent salt, had the same impacts on PSD as NaCl and followed the same 

pattern (effect on fine particles summarized in Fig. 3-3, with more details in Appendix 

3.6.2). 

The presence of either monovalent or divalent salt resulted in an increased 

prevalence of finer particles and the dominance of fine particles generally exhibited a 

triangle-shaped dependence on salt concentration. However, the concentration associated 

with the apex was different between monovalent and divalent treatments. Treatment of 

samples with divalent salts like MgCl2 and CaCl2 also resulted in a higher fraction of fine 

particles but the effects of high ionic strengths (diffuse double-layer compression and 

attenuation of repulsive forces) occurred at treatment concentrations greater than 50 mM, 

while it was 100 mM treatment for monovalent salts (Fig. 3-3). Ionic strength is 

proportional to the square of the contributing species charge (i.e., zi2, where z is the species 

charge), therefore, polyvalent species have a much greater effect on ionic strength. For 

example, doubling the concentration of a monovalent salt will double the ionic strength but 

doubling the concentration of a divalent salt will have a four-fold impact. Interestingly, the 

apex of the triangles for all the treatments occurred at the point associated with the ionic 

strength of ~ 0.1 M. Current field data from monitoring SMPs serving Interstate 95 suggest 

that the maximum Mg concentration in the stormwater runoff does not exceed 50 mM 



 

114 
 

(Caplan et al., 2018). Thus, similar to NaCl treatments, treating with environmentally 

relevant MgCl2 concentrations resulted in PSD shifts in favor of fine particles. Similar 

PSD-salt concentration trends were observed when the other divalent salt (CaCl2) 

treatments were applied. Cumulative PSD curves for various treatments and samples are 

presented in Appendix 3.6.2. 

Treatments of samples with 1000 mM divalent salts resulted in the lowest fraction 

of fine particles compared to all other treatments including the reference treatment (Fig. 3-

3). Such phenomena suggest the 1000 mM treatment with divalent salts has facilitated 

particle aggregation due to notable compression of diffuse double-layer, confining the 

repulsive forces and allowing Van der Waals attraction forces to dominate. Prevalence of 

attraction increases the chance of contact among fine particles which leads to aggregation 

(DLVO theory).  

Elevated cation concentrations, particularly monovalent cations, have been 

observed to negatively impact SMP performance. Changes in the size distribution of 

particles due to lower temperatures and deicer application in cold seasons were found to 

be the primary reason for decreased retention of particulate matter in settling tanks serving 

to treat traffic runoff (Rommel and Helmreich, 2018). In addition to the presence of high 

Na+ and K+ concentrations, Oster et al (2016) found that elevated Mg2+ and Ca2+ 

concentrations also negatively impacted the permeability of the soil. However, divalent 

cations were shown to enhance clay dispersion and decrease permeability to a lesser degree 

compared to monovalent cations. Oster et al. (2016) suggested the following order for the 

effectiveness of major cations on clay dispersion Na+ > K+ > Mg2+ > Ca2+. In a pilot-scale 
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column study to assess the functionality of media in contaminant removal under varying 

NaCl concentrations, the column treated with 10,000 mg/L NaCl (~ 170 mM NaCl) failed 

to operate shortly after the beginning of the experiments due to considerable dispersion of 

fine particles that resulted in media clogging (McManus and Davis, 2020).  

3.4.3  Impacts of salinity on metal desorption 

Treating soil samples with a higher concentration of salts was associated with 

higher desorption of Cr, Fe, Cu, Zn, and Pb, while elevated salt concentrations did not 

substantially affect desorption of Mn. Fig. 3-4 provides some examples and Tables in 

Appendix 3.6.3 report their corresponding linear regression parameters. The regression 

was performed using the mean of samples from all locations along with their replicates 

(i.e., a total of 8 for each point; 1 from background media, 2 from near the inlet, 2 from the 

middle, and 3 from the near outlet of the active media). A comprehensive presentation of 

such regressions for all metals and all cases can be found in Appendix 3.6.3. Here, cases 

of Fe, Cu, and Pb treated with NaCl and MgCl2 are discussed to highlight potential 

differences between monovalent and divalent salts as well as how the regression model 

accuracy and confidence levels may change for various metals.  

The negative slope of the regression model (a < 0) for the majority of cases, except 

Mn, clearly showed that an increase in the salt concentrations was associated with the 

reduction of Kd values for Cr, Fe, Cu, Zn, and Pb (i.e., higher desorption). Relatively high 

R2 values and low p-values of regression parameters (reported in Tables in Appendix 3.6.3) 

established a reliable basis to support the hypothesis that metal desorption increased with 

elevated salinity. However, there are some cases, like Cu, that showed relatively poor 
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confidence levels (i.e., p-values slightly larger than 0.05 for regression parameters), but 

this might also be attributed to the relatively small number of salinity values that were 

evaluated (i.e., treatment levels = 5). The regression was performed on Kd values of 5 

different treatment levels, where each treatment level mean Kd value represented 8 

replicates.  For most other metal and salt combinations, except Mn, Eq. 3-3 provided a 

robust prediction of salinity effects on the metal Kd. For instance, Kd of Fe in the presence 

of 300 mM NaCl can be estimated as 720 L/kg, while a concentration of 30 mM NaCl 

would yield a Kd of 1407 L/kg. As can be seen, the low saline Kd value is almost double 

that of the higher saline condition (i.e., 10x higher salt concentration), displaying how Kd 

is sensitive to changes in the salinity. Similar predictions can be performed for various 

metals and salinities using the regression parameters listed in Tables of Appendix 3.6.3. 
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Figure 3-4. Metal solid-water distribution coefficients (Kd) values after applying various salt treatments on 
all samples collected from different locations along with their replicates (i.e., 8 measurements); regressions 
are performed on the mean Kd values of 8 replicates for 5 different concentration of each salt; an axis break 
on the x-axis is used to split reference case (deionized water) from salt treatments. a. Fe treated with NaCl, 
b. Fe treated with MgCl2, c. Cu treated with NaCl, d. Cu treated with MgCl2, e. Pb treated with NaCl, and f. 

Pb treated with MgCl2. 
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The reference treatments (0 mM cases) yielded metal Kd values associated with 

each media and were excluded from the regression, but they are displayed in Fig. 3-4 for 

reference. For a given metal, solid-aqueous distribution coefficients (Kd) can be impacted 

by a variety of parameters such as pH, salinity, the organic content, dissolved oxygen, 

background concentrations of metals and major cations, oxidation-reduction potential, 

cation exchange capacity, etc. (Kang et al., 2019; Tessier and Campbell, 1987). In addition 

to these sources of variabilities, heterogeneities in the solid phase can contribute to 

uncertainty in the experimentally determined Kd values, as was observed with the reference 

cases. Since the soil sampling method could not guarantee uniformly distributed soil 

characteristics (fully mixed), subsampling from the collected soil could not provide 

identical initial characteristics. For instance, the mean Kd of Pb in the reference case of 0 

mM NaCl treatments was ~ 2000 L/kg (Fig. 3-4e), while the corresponding Kd in the 0 mM 

MgCl2 treatment was calculated as ~ 4000 L/kg (Fig. 3-4f). Heterogeneities coupled with 

comparatively low aqueous concentrations likely contributed to greater variability 

observed in the reference cases (e.g., Fig. 3-4b, 3-4d, and 3-4f). Nevertheless, Kd values 

were consistently observed to decrease with increasing salt concentrations, for most metals 

and all salts, highlighting the overarching relationship that elevated salinities are associated 

with lower adsorption capacities.  

An examination of the slopes of linear regressions revealed that salts of divalent 

cations reduce the Kd values to a larger extent than salts of monovalent cations. Such a 

phenomenon is attributed to the higher charge of cations as well as a higher concentration 

of Cl- that would be released as a result of divalent salt dissociation (e.g., 100 mM CaCl2 
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releases 200 mM Cl- upon dissociation). As discussed in section 3.4.4, released cations as 

well as Cl- contribute to metal desorption, and therefore, divalent salts have a greater 

impact on the desorption process. For example, the magnitude of the slope associated with 

Cu increased (in a negative direction) from -110 𝐿𝐿
log (𝑚𝑚𝑀𝑀).𝑘𝑘𝑘𝑘

 to -300 𝐿𝐿
log (𝑚𝑚𝑀𝑀).𝑘𝑘𝑘𝑘

 for the cases 

of NaCl and MgCl2 treatments, respectively. Considering all salt treatments, the steepest 

slope in Kd values of Cr, Zn, and Pb occurred after treating with MgCl2, while treating with 

CaCl2 decreased the Kd values of Fe and Cu to a larger extent. Excluding Mn, the mildest 

slope was observed for Cr and Cu associated with KCl treatments, while NaCl treatment 

had the mildest slope for Fe, Zn, and Pb (Fig. 3-5). 

 

Figure 3-5. Salt concentration effect on solid-water distribution coefficient (Kd), presented as the slope of 
linear regression for Cr, Mn, Fe, Cu, Zn, and Pb for all sample; error bars represent standard error. 
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Cation exchange and chloro-metal homogeneous complexes may each contribute 

to the observed reductions in Kd values. The elevated salt concentration promoted the 

replacement of trace metals with major cations originating in the salts. Generally, the 

lowest major cation concentration that was applied in this study was higher than the trace 

metal concentrations by a factor of at least 1000 (in line with environmental systems; 

(Caplan et al., 2018)). The newly introduced major cations compete for sorption sites, 

which can replace and exchange the weakly bound metals in the exchangeable fractions 

(Zimmerman and Weindorf, 2010). At this stage, metals are liberated to the diffuse double-

layer and replaced by a major cation on the solid surface (i.e., exchanged). As soon as solid-

associated exchangeable metals are desorbed from the particle, the concentration gradient 

would force them to move away from the diffuse double-layer and enter the bulk solution, 

establishing a new equilibrated system. The abovementioned mechanism can be impacted 

by the strength of bonds between particles and exchangeable metals as well as the available 

concentration in the diffuse double-layer and bulk solution (Bolanle-Ojo et al., 2014). 

Moreover, the presence of ligands in the bulk solution would promote the departure of 

desorbed metals from the diffuse double-layer to the bulk solution (Ke et al., 2020; Wu et 

al., 2015). The released Cl- can change metal speciation in SMPs mainly via the formation 

of aqueous phase chloro-metal complexes. Metals participate in complexation reactions 

based on their oxidation state and stability constants for chloro-metal complexes (Appendix 

3.6.4). Equilibrium stability constants for the formation of chloro-metal complexes can be 

an indicator to quantify the equilibrium of this process, where a higher stability constant 

value signifies a more thermodynamically favorable complex. In addition to stability 
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constants, factors such as a variety of possible chloro-metal complexes and the 

concentration of competing ligands, particularly OH-, would affect the speciation, 

therefore, affecting the metal Kd values. 

3.4.4  Apportionment of complexation and cation exchange in Kd values 

A combination of experimental and MINTEQ simulation results was employed to 

estimate the apportionment of cation exchange and chloro-metal complex formation in the 

Kd values.  This section details the apportionment approach, and an example of the 

computational procedure can be found in Appendix 3.6.4. In the reference case (i.e., 

without salt), the exchangeable metal would desorb to satisfy the equilibrium reference Kd, 

including the formation of hydroxide complexes. Elevated cation concentration after salt 

treatments would promote the release of exchangeable metals from the surface of particles 

into the diffuse double-layer as cations compete for sorption sites. At this step, the 

complexation with released anion from salt dissociation (in this case Cl-) facilitates the 

release of metals from the diffuse double-layer into the bulk solution and it completes the 

desorption process (reduction in the Kd). Therefore, cation exchange can be viewed as a 

pushing mechanism and complexation could be viewed as a pulling mechanism, both 

contributing to increased metal desorption and associated decreased Kd values. The 

apportionment effort contrasts the reference case (indicated with a subscript 0 throughout) 

and a treatment (a specified salt type and concentration, indicated with a subscript T 

throughout). The difference between the metal distribution coefficient for the reference 

case (Kd0) and the distribution coefficient associated with treatment T (KdT) can be derived 

from experiments and defined as ∆Kdobserved,T  for a particular treatment T (Eq. 3-4). 
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∆Kdobserved,T =  Kd0 − KdT                                                                                              (3-4)       

MINTEQ speciation modeling was used to determine the fraction of dissolved species that 

were present as chloro-metal complexes (or cation-chromate for the oxyanion) and is 

referred to as 𝛼𝛼 (i.e., the summation of chloro-metal (or cation-chromate) divided by the 

total dissolved concentration). The value of 𝛼𝛼 was determined for each treatment T. The 

experimental data – metal aqueous phase concentration in the reference case (Cw0) and 

treatment T (CwT) – coupled with the 𝛼𝛼 value from speciation modeling were used to 

estimate the contribution of chloro-metal (or cation-chromate in the case of Cr) complexes 

to the total aqueous phase concentration (Eq. 3-5).   

 ∆Cw,complex,T = α (CwT − Cw0)                                                                                        (3-5)    

To find the share of cation exchange in the Kd in the absence of complexation, a cation 

associated ∆Kd can be defined that excludes the role of complexation in the increase of 

aqueous phase concentration and uses the solid phase concentration that was measured 

experimentally for treatment T (CsT) (Eq. 3-6).  

∆Kdcation,T =  Kd0 −
CsT

CwT−∆Cw,complex,T
                                                                               (3-6)    

The apportionment of KdT (observed distribution coefficient for treatment T) to dissolved-

phase complexation can be computed from Eq. 3-7, reflecting the chloro-metal (or cation-

chromate) complexes because the complexes associated with other ligands such as OH- 

had already reacted in the reference case.  
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complexation share in KdT(%) = (1 −
∆Kdcation,T

∆Kdobserved,T
) × 100                                           (3-7) 

Fig. 3-6 summarizes the results from such analysis for the case of NaCl treatments 

and highlights the importance of metal type and treatment concentration in determining the 

contributions of complexation and cation exchange in changes of Kd. Generally, the higher 

concentration of treatment resulted in increasing the role of chloro-metal complexes in 

lowering the Kd.  

 
Figure 3-6. Contributions of complexation (chloro-metal and Na-chromate) and cation exchange in the 

reduction of Kd values of different metals. 

Speciation by MINTEQ showed that elevated salinity increases the share of chloro-

metal complexes in the total aqueous Pb concentration (and as a result in lowering the Kd) 

more than other metals in the case of NaCl treatments (Fig. 3-6). Complexation impacted 

the Kd values of Cr, Cu, and Zn only in highly concentrated treatments of 500 and 1000 

mM. Complexation did not appear to be a strong factor in Kd values of Mn and Fe under 
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any treatment (Fig. 3-6) because thermodynamically the complexation of chloro-Fe2+, 

chloro-Fe3+, and chloro-Mn3+ species are not favorable compared to other aqueous forms. 

Higher salinity resulted in lower Kd for Cr, however, the impacts of treatments on Cr, as 

an oxyanion, might follow a different pathway than other studied cationic metals. 

Oxyanions can form complexes, specifically with cations such as Na+. Speciation with 

MINTEQ showed that the formation of NaCrO4- complex increased in an elevated 

concentration of NaCl and the formation of these homogeneous complexes could 

contribute to the reduction in the Kd values for Cr (Fig. 3-7). A comprehensive presentation 

of aqueous phase concentrations and the share of complexes in them under various 

treatments can be found in Appendix 3.6.4.  

The variety of potential complexes, as well as treatment concentration, played 

significant roles in determining whether complexation was a substantial driving factor to 

lower the Kd. For instance, the stability constant (log β) for the formation of CuCl+ is 0.3 

and is higher than most of the Cu2+-hydroxide complexes (i.e., CuOH+, Cu(OH)3-, 

Cu(OH)2, Cu2(OH)2+2, Cu3(OH)4+2). However, for the NaCl treatments, the dominant 

aqueous Cu2+ species were hydroxide complexes compared to CuCl+ (Fig. 3-7). It should 

be mentioned that other forms of chloro-Cu2+ are not thermodynamically favored. 

Although similar treatments were applied for the Pb case, the variety of chloro-Pb2+ 

complexes with higher stability constants led to a higher share of chloro-Pb2+ complexes 

(Fig. 3-7). The formation of chloro-Fe3+ complexes was not feasible (i.e., no stability 

constant), while the stability constant and variety of chloro-Fe2+ complexes were limited 

(like the case of chloro-Cu2+) and did not constitute a substantial share of aqueous Fe. This 
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implies that homogeneous chloro-metal complexes do not strongly contribute to the 

observed change in Kd values of Fe and Cu. Iron (Fe) showed a clear trend of lower Kd in 

more saline treatments which implies a high concentration of Fe in the solid-associated 

exchangeable form that has resulted in notable cation exchange (i.e., high concentration 

gradient from the diffuse double-layer toward the bulk solution after breakage of weak 

bonds). For the case of Cu, notable changes in Kd in presence of varying treatments were 

not observed in the case of background media, while treating active media samples 

followed the hypothesis of lower Kd in higher saline treatment. Background Cu 

concentration in background media was lower, therefore, the concentration gradient, which 

is the main driver for Cu desorption, is less strong in background media. Higher 

background concentration of Cu in the active media increased the concentration gradient 

and hence more desorption of Cu from the active media was observed. Solid-associated 

exchangeable fractions of Mn were not significantly impacted after applying salt because 

the solid-associated exchangeable fraction might be limited and the formation of chloro-

Mn3+ species was not predicted, thus the Mn desorption was not promoted via 

complexation. These observations reveal the importance of employing fill media with low 

background metal concentrations and further highlight the significance of proper fill media 

maintenance. 
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Figure 3-7. Summary of aqueous complexes, derived from MINTEQ simulation for three NaCl treatments 
of (a) Cr as an oxyanion, (b) Cu, representative of a lower impact of Cl- on complexation, and (c) Pb, 

representative of a higher Cl- impact on complexation; dominant species are displayed. 

In line with the findings from this study, Wu and Kim (2017) conducted Pb leaching 

tests on contaminated soil from Erie, PA, and observed a drastic increase in Pb leaching 

when deicing salts (NaCl and CaCl2) were applied. Acosta et al. (2011) studied the release 

of a group of metals from soil in the presence of high salt concentration and found that 

different salts imposed varying effects on each metal, however, all the salts generally led 

to increased metal mobility. The study showed that adding CaCl2 increased the mobility of 

Zn, Cd, and Pb most notably, while MgCl2 mobilized Cu to a larger extent. The differences 

were attributed to competition for sorption sites followed by the formation of metal-ligand 

complexes. However, the results from the current study revealed that CaCl2 mobilized Zn 

and Pb less effectively compared to MgCl2. Such differences might derive from a dissimilar 

composition of the studied media, in particular background Ca2+ concentrations. In 

agreement with this study, multiple studies have suggested the importance of metal-ligand 

complexation in the desorption process (Ke et al., 2020; Wu et al., 2015; Wong et al., 2013; 

Acosta et al., 2011) though to the best of our knowledge, the current study is the first to 

apportion this process.  
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3.4.5  Environmental implications 

The distribution coefficient, as a significant factor in metal removal from the 

infiltrating runoff, determines the metal fate and transport in an equilibrated system 

(Anderson, 2016; Nieber et al, 2014; Davis, 2001; Pitt et al., 1995). Wijesiri et al. (2019) 

showed that physicochemical properties of sediment and water, including salinity and 

organic carbon content, are key parameters in the solid-aqueous transfer of metals in urban 

rivers and estuaries. Despite being dependent on the metal type, Kd values are typically 

lower under higher saline cases, which results in a higher aqueous concentration (for a 

constant load). Thus, changes in salinity will likely change the metal distribution between 

solid and aqueous phases, leading to different metal fate and transport patterns, 

consequently impacting the performance of SMPs. Breakthrough curves and depth to 

which metals may migrate can notably change under various conditions. As an example, 

and from Appendix 3.6.3, under 10 mM NaCl in the system, the Kd for Pb is ~ 780 L/kg, 

while it would be decreased to ~ 463 L/kg in presence of 100 mM NaCl (e.g., after applying 

NaCl deicer). The breakthrough curves of both scenarios for a typical SMP are presented 

in Fig. 3-8 using a previously developed contaminant transport model (Behbahani et al., 

2020), which demonstrates greater breakthrough depth in the more saline condition. 

Considering the seasonal variation of metal Kd values is an important factor in evaluating 

the SMP performance and it warrants further studies to provide a more detailed insight into 

the natural processes occurring in the SMPs. 
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Figure 3-8. Normalized porewater concentrations of Pb in a typical SMP after 10 years for a loading ratio 
of 8.  The simulation considered a constant influent load and Philadelphia historical precipitation patterns. 

A study of experimental columns revealed that Na+ concentrations higher than 50 

mM reduced the colloidal (defined as <10µm) and metal (Cd, Cu, Ni, and Zn) mobility, 

while lower Na concentrations (1 to 50 mM) facilitated the transport of colloidal particles 

and metals through the column (Pontoni et al., 2019). It highlights the dual impacts of metal 

desorption and changes in the PSD and the importance of considering both simultaneously 

to assess the metal bioavailability and mobilization. 

3.5 Conclusions 

This study showed that increasing the salinity to a corresponding ionic strength of 

0.1 M can result in the prevalence of repulsive forces (originated from major cations in the 

diffuse double-layer) over Van der Waals attraction forces (due to compression of the 

diffuse double-layer), which leads to higher stability of fine particles. Increasing salinity 

beyond an ionic strength of 0.1 M reversed the balance of those two opposing forces in 

favor of attraction, resulting in less stability of fine particles and consequently aggregation. 
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However, high salinity can be detrimental to water quality by promoting metal desorption. 

Solid-associated exchangeable fractions of Cr, Fe, Cu, Zn, and Pb from both background 

and active media were desorbed to a greater extent (i.e., lower Kd) in presence of elevated 

salinity. Elevated salinity, except for extremely high and non-environmentally relevant 

saline treatments, could not effectively promote Mn desorption. Generally, divalent salts 

showed a higher impact on lowering metal Kd values compared to monovalent salts. 

Desorption from cleaner media (background natural soil) was less impacted by salinity, 

which indicates the importance of proper maintenance (e.g., timely fill media remediation 

or replacement) to limit the influence of salinity on SMP performance. Nevertheless, such 

results revealed that the higher salinity in the stormwater can notably facilitate the 

migration of Cr, Fe, Cu, Zn, and Pb through porous media. Further experiments are needed 

to investigate the potential changes in metal accumulation and breakthrough due to the 

variable salinity of stormwater and SMP fill media (as a result of cycling deicer application 

through SMP service time). 

In summary, the study showed that high salinity in environmental systems (e.g., 

stormwater runoff and porous media) may undermine the performance of SMPs due to the 

elevated fraction of fine particles and higher potential of metal desorption. Fine particles 

may partially account for the poor performance of infiltration-based SMPs in different 

ways. Fine particles possess higher specific surface areas compared to coarse particles, 

which makes metal sorption more likely, and thus fine particles may become metal sinks 

or sources. On the other hand, fine particles are challenging to remove via processes such 

as sedimentation and are prone to resuspension. Resuspension of fine particles can readily 
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be accompanied by particle-associated metal redistribution (desorption) in the system, 

particularly in high saline conditions. The design and maintenance of SMPs need to 

consider the impacts of high salinity because it can change metal fate and transport, 

resulting in poorer performance of SMPs in water quality enhancement.  
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3.6 Appendix  

3.6.1 Sign test 

The sign test is a nonparametric test that can be easily used to compare two sets of 

data regardless of their probability distribution. The determinative factor is the sign (+ or -

) of components of a newly generated set from the difference of population values. The 

null hypothesis states all the components of the new set have a plus sign. The probability 

of type I error would represent the significance, and the p-value can be computed based on 

the binomial distribution. The details of such statistical analysis for two datasets, a1 and 

a2, with equal population, n, are described below: 

The new dataset (d) is formed from the difference between a1 and a2 and also has a 

population of n.  For each value di, there are two possible outcomes. If di equals zero or is 

a positive value meaning that the two values from the respective data sets were equal, it is 

considered a success and if not, it is a failure. The probability of either success or failure is 

equal to 0.5. The dataset d includes two statements: S (when a1i – a2i ≥ 0) and F (when a1i 

– a2i < 0). The number of times when the null hypothesis is true (population of S) is called 

µ and using binomial distribution the corresponding p-value may be computed as the 

probability of µ occurrence out of n observations: 

p − value = P(µ when p = 1/2) = ∑ b(µ; n, 1
2
)                                                           (3-8) 

in which b(µ;n,1/2) represents the binomial distribution of µ occurrences in a sample with 

a population of n with 0.5 chance.  From Eq. 3-8, one may readily decide whether set a1 is 

significantly greater than set a2 with the desired confidence level. More thorough details 
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of this statistical tool may be found in probability and statistics textbooks, including 

“Probability & Statistics for Engineers & Scientists” by Walpole et al., ninth edition. 

3.6.2 Impacts of various treatments on PSD  

 

 

Figure 3-9. Cumulative particle size distribution for NaCl treatment of different samples; x-axis is in log 
scale; data measured with liquid mode LS 13 320 Particle Size Analyzer. 

Table 3-2. Mean characteristic diameters of d10, d50, and d90 in µm for NaCl treatments of all samples. 

  d10 d50 d90 
0 mM 4.24 39.78 176.94 

10 mM 2.66 20.71 83.90 
50 mM 2.21 15.65 57.77 

100 mM 1.83 11.83 39.78 
500 mM 3.21 24.95 121.84 

1000 mM 2.66 24.95 146.82 
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Figure 3-10. Cumulative particle size distribution for KCl treatment of different samples; x-axis is in log 
scale; data measured with liquid mode LS 13 320 Particle Size Analyzer. 

 

Table 3-3. Mean characteristic diameters of d10, d50, and d90 in µm for KCl treatments of all samples. 

  d10 d50 d90 
0 mM 4.24 39.78 176.94 
10 mM 2.66 20.71 92.10 
50 mM 2.21 15.65 57.77 
100 mM 2.21 14.26 43.67 
500 mM 2.21 15.65 52.63 
1000 mM 2.66 22.73 146.82 
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Figure 3-11. Cumulative particle size distribution for MgCl2 treatment of different samples; x-axis is in log 
scale; data measured with liquid mode LS 13 320 Particle Size Analyzer. 

 
 
 

Table 3-4. Mean characteristic diameters of d10, d50, and d90 in µm for MgCl2 treatments of all samples. 

  d10 d50 d90 
0 mM 4.24 39.78 176.94 
10 mM 2.66 20.71 76.43 
50 mM 2.42 17.18 57.77 
100 mM 2.92 22.73 101.10 
500 mM 2.92 24.95 146.82 
1000 mM 3.21 27.39 194.23 
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Figure 3-12. Cumulative particle size distribution for CaCl2 treatment of different samples; x-axis is in log 
scale; data measured with liquid mode LS 13 320 Particle Size Analyzer. 

 

 

Table 3-5. Mean characteristic diameters of d10, d50, and d90 in µm for CaCl2 treatments of all samples. 

  d10 d50 d90 
0 mM 5.61 36.24 161.18 
10 mM 5.11 33.01 133.75 
50 mM 2.92 17.18 110.99 
100 mM 3.52 24.95 121.84 
500 mM 5.61 36.24 133.75 
1000 mM 6.16 36.24 161.18 
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3.6.3 Impacts of various treatments on metal distribution coefficient (Kd) 

 

 

 

Table 3-6. Linear regression parameters of metal Kd values derived from all cases for NaCl treatments. 

Kd (L/kg) = a*Log [NaCl (mM)] + b 

metal 
slope estimation intercept 

R2 
a standard error p-value b standard error p-value 

Cr -73.35 27.18 0.02 353.45 81.74 0.00 0.57 
Mn -527.84 354.03 0.29 2550.07 778.40 0.14 0.47 
Fe -686.91 157.90 0.01 2421.70 347.17 0.00 0.86 
Cu -109.88 32.92 0.04 434.97 72.38 0.03 0.79 
Zn -226.73 30.65 0.02 1083.90 67.39 0.01 0.95 
Pb -316.66 94.19 0.04 1096.83 207.10 0.03 0.79 

 

 

Table 3-7. Linear regression parameters of metal Kd values derived from all cases for KCl treatments. 

Kd (L/kg) = a*Log [KCl (mM)] + b 

metal 
slope estimation intercept 

R2 
a standard error p-value b standard error p-value 

Cr -69.52 23.38 0.04 312.88 51.39 0.00 0.75 
Mn 2203.53 1659.3 0.28 1160.40 3648.30 0.47 0.37 
Fe -791.57 86.03 0.03 2772.50 189.16 0.02 0.97 
Cu -91.28 29.13 0.05 350.76 64.04 0.01 0.77 
Zn -584.97 165.64 0.01 1619.40 364.19 0.01 0.81 
Pb -391.77 88.27 0.03 1103.71 304.00 0.02 0.73 
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Table 3-8. Linear regression parameters of metal Kd values derived from all cases for MgCl2 treatments. 

Kd (L/kg) = a*Log [MgCl2 (mM)] + b 

metal 
slope estimation intercept 

R2 
a standard error p-value b standard error p-value 

Cr -427.17 49.99 0.02 1297.50 109.91 0.01 0.96 
Mn 140.30 590.17 0.83 1997.43 1297.60 0.23 0.02 
Fe -1001.98 137.14 0.01 3781.80 301.53 0.00 0.95 
Cu -300.45 34.48 0.08 924.52 75.81 0.07 0.96 
Zn -1212.60 226.83 0.04 3766.60 498.73 0.03 0.91 
Pb -1289.44 402.64 0.05 3699.23 885.28 0.04 0.77 

 

Table 3-9. Linear regression parameters of metal Kd values derived from all cases for CaCl2 treatments. 

Kd (L/kg) = a*Log [CaCl2 (mM)] + b 

metal 
slope estimation intercept 

R2 
a standard error p-value b standard error p-value 

Cr -416.28 57.88 0.01 1258.50 127.26 0.03 0.94 
Mn -333.89 524.67 0.57 4507.56 1153.60 0.19 0.12 
Fe -1278.55 373.99 0.04 5507.70 822.29 0.02 0.80 
Cu -1030.80 325.25 0.05 2855.30 715.12 0.02 0.77 
Zn -1039.90 183.84 0.01 2921.21 404.20 0.01 0.91 
Pb -1163.16 292.01 0.01 3292.60 642.04 0.01 0.84 

 

3.6.4 MINTEQ speciation to study complexes 

The released Cl- (from the dissociation of chloride salt) can change metal speciation 

in stormwater management practices (SMPs) via the formation of aqueous phase chloro-

metal complexes. Equilibrium stability constants for the formation of chloro-metal 

complexes can be an indicator to quantify this process on the assumption that equilibrium 

has been achieved. The higher stability constant values indicate that the formation of the 
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complex is more thermodynamically favorable. The typical chemical reactions describing 

chloro-metal complexation may be presented as follow  

Men+ + iCl− → MeClin−i                 β =
[MeClin−i]

[Men+][Cl−]i
 

In which, metal (Me) with an oxidation state (n)  reacts with Cl-, and equilibrium is 

characterized by the stability constant (β; in the case that a single chloride ligand is included 

in the complex (i.e.,  i=1), then this is also the equilibrium constant K (i.e., β = K)) along 

with the pH of the solution. These factors determine the concentration of the chloro-metal 

species at equilibrium.  

 Metals participate in complexation reactions bases on their oxidation states that 

were introduced in the main text. Stability constants for some of the potential chloro-metal 

complexes using these oxidation states are presented in Table D1 (Benjamin, 2015; 

MINTEQ (Gustafsson, 2012)). Speciation simulations for each of these metals were 

performed using MINTEQ. The simulated systems were open to the atmosphere for 

CO2/carbonate exchange. The simulation assumed typical aqueous concentration of metals 

that were measured in the reference cases (0.1 µM CrO42-, 0.78 µM Mn3+, 0.24 µM Fe3+, 

0.24 µM Fe2+, 0.1 µM Cu2+, 0.1 µM Zn2+, and 0.02 µM Pb2+) and treatments with varying 

concentrations of NaCl, KCl, MgCl2 and CaCl2 from 10 mM to 1000 mM. All the studied 

metals were simultaneously included in the simulation model with the stated total 

concentrations, and separate simulations were complete for each investigated salt-

concentration treatment. The thermodynamic simulations were used to determine the share 

of chloro-metal complexes in the aqueous phase of metals under each scenario to estimate 
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the extent to which complexation is a major factor for desorption of each metal.  Metals 

were assumed to be present in the system only in the aforementioned oxidation states. No 

stability constants were in the database for chloro-Mn3+ complexes, therefore it is assumed 

that they are not favorable. The results of MINTEQ speciation simulation for the four salt 

types at concentrations of 10, 100, and 1000 mM are presented in Tables D2, D3, D4, and 

D5. The data in the tables shows the share of complexes after salt dissociation under each 

treatment. Graphical presentations of dominant species are also reported in Fig. D1 through 

D4. 

 

Table 3-10. Stability constant (log β) of potential chloro-metal complexes; values are from (Benjamin, 
2015; MINTEQ). 

Chloro-metal 
complex Log β 

FeCl+ -0.2 
FeCl2

+ 1.48 
CuCl+ 0.3 
ZnCl+ 0.46 
ZnCl2 0.45 
ZnCl3

- 0.5 
ZnCl4

2- 0.2 
PbCl+ 1.56 
PbCl2 1.9 
PbCl3

- 1.8 
PbCl4

2- 1.38 
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Table 3-11. Aqueous metals speciation in the presence of varying NaCl concentrations. 

Component Species name 

% of total 
concentration 

% of total 
concentration 

% of total 
concentration 

for 10 mM 
NaCl 

for 100 mM 
NaCl 

for 1000 mM 
NaCl 

Na+1 
Na+1 99.59 96.71 67.26 

NaCl (aq) 0.41 3.29 32.74 

Cl-1 
Cl-1 99.59 96.71 67.26 

NaCl (aq) 0.41 3.29 32.74 

CrO4
-2 

CrO4
-2 95.99 79.66 9.49 

NaCrO4
- 3.25 19.77 90.2 

HCrO4
- 0.76 0.57 0.31 

Mn+3 Mn+3 100 100 100 

Fe+2 

Fe+2 91.15 91.03 41.83 
FeOH+ 8.44 6.09 7.7 

Fe(OH)2 (aq) 0.02 0.01 0.01 
FeCl+ 0.39 2.87 50.46 

Fe+3 
Fe(OH)2

+ 45.15 50.76 61.57 
Fe(OH)3 (aq) 7.07 6.48 8.07 

Fe(OH)4
- 47.78 42.76 30.36 

Cu+2 

Cu+2 8.17 11.49 3.73 
CuOH+ 60.07 61.05 54.46 

Cu(OH)3
- 0.41 0.33 0.17 

Cu(OH)2 (aq) 30.95 25.64 23.48 
Cu2(OH)2

+2 0.28 0.32 0.11 
Cu3(OH)4

+2 0.01 0.01 14.22 
CuCl+ 0.11 1.14 3.8 

CuCl2 (aq) 0 0.02 0.03 

Zn+2 

Zn+2 48.21 55.34 5.23 
ZnOH+ 11.21 9.3 2.42 

Zn(OH)2 (aq) 39.59 26.78 7.15 
Zn(OH)3

- 0.04 0.03 28.86 
ZnCl+ 0.95 7.97 4.83 
ZnCl3- 0 0.06 24.13 

ZnCl2 (aq) 0 0.53 27.39 

Pb+2 

Pb+2 13.14 13.1 0.3 
PbOH+ 76.73 55.31 3.45 

Pb(OH)2 (aq) 6.81 4 0.26 
Pb(OH)3

- 0.02 0.01 0 
PbCl+ 3.25 23.75 20.64 

PbCl2 (aq) 0.06 3.53 43.85 
PbCl3- 0 0.28 27.35 
PbCl4-2 0 0.01 4.15 
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Figure 3-13. Share of complexation in aqueous concentrations, derived from MINTEQ simulation for three 

NaCl treatments of (a) Cr, (b) Mn, (c) Fe, (d) Cu, (e) Zn, and (f) Pb; dominant species are displayed. 
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Table 3-12. Aqueous metals speciation in the presence of varying KCl concentrations. 

Component Species name 

% of total 
concentration 

% of total 
concentration 

% of total 
concentration 

for 10 mM 
KCl 

for 100 mM 
KCl 

for 1000 mM 
KCl 

Cl-1 
Cl-1 99.59 96.71 67.26 

NaCl (aq) 0.41 3.29 32.74 

K+1 
K+1 99.59 96.71 67.26 

KCl (aq) 0.41 3.29 32.74 

CrO4
-2 

CrO4
-2 96.78 83.84 12.28 

KCrO4
- 2.45 15.55 87.25 

HCrO4
- 0.77 0.61 0.47 

Mn+3 Mn+3 100 100 100 

Fe+2 

Fe+2 91.22 91.07 42.29 
FeOH+ 8.37 6.05 6.68 

Fe(OH)2 (aq) 0.02 0.01 0.01 
FeCl+ 0.39 2.87 51.02 

Fe+3 
Fe(OH)2

+ 45.56 51.07 67.74 
Fe(OH)3 (aq) 7.08 6.48 7.63 

Fe(OH)4
- 47.36 42.45 24.63 

Cu+2 

Cu+2 8.26 11.57 4.33 
CuOH+ 60.21 61.07 54.34 

Cu(OH)3
- 0.4 0.33 0.13 

Cu(OH)2 (aq) 30.75 25.49 20.12 
Cu2(OH)2

+2 0.25 0.36 0.11 
Cu3(OH)4

+2 0 0.01 0 
CuCl+ 0.11 1.15 16.52 

CuCl2 (aq) 0 0.02 4.42 
CuCl3- 0 0 0.03 

Zn+2 

Zn+2 48.6 55.57 5.35 
ZnOH+ 11.2 9.28 2.12 

Zn(OH)2 (aq) 39.2 26.53 5.39 
Zn(OH)3

- 0.04 0.03 0 
ZnCl+ 0.95 8 29.51 

ZnCl4-2 0 0 4.93 
ZnCl3- 0 0.06 24.68 

ZnCl2 (aq) 0 0.53 28.01 

Pb+2 

Pb+2 13.24 13.16 0.3 
PbOH+ 76.66 55.17 2.98 

Pb(OH)2 (aq) 6.74 3.96 0.19 
Pb(OH)3

- 0.02 0.01 0 
PbCl+ 3.27 23.85 20.75 

PbCl2 (aq) 0.06 3.55 44.1 
PbCl3- 0 0.28 27.51 
PbCl4-2 0 0.01 4.17 
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Figure 3-14. Share of complexation in aqueous concentrations, derived from MINTEQ simulation for three 

KCl treatments of (a) Cr, (b) Mn, (c) Fe, (d) Cu, (e) Zn, and (f) Pb; dominant species are displayed. 
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Table 3-13. Aqueous metals in the presence of varying MgCl2 concentrations. 

Component Species name 

% of total 
concentration 

% of total 
concentration 

% of total 
concentration 

for 10 mM 
MgCl2 

for 100 mM 
MgCl2 

for 1000 mM 
MgCl2 

Mg+2 
Mg+2 95.67 69.33 1.96 

MgOH+ 0.03 0 0 
MgCl+ (aq) 4.31 30.67 98.04 

Cl-1 
Cl-1 97.85 84.67 50.98 

MgCl+ (aq) 2.15 15.33 49.02 

CrO4
-2 

CrO4
-2 98.09 89.77 31.93 

HCrO4
- 1.91 10.23 68.08 

Mn+3 Mn+3 100 100 100 

Fe+2 

Fe+2 96.49 92.93 11.15 
FeOH+ 2.82 0.56 0.28 

Fe(OH)2 (aq) 0 0 0 
FeCl+ 0.69 6.52 88.58 

Fe+3 

FeOH2+ 0 0.04 0 
Fe(OH)2

+ 84.06 98.52 99.11 
Fe(OH)3 (aq) 4.51 0.97 0.78 

Fe(OH)4
- 11.43 0.47 0.1 

Cu+2 

Cu+2 26.54 58 2.09 
CuOH+ 61.63 27.72 4.15 

Cu(OH)3
- 0.05 0 0 

Cu(OH)2 (aq) 10.86 0.9 0.11 
Cu2(OH)2

+2 0.32 0.06 0 
Cu3(OH)4

+2 0 0 0 
CuCl+ 0.6 12.86 52.43 

CuCl2 (aq) 0 0.46 40.73 
CuCl3- 0 0 0.49 

Zn+2 

Zn+2 83.66 72.01 0.33 
ZnOH+ 6.14 1.09 0.02 

Zn(OH)2 (aq) 7.42 0.24 0 
Zn(OH)3

- 0 0 0 
ZnCl+ 2.73 23.08 11.94 

ZnCl4-2 0 0.06 6.95 
ZnCl3- 0 0.59 47.84 

ZnCl2 (aq) 0.04 2.93 32.92 

Pb+2 

Pb+2 30.08 14.84 0.02 
PbOH+ 55.49 5.64 0.02 

Pb(OH)2 (aq) 1.68 0.03 0 
Pb(OH)3

- 0 0 0 
PbCl+ 12.34 59.88 7.03 

PbCl2 (aq) 0.4 17.01 43.38 
PbCl3- 0 2.42 44.63 
PbCl4-2 0 0.19 4.92 
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Figure 3-15. Share of complexation in aqueous concentrations, derived from MINTEQ simulation for three 
MgCl2 treatments of (a) Cr, (b) Mn, (c) Fe, (d) Cu, (e) Zn, and (f) Pb; dominant species are displayed. 
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Table 3-14. Aqueous metals speciation in the presence of varying CaCl2 concentrations. 

Component Species name 

% of total 
concentration 

% of total 
concentration 

% of total 
concentration 

for 10 mM 
CaCl2 

for 100 mM 
CaCl2 

for 1000 mM 
CaCl2 

Cl-1 
Cl-1 98.61 88.38 51.42 

CaCl+ (aq) 1.39 11.62 48.58 

Ca+2 
Ca+2 97.22 76.76 2.83 

CaOH+ 0 0 0 
CaCl+ (aq) 2.78 23.24 97.17 

CrO4
-2 

CrO4
-2 34.5 4.8 0.04 

HCrO4
- 0.27 0.07 0.01 

CaCrO4 (aq) 65.23 95.13 99.95 
Mn+3 Mn+3 100 100 100 

Fe+2 

Fe+2 92.59 88.79 10.14 
FeOH+ 6.73 4.45 2.44 

Fe(OH)2 (aq) 0.01 0 0 
FeCl+ 0.66 6.75 87.42 

Fe+3 

FeOH2+ 0 0 0 
Fe(OH)2

+ 50.58 71.82 86.53 
Fe(OH)3 (aq) 6.75 5.77 6.27 

Fe(OH)4
- 42.67 22.41 7.2 

Cu+2 

Cu+2 10.64 15.84 1.35 
CuOH+ 61.48 63.1 25.7 

Cu(OH)3
- 0.33 0.13 0.01 

Cu(OH)2 (aq) 26.98 16.68 6.12 
Cu2(OH)2

+2 0.32 0.31 0.01 
Cu3(OH)4

+2 0.01 0 0 
CuCl+ 0.24 3.81 36.72 

CuCl2 (aq) 0 0.14 29.72 
CuCl3- 0 0 0.36 

Zn+2 

Zn+2 56.62 56.83 0.29 
ZnOH+ 10.34 7.16 0.18 

Zn(OH)2 (aq) 31.12 12.97 0.29 
Zn(OH)3

- 0.03 0 0 
ZnCl+ 1.86 19.76 11.41 

ZnCl4-2 0 0.06 6.82 
ZnCl3- 0 0.56 48.24 

ZnCl2 (aq) 0.03 2.66 32.78 

Pb+2 

Pb+2 15.72 9.79 0.01 
PbOH+ 72.12 30.98 0.21 

Pb(OH)2 (aq) 5.45 1.41 0 
Pb(OH)3

- 0.02 0 0 
PbCl+ 6.49 42.84 6.72 

PbCl2 (aq) 0.21 12.9 43.21 
PbCl3- 0 1.92 45.02 
PbCl4-2 0 0.16 4.83 
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Figure 3-16. Share of complexation in aqueous concentrations, derived from MINTEQ simulation for three 

CaCl2 treatments of (a) Cr, (b) Mn, (c) Fe, (d) Cu, (e) Zn, and (f) Pb; dominant species are displayed. 
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Simulation of Cr speciation showed that the role of complexing with chloride is 

negligible compared to complexations with cations and it was species such as NaCrO4-, 

KCrO4-, CaCrO4(aq) that were predicted to be important. The simulation revealed that there 

is no impact on the Mn speciation and little impact on Fe and Cu speciation in presence of 

varying salt concentrations. For instance, even after treating with a relatively high 

concentration100 mM CaCl2, only 6.75 %, 3.95 % of aqueous species were metal for Fe 

and Cu, respectively. This implies that desorption of Mn, Fe, and Cu from the particles 

mostly relies on cation exchange, which is mainly driven by concentration gradients. A 

higher concentration of a major cation (e.g., Na+) in the bulk solution promotes the major 

cation concentration gradient toward the diffuse double-layer, and therefore, the likelihood 

of cation exchange on the particle surface increases. Such an exchange means the release 

of weakly bound metals from the particle surface to the diffuse double-layer. At this stage, 

the difference between metal concentrations in bulk solution and diffuse double-layer 

(metal concentration gradient) can finalize the desorption process, which is the transport 

of metals from diffuse double-layer to the bulk solution. A higher concentration of metals 

in the diffuse double-layer (as a result of higher concentration on the particle surface) 

would favor such transport. High desorption of Mn in 1000 mM treatments, while no 

specific trend can be found in low concentration treatments, might be due to high cation 

exchange as a result of a stronger concentration gradient. However, experimental results 

showed a clear trend of higher Fe desorption in more saline treatments, while the MINTEQ 

simulation revealed that chloro-metal complexation share was not the dominant form of 

aqueous Fe for the 10 and 100 mM salt concentrations. Therefore, the observed trend can 
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be derived from a high concentration of Fe in the solid-associated exchangeable form (i.e., 

high concentration gradient from diffuse double-layer towards the bulk solution after 

breakage of weak bonds). For the case of Cu, experimental results from the active media 

samples conformed with the hypothesis of more desorption in higher saline treatments; 

since the aqueous equilibrium speciation modeling does not predict as much of a change, 

this can be attributed to the importance of cation exchange. Experimental results from the 

clean media did not exhibit as strong of a trend, but this is likely due to a comparatively 

low amount of Cu in exchangeable sites on the particle surface. 

Speciation of Zn in the presence of varying NaCl treatments showed the high 

impact of chloro-Zn2+ formation in the aqueous concentration of Zn. As the concentration 

of Cl- increases, equilibrium speciation modeling predicted that the concentrations of 

chloro-Zn2+ complexes will increase. For instance, chloro-Zn2+ complexes constituted less 

than 1 % of total aqueous Zn in the 10 mM NaCl treatment, but ~ 8.5 % in 100 mM NaCl 

treatment and 58% in the highly saline treatment of 1000 mM NaCl. The Zn desorption 

pattern (experimental results) was in agreement with the hypothesis, suggesting that is a 

greater driver in the desorption process. Desorption of Pb is extensively promoted as the 

salt concentration increases as a result of chloro-Pb2+ complexations. Speciation showed 

that for treatments with higher salt concentration, the chloro-Pb2+ species overwhelmingly 

constitute the entire aqueous phase Pb. Complex formation is an important driving factor 

in Pb desorption as experiments showed the notable impact of the increase in salt 

concentration in dissolved Pb species.  
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The impactful factors on desorption of studied metals in the presence of varying 

NaCl concentrations were reported in Fig. 3-6 of the main body of this chapter. A similar 

approach, described in the main body, was adopted to study the share of each factor (i.e., 

cation exchange and complexation) in metal desorption when treated with other salts and 

the results are depicted below.  One outstanding difference when comparing all salts was 

the considerable impact of complexation in the case of Cr desorption when treated with 

CaCl2. It occurred because the formation of CaCrO4 (aq) is thermodynamically more 

favorable compared to other aqueous CrO4-2 species, while it has not been the case in 

presence of other major cations (i.e., Na+, K+, and Mg2+). However, the experimental 

results indicated that desorption of Cr was more impacted by MgCl2, suggesting more share 

of complexes in metal aqueous form does not necessarily mean higher desorption but 

determines the significance of complexation in the desorption process. 

 

Figure 3-17. Contributions of complexation and cation exchange in the drop of Kd values of different 
metals after treating with KCl. 
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Figure 3-18. Contributions of complexation and cation exchange in the drop of Kd values of different 
metals after treating with MgCl2. 

 

 
Figure 3-19. Contributions of complexation and cation exchange in the drop of Kd values of different 

metals after treating with CaCl2. 
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For more clarity, a sample of the computational procedure to obtain the 

apportionment of Kd between complexation and cation exchange is provided by using the 

measured concentrations from experiments and the estimated 𝛼𝛼 value from MINTEQ 

simulation. One may readily adapt the described stepwise procedures in the main text and 

plug the required data from experiments and simulations to determine the apportionments. 

For instance, the case of Pb desorption after treatment with 1000 mM NaCl is discussed in 

detail below. 

From the experiments, the mean Pb distribution coefficient for the reference case was 

calculated as 

Kd0 = Cs0
Cw0

= 1.19
0.56

= 2.13 L/g           

In which, Kd0 is experimentally calculated distribution coefficient (L/g) in the reference 

treatment, Cs0 is experimentally measured solid-phase concentration in the reference 

treatment (mg/g), and Cw0 is experimentally measured aqueous concentration in the 

reference treatment (mg/L). 

While after treating with 1000 mM NaCl, the distribution coefficient dropped to 

           KdT = CsT
CwT

= 0.91
3.87

= 0.23 L/g           

In which, KdT is experimentally calculated distribution coefficient (L/g) in the treatment 

T, CsT is experimentally measured solid-phase concentration in the treatment T (mg/g), 

and CwT is experimentally measured aqueous concentration in the treatment T (mg/L). 

Speciation by MINTEQ suggested that almost 96 % of the dissolved Pb after treating 

with 1000 mM NaCl would be chloro-Pb species, therefore from MINTEQ under this 

treatment: 

𝛼𝛼 = 0.96 
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From Eq. 3-4, the observed change (i.e., reduction) in Kd from reference case to 1000 mM 

NaCl treatment would be  

∆Kdobserved,T =  Kd0 − KdT = 2.13− 0.23 = 1.9 L/g        

Using both experimental and simulation results, the contribution of chloro-Pb complexes 

in the increase in dissolved Pb concentration after treatment can be estimated from Eq. 3-

5 as 

∆Cw,complex,T = α �CwT − Cw0� = 0.96(3.87− 0.56) = 3.18 µg/L                                                                                           

At this step, it can be assumed that if it was not due to an increase in chloro-Pb species 

(i.e., only considering hydroxide-Pb species that have already been formed in the reference 

case), the change (i.e., drop) in the Kd would only derive from added cations and can be 

estimated from Eq. 3-6 as 

∆Kdcation,T =  Kd0 −
CsT

CwT − ∆Cw,complex,T
= 2.13−

0.91
3.87− 3.18

= 0.81 L/g 

As can be seen, it is only a fraction of the ∆Kdobserved,T and using Eq. 3-7, the share of 

chloro-Pb complexation in the Kd associated with the studied treatment T (i.e., 1000 mM 

NaCl) can be computed as 

complexation share in KdT(%) = �1 −
∆Kdcation,T

∆Kdobserved,T
� × 100 = �1 − 0.81

1.9
� × 100 = 57 % 

As Fig. 3-6 illustrates, the contribution of complexation with Cl- accounts for ~ 57 % of 

the drop in Kd of Pb after treating with 1000 mM NaCl. 
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CHAPTER 4 

IMPACTS OF SIZE DISTRIBUTION AND STORM INTENSITY 

ON THE BEHAVIOR OF SUSPENDED PARTICLES AND THEIR 

ASSOCIATED METALS IN A STORMWATER MANAGEMENT 

PRACTICE (SMP) 

 
4.1 Abstract  

Suspended solids in stormwater runoff were evaluated along the gradient of a stormwater 

management practice (SMP), considering storms of varying intensities. Total and size-

fractionated suspended solids and their associated metals were employed to investigate 

resuspension or deposition patterns, and metal adsorption. Total suspended solids and their 

associated metal concentrations increased along the gradient of the SMP when average 

storm intensity was higher than 4.5 mm/hr, suggesting resuspension was occurring. 

However, solids and their associated metals for fine size classes (d < 10 µm) revealed that 

resuspension or ineffective deposition occurred along the SMP regardless of storm 

intensity, but the degree of resuspension was not related to average storm intensity. 

Adsorption coefficients derived from analysis of fine sizes were higher compared to 

coarser sizes by orders of magnitude (10 to 1000 times), indicating a higher affinity for 

fine solids. Freundlich isotherm had the best goodness of fit in modeling metal adsorption 

onto fine solids. The observed resuspension and fine particle-associated metal transport 

highlight the importance of proper SMP design and maintenance to address their 

corresponding challenges. 
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4.2 Introduction  

Urbanization is associated with converting pervious surfaces into impervious 

surfaces, which adversely impacts the natural infiltration of stormwater (Purvis et al., 

2018). Stormwater runoff can entrain and carry a variety of contaminants, including metals 

associated with particles, toward downstream areas (Park and Roesner, 2012). Stormwater 

management practices (SMPs) are engineered features that are frequently implemented in 

urbanized areas, often with the objective to more closely mimic the infiltration patterns of 

natural lands. A relatively large impervious contributing area drains into a smaller 

infiltration area with a designed surficial vegetated depression, which is designed to hold 

the stormwater temporarily to mitigate the hydrograph peak and contaminant loads before 

releasing it into groundwater, surface streams, or sewer systems. 

There are several SMP design parameters, including loading ratio (ratio of 

contributing area to the infiltration area), shape and depth of SMP depression, fill media 

type and depth, vegetative cover type, number of inlets and outlets, which can directly 

affect the efficacy in quantity and quality management (Pennsylvania Department of 

Environmental Protection, 2006). Additionally, proper maintenance, including timely fill 

media remediation and replacement, can be an influential factor in the performance of 

SMPs (Revitt et al., 2017). A SMP’s ability to remove contaminants can be substantially 

impacted as a result of potential changes in contaminant speciation and 

resuspension/deposition patterns. Interactions within the SMP, including aggregation of 

suspended particles or redistribution of previously captured contaminants, may readily 

change fate and transport patterns and subsequently affect the functionality of SMPs in the 
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interception of particles and their associated contaminants. Intra-SMP interactions may 

partially depend on how the SMP is designed and maintained. Hager et al. (2019) reviewed 

the performance of 9 SMPs and found that although SMPs could generally reduce 

suspended solid and metal loads, the performance of SMPs can be different depending on 

parameters such as geography, climate, design factors, seasonality, fill media condition, 

and maintenance activities.   

Due to site-specific considerations and limitations (e.g., climate or land usage), 

particularly in urban areas, it is not practical to develop strict design and maintenance 

criteria for SMPs though they may substantially impact the performance. Instead, there are 

published guidelines and recommendations specific to localities (Perron, 2019; 

Philadelphia Water Department, 2018; Pennsylvania Department of Environmental 

Protection, 2006; Peluso & Marshall, 2002). Many studies have focused on the efficacy of 

SMPs in contaminant removal (Moore et al., 2018; Anderson et al., 2016; Maniquiz-

redillas and Kim, 2016). For instance, Anderson et al. (2016) showed that fill media in 

SMPs are generally effective in metal removal owing to the relatively high affinity of 

cationic metals to negatively charged surface of fill media particles. However, evaluation 

of interactions within SMPs (e.g., potential resuspension and redistribution of particles and 

their associated metals) and the resultant impacts on their functionality and associated 

water quality enhancement are comparatively sparse (Li and Sansalone, 2020; Zhu, 2020).  

Fill media top layers remove metals via adsorption of dissolved species or 

interception and filtration of particle-associated metals, which leads to an accumulation of 

metals on the surficial layers of the fill media. Behbahani et al. (2020) simulated the 
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accumulation and transport of a group of environmentally important metals (e.g., Cr, As, 

Cd, and Pb) in infiltration-based SMPs and showed the top 5 cm had elevated metal 

concentrations for each of the studied metals. The media sorption capacity can be a function 

of various factors, including particle size, pH, organic content, salinity (Kang et al., 2019; 

Baghenejad et al., 2016; Degryse et al., 2010; Acosta et al., 2011), among which particle 

size has gained less attention despite the importance of the specific surface area in the 

adsorption process. On the other hand, the accumulation of metals on the fill media can be 

problematic under certain conditions. High salinity is shown to decrease adsorption 

coefficients of numerous metals by orders of magnitude (Behbahani et al., 2021; McManus 

and Davis, 2020;  Søberg et al., 2017;  Paus et al., 2014), which increases the risk of 

desorption of previously sorbed metals under high saline conditions (e.g., during winter 

and spring after applying deicer). Moreover, fine particles (i.e., d < 10 µm) are more likely 

to be the main sink and source for surficial metals (Tomczak et al., 2019) and are 

challenging to remove and prone to resuspension due to their sizes. The adsorption 

behavior of suspended particles has not gained as much attention as that of deposited 

sediments, but investigation is needed because suspended particles are one of the main 

vectors for contaminant (e.g., metals) transport.    

The design of SMPs largely employs hydrological data (i.e., precipitation, or design 

storms) for water quantity management but the role of hydrology in contaminant transport 

patterns inside SMPs has not been widely investigated. Previous studies have mostly 

studied the impacts of hydrology on the mobilization of particles and their associated 

contaminants from impervious surfaces and found variability in particle transport based on 
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hydrology and land use (Gbeddy et al., 2018). Okaikue-Woodi et al. (2020) conducted a 

critical review of conventional and emerging techniques for urban stormwater treatment in 

the United States and suggested there is a lack of knowledge about the potential connection 

between contaminant removal in SMPs and hydrological factors. Such a knowledge gap 

coupled with climate change, which is predicted to alter the precipitation patterns toward 

less frequent storm events with higher intensity (Mishra, 2019; Valdes-Abellan et al., 

2017), highlights the importance of a more robust understanding of the impacts of 

hydrology on the internal dynamics of contaminants within SMPs.  

The objectives of this study were to provide practical SMP design and maintenance 

recommendations for water quality enhancement by 1) assessing resuspension or 

deposition of particles and their associated metals as impacted by storm intensity and 2) 

evaluating metal adsorption capacity of suspended particles in stormwater runoff. 

Furthermore, both objectives were investigated using the size-fractionated study of 

suspended particles and their associated metals. It was hypothesized that smaller particles 

would be more readily resuspended and have greater sorption capacity for metals, thus 

presenting a challenge for water quality enhancement goals in SMP systems to a higher 

extent. 

4.3 Methods  

4.3.1 Site description and sample collection 

The monitored site was the upgradient section of a relatively long and linear SMP 

(~ 148 m × 2.5 m) with a loading ratio of ~ 17 located in the Philadelphia Fishtown 

neighborhood. Monitoring efforts were restricted to the upper 30 m which had one inlet, a 
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V-notch weir outlet, and a loading ratio of ~ 19 (Appendix 4.7.1). The SMP was 

constructed in 2016 to drain stormwater from Interstate 95. Runoff sampling along the 

gradient of the upper section of the SMP was conducted to assess the dynamics of total and 

size-fractionated suspended particle and metal concentrations as runoff flowed over the 

SMP fill media. The schematic of the field sampling approach is presented in Appendix 

4.7.1. Auto-samplers (a combination of ISCO with 24 bottles and Global Water with 2 

bottles) were installed at three locations: the inlet, the middle, and near the outlet (i.e., near 

the down-gradient weir). Inlet samples were collected from the conduit prior to contact 

with SMP fill media, while middle and outlet samples were collected after contacting the 

SMP fill media. The outlet in this study was a V-notch weir installed to separate the first 

30 m upgradient section of the SMP from downgradient sections and could provide ~ 10 

cm of ponding before overflowing to the downgradient sections.  

A total of 13 sampling campaigns were carried out (from May 2019 to August 

2020), where storms were targeted to have a minimum of 2.5 mm total precipitation and 

an antecedent dry period (ADP) of 72 hours to allow contaminant build-up on the 

impervious surface. The monitored events had the following characteristics: event average 

intensity range of 0.76 to 10.2 mm/hr, event duration range of ~ 0.5 to ~ 6 hours, and total 

precipitation range of 0.5 to 41 mm. More details about storm characteristics are presented 

in Appendix 4.7.1. Auto-samplers were programmed to collect samples over the entire 

course of storms. Time-weighted composite samples were prepared for the analysis due to 

the absence of inlet-to-outlet travel time data. The composite samples have the advantage 

of being independent of travel time by integrating the effect of numerous processes 
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throughout the storm (e.g., settling, resuspension, infiltration, and evapotranspiration). All 

composite samples were prepared in duplicate to ensure reproducibility of potential 

observed trends. Sample processing and storage were analysis-specific and are addressed 

in the subsequent sections. 

Soil samples were collected in August 2019 from the top 5 cm of the fill media 

along the gradient of the SMP, targeting the runoff sampling location. Plastic scoops, acid-

washed with 5 % nitric acid and tripled rinsed with deionized water, were used for soil 

sampling to avoid metal contamination. Samples were transported on ice to the lab. 

Samples were air-dried and passed through a plastic mesh with a grid size of 2 mm, and 

the mesh-retained large particles were excluded from further analyses. Roots, leaves, and 

stems were then manually removed as feasible. Four different sub-samples from each 

sample were created by passing samples through a riffle splitter (i.e., 4 replicates for each 

inlet, middle, and outlet) and stored in the freezer at -20 oC until further analysis.  

4.3.2 Sample analysis 

After the storm, auto-samplers were transported to the lab and upon arrival, aliquot 

samples were collected. Each auto-sampler bottle was inverted three times before aliquot 

sampling to consistently resuspend contaminants. Total, suspended, and dissolved solid 

tests were conducted immediately after sampling based on standard method 2540 (APHA, 

2000). Separate sample aliquots were prepared for metal analysis (Cr, Mn, Fe, Cu, Zn, As, 

Cd, and Pb), where unfiltered and filtered (nylon syringe filters with 0.22 µm nominal pore 

size) aliquots were used to quantify total and dissolved metals, respectively. A 10 mL 

sample was centrifuged at 100 g for 135 seconds (Thermo Scientific, Sorvall Legend XTR) 
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to fractionate suspended solids and their associated metals into two size classes represented 

by the characteristic diameter (d), as 0.22 µm < d < 10 µm, and d > 10 µm, based on the 

assumption of smooth spherical particles with a density of 2000 kg/m3 with a terminal 

velocity described by Stoke’s Law.  Samples for metal analysis were acidified (0.5 % HCl 

+ 2 % HNO3 V/V) and preserved at 4 oC. 

The soil samples were resuspended by adding 1 g to 50 mL deionized water 

(resistance of 18.2 MΩ-cm) and mixed for 8 hours at 125 rpm using Scilogex, MX-RL-E 

LCD Tube Rotator; one set of 4 replicates was prepared for particle size analysis and 

another 4 replicate set was prepared for exchangeable metals analysis. Particle size 

distribution (PSD) was analyzed using light scattering and laser diffraction techniques 

(Beckman Coulter LS 13 1320 Particle Size Analyzer;  details in Appendix 4.7.2). The 

exchangeable metal fractions were determined per the Tessier et al. (1979) method, which 

uses 1 M MgCl2 (pH 7) as the extraction solution with subsequent metal analysis.  Metal 

concentrations were analyzed using inductively coupled plasma mass spectrometry 

(Agilent ICP-MS 7900). Employing hydrogen and helium gasses in reaction and collision 

cells, as well as employing an internal standard solution to check the accuracy and 

precision, improved the robustness of metal analysis (more instrumental details in 

Appendix 4.7.2). All runoff samples were analyzed in duplicate for suspended solid and 

metal concentrations, while soil samples were measured 4 times for PSD and metal 

extraction due to their potentially higher natural heterogeneity.  
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4.3.3 Data analysis 

Hourly precipitation depth and total storm duration were extracted from National 

Oceanic and Atmospheric Administration (NOAA, 2021) records for station KPNE located 

at the Philadelphia Northeast Airport ~ 16 kilometers north of the sampling site (more 

details about storm characteristics in Appendix 4.7.1). The average storm intensities were 

determined by dividing the total precipitation depth (mm) by the total storm duration 

(hour).  

The solid phase metal concentration corresponding to each size class of suspended 

particles was computed using the following equations by assuming an equilibrium state: 

Cs,x = Ctot,x − Cw,dis                                                                                                       (4-1) 

SSx = FxTSS                                                                                                                    (4-2) 

qss,x = 1000 × Cs,x
SSx

                                                                                                        (4-3) 

In which, Cs,x(μg
L

) is computed particle-associated metal concentration in runoff 

corresponding to size class x, Ctot,x(μg
L

) is the total (i.e., particle-associated and dissolved) 

metal concentration for size class x, Cw,dis(
μg
L

) is dissolved metal concentration, SSx(mg
L

) 

is suspended solid concentration corresponding to size class x, Fx is the fraction of total 

suspended solids (TSS) present in size class x and was derived from analysis of the particle 

size distribution (details in Appendix 4.7.2), and qss,x(mg
kg

) is the calculated particle-

associated metal concentration in suspended solids corresponding to size class x. Dissolved 

metal concentration (Cw,dis) along with particle-associated metal concentrations in 
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suspended solids (qss,x) were used to assess isotherm fit. The sorption of metals onto 

different particle size classes was fitted with two well-known adsorption isotherm models 

– linear (with an intercept; Equation 4-4), and Freundlich (Equation 4-5; presented in the 

transformed linearized form). 

qss,x = Kd Cw,dis + b                                                                                                     (4-4) 

log (qss,x) = log (Kf) + nlog( Cw,dis)                                                                          (4-5) 

In which, Kd is the adsorption coefficient for a linear isotherm, b is the linear regression 

intercept, Kf is the Freundlich adsorption coefficient and n is the empirical constant. The 

data to fit with isotherm models included 39 observed data (13 events and three different 

locations) along with 100 synthesized datasets of the same size, created by resampling from 

observed data set using the bootstrap method (Singh and Xie, 2010). The bootstrap 

resampling technique improved the robustness of isotherm parameter estimates that were 

derived from the models by the inclusion of randomness associated with environmental 

samples.  The R-squared and p-values from fitting the data with isotherm models were 

compared across different models for total and size-fractionated cases to determine the best 

model to describe the metal sorption onto suspended particles. The best isotherm 

parameters were then employed to investigate the potential differences between sorption 

characteristics (e.g., adsorption coefficients) of different size classes and test the hypothesis 

of higher affinity of metals for sorption onto finer particles.  
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Concentration exceedance probabilities were computed for size-fractionated metal 

concentrations from influent and within-SMP samples (the average of middle and outlet) 

by employing the Weibull approach (Equation 4-6) that excludes exceedance probabilities 

of 0 % and 100 % (In-na and Nyuyen, 1989). 

exceedance probability (%) = 100 × m
N+1

                                                                   (4-6) 

In which, m is the rank of a concentration occurrence and N is the population of the data 

set. 

 For the soil extracts, metal concentrations from ICP-MS analysis were converted 

to solid-phase concentrations (i.e., metal concentrations in soil) using Equation 4-7.  

qsoil = VexCex
Msoil

                                                                                                                   (4-7) 

In which, qsoil(
mg
kg

) is the exchangeable metal concentration in the soil, Vex(L) is the 

volume of added extraction solution, Cex (
μg
L

)  is the measured metal aqueous phase 

concentration in the applied extraction solution, and Msoil(g) is the mass of soil particles 

in the sample. 

Two-tail paired t-test analysis was conducted in two steps to compare influent 

samples to within-SMP samples. The threshold for significant difference was considered 

as 95 % confidence level (i.e., p-value < 0.05).  The statistical analysis was conducted on 

total suspended solids, size-fractionated suspended solids, total particle-associated metal, 
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and size-fractionated metal concentrations of spatial samples. In step one, the differences 

between influent samples and within-SMP samples were assessed for all storms to confirm 

or reject whether the SMP significantly impacted suspended solid concentrations and their 

associated metals concentrations. Next, the data set was visually investigated to find a 

storm intensity threshold to distinguish between resuspension and deposition patterns; the 

difference between the TSS concentration of inlet and within-SMP samples was defined as 

∆TSS (Equation 4-8), where a positive ∆TSS indicated resuspension and a negative ∆TSS 

reflected deposition. 

ΔTSS=TSSwithin − TSSinlet                                                                                        (4-8) 

At step two, the t-test was applied to determine if deposition or resuspension of suspended 

particles and metals along the SMP occurred with a 95% confidence level during events 

below or above the identified storm intensity threshold.  

4.4 Results and discussion 

4.4.1 Total suspended solids and their associated metals 

Total suspended solids concentrations increased along the SMP gradient for storms 

with intensities higher than 4.5 mm/hr, suggesting resuspension of particles shown as 

positive ΔTSS in Fig. 4-1. For this discussion, storms with an average intensity higher than 

4.5 mm/hr will be referred to as “more intense storms,” while storm events with an average 

intensity less than 4.5 mm/hr will be referred to as “less intense storms.” Statistical 

comparison between influent and within-SMP TSS concentrations for all the events (i.e., 

13 events with a range of intensities) resulted in a p-value of 0.103. This relatively high p-

value indicated that there is not a significant difference in TSS concentration along the 
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SMP (i.e., either deposition or resuspension). However, when only more intense storms 

were included, the average influent TSS concentration was 61.87 ± 32.96 mg/L as opposed 

to within-SMP samples that had an average TSS of 115.19 ± 59.45 mg/L. The increase in 

TSS concentration along the SMP was significant (p-value = 0.023) and showed a 

resuspension pattern for more intense storms. 

 Fig. 4-1 shows TSS concentration increased (i.e., ΔTSS ranging from ~ 5 to ~ 320 

mg/L; Equation 4-8) for samples collected from the middle and near outlet locations 

compared to influent samples during more intense storms, while such changes were 

negligible or negative (i.e., ΔTSS ≤ 0) as a result of particle deposition for less intense 

storms. Although the outlet samples always had higher TSS concentrations compared to 

middle samples during more intense storms, the magnitude of changes in TSS 

concentration from middle to outlet samples did not follow a consistent pattern and in many 

cases was minimal. For instance, a 5.6 mm/hr storm had ~ 7 mg/L ΔTSS for the middle 

samples and ~260 mg/L ΔTSS near the outlet, while a storm with 8.9 mm/hr intensity had 

ΔTSSs of ~ 300 mg/L and ~ 320 mg/L for middle and outlet samples, respectively. 

Differences in storm characteristics (i.e., variations of intensity during the event; Appendix 

4.7.1), as well as environmental variabilities of different storms, could contribute to 

differences in location-based ΔTSS values. Also, the samples near the outlet were more 

often collected under ponded conditions which could limit further resuspension. Ponding 

conditions and associated low velocities near the outlet weir may contribute to limited 

differences between samples collected from the middle and outlet locations (e.g., storms 

with intensities of 4.5, 6.6, 7.6, 8.4, and 8.9 mm/hr).  
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Figure 4-1. The difference of total suspended solids concentration from within-SMP samples (middle and 

outlet) compared to the influent samples; the vertical line separates the high intensity and low intensity 
storms. 

Previous studies have also observed resuspension to be an issue in similar systems.  

A series of flume studies, used to experimentally simulate particulate matter (PM) 

transport, showed high impacts of bed shear stress as well as particle size and density on 

PM transport patterns (Li and Sansalone, 2020). Revitt et al. (2017) reported that although 

it is highly probable that solids will be removed through sedimentation in SMPs, 

subsequent resuspension inside the SMPs may adversely affect the quality of receiving 

water bodies. The dynamics of sediments in a bay watershed were investigated and 

revealed that both storm and wind can be major drivers for the resuspension of previously 

deposited sediments (Noe et al., 2020), and those factors may also increase particle 

entrainment in a SMP. Although many studies have investigated the mobilization of 

particles from impervious surfaces (Gbeddy et al., 2018; Qingke Yuan et al., 2017), 

evaluations of potential resuspension and redistribution of particles and their associated 

contaminants inside SMPs has just recently gained attention. For instance, Fugate et al. 

(2021) showed that notable fractions of suspended materials in a stormwater infiltration 
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area originated from submerged surfaces within the infiltration area due to elevated bed 

shear stress during storms. Bed shear stress greatly affects resuspension and deposition of 

sediments because it influences stream power (Khan and Wu, 2013). Shear stress (and 

subsequently stream power) can be directly affected by the storm intensity, SMP width, 

loading ratio of SMP, and ponding condition inside SMP because these parameters govern 

the hydraulics of flow inside SMPs. Therefore, the storm intensity threshold for 

resuspension is expected to be site-specific and dependent on factors like the shape of SMP 

and its loading ratio (not examined in this research).  

The study of unfractionated metals associated with suspended solids along the SMP 

suggested resuspension of Fe, Mn, Cu, Zn, As, Cd, and Pb during storms with intensities 

higher than 4.5 mm/hr, though only resuspension of Fe and Pb were statistically significant 

(Fig. 4-2). Similar to the suspended solid discussion, resuspension refers to a higher metal 

concentration (Cs; Equation 4-1) of within-SMP samples compared to the influent samples 

and deposition refers to a lower metal concentration of within-SMP samples compared to 

the influent samples. Chromium (Cr) was the only studied metal that showed a small but 

negative change in concentrations during more intense storms and significant deposition 

during less intense storms (Fig. 4-2a).  Under oxic circumneutral environmental conditions, 

Cr is expected to be present as an oxyanion species (Benjamin, 2015; Gustafsson, 2012), 

suggesting the potential for Cr desorption at higher intensities. Since particles are generally 

negatively charged on their surface (Benjamin, 2015; Fetter, 2008), they are expected to 

impact cationic metals to a greater extent compared to oxyanions. This may suggest the 

observed reduction in Cr concentration along the SMP could be attributed to change of 
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speciation rather than deposition. Arsenic (As) is also commonly found in oxyanion forms 

in environmental systems and had an insignificant resuspension trend during more intense 

storms (Fig. 4-2f). From Fig. 4-2b, during more intense storms particle-associated Mn 

showed notably greater variability (for both influent and within-SMP samples) that may be 

due to the elevated concentrations of Mn in the fill media and its resuspension during more 

intense storms. Iron and Pb have relatively high affinity for particles with typical log Kd 

values of ~ 3.5 – 5.2 L/kg for Fe and ~ 4.6 – 5.4 L/kg for Pb (Boyer et al., 2018) and 

therefore they closely followed the observed trends for suspended solids (Fig. 4-2c and 4-

2h). Many metals had a statistically significant reduction of solid-associate concentration 

in within-SMP samples during less intense storms, while the concentration of within-SMP 

samples increased during more intense storms: Fe (4-2c), Cu (4-2d), Zn (4-2e), Cd (4-2g), 

and Pb (4-2h). Though not all increases were statistically significant, the trends highlight 

the challenge in managing more intense storms, which may cause a SMP to be ineffective 

at metal interception or even cause an increase in concentration. Appendix 4.7.3 reports 

the results from the statistical comparison between solid-associated metal concentrations 

(Cs) at influent samples for low and high-intensity storms and for within-SMP samples for 

low and high-intensity storms. 
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Figure 4-2. Boxplot presentation of suspended solid-associated metals for influent and within-SMP (mean 

of middle and outlet) samples separated by storm intensity of 4.5 mm/hr. Concentrations correspond to total 
particle-associated metal (i.e., Cs (µg/L)), and p-values from t-test analysis to compare influent to within-

SMP are reported. Plots present the median values along with the 25th and 75th percentile of datasets; 
values less than -1.5 times 25th percentile or higher than +1.5 times 75th percentile are considered as 

outliers (shown as red crosses). Maximum and minimum values, excluding outliers, are shown. 
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A study of fluvial metal contamination found seasonal and spatial variabilities in 

metal concentrations to be a function of rainfall intensity and sediment washoff (Zhang et 

al., 2018). This finding is in line with the results of the metal analysis in the current study 

because it highlights the potential impacts of hydrologic changes of a stream on metal 

contamination. Walaszek et al. (2018) studied a SMP system for three years and reported 

higher intensity storms, which occurred more frequently during warmer seasons, resulted 

in higher metal loads coming into the system owing to the deposited sediments washoff 

from the impervious surface. Numerous previous studies have found the good performance 

of fill media in efficiently removing metal loads such as Fe, Cu, Zn, Cd, and Pb owing to 

physiochemical removal mechanisms including filtration and adsorption (Behbahani et al., 

2020; Ke et al., 2020; Maniquiz-redillas and Kim, 2016). Surficial interception can lead to 

a substantial accumulation of metals in top layers of fill media, which are prone to 

resuspension within the SMP under intense storms. Resuspension can cause a scenario 

where the SMP effluent has a higher metal concentration compared to the incoming 

concentration. Movahedinia et al. (2019) examined stormwater drainage scenarios in an 

urban area, including three scenarios without SMPs and three scenarios with installed 

SMPs of varying types. The SMPs were highly effective in flood control, which was 

associated with a 10-year storm,  and reduced the hydrograph peaks by over 86 %, but the 

overflow volume was only reduced by 52 % on average. Although the overflow reduction 

was promising, it demonstrated that SMPs cannot fully eliminate overflow events under 

high-intensity storms. The overflow discharge from SMP is important from a water quality 
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viewpoint because findings from the current study suggest the quality of overflow water 

may be impaired during high-intensity storms.  

SMP design that utilizes infiltration rather than outlet discharge is viewed as 

beneficial, however, some stormwater management guidelines also recommend a limited 

time of ponding to prevent insect growth in SMPs. For instance, the Philadelphia 

Stormwater Management Guidance Manual (2015) suggests that fill media maintenance 

needs to include evaluation of drain-down time to ensure it is less than 72 hours for storms 

of 25 mm or greater. Similarly, the New Jersey Stormwater Best Management Practices 

Manual (2021) has set a maximum storm drain-down time of 72 hours as a design guideline 

for infiltration-based SMPs. An underdrain connected to the outlet structure is a design 

approach that may promote infiltration along with associated contaminant removal. It can 

reduce ponding time and limit the chance of surficial discharge, but may also decrease the 

amount of water that is fully infiltrated. 

4.4.2 Size-fractionated solids and their associated metals 

Studying the size-fractionated suspended solids revealed that regardless of storm 

intensity, the SMP did not efficiently intercept fine particles (i.e., d < 10 µm) (Fig. 4-3a). 

For less intense storms, fine particles were neither deposited nor resuspended (i.e., ΔTSS 

~ 0 for d < 10 µm), and the fine particles were generally resuspended during more intense 

storms.  This suggests that the average storm intensity of 4.5 mm/hr, which was observed 

to distinguish deposition and resuspension patterns, was mainly relevant for coarser 

particles (Fig. 4-3b). There were four sampling events with intensities less than 4.5 mm/hr, 

and deposition occurred during three of these events for coarse size class (Fig. 4-3b). The 
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implications of this distinction between total and fine suspended solids become more 

notable when the precipitation record is considered. Storm intensity exceedance probability 

curves (Appendix 4.7.4) for several large metropolitan areas across the United States, 

including Philadelphia, were created using the 20 years of hourly precipitation records 

(January 1998 to January 2018 for Philadelphia) obtained from the National Oceanic 

Atmospheric Administration (NOAA, 2021). The Philadelphia data showed that only ~ 15 

% of rain hours had intensities greater than 4.5 mm/hr. Although the average intensity 

during storm events was used in the current study, this finding suggests that resuspension 

of TSS would likely occur in less than 15 % of the storm events, while resuspension or 

inefficient interception of fine particles was observed in 11 of 13 sampled events (i.e., ~ 85 

% of sampled events). Runoff flowing over the SMP bed is more likely to entrain fine 

particles from the bed rather than allowing fine suspended particles to settle. This is an 

important consideration in the study of contaminant transport in SMPs because fine 

particles can be a sink or source for a variety of contaminants, including metals, owing to 

their high specific surface area (Wei et al., 2019; Gbeddy et al., 2018).  

 

Figure 4-3. The difference of size-fractionated suspended solids concentration of within-SMP samples 
(middle and outlet) compared to the influent samples as affected by storm intensity; the vertical line 

separates the high intensity and low intensity storms. 
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Metals associated with fine particles (i.e., d < 10 µm) were not efficiently 

intercepted during all storms, and resuspension was indicated for several metals (Fig. 4-4). 

Exceedance probability curves are independent of storm intensities (i.e., a general 

comparison of influent versus within-SMP data rather than event-specific paired 

comparison) and provided insight into dynamics of metals associated with fine particles 

inside SMP. As can be seen from Fig. 4-4c to 4-4h, the resuspension of metals associated 

with fine particles along SMP is indicated for Fe, Cu, Zn, As, Cd, and Pb. For instance, 

concentrations of fine particle Fe and Pb in the influent exceeded ~ 100 and ~ 0.5 µg/L 

with a 50 % probability, respectively, while the corresponding values for within-SMP 

samples increased to ~ 500 and ~ 2 µg/L, respectively (i.e., a greater than 4-fold increase). 

This is consistent with the previous finding of resuspension of fine particles along SMP 

regardless of storm intensity (Fig. 4-3). Similar concentration exceedance probabilities 

were generated for the coarse size class (Appendix 4.7.3) and showed that Fe and Cu were 

the only metals that generally had higher exceedance probabilities for within-SMP coarse 

particle-associated fraction when compared to the influent. Additionally, a paired t-test 

assessment of metal concentrations associated with fine particles (Cs,fine; Equation 4-1) 

from influent and within-SMP samples revealed Fe, Cu, Zn, As, Cd, and Pb were 

significantly resuspended along SMP, while no effect was observed for Cr and Mn. A 

comprehensive report of p-values may be found in Appendix 4.7.3.  
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Figure 4-4. Exceedance probability of metal concentration associated with fine particles (Cs,fine); Equation 
4-1) for all sampled storms from influent and within-SMP (middle and outlet) samples. 
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The risks of resuspension of metals associated with fine particles are generally 

greater than those associated with coarse particles, which is consistent with the previous 

discussion on suspended and size-fractionated solids and precipitation patterns. This 

phenomenon can potentially be problematic when overflow occurs because it results in 

metal point source contamination for downstream water bodies. Moreover, in the case of a 

fully infiltrated runoff, the results revealed that a higher accumulation of fine particles and 

their associated metals near the outlet area would likely occur, implying that timely 

maintenance of these areas should be prioritized. The current study attempted to investigate 

the dynamics of suspended solids and their associated metal concentrations along the 

gradient of a SMP during the storm event using size-fractionated metal concentrations in 

the runoff. Previous studies mostly included studying the spatial distribution of metal 

concentrations of the fill media inside SMPs (Wang et al., 2020; Jeong et al., 2020; 

Okaikue-Woodi et al., 2020; Alam et al., 2018), and a limited number of studies considered 

total metal concentration in runoff as it enters and leaves the SMP (Walaszek et al., 2018; 

Zarezadeh et al., 2018; Revitt et al., 2017). The current research highlights the importance 

of including the impacts of particle size classes in the dynamics of metal transport, 

particularly during storm events and contrasting influent water with samples collected 

within SMP. In this study, suspended solids and their associated metal concentrations (both 

total and size-fractionated) notably increased from inlet to middle during intense storms, 

while showing a slight increase when comparing middle to the outlet. As previously 

mentioned, the outlet of the study site was a V-notch weir that could create a ponded 

condition that potentially reduces the stream power from middle to outlet. These findings 
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suggest that monitoring the influent and effluent of linear SMPs (like the current study site) 

can be an appropriate time and cost-saving approach for similar future studies.  

4.4.3 PSD and metal concentrations in the soil along the SMP 

Soil particle diameters generally decreased along the gradient of the SMP (Fig. 4-

5). The PSD results reflect one sampling effort, with 4 replicate analyses, therefore, 

inferences are limited to a single time and changes over time were beyond the scope of this 

study. Although mean d10 consistently decreased from inlet (8.94 ± 1.28 µm) to the middle 

(5.61 ± 0.85  µm) and from middle to the outlet (2.42 ± 0.33  µm), the decrease in d50 from 

middle to the outlet is not notable and there is an increase in d90 from middle to the outlet. 

These minimal changes from the middle to the outlet in coarser characteristic diameters 

were in line with previously observed similarities between the middle and outlet storm 

event samples.  However, soil PSD results coupled with storm event assessments suggest 

resuspended fine particles were deposited along the gradient, particularly in downgradient 

sections (i.e., middle/outlet) that had the finest size distribution (i.e., lowest d10), and this 

potentially occurred as the water infiltrated.  

 
Figure 4-5. Cumulative particle size distribution curves of soil samples collected from top 5 cm of the near 

inlet, middle, and near outlet locations; each curve represents mean values calculated from analysis of 4 
replicates; x-axis is in Log scale. 
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Analysis of soil samples showed the exchangeable metal concentrations (qsoil) in 

the top layers did not substantially change based on location, except for a moderate 

reduction of Cr and Fe concentration along the gradient (Fig. 4-6).  This finding may 

initially seem contradictory with the metal transport patterns that were observed when 

studying particle-associated metal concentrations in the runoff (Cs) along the SMP. The 

presentation basis for qss and qsoil is based on the metal mass per solid mass (e.g., mg of the 

metal per kg of suspended particle or soil), while Cs is defined as metal mass per unit 

volume of runoff (e.g., µg of metal per 1 L of runoff). From the linear SMP evaluated in 

this study, deposited particles, especially fine size classes, are likely to resuspend along the 

gradient. When particle-associated metal concentration in runoff (Cs; Equation 4-1) 

increased near the outlet, such elevated concentration had been accompanied by an increase 

in particle loads (i.e., SS). For instance, as Fig. 4-7 exemplifies for the case of Zn, the Cs,fine 

(represented by orange bars) significantly increased along the SMP for more intense storms 

(Fig. 4-7a), while corresponding qss,fine values did not substantially change (Fig. 4-7b). 

Such a difference between longitudinal trends of Cs and qss confirmed that the increased 

particle-associated metal concentrations in the runoff (Cs) were linked to the increase in 

suspended solids concentrations (SS). The increase in suspended solids caused qss to 

remain quasi-constant, resulting in insignificant changes in qsoil along the SMP despite 

deposition of metal mass within SMP. Additionally, the resuspension of unfractionated 

particle-associated metal (i.e., all sizes) only occurred for storms with intensities higher 

than 4.5 mm/hr, and it was only metals associated with fine particles that were significantly 
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resuspended during all storms. Size-fractionated Ctot and qss values for the other studied 

elements are presented in Appendix 4.7.5. 

 
Figure 4-6. Mean exchangeable metal concentrations in soil samples collected from the top 5 cm of the 

near inlet, middle, and near outlet location. The y-axis is shown in log scale and error bars for the elemental 
concentrations represent standard deviations for 4 replicates. 

 

 

 
Figure 4-7. Fractionated Zn concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 

Resuspension and subsequent deposition along the gradient may change the bed 

surface of the SMPs rather than substantially changing the metal concentrations in the fill 
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media, and this can help to guide maintenance activities. Options such as fill media 

replacement and remediation are relatively tedious and costly tasks that may be undertaken 

when the fill media is highly contaminated (e.g., exceeds a regulatory limit or ineffective 

at contaminant removal due to full breakthrough). However, modification of bed surface 

along SMPs by replacement of only top layer (e.g., top 5 cm) is an easier and less expensive 

maintenance approach that can be beneficial for water quality enhancement by decreasing 

the chance of metal resuspension and redistribution. Every fill media maintenance activity 

in vegetated SMPs needs to take into account the plant health by considering facets such 

as root zone, which depends on the vegetative cover type. The root zone can be an 

important factor in determining the depth of fill media modifications (Jamshidi et al., 

2020). Additionally, the accumulation of fine particles near the outlet might result in 

deteriorated infiltration rates of the fill media in this area, and modification of top layers 

near the outlet can also help in water quantity management by maintaining the designed 

infiltration rate.   

This study filled a knowledge gap on the spatial distribution of metal concentrations 

in runoff and within-SMPs during storm events (i.e., dynamics of metal suspension), which 

is a good complement to previous studies on the spatial distributions of metal 

concentrations in fill media of SMPs. For instance, Kayhanian et al. (2012) analyzed size-

fractionated deposited sediments along a SMP and found that concentrations of metals (Cu, 

Zn, and Pb) associated with particles smaller than 38 µm increased from the inlet toward 

the outlet, while the total particle-associated metal concentrations along the SMP remained 

relatively consistent. Al-ameri et al. (2018) studied the accumulation of metals over time 
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and at various locations and depths inside 19 SMPs and found that a considerable mass of 

metals accumulated in the top 2 cm of the fill media regardless of SMP type. Although 

metal concentration (Cu, Zn, Cd, and Pb) in the soil decreased with distance from the inlet 

in 10 cases, there were 9 SMPs that did not follow this pattern, and locations in the middle 

or near the outlets had a higher metal concentration in the fill media. They hypothesized 

such higher concentrations might be associated with the potential transport of sediments 

due to differences in the shape and fill media type (e.g., vegetative cover and soil type) of 

various SMPs. Another investigation of metal spatial distribution in several different SMPs 

revealed that soil samples collected near inlets had the highest total concentrations of Cu, 

Zn, and Pb and total concentrations generally decreased with increasing distance from the 

inlet, however, it was found that suspended particle-associated metal concentrations were 

quite variable (Tedoldi et al., 2017). Such findings are in agreement with the observations 

of the current study that suggests metals suspended in the runoff behave differently than 

metal loads in the fill media, and the changes in concentrations along the gradient of a SMP 

depends on variables such as hydrology, flow hydraulics, and resuspension/deposition 

interactions inside SMPs. 

4.4.4 Adsorption of metals onto suspended particles 

The fine size class generally showed the highest adsorption coefficients (i.e., Kd in 

linear and Kf in Freundlich isotherms) and was better fit by both isotherm models compared 

to unfractionated and coarse size classes. Table 4-1 summarizes the statistics of isotherm 

models for the fine size class and the corresponding data for unfractionated and coarse size 

classes are reported in Appendix 4.7.6. In addition to higher adsorption coefficients of fine 
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size classes, the estimated Freundlich empirical constant (n values) were relatively large 

(i.e., > 1) and their confidence bound generally excluded 1, which can be additional 

evidence of the high potential of fine particles for metal sorption. For instance, Baghenejad 

et al. (2016) estimated n values of 0.67, 0.55, and 0.28 for Pb, Cu, and Zn, respectively 

when modeling their adsorption onto six different calcareous soils.  Fig. 4-8a illustrates the 

highest and lowest linear adsorption coefficients (Kd values) were associated with fine and 

coarse sizes, respectively. However, Fig. 4-8b displays slightly higher average Freundlich 

adsorption coefficients (Kf values) of coarse size class in the cases of Cr and Mn. The 

coarse size class had poor statistics (typically R2 < 0.55 and p-value > 0.2), while the 

statistics associated with fine size classes generally revealed improved R2 and acceptable 

confidence levels (e.g., p-values < 0.05). Generally, these findings indicated that fine 

particles are effective vectors (sink and source) for the transport of the metals, with higher 

adsorption coefficients, and better fit by classic isotherm models suggesting less variability. 

All the reported statistics and adsorption coefficients, including Table 4-1, are reported as 

deterministic evaluations of 13 storm events after resampling by bootstrap. The adsorption 

data plots can be found in Appendix 4.7.6. 
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Table 4-1. Isotherm statistics for linear and Freundlich models for the fine size class after resampling by 
bootstrap; * refers to p-value < 0.05. 

Metal  
Linear Freundlich 

Log Kd (L/kg) b (mg/kg) R2 Log Kf (L/kg when n =1) n R2 
Cr 4.88 -1.518 0.64 5.26 2.196* 0.89 

Mn 5.20 -4.728 0.71 4.10 2.978* 0.90 
Fe 5.48 -30.716 0.60 6.68 1.916* 0.91 
Cu 5.80 -3.933* 0.85 6.63 2.274* 0.90 
Zn 5.29 -8.971* 0.86 7.29 1.254* 0.64 
As 5.28 -0.001* 0.91 5.35 1.219* 0.67 
Cd 4.37 -0.011* 0.74 4.03 2.159* 0.69 
Pb 6.20 -0.501* 0.82 5.65 2.453* 0.87 

 

 

 
Figure 4-8. Boxplot presentation isotherm fitting efforts using the bootstrap method for (a) linear 

adsorption coefficient (Kd) and (b) Freundlich adsorption coefficients (Kf); boxplots were drawn as defined 
in Fig 2; mean values are represented by circles. 

The results from the current analysis were in line with other studies, showing a 

higher metal affinity for finer suspended particles with respect to coarser particles, 

however, those studies were limited to only linear isotherms. The Freundlich isotherm had 

higher goodness of fit in modeling the adsorption of Cr, Mn, Fe, Cu, and Pb onto suspended 

particles. Two previous studies showed that linear metal adsorption coefficients for 

suspended particles were generally greater than those of bed sediments and fill media by 
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orders of magnitude, mainly owing to the smaller size and higher organic content of 

suspended particles (Tomczak et al., 2019; Boyer et al., 2018). Adsorption coefficient at 

equilibrium state is an important parameter to model fate and transport of a variety of 

contaminants, including metals. Usually, metal adsorption coefficient can be highly 

variable depending on a variety of factors, including pH, salinity, organic matter content, 

and particle size (Tomczak et al., 2019; Djuki, 2016; Fonseca et al., 2011; Degryse et al., 

2010). Results from the current study and similar literature further highlight the importance 

of fine particles as vectors in the fate and transport of metals and subsequent adverse 

impacts on the SMP performance. 

4.5 Environmental implications 

This work evaluated contamination that originated from suspended particles and 

particle-associated metals because they are ubiquitous and non-degradable which makes 

them important to consider in SMP design and maintenance. Fate and transport of metals 

can be impacted by environmental factors like storm intensity and particle size. This study 

demonstrated the performance of linear SMPs in intercepting fine particles even in low-

intensity storms was not promising; fine particles were frequently resuspended, particularly 

with relatively intense storms, and the resuspension of fine particles may be exacerbated 

under high salinity condition that promotes fine particle stability (Behbahani et al., 2021; 

Flanagan et al., 2019). This challenge is intensified when noting that the top layers of the 

SMP media capture large fractions of particles and metals via processes such as filtration 

and adsorption (Behbahani et al., 2020; Wang et al., 2016; Sangiumsak and Punrattanasin, 

2014). Particle-associated metals may undergo various processes such as cation exchange 
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and complexation with ligands, which change their fate via desorption (Behbahani et al., 

2021; Wong et al., 2013; Bradl, 2004). Hence, the resuspension of particle-associated 

contaminants along with their potential redistributions inside the SMPs may undermine the 

functionality of SMPs in water quality enhancement.  

Preemptive design considerations, as well as proper maintenance, are required to 

address these issues. The provided implications and suggestions go beyond the scope of 

the current research and are recommended for future field or pilot-scale investigations. 

Nonetheless, current findings imply that the design and maintenance measures need to be 

formed around two core ideas of a) decreasing stream power to impede or limit scouring 

and subsequent resuspension and b) prioritizing the discharge of runoff from SMPs as 

(presented from most desired to least desired): vertical infiltration > underdrain > overflow. 

From a design perspective, a system that can promote sedimentation and infiltration at the 

early stages of the storm and near the inlets (e.g., utilization of appropriate vegetative cover, 

forebays, weirs, and gabions) is recommended. Additionally, design of adequate overflow 

depth can minimize surface discharge, which likely has impaired quality. It is 

recommended to design SMPs as treatment trains through the use of gabions and weirs to 

maximize infiltration and sedimentation potential while managing system size and limiting 

overflow, but it might result in longer drain-down. Installing underdrain conduits in the 

outlet structure is a tool to avoid a long drain-down time and may be less expensive than 

building extra surface detention volume in the SMP. 

The maintenance of SMPs plays an important role in efficient contaminant removal. 

The results from this study help to identify locations inside SMPs that have higher priority 
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for maintenance; for instance, forebays or areas near the outlet of divided sections should 

have higher priority for maintenance. Maintenance of the fill media in areas near the outlet 

can be limited to small modifications in the SMP bed surface (e.g., removing a limited 

depth from the fill media in near outlet areas) rather than time-consuming and expensive 

full fill media replacement or remediation. Maintaining the health of vegetative cover also 

plays a role in the stability of the fill media top layers and impedes scouring, particularly 

in the upstream section. The accumulation of fine particles with potentially high metal 

concentrations on their surface can be problematic if coupled with certain conditions such 

as high salinity (e.g., as a result of deicer application in northern climates) because high 

salinity can readily release previously sorbed metals from the particle surface. This finding 

is important for maintenance practitioners because it can help prioritize areas for 

maintenance and target the most impacted areas to minimize cost.  

4.6 Conclusions 

Aqueous samples collected along the gradient of a SMP during storms with average 

intensities higher than 4.5 mm/hr showed evidence of significant particle resuspension 

owing to scouring at the upstream end of the SMP. Although deposition of particles along 

the SMP was observed for storms with intensities lower than 4.5 mm/hr, it was not a 

significant pattern. Particle-associated metals, particularly metals with high affinity for 

solid-phase such as Fe, Zn, and Pb, followed the same patterns of significant resuspension 

for high-intensity storms. Furthermore, the size-fractionated study of particles and their 

associated metals revealed either significant resuspension or insignificant sedimentation of 

fine size class (i.e., d < 10 µm) occurred for almost all the studied storms with intensities 
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ranging from 0.76 mm/hr to 10.2 mm/hr. Fine particle-associated concentrations of Fe, Cu, 

Zn, As, Cd, and Pb in runoff within the SMP were generally higher compared to the paired 

incoming concentrations, while changes in the fine particle-associated concentrations of 

Cr and Mn along the SMP were minimal.  

Metal adsorption onto suspended solids in the runoff was modeled by linear and 

Freundlich isotherm and the Freundlich model fit better when fine-size classes were 

modeled. However, goodness-of-fit was generally low relative to laboratory adsorption 

studies due to uncertainties and randomness of field-collected samples. Yet, the study of 

the field-collected samples indicated that metal adsorption coefficients of fine suspended 

solids can be orders of magnitude higher than those of coarser particles. All the studied 

metals, except Cr and Mn in the Freundlich model, had higher adsorption coefficients in 

the fine size class (i.e., d < 10 µm) compared to other size classes. The higher affinity of 

fine solids for metals can make them a sink and a source for metals and can readily impact 

the transport of metals along the SMPs, particularly when coupled with the observed 

resuspension of fine particles during storms.  

The results from this study showed that metal concentrations in the top layers of 

the fill media (i.e., qsoil) were not notably different based on collection location despite the 

observed changes in the metal concentrations in the runoff. The observed increase in metals 

concentration in the runoff and along the SMP was due to increased solids concentration 

rather than increased mass of metals sorbed to solids. The surficial fill media samples from 

areas near the outlet had the lowest d10 and d50, implying a shift toward fine size classes 

compared to upstream. Therefore, the transport of metals has been accompanied with 
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particles (i.e., their vector), which explains the similar metal concentrations in the fill media 

along the SMP.  

These findings suggest that linear SMPs do not reliably sequester incoming loads 

of particles and their associated metals as runoff flows over the SMP bed toward the outlet. 

It is important for outlet structures to be designed with sufficient overflow depth to 

minimize the surface discharge of sediment and metal-contaminated water. Proper design 

can include measures such as elevated overflow depth, including underdrain conduits, 

employing adequate vegetative cover as well as stilling basins along the SMPs, and 

increasing the SMP width as feasible. These measures can collectively address both 

increasing infiltrations and decreasing the stream power within the SMP to impede the 

entrainment of previously settled particles.  
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4.7 Appendix  

4.7.1 Sampling location and storm events 

 

Figure 4-9. Location maps and an aerial photo of sampling sites located in Philadelphia at the Fishtown 
area between Delaware River and Interstate 95; the black bar shows the location of the V notch weir. 
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Figure 4-10. (a) Schematic of spatial sampling along the gradient of the SMP; the schematic is not to scale, 
(b) sampling from inlet conduit, (c) depression installed for sampling in the middle, and (d) depression 
installed for sampling near the outlet; sampling locations are ~ 10 m away from each other; sampling 

depressions are circled. 

 

Table 4-2. Characteristics of the sampled storm event; data extracted from National Oceanic and 
Atmospheric Administration (NOAA) records of Philadelphia KPNE station that is located at Philadelphia 

Northeast Airport ~ 16 kilometers north of the SMP; data can be extracted from National Oceanic and 
Atmospheric Administration (NOAA, 2021). 

 

date
antecedent dry period 

(hr)
total (mm) duration (hr)

average intensity
 (mm/hr)

average air 
temperature (oC )

comments

5/5/2019 122 25.91 5.7 4.57 14 continuous event
6/5/2019 70 17.27 3.1 5.59 22 continuous event

7/23/2019 107 21.59 4.0 5.33 21 intermittent event
8/14/2019 157 10.67 4.2 2.54 23 continuous event
10/8/2019 94 0.51 0.4 1.27 16 continuous event
11/7/2019 160 2.03 0.5 3.81 10 continuous event
12/9/2019 65 37.59 5.7 6.60 9 intermittent event
1/25/2020 145 40.64 5.3 7.62 9 continuous event
2/26/2020 334 9.65 1.1 8.89 9 intermittent event
7/6/2020 198 6.10 0.6 10.16 24 continuous event

7/22/2020 108 11.43 1.4 8.38 26 intermittent event
7/31/2020 175 3.05 4.0 0.76 23 intermittent event
8/12/2020 196 36.58 5.8 6.35 25 intermittent event

(a) 

(b) (c) (d) 
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4.7.2 Analysis  

Particle size distribution 

  A liquid mode LS 13 320 Particle Size Analyzer (Beckman Coulter) was employed 

to analyze the size distribution of soil and suspended particles. The instrument uses light 

scattering and laser diffraction to assess the volumetric fraction of size classes. The 

smallest size that could be detected was 0.375 µm and 120 size classes were defined on a 

logarithmic basis (higher resolution in fine sizes). By assuming a constant density (i.e., not 

size-dependent), the volumetric fractions could be considered mass fractions associated 

with each size class.  

Metal analysis 

 An inductively coupled plasma mass spectrometer (ICP-MS; Agilent 7900) was 

employed for metal analysis. Hydrogen (H2) and Helium (He) modes helped reduce 

interferences to improve the robustness of analyses. Seven blank samples were run and 

µ+3σ of concentrations of blank samples were compared with the instrument-derived 

detection level (DL) and the higher value was reported as DL. Although variability among 

batches occurred, typical DLs for Cr, Mn, Fe, Cu, Zn, As, Cd, and Pb were 0.5, 0.2, 0.7, 

0.1, 0.2, 0.08, 0.01, and 0.03 µg/L, respectively. Calibration points were prepared using 

stock solutions manufactured by Inorganic Ventures in two series: 10-fold dilution series 

with values of 1 and 3. The QA/QC criteria are reported in Table B1.  
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Table 4-3. ICP-MS data quality assurance metrics. 

parameter Explanation Determination 

Batch stability Determination that batch-wide matrix 
has not affected ICP-MS performance 

Internal standard recovery: 100 ± 
30% 

Analysis stability Determination that instrument is stable 
(consistent) for a sample 

Internal standard relative standard 
deviation (RSD) < 5 % 

Sample stability Determination that analysis is stable 
(consistent) for a sample Concentration RSD < 30 % 

Detection limit (DL) Quantification of the lowest value that 
can be differentiated from 0 

MassHunter© DL determination 
based on replicate analysis of 

calibration blank 

Analysis of seven blank vials: µ+3𝜎𝜎 

Limit of 
quantification (LOQ) 

Determination of the lowest 
concentration that can be quantified (30 

% precision) 

Estimated concentration ± 30% of 
the known standard concentration 

Accuracy Accurate analysis of a known sample 
Measure value ± 10% of known 

standard reference material 
concentration* 

Max concentration Upper limit of quantification based on 
calibration curve 

Maximum value of standard that is 
retained in the calibration curve 

*NIST SRM 1640A was used for verification of aqueous sample accuracy; only applies to 
relevant elements. 
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4.7.3 Statistical analysis and concentration exceedance probability curves 

 

Table 4-4. Comparison between particle-associated metal concentrations (Cs) at influent samples for low 
and high-intensity storms and within-SMP samples for low and high-intensity storms; * refers to significant 

difference due to p-value < 0.05. 

Metal influent  within-SMP 
Cr Clow intensity > Chigh intensity * Clow intensity > Chigh intensity * 

Mn Clow intensity < Chigh intensity  Clow intensity < Chigh intensity  
Fe Clow intensity > Chigh intensity  Clow intensity < Chigh intensity * 
Cu Clow intensity > Chigh intensity  Clow intensity < Chigh intensity  
Zn Clow intensity > Chigh intensity  Clow intensity < Chigh intensity * 
As Clow intensity > Chigh intensity  Clow intensity > Chigh intensity  
Cd Clow intensity > Chigh intensity  Clow intensity < Chigh intensity * 
Pb Clow intensity > Chigh intensity  Clow intensity < Chigh intensity * 

 

 

Table 4-5. Comparison of fine particle-associated metal concentrations (Cs,fine; Equation 4-1) at influent and 
within-SMP by paired t-test.  

  median influent 
Cs,fine (µg/L) 

median within-SMP 
Cs,fine (µg/L) 

p-value 

Cr 7.96 5.20 0.841 

Mn 3.55 3.81 0.246 

Fe 107.69 390.03 0.013 

Cu 3.84 8.99 0.003 

Zn 15.95 42.96 0.021 

As 0.1 0.21 0.046 

Cd 0.02 0.04 0.001 

Pb 0.54 2.81 0.012 
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Figure 4-11. Exceedance probability of metal concentration associated with coarse particles (d > 10 µm) for 
all sampled storms from influent and within-SMP (average of middle and outlet) samples. 
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4.7.4 Precipitation exceedance probability 

 
Figure 4-12. Storm intensity exceedance probability for Philadelphia from January 1998 to January 2018, 
Los Angeles from January 1993 to 2103; Houston from 1994 to January 2014, Orlando from January 1994 

to January 2014; hourly precipitation data were extracted from National Oceanic Atmospheric 
Administration (NOAA); data can be extracted from https://www.ncdc.noaa.gov/cdo-

web/datatools/findstation. 

The storm intensity exceedance probability curves for some other metropolitan 

areas are presented as a reference for comparison with Philadelphia. The curves illustrated 

that the probabilities of occurrence of storms with similar rainfall intensities are not 

substantially different among these cities despite different locations. It suggests that the 

probability of exceeding the identified storm intensity threshold for resuspension of TSS 

may be applicable to other areas. 
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4.7.5 Size-fractionated metal concentrations along the gradient of the SMP 
during storms 

 
Figure 4-13. Fractionated Cr concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 

 

 

 
Figure 4-14. Fractionated Mn concentration among dissolved (d < 0.22 µm), associated with fine 

suspended solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) 
separated by storm intensity (13 events total) and sampling location in (a) runoff and (b) suspended 

particles; error bars represent standard deviation. 
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Figure 4-15. Fractionated Fe concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 

 

 

 
Figure 4-16. Fractionated Cu concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 
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Figure 4-17. Fractionated As concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 

 

 
Figure 4-18. Fractionated Cd concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 

 

 
Figure 4-19. Fractionated Pb concentration among dissolved (d < 0.22 µm), associated with fine suspended 
solids (0.22 µm < d < 10 µm), and associated with coarse suspended solids (d > 10 µm) separated by storm 

intensity (13 events total) and sampling location in (a) runoff and (b) suspended particles; error bars 
represent standard deviation. 
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4.7.6 Isotherm statistics 

 

Table 4-6. Isotherm statistics from Linear and Freundlich models for the case of total (unfractionated) 
particles after resampling by bootstrap; * refers to p-value < 0.05. 

Metal  
Linear Freundlich 

Log Kd (L/kg) b (mg/kg) R2 Log Kf (L/kg when n =1) n R2 
Cr 3.83 0.007 0.58 4.05 0.811* 0.57 

Mn 4.27 -0.076 0.58 4.00 1.182* 0.59 
Fe 5.12 -1.582* 0.61 4.75 1.225* 0.71 
Cu 5.16 -0.362* 0.88 4.46 1.349* 0.81 
Zn 4.17 0.822 0.57 5.34 0.411 0.22 
As 4.16 0.009 0.46 4.29 0.189 0.09 
Cd 3.51 0.001 0.41 3.63 0.624 0.35 
Pb 5.34 -0.009 0.67 5.33 1.134* 0.47 

 

 

 

Table 4-7. Isotherm statistics from Linear and Freundlich models for the case of coarse size class after 
resampling by bootstrap; * refers to p-value < 0.05. 

Metal 
Linear Freundlich 

Log Kd (L/kg) b (mg/kg) R2 Log Kf (L/kg when n =1) n R2 
Cr 2.66 0.143 0.40 5.35 -0.053 0.11 

Mn 3.28 0.183 0.40 5.15 -0.113 0.28 
Fe 4.80 2.459 0.49 5.43 0.841* 0.41 
Cu 5.07 -0.021 0.63 4.86 1.063* 0.55 
Zn 3.86 1.471 0.49 6.32 -0.038 0.08 
As 3.93 0.019 0.43 4.01 -0.298 0.10 
Cd 3.17 0.004 0.39 3.53 0.035 0.11 
Pb 4.94 0.068 0.53 5.24 0.625 0.11 
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Figure 4-20. Unfractionated isotherm data from 39 samples collected during 13 storm events along the 
SMP for a- Cr, b- Mn, c- Fe, d- Cu, e- Zn, f- As, g- Cd, and h- Pb. 
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Figure 4-21. Fine size class (d < 10 µm) isotherm data from 39 samples collected during 13 storm events 

along the SMP for a- Cr, b- Mn, c- Fe, d- Cu, e- Zn, f- As, g- Cd, and h- Pb. 
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Figure 4-22. Coarse size class (d > 10 µm) isotherm data from 39 samples collected during 13 storm events 

along the SMP for a- Cr, b- Mn, c- Fe, d- Cu, e- Zn, f- As, g- Cd, and h- Pb. 
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CHAPTER 5 

EXPERIMENTAL EVALUATION OF VERTICAL METAL 

RETARDATION IN STORMWATER MANAGEMENT 

PRACTICES AS INFLUENCED BY CYCLES OF BASELINE AND 

HIGH SALINITY 
 

5.1 Abstract  

The application of NaCl as deicer results in a notable increase in salinity of stormwater 

runoff, which may impact the speciation and mobility of various contaminants, including 

metals. The applied salt can remain in the fill media of stormwater management practices 

(SMPs) for an extended period after freezing seasons, creating annual cycles of baseline 

and high salinity. This 4-month continuous flow study evaluated the impacts of NaCl 

concentration and application cycles on the retardation of metals in SMP fill media via 1-

D flowthrough bench-scale columns. The high salinity scenario (0.1 M NaCl) decreased 

retardation factors of Cr, Fe, Cu, and Pb by factors of 3.1, 2.9, 4.3, and 3.2, respectively, 

relative to the baseline salinity scenario (0.01 M NaCl). High salinity also resulted in 

greater Mn and Zn leaching, which were abundant in the fill media. However, the 

application of cycling baseline and high NaCl caused substantial fluctuation in the column 

effluent metal concentration. The metals that were adsorbed during the baseline salinity 

periods were desorbed during the high salinity periods, leading to elevated concentrations 

of metals in porewater and effluent even compared to the influent. After 4 months of metal 

and NaCl application, flushing with water effectively removed Na from the fill media top 

layers, while applying cysteine, as an environmentally friendly chelator, was demonstrated 
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to be a promising approach to mobilizing accumulated metals from top layers to deeper 

layers. The results suggest that contaminant transport modeling in infiltration-based SMPs, 

which are subject to a seasonal salt application, can be improved when seasonal changes 

in environmental variables are taken into account. 

5.2 Introduction  

Stormwater runoff can be problematic due to the increased risk of flooding and the 

potential for contaminant washoff (Obropta and Kardos, 2007). Stormwater management 

is more challenging in urbanized areas because the developed lands (i.e., impervious 

surfaces) can increase the likelihood of runoff and intensify its power to entrain built-up 

contaminants (Tang et al., 2021). Stormwater management practices (SMPs) are among 

low impact development approaches that have been widely employed to manage 

stormwater runoff to address quantity and quality concerns (Kratky et al., 2017). The SMPs 

gradually drain the stormwater runoff to either downstream infrastructure and water bodies 

(e.g., sewer system or surface streams) or groundwater, therefore, they can readily be a 

point source of contamination for water resources (Ivanovsky et al., 2018). A sustainable 

SMP design needs to holistically take into account the water quality enhancement before 

discharging the stormwater into water resources.  

A variety of contaminants have been detected in stormwater runoff, including 

nutrients, metals, and sediments (Davis et al., 2001). Among these contaminants, sediments 

and metals can easily accumulate on impervious surfaces during dry periods (Wei et al., 

2019). Metals are abundant and non-degradable constituents of urban runoff that have been 

regulated by many entities due to their potential toxicity (Anderson et al., 2016).  
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Engineered soils selected for use in SMPs (e.g., loamy sand and sandy loam) often 

demonstrate good removal efficiencies for most of the environmentally important metals 

such as Cr, Cu, Ni, Cd, and Pb (Wang et al., 2016; Sangiumsak and Punrattanasin, 2014). 

Metal retardation in the fill media can be impacted by various factors like cation exchange 

capacity (CEC), pH, and salinity (Augustine, 2017; Degryse et al., 2009). Acosta et al. 

(2011) demonstrated that higher salinity of runoff, from NaCl, MgCl2, CaCl2, and Na2SO4, 

resulted in greater mobility of Cu, Zn, Cd, and Pb through the soil media. In addition to the 

chemistry of runoff and fill media, characteristics of fill media such as clay percentage may 

affect the adsorption behavior owing to high organic content and small size of clay particles 

which promote metal adsorption (Fonseca et al., 2011).  

Stormwater management from both quantity and quality perspectives is typically 

addressed through static design approaches, which assume characteristics are consistent 

over time. On the contrary, a dynamic approach takes into account the temporal changes 

in characteristics. One parameter that governs metal removal during infiltration is the soil-

water distribution coefficient, defined as the ratio of the solid-associated metal 

concentration to its aqueous phase concentration at equilibrium (Tomczak et al., 2019). 

Static metal transport models employ a fixed distribution coefficient, while the real-world 

data suggest a fixed distribution coefficient may overestimate or underestimate the capacity 

of fill media to retard metal transport. For instance, the metal removal efficiency of a SMP 

showed notable reductions for Cu, Zn, and Cd due to NaCl application in the wintertime 

(Kratky et al., 2017). The high Na concentration competes with cationic metals for sorption 

sites in the fill media, reducing the distribution coefficients. Additionally, released Cl could 
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form complexation with previously adsorbed metals and release them, further reducing the 

distribution coefficient (Behbahani et al., 2021).  A distribution coefficient that is 

responsive to environmental factors (i.e., dynamic), is a more realistic approach to 

understand and model metal fate and transport. It is particularly applicable in northern 

climates, where NaCl application in the wintertime and its extended presence in the fill 

media through spring, is unavoidable for safety reasons. However, the salt application is 

not limited to safety measures in northern climates and a high salinity condition can occur 

for an extended period in areas where salt is used as a dust suppressant (Parvej et al., 2021).  

Several studies have investigated the impacts of salt on metal mobility throughout 

porous media (e.g., Paus et al., 2014), however, few of them have studied the dynamics of 

cycles between high and baseline salinity periods (McManus and Davis, 2020). For 

instance, Paus et al. (2014) studied the impacts of high salt and low temperatures on the 

mobility of Cu, Zn, and Cd using experimental columns and found that applying 1000 mg/L 

NaCl solution increased the mobility of all studied metals through the porous media, while 

the low temperature decreased the mobility of Zn and Cd, and increased the mobility of 

Cu.  McManus and Davis (2020) conducted column experiments to assess contaminant 

mobility in response to episodic high NaCl concentrations (2000, 5000, and 10,000 mg/L) 

as opposed to the baseline salinity of 20 mg/L. Each episode of high salinity was repeated 

after every six baseline salinity storms, and the elevated salinity resulted in higher 

porewater concentrations for all studied metals, nitrogen, and phosphorus. However, the 

highest metal concentrations in porewater were observed in the first and second baseline 

events after the high salinity event. They attributed these observations to salt presence not 
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only during the high salinity event but for an extended period of time afterward.  Field 

studies have also found that elevated salt concentrations in SMP fill media persist beyond 

the freezing seasons (Flanagan et al., 2019; McKenzie et al., 2019). The current study 

attempted to experimentally monitor the impacts of cycles of baseline and high salinities, 

as opposed to constant or pulse-induced salinities, to mimic real-world situations more 

accurately.   

The connection between elevated salinity and decreased sorption to the fill media 

presents a potential challenge for metal retardation in SMPs, however, it may also offer an 

opportunity for in-situ remediation techniques. Accumulation of metals in the top layers of 

the fill media has been observed in many SMPs (Walaszek et al., 2018; Anderson et al., 

2016; Nieber et al., 2014). Although metal accumulation is a necessary step for achieving 

water quality enhancement, it may also necessitate timely maintenance activities, 

especially if surficial media concentrations exceed regulatory values. Because a high 

concentration of adsorbed metals on the surface of deposited sediments may pose the risk 

of surficial resuspension and redistribution of previously captured metals. Fill media 

maintenance can include soil replacement, but this is relatively expensive and tedious, 

while in-situ remediation can be less expensive and faster.  Generally, in-situ and ex-situ 

soil remediations (for metals) need to utilize chelators for releasing the metals from the soil 

particles (Bolan et al., 2014). While a concentrated NaCl solution may effectively mobilize 

metals, the resultant Cl contamination renders NaCl an inappropriate remediation 

approach. Dolev et al. (2020) studied the efficacy of environmentally friendly chelators 

like proteinogenic amino acids, including cysteine, for metal release in ex-situ experiments. 
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Cysteine released ~ 65 %, ~ 15 %, ~ 30 %, and ~ 40 % of the Cd, Cu, Ni, and Zn from the 

soil, respectively, which were notably higher than washing the soil with water (with 

recoveries less than 5 % for all studied metals). Decreasing the metal concentration in the 

top layers may reduce the risk of surficial resuspension and redistribution. Moreover, 

calcium (Ca) is an important element for plant health and was not released after applying 

cysteine (Dolev et al., 2020), while many other chelators like EDTA can mobilize Ca 

(Zhang and Tsang, 2013). The current study included testing the potential of cysteine to 

flush down metals as an in-situ remediation technique. 

Column experiments were conducted to investigate the impacts of baseline, high, 

and cycling salinities on the long-term retardation of a suite of environmentally important 

metals (Cr, Mn, Fe, Cu, Zn, and Pb) for loamy sand media. The effect of fill media 

characteristics was also considered, contrasting loamy sand and sandy loam in cycling 

salinity scenario, to assess their potential difference in metal retardation. After reaching the 

full breakthrough of metals in the top layers, flushing treatments of tap water and 0.25 M 

cysteine were applied to test the efficacy of each treatment to mobilize metals.  

5.3 Materials and methods 

5.3.1 Column construction and characteristics  

Metal transport through the porous media was experimentally evaluated using 8 

bench-scale columns that represented 4 different scenarios in duplicate series of A and B. 

Scenarios included: 1) static baseline salinity (0.01 M NaCl) of synthetic stormwater 

(SSW) applied to loamy sand media, 2) static high salinity (0.1 M NaCl) of SSW applied 

to the loamy sand media, 3) dynamic baseline and high salinity cycles of SSW applied to 
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loamy sand media, and 4) dynamic baseline and high salinity cycles of SSW applied to 

sandy loam media. The cycling salinity condition was created by the application of SSW 

with baseline salinity for 96 hours that was equivalent to half a year (i.e., summer and fall), 

and application of SSW with high salinity for another 96 hours was equivalent to the rest 

of each simulated year (i.e., winter and spring).  Loamy sand media was composed of 85 

% sand, 10 % silt, and 5 % clay; the organic content and cationic exchange capacity were 

2.5 % and 8.36 meq
100g

, respectively. Sandy loam media was composed of 65 % sand, 30 % 

silt, and 5 % clay; the organic content and cationic exchange capacity were 3.7 % and 10.43 

meq
100g

, respectively.  Table 5-1 summarizes the properties of SSW, which was prepared using 

deionized water (DI) with a resistance of 18.2 MΩ-cm and the averages of environmentally 

relevant concentrations that were observed during 4-years of stormwater monitoring in 

Philadelphia, PA, USA (McKenzie et al., 2019). Additionally, the global average of event 

mean concentrations (EMC) of studied metals in the influent to SMPs were extracted from 

the international stormwater BMP database (2021) and are presented as a reference for 

comparison. 

 

 

 

 

 



 

210 
 

Table 5-1. Nominal concentrations, chemicals, and suppliers for synthetic stormwater; the Mean EMC 
column displays values reported from the international stormwater BMP database (2021). 

 
Value Chemical Supplier Mean EMC 

pH 7 HNO3 & KHCO3 Fisher Scientific & 
Aquaponic 

7 

TOC, mg-C/L 10 Humic acid Sigma-Aldrich 19 
Cr, µg/L 30 Cr(NO3)3 · 9H2O Sigma-Aldrich 8 
Mn, µg/L 30 Mn(NO3)2 Sigma-Aldrich 117 
Fe, µg/L 600 Fe(NO3)3 · 9H2O Sigma-Aldrich 1873 
Cu, µg/L 60 Cu(NO3)2 · 3H2O Sigma-Aldrich 40 
Zn, µg/L 150 Zn(NO3)2 · 6H2O Sigma-Aldrich 129 
Pb, µg/L 7 Pb(NO3)2 Sigma-Aldrich 45 
NaCl, g/L 0.58a & 5.8b NaCl Sigma-Aldrich 0.73c 

 
a NaCl concentration in SSW with baseline salinity condition, equivalent to 0.01 mol/L. 
b NaCl concentration in SSW with high salinity condition, equivalent to 0.1 mol/L. 
c Mean EMC of total Na was converted to equivalent mean EMC of NaCl. 

Columns were constructed using PVC pipes with an inner diameter (ID) of 10 cm 

and PVC endcaps. The total length of each column was 25 cm, consisting of 15 cm of the 

fill media (loamy sand or sandy loam) with 5 cm layers of gravel (grain sizes greater than 

25 mm) on top and at the bottom (Fig. 5-1). Fill media and gravel layers were separated by 

a geotextile fabric (Undergaurd.) to prevent the mobilization of fine particles during the 

experiment. The fill media was damp packed in 2.5 cm layers, where porous media 

consistency was promoted by scarifying the surface of the lower layer before adding the 

upper one and placing an equal mass of fill media to each layer, which created consistent 

fill media porosity of ~ 0.45 in all columns. Micro lysimeters (SoilMoisture Equipment 

Corp.) with an outer diameter of 0.95 cm were installed into the packed fill media, per 

manufacturer instructions, to collect porewater samples at 5 and 10 cm below the surface, 

then the geotextile fabric and top gravel layer were installed, followed by the cap. Holes 

were drilled in the caps to pass the tubing (Cole Parmer, 3.2 mm ID silicone) and lysimeters 
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through. Adhesive sealant was used to create a watertight seal with the endcaps and to 

prevent leakage from the holes.   

  
Figure 5-1. Schematic of the column and water flow; shallow and deep lysimeters are defined based on the 

upward flow direction. 

5.3.2 Tracer test 

Tracer tests were conducted for each column prior to and after the experiments to 

check the consistency of the water flow and fill media packing among the columns. 

Bromide (Br) was chosen as the tracer (250 mg/L Br solution, from KBr (Sigma-Aldrich) 

in DI water). Samples were collected from the effluent and analyzed by a Br ion selective 

electrode (Thermo Scientific). Median residence time and dispersion coefficient were 

estimated based on the tracer study by STANMOD (details in section 5.3.5). Additionally, 

the retardation factor (R) of Br was estimated. An ideal tracer would have a retardation 

factor of 1 since theoretically, its distribution coefficient (Kd;  L
kg

)  equals zero because it 
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does not sorb to solids (Eq. 5-1). A threshold of ±10 % deviation in the estimated 

parameters was defined as the index of consistency among columns. 

R = 1 + ρKd
n

                                                                                                                     (5-1) 

In which, ρ (kg
L

) is fill media dry bulk density and n is fill media porosity. 

5.3.3 Influent application and sample collection  

The long-term performance of the fill media was evaluated by applying a steady 

upward flow of 5 mL/min using a peristaltic pump at room temperature of 20 oC. The 

upward flow was chosen to facilitate consistent saturated conditions and to limit the 

potential hydraulic issues such as preferential flow paths and short-circuiting near the 

column inner walls (Paus et al., 2014). The fill media pore volume and applied influent 

volume along with the loading ratio (ratio of contributing to infiltration area) of a given 

SMP, and hydrologic data could convert the experimental time to service time of the SMP. 

An example calculation can be found in Appendix 5.6.1, and for the assumed case of a 

SMP with a loading ratio of 6 and precipitation patterns representative of the Philadelphia 

region (120 cm/year), ~107 pore volumes corresponded to 1 year of service. The 

experiments were continued until reaching the full breakthrough for all the studied metals, 

at least in the shallow lysimeters.   

Porewater samples were collected from shallow lysimeters (5 cm below the 

surface), deep lysimeters (10 cm below the surface), and outlet (15 cm below the surface) 

every 96 hours, which was equivalent to the introduction of ~ 54 pore volumes of SSW. 

After each round of sampling, the salinity of cycling cases was altered, while salinities 
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remained unchanged for baseline and high salinity scenarios throughout the entire 

experiment.  The distance from the surface was defined using the geotextile fabric on the 

upgradient influent side as the datum (i.e., the surface of the fill media at the bottom of the 

column; Fig.5-1). All the scenarios were tested in duplicate columns, and other randomly 

selected replicate samples were collected during each round of sampling. Vacuum syringes 

were used to extract samples from the lysimeters which were then transferred to 10 mL 

vials, while sampling from the outlet was collected directly into 10 mL vials. All the 

sampling apparatus, including syringes and vials, were acid washed in a 5 % HNO3 bath. 

After collection, samples were acidified with 0.5 % HCl + 2 % HNO3 (v/v) and then stored 

at 4 oC until further analysis for metals.  

5.3.4 Fill media flushing 

Series A of columns was flushed with tap water, while series B was flushed with 

0.25 M cysteine (assay > 99% by Prescribed For Life) for ~ 27 pore volumes (i.e, 48 hours) 

after completion of the salinity experiments. The porewater and outlet samples were 

collected before and after the flush-down procedure. The difference in the pre-and post-

flush concentrations was used to evaluate the efficacy of each remediation solution (i.e., 

tap water and 0.25 M cysteine) to mobilize metals and Na.  

After the flushing experiment, the columns were dissected, with fill media samples 

collected at 2.5 cm increments (i.e., 6 depths for each column). Fill media across the 

specified depth range was excavated using an acid-washed plastic scoop and was dispersed 

on a plastic sheet to air dry. After air-drying, the fill media was manually mixed and 

subsamples from the mixture were collected and stored at -20 oC until further processing. 
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Samples were labeled based on the lower end of the layer (e.g., the subsample collection 

from the 2.5 to 5 cm segment was labeled as 5 cm below the surface). Next, the subsamples 

were oven-dried and the exchangeable metal concentrations were extracted using 1 M 

MgCl2 in duplicate based on the method developed by Tessier et al. (1979). Exchangeable 

Na and metal concentrations (q (mg/kg); Eq. 5-2) were analyzed for metals and Na, and 

data were used to evaluate remediation efficacy. 

q = V Cw
M

                                                                                                                           (5-2) 

in which, V (L) is the volume of extraction solution, Cw (µg/L) is the measured 

concentration in the supernatant solution, and M (g) is the mass of fill media used in the 

extraction experiment.  

5.3.5 Data analysis 

Elemental analysis was performed by an inductively coupled plasma mass 

spectrometry (ICP-MS; Agilent 7900). Although samples were analyzed for a suite of 54 

elements, the targeted elements were Na, Cr, Mn, Fe, Cu, Zn, and Pb. Analytical 

interferences were minimized with helium and hydrogen gasses in the collision/reaction 

cells. Calibration curves were prepared from stock solutions (Inorganic Ventures), and 

values below the detection levels, which occurred mostly in the beginning and in less than 

5 % of the samples, were assumed half detection level. Detection levels were slightly 

different based on the instrument tunning of each run, however, the average detection levels 

for Na, Cr, Mn, Fe, Cu, Zn, and Pb were 38.5, 0.5, 0.2, 0.7, 0.1, 0.2, and 0.03 µg/L, 

respectively.  A threshold of ± 30 % deviation from target concentration for calibration 
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points was considered. Sample analysis included three repeated measurements and the 

relative standard deviation (RSD) of concentrations derived from these measurements was 

checked to be less than 30 %. A reference material (NIST 1640A) was run every 20 samples 

to check the accuracy and consistency. Moreover, the internal standard stability was 

monitored continuously (± 30 % acceptability threshold) with a maximum relative 

standard deviation of 5 % for a sample’s repeated measurements. 

Porewater and effluent concentrations were inversely fitted with the analytical 

solution of the 1-D solute transport advection-dispersion-retardation equation (ADRE; Eq. 

5-3) by employing STANMOD (van Genuchten et al., 2012). Eq. 5-3 assumes the system 

is advection dominated which was confirmed by Peclet numbers (Eq. 5-4) found to orders 

of magnitude greater than 10 for metals (Appelo and Postma, 2005). The CXFIT model, 

which assumed zero production and degradation at an equilibrium state, was adopted to 

conduct the inverse fits. The data from each sampling depth were fitted separately and 

retardation factors (R values) for each metal and scenario were estimated. Retardation 

factors were estimated at all sampling locations where full breakthrough was observed.   

C
C0

= 0.5erfc(
L√R−ut

√R
2√Dt

)                                                                                                      (5-3) 

Pe = uL∗

Df
                                                                                                                           (5-4) 

In which, C (µg/L) is the measured concentration at a specified sampling location, C0 

(µg/L) is the influent concentration, erfc is the complementary error function, L (cm) is the 

sampling depth, u (cm/min) is infiltration rate (i.e., average linear velocity), t is time (min), 
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D (cm2/min) is dispersion coefficient, Pe is Peclet number, L* (cm) is column characteristic 

dimension, and Df (cm2/min) is diffusion coefficient.  

The dispersion coefficients were fitted based on the tracer test and then applied to 

the metal transport fitting. The coefficient of determination (r2) of the comparison between 

observed metal concentrations and theoretical metal concentration from analytical solution 

along with confidence bounds of R values were derived from STANMOD. A threshold of 

0.95 for r2 values was selected as an indicator of good fit.  

The measured porewater metal concentrations in the cycling cases of loamy sand 

and sandy loam were compared using linear regression. The regression parameters of  r2, 

slope, and intercept along with estimated confidence bounds were employed to assess the 

potential differences between the performance of each fill media type. The regression was 

performed on the data series from 5 cm below the surface during the entire course of the 

experiment. Confidence bound of slopes were assessed and the difference was reported as 

significant when the confidence bound excluded 1.  

Two-tail paired t-tests were conducted on the aqueous and solid-phase metal 

concentrations for statistical comparisons. The test was conducted on the solid-phase metal 

concentration (q) profile over depth to compare the tap water and cysteine treatments, and 

the paired parameter was q at each sampling depth. Moreover, the test was conducted to 

compare the time series of metal concentration (C) in porewater and at shallow depths 

derived from a transport model (Behbahani et al., 2020) with those experimentally 

measured; the paired parameter was C at shallow depth at each sampling time. The 
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threshold for a significant difference was selected as a p-value smaller than 0.05 (i.e., 95 

% confidence level).  

The total incoming metal mass (Mtot (mg)), introduced to the system throughout 

the experiment, was calculated using Eq. 5-5, while the retained metal mass in the fill media 

after tap water and cysteine treatments (Mretained(mg)) was estimated using Eq. 5-6. 

Percentage of exported mass from the fill media was calculated using Mtot and Mretained 

using Eq. 5-7. 

Mtot = 0.001C0Vtot                                                                                                        (5-5) 

Mretained = ∑ Miqi 6
𝑖𝑖=1                                                                                                    (5-6) 

exported mass (%) = Mtot−Mretained
Mtot

× 100                                                                  (5-7) 

In which, Vtot (L) is the total introduced SSW volume, i is the fill media layer number, Mi 

(kg) is the mass of the fill media in layer i, and qi (mg/kg) is the exchangeable metal 

concentrations in layer i.  

5.4 Results and discussion 

5.4.1 Tracer study 

Initial and final tracer study revealed that the columns' hydraulics and fill media 

packing remained consistent throughout the experiments and across all the columns. Series 

A was constructed and packed a day before the series B columns. Interestingly, the tracer 

study showed that the series B was able to sustain the hydraulics and packing to a greater 

extent because the final tracer breakthrough curves were more closely aligned with the 
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initial ones when comparing with the series A columns (Appendix 5.6.2). This could be an 

indication of improved packing technique. Nonetheless, the average R values, median 

residence time, and dispersion coefficient of all columns in the beginning and at the end of 

the experiment were 1.03 ± 0.01, 220.44 ± 7.44 min, and 0.012 ± 0.004 cm2/min, 

respectively. The comprehensive report of tracer studies for each column is presented in 

Appendix 5.6.2. 

5.4.2  Metal retardation in static baseline and high salinity scenarios 

The high salinity scenario significantly decreased the retardation of all studied 

metals through the fill media compared to the baseline scenario. In the baseline salinity, Fe 

and Cu showed the highest retardations, reaching full breakthrough at shallow depths after 

1520 pore volumes (Fig. 5-2a). Lead (Pb) was also notably retarded and reached full 

breakthrough after 1450 pore volumes in the case of baseline salinity. Full breakthrough of 

Cr was achieved after ~ 1000 pore volumes, indicating moderate retardation compared to 

Cu, Fe, and Pb. Such differences among retardation of studied metals were also observed 

in the high salinity scenarios, but the times to reach full breakthrough were substantially 

reduced to after ~ 600 pore volumes, indicating lower retardation (Fig. 5-2b). Generally, 

Mn and Zn were abundant in the fill media and they substantially leached from the fill 

media, resulting in porewater and effluent concentrations exceeding the influent 

concentrations (i.e., C/C0 > 1) in all the tested scenarios (Fig. 5-2).  
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Figure 5-2. Normalized porewater concentrations of studied metals at shallow depth (5 cm below the 

surface) for a- baseline salinity and b- high salinity; the averages of porewater concentrations from columns 
and their replicates were used. 

The porewater concentrations at deep lysimeters and outlets also confirmed the 

higher mobility of metals in high salinity conditions. For instance, Cr did not reach full 

breakthrough at either the deep lysimeters or the outlet in the baseline salinity, while full 

breakthrough of Cr in these sampling depths occurred after almost five years of service in 

the case of high salinity SSW (Fig. 5-3a). Similar trends were observed for Fe, Cu, and Pb, 

however, Fe reached only about 60 % of its full breakthrough in the outlet of high salinity 

condition (Fig. 5-3b, 5-3c, 5-3d).  
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Figure 5-3. Normalized porewater concentrations of metals at deep (10 cm below the surface) and outlet 

(15 cm below the surface) depths of baseline salinity and high salinity scenarios for a- Cr, b- Fe, c- Cu, and 
d- Pb; the averages of porewater concentrations from columns and their replicates were used. 

The ranking of R values associated with baseline salinity at shallow depth was 

(from greatest to least retardation) Cu > Fe > Pb > Cr, while this ranking changed to Fe > 

Cu > Pb > Cr in the high salinity scenario (Table 5-2). Such a shift between Fe and Cu in 

the ranking revealed the differences in the salinity effect on R values for these two metals. 

The R values of Cr, Fe, and Pb dropped by a factor of ~ 3 in the high salinity scenario, 

while the R value of Cu dropped by a factor of 4.3 (Table 5-2). Behbahani et al. (2021) 

conducted batch experiments to evaluate the impacts of salinity from different 

concentrations of various salts on metal Kd values. It was found that increasing the 

concentration of NaCl from 0.01 M to 0.1 M resulted in reducing the Kd values of Fe and 

Pb to a greater extent compared to Cr and Cu. One potential hypothesis that resulted in a 
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higher impact of salinity on Cu in the current column study can be the presence of organic 

content that was introduced as humic acid in the influent. The SSW was not filtered or 

centrifuged before introducing it to the columns and therefore, the solid-phase organic 

matter could accumulate on the top layer of the fill media. Organic matter impacts the 

mobility of Cu to a great extent (Nelson et al., 2009; Blecken et al., 2009; Amrhein et al., 

1992) and could immobilize Cu in the baseline salinity condition, resulting in higher 

retardation compared to other metals. However, solid-phase organic matter was also 

subject to dissolution and higher mobility when exposed to a high salinity condition 

(Tedoldi et al., 2017; Wong et al., 2010). The higher influence of salinity on Cu vertical 

retardation may be derived from organic matter-induced transport.   

Assessment of R values at different depths was feasible in the high salinity scenario 

because a full breakthrough at deeper layers was achieved. Such assessment revealed that 

the retardation of metals at various depths was generally consistent, except for Cr which 

exhibited a significant decline in the R value from shallow lysimeter to the outlet (Table 5-

2). Generally, the goodness of fits and confidence bounds of R values were within the 

acceptable range (Table 5-2), except for the cases of Mn and Zn at which substantial 

leaching from the media likely contributed to poorer goodness of fits. In both baseline and 

high salinity scenarios, Zn concentration increased from shallow to outlet depths 

(Appendix 5.6.3). Although Mn leaching was also observed throughout the media in both 

scenarios, the Mn concentrations decreased from shallow to outlet depths (Appendix 5.6.3).  

The R values of Cr, Fe, Cu, and Pb were reliable owing to meeting the predefined statistical 

criteria (section 5.3.5).  
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Table 5-2. Retardation factors (R values) of Cr, Fe, Cu, and Pb in shallow depth of baseline and various 
depths of high salinity along with their statistics, derived from CXFIT inverse fit. Values after”±” represent 

the 95 % confidence bound; NA stands for not applicable when a full breakthrough was not achieved. 

 
shallow- baseline salinity shallow- high salinity deep- high salinity outlet- high salinity  

R value r2 R value r2 R value r2 R value r2 
 

Cr 1233 ± 26 0.99 396 ± 26 0.95 315 ± 12 0.97 293 ± 6 0.99 
Fe 1957 ± 32 0.98 654 ± 46 0.95 688 ± 15 0.98 NA NA 
Cu 1995 ± 31 0.99 463 ± 12 0.99 469 ± 11 0.99 447 ± 8 0.99 
Pb 1437 ± 59 0.95 444 ± 19 0.98 406 ± 12 0.98 443 ± 7 0.99 

 

Potential changes in adsorption capacity of the fill media over depth may depend 

on a variety of factors, including depth-dependent trends in porewater concentrations of 

salt and metal, organic content, pH, oxidation-reduction potential, dissolved oxygen, and 

fill media particle size distribution (Kang et al., 2019; Wong et al., 2013; Acosta et al., 

2011; Degryse et al., 2009; Norrström, 2005; Benoit and Rozan, 1999; Tessier and 

Campbell, 1987). As water infiltrates, dissolved oxygen levels can decrease, resulting in 

more reducing conditions. Under reducing conditions, manganese hydroxide, which is an 

important soil functional group for metal adsorption (Kelly et al., 2020; Du Laing et al., 

2009), may cause Mn (III) to be reduced to Mn (II), decreasing the capacity of the media 

for metal sorption. The release of Mn from the fill media even in the baseline salinity can 

be an indicator that such phenomenon occurred during the experiment because Mn (II) is 

more mobile than Mn (III) (Oldham et al., 2019; Luo et al., 2018). However, such change 

in Mn speciation impacted Cr retardation to a greater extent compared to other cationic 

metals.   because, as an oxyanion in a neutral environmental system (Benjamin, 2015), Cr 

interactions are different compared to other cationic metals. The adsorption of Cr is 

governed more by chemical bonds with soil functional groups than by surficial electrostatic 
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attraction onto the soil particles. Islam et al. (2020) reported functional groups bind with 

the inner and outer sphere chromate complexes, resulting in Cr adsorption. It might explain 

the significant decrease in Cr retardation over depth, while no significant trend for other 

metals was observed. However, testing the hypothesis of lower adsorption capacity in 

deeper layers requires longer columns that allow notable changes of dissolved oxygen 

(hypothetically lower in deeper layers), organic content (hypothetically lower in deeper 

layers), and the size distribution (hypothetically finer on top layers) over depth. 

High salinity increased the mobility of metals because equilibrium sorption 

capacity was decreased in the presence of elevated salt concentrations due to cation 

exchange and formation of chloro-metal complexes (Behbahani et al., 2021; Wong et al., 

2013; Bradl, 2004). Behbahani et al. (2021) reported that under a scenario of 0.1 M NaCl 

concentration, the major reason for the lower distribution coefficient (Kd) of metals (i.e., 

less retardation) was cation exchange. The dominant mechanism of metal adsorption to soil 

is the electrostatic attraction of cationic metals to the negatively charged surface of particles 

(e.g., loam and clay particles). The elevated concentration of Na competes with cationic 

metals at concentrations that are orders of magnitude lower, which reduces the metal 

adsorption onto soil particles (i.e., causing a reduction in Kd). Other studies have also 

reported increased metal mobility in response to salt application. Paus et al. (2014) 

investigated different fill media by treating columns with 1000 mg/L NaCl and found the 

outflow concentrations (15 cm below the surface) of Cd and Zn substantially increased 

after NaCl application, while Cu was less impacted by NaCl in media. As explained 

previously, Cu was more impacted by salinity in the current study, which can be due to the 
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presence of organic matter in the SSW used in the current study as opposed to the absence 

of organic matter in the composition of influent to column experiments by Paus et al. 

(2014).  Søberg et al. (2017) tested the performances of different pilot-scale bioretention 

cells under baseline and high salinity conditions and found that metal mobility generally 

increased, resulting in lower removal efficiencies. They also observed cases of substantial 

leaching of Cu and Pb in the presence of high salt. Wen et al. (2019) studied the impacts 

of saline coastal water flow on groundwater quality and showed the higher salinity resulted 

in higher metal pollution and associated health risks, potentially due to elevated dissolved 

forms of metals. 

5.4.3 Metal retardation in dynamic cycling scenarios   

The cycling of salinity in SSW was associated with notable variations in the 

porewater concentrations in both loamy sand and sandy loam media, indicating fluctuations 

in the fill media capability of metal retardation regardless of the fill media type. As 

hypothesized and in line with the findings from section 5.4.2, both media showed 

substantially lower metal retardation during the high salinity periods for all the studied 

metals. Fig. 5-4 displays the normalized porewater concentrations at shallow depth at the 

end of each cycle. Despite these fluctuations, the average porewater concentrations 

(average of baseline and high salinity scenarios) gradually increased, suggesting that 

metals accumulated in the media over time. For samples associated with the high salinity 

periods, metal concentrations at shallow depths frequently exceeded the influent 

concentrations in the cycling scenarios, suggesting desorption from the media (Fig. 5-4). 

Zinc and Mn porewater concentrations were more greatly affected by the dynamic cycling 
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scenarios compared to static baseline and high salinities (Appendix 5.6.3). Chromium, Fe, 

Cu, and Pb, which did not desorb from the media even during the static high salinity 

scenario, showed evidence of desorption from the media at the end of high salinity periods 

in the dynamic cycling scenario. Such phenomena occurred relatively fast and after ~ 650 

pore volumes (Fig. 5-4). For instance, Pb porewater concentrations at the shallow depth of 

dynamic cycling scenario of loamy sand media exceeded the influent concentration (i.e., 

C/C0 > 1) after ~ 650 pore volumes (Fig. 5-4a), while Pb did not reach full breakthrough 

(i.e., C/C0 < 1) in the static baseline salinity (Fig. 5-2a) and did not exceed the influent 

concentration in the static high salinity (Fig. 5-2b) after applying ~ 650 pore volumes. 

 
Figure 5-4. Normalized porewater concentrations of studied metals at shallow depth (5 cm below the 

surface) of cycling scenario for a- loamy sand media and b- sandy loam media; shaded area represents the 
periods of high salinity application; the averages of porewater concentrations from columns and their 

duplicates were used. 

Higher metal adsorption during baseline periods resulted in elevated accumulation 

in the fill media and once the high salinity periods began, these accumulated metals could 

be released and cause desorption. High salinity periods not only undermined the ability of 

the fill media to adsorptively remove metals but also desorbed metals that had become 

solid-associate during the low salinity periods. This effect was not observed in the static 
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high salinity scenario because the capacity of the fill media was constantly low, and a 

constant distribution coefficient governed the mass distribution between aqueous and solid 

phases. Therefore, the metals such as Cr, Pb, Fe, and Cu, which did not have a substantial 

source in the fill media, only reached full breakthrough (i.e., equally incoming and 

outgoing loads) in the static high salinity scenario. The changes in distribution coefficient, 

as a result of variations of salinity in dynamic cycling cases, resulted in the accumulation 

of metals in the fill media during baseline periods. Such accumulation acted as a source of 

metal during high salinity periods. The distribution of mass in the high salinity periods 

changed in favor of the aqueous phase, resulting in added metal mass to the incoming mass 

(i.e., desorption). This has important practical implications because roadway runoff may 

have highly variable salinities which are greatly influenced by salt employed as a deicer in 

northern climates or as a seasonal dust suppressant for unpaved roads. In either case, the 

stormwater runoff would flush the salt from the contributing surface to the SMP fill media, 

where the salt can remain for an extended period of time, creating a cycle of high salinity 

condition. Subsequent storms would eventually flush the salt from the SMP fill media, 

creating a baseline salinity cycle. This process cannot be modeled in a static approach that 

employs a constant retardation factor (either a constant high R value associated with 

baseline salinity or a constant low R value for high salinity) for the fill media. It highlights 

the importance of dynamic contaminant fate and transport modeling, which accounts for 

temporal variations due to environmental factors. 

Applying dynamic R values (derived from baseline and high salinity scenarios) to 

a previously developed contaminant transport model (Behbahani et al., 2020) revealed a 
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similar pattern of high fluctuation and substantial desorption when dynamic salinity was 

modeled. Fig. 5-5 exemplifies normalized Pb porewater concentration at 5 cm below the 

surface for two scenarios: a- dynamic cycling salinity scenario via applying rotating high 

and low R values (presented in dotted red line), and b- static constant salinity scenario via 

applying a constant R value that was the average of low and high R values of the high and 

baseline salinity scenarios (presented in black dashed line). The fill media performance in 

the static scenario was either overestimated in the high salinity condition or underestimated 

in the baseline salinity condition. Hence, even using an average R value could not predict 

the metal transport accurately. Although using a constant average R value may provide 

insight into gradual accumulation in the media, employing dynamic R values could more 

accurately model the real environmental systems. A paired two-tailed t-test was conducted 

to compare the measured porewater concentrations from the experiments with those 

derived from the model. Generally, there was not a significant difference between the 

averages of these two sets, for instance, statistical comparison for Pb in the shallow depth 

between model and cycling salinity of loamy sand fill media yielded a p-value of 0.045 

(Appendix 5.6.4). Additionally, Appendix 5.6.4 presents the Pb porewater concentrations 

at 5 cm below the surface that were measured in dynamic cycling, static baseline, and static 

high salinity scenarios of loamy sand media. The experimental normalized porewater 

concentration of metals at different depths and for both media can be found in Appendix 

5.6.4. The dynamics of the cycling salinities resulted in similar high fluctuation in 

concentrations at deep lysimeter and outlet sampling locations, similar to what was 

observed in the shallow lysimeters. The difference between Fe concentrations at deep 
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lysimeter and outlet was generally notable compared to other metals (Appendix 5.6.4), 

which might be due to differences in desorption mechanisms in presence of NaCl. 

Behabahni et al. (2021) showed that under 0.1 M NaCl treatment and for Fe desorption, 

the contribution of chloro-metal complexation was negligible compared to cation 

exchange, while complexation played a more important role in desorption of Cr, Cu, and 

Pb. The less difference in concentrations of Cr, Cu, and Pb at deep lysimeter and outlet 

may be due to chloride-induced mobility, which was not the case for Fe mobility.  

 
Figure 5-5. Normalized porewater concentration of Pb at 5 cm below the surface, derived from a previously 
developed model (Behbahani et al., 2020) by using cycling and constant R values; the constant R value was 

the average of low and high R values that were used in the cycling scenario. 

Generally, the r2 values, derived from the statistical regression analysis of 

porewater metal concentrations in loamy sand and sandy loam fill media under cycling 

salinity scenario, were greater than 0.95 for Cr, Fe, Cu, and Pb. Porewater concentrations 

were slightly lower (< 15 %) in the sandy loam media owing to greater adsorption in the 
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sandy loam media but not all the metal concentrations in porewater were significantly 

different. The confidence bound of regression slopes included 1 for Mn, Fe, Cu, and Zn, 

suggesting an insignificant difference in porewater concentrations, while that was not the 

case for Cr and Pb (Appendix 5.6.5). A comprehensive report of such analysis is presented 

in Appendix 5.6.5. The minimal practical reduction (i.e., < 15 %) in porewater 

concentrations by sandy loam media implied the impacts of salinity cycles. The substantial 

fluctuations and episodic desorption observed for sandy loam and loamy sand suggest that 

there is not a practical difference in expected performance for metals removal in locations 

that experience seasonal salt applications. Though the sandy loam media had 20 % more 

silt and higher organic content and cationic exchange capacity, improved metal retardation 

was generally not observed. Therefore, practitioners may prefer loamy sand media (i.e., 

limit the amount of silt and clay to 15 %) to meet their infiltration rate and metal retardation 

interests. While increased fine particles in sandy loam did not notably improve metal 

retardation, elevated NaCl concentrations can cause the stability of the fine particles 

(Behbahani et al., 2021) and clay dispersion (Oster et al., 2016), resulting in fill media 

clogging and decreased infiltration rates.  

Haq et al. (2018) studied the impacts of episodic NaCl pulses on the water quality 

of 12 large watersheds in the USA east coast and found significant trends of higher 

dissolved concentrations of cations, nutrients, phosphorus, and organic matter from hours 

to days after snowstorms. Mullins et al. (2020) investigated seasonal patterns in the outflow 

of two infiltration-based green infrastructure (GI) sites in Pittsburg, PA, and recognized 

impacts of NaCl deicer as one of the main chemical drivers of the seasonal alterations in 
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the GI performance, including substantially higher dissolved concentrations of metals such 

as Pb, Cu, Cd, and Zn as a response to NaCl application. McManus and Davis (2020) 

studied the impacts of periodic NaCl application (one high salinity event every 6 baseline 

salinity events) in experimental columns. They showed elevated concentrations of a range 

of contaminants, including metals, that occurred in the outflow during the first two events 

after the high salinity event (each event was equal to ~ 3 pore volumes, assuming a porosity 

of 0.45).  This highlights that not only the presence of salt in the influent can change the 

fate and transport of contaminants but also the retention of salt in the fill media is impactful.  

5.4.4 Fill media flushing 

Flushing with cysteine mobilized most metals compared to flushing with tap water. 

The analysis of fill media extracts for metals clearly showed lower concentrations in top 

layers (i.e., 2.5 cm below the surface; Fig. 5-6 and Fig. 5-7) for all the studied metals except 

Zn, after applying cysteine treatment when comparing to tap water treatment. The flush-

down by cysteine impacted the fill media exposed to baseline salinity to the greatest extent, 

while the lowest response was observed for the high salinity scenario. Since the 

remediation is applicable and more relevant in case of high accumulation, the discussion 

in this section describes the fill media remediation experiments for the baseline salinity 

scenario, and the data for remediation experiments of other scenarios can be found in 

Appendix 5.6.6. The fill media concentration profiles before flushing treatments were 

unavailable because the columns could not be dissected prior to flushing experiments. 

However, it is likely that the fill media concentration profile of tap water treatment in the 

baseline salinity scenario is reflective of the pre-treatment condition because the measured 
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porewater concentrations before and after tap water treatments were essentially unchanged 

(Appendix 5.6.7). Hence, the fill media concentration profile in the case of tap water 

treatment of baseline salinity can be an approximation of the pre-treatment profile for 

cysteine treatment. All the porewater measurements before and after treatments for other 

scenarios are also presented in Appendix 5.6.7. 

When the cysteine treatment was applied, two important alterations occurred in the 

metal concentration profiles. Firstly, the decreasing trend of concentration profile over 

depth in the tap water treatment (Fig. 5-6a; x-axis is a log scale) converted into a quasi-

increasing trend in the cysteine treatment (Fig. 5-6b; x-axis is a log scale) due to metal 

mobilization. A quantitative assessment of changes in the concentration profiles is 

presented in Appendix 5.6.8. For instance, the slope of Cr concentration profile in the 

baseline salinity scenario significantly increased from -1.96 in the tap water treatment case 

to 0.24 in cysteine treatment (Appendix 5.6.8). A negative slope showed decreasing trend 

in the concentration profile, while a positive slope indicated an increasing trend in 

concentration over depth. Secondly, the metal concentrations in the fill media top layer 

(i.e., 2.5 cm below surface) of cysteine treatment notably dropped compared to their 

corresponding value from tap water treatment (Fig. 5-6 and Fig. 5-7). After flushing the 

baseline salinity column with 0.25 M cysteine solution for ~ 27 pore volumes, 

concentrations of exchangeable Cr, Fe, Cu, and Pb in the top layers of fill media decreased 

by factors of 3.3, 4, 5, and 2.5, respectively. For instance, Pb concentration notably 

decreased from ~ 5 mg/kg at 2.5 cm below the surface in the tap water treatment (Fig. 5-



 

232 
 

6a) to ~ 2 mg/kg in the cysteine treatment (Fig. 5-6b).  It suggested cysteine is more able 

to mobilize Pb from the top layer compared to tap water.  

The concentration of Na in the top layer of baseline and high salinity scenarios 

decreased from ~ 100 mg/kg in the tap water treatment to ~ 72 mg/kg in the cysteine 

treatment, respectively (Fig. 5-6). However, the paired t-test analysis of the concentration 

profiles did not show a significant difference of treatments on the concentration profiles (p 

> 0.05; Appendix 5.6.8). Such insignificant impact from cysteine suggested applying tap 

water can effectively flush down Na from the top layers and there is no need to apply a 

chelator such as cysteine for this purpose. Additionally, statistical analysis (two-tail paired 

t-test on concentration profiles shown in Fig. 5-6) revealed that cysteine was significantly 

(i.e., p-value < 0.05) more efficient in flushing down Cr, Fe, Cu, and Pb in the baseline 

scenario (Appendix 5.6.8). 

 
Figure 5-6. Concentration (q) profile of Na and studied metals over depth of the fill media for a) tap water 
treatment and b) cysteine treatment for the baseline salinity scenario; each point is the average of duplicate 

sampling; the x-axis is in Log scale. 

Fig. 5-7 summarizes the impacts of cysteine in remediation of the top layer as a 

ratio between the two treatments based on the solid-associated concentrations in the top 
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layer of the fill media. Sodium and all the studied metals were moderately mobilized by 

cysteine from top layers, indicated by ratios smaller than 1. It can be concluded that 

employing cysteine can remediate top layers of the fill media and it can be significantly 

more effective during baseline salinity seasons (i.e., summer and fall), most likely due to 

higher metal accumulation as well as lower interference from salt. 

 

Figure 5-7. The ratio of exchangeable concentrations in the fill media (q) after flushing with cysteine to 
corresponding values after flushing with tap water at the top layer of columns (i.e., 2.5 cm below the 

surface). 

The study of the metal mass balance over the 15 cm depth of the installed fill media 

indicated that metal mobilizations due to cysteine treatment did not result in substantial 

export of metals from the outlet in the baseline salinity scenario. Fig. 5-8 displays the total 

incoming mass, and retained mass in the fill media after tap water and cysteine treatments 

for Cr, Fe, Cu, and Pb for the baseline and high salinity scenarios. These metals were 

effectively retained in the baseline salinity and were barely detected in the outlet samples, 
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which suggested the majority of the total introduced loads were sorbed onto the fill media 

during the baseline condition.  This is consistent with low outlet concentrations observed 

throughout the experiments shown in Fig. 5-3. The minimal difference between total 

introduced mass and retained mass after tap water treatment in the baseline scenario also 

confirms that the fill media concentration profile of the baseline salinity scenario after tap 

water treatment is a good approximation of the pre-treatment condition. Interestingly, the 

retained mass of metals after cysteine treatment was not substantially different from those 

treated with tap water (Fig. 5-8), suggesting that the metals were relocated within the 

column fill media but not substantially exported. Cysteine treatment resulted in exporting 

29 %, 3 %, and 13 % of the available mass of Cr, Fe, and Cu, respectively (Appendix 

5.6.6). Mass of Pb after cysteine flushing slightly increased (i.e., 16 %) in the fill media, 

which might be due to uncertainties associated with the mass balance approximations such 

as heterogeneity of the fill media subsampling.  

The chelation provided by 0.25 M cysteine treatment showed moderate evidence of 

remediation in top layers, which is promising because stronger chelators may mobilize the 

previously captured metals in an uncontrolled manner. Employing strong chelators requires 

installing porewater collectors in SMPs to collect contaminated porewater before posing 

risks for underlying groundwater, while a moderate chelator such as cysteine would 

mobilize the metals from the surface to deeper layers of the fill media if employed in 

optimized concentration and volume. Fill media concentration profiles, as well as mass 

balance for other scenarios, can be found in Appendix 5.6.6. Export of mass in high salinity 

and cycling scenarios were higher than baseline due to reduced retardations, and it can be 
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seen through comparison between total incoming mass and that of treated with tap water 

treatments (Fig. 5-8 and Appendix 5.6.6). However, the comparison between tap water and 

cysteine treatments revealed notable differences in exports after cysteine treatment in 

cycling sandy loam versus those of baseline, high, and cycling cases for loamy sand 

(Appendix 5.6.6).  Cycling salinity scenario applied to sandy loam media (Appendix 5.6.6) 

was the only case that showed notable export of mass (i.e., from 25 % to 53 %) after treating 

with cysteine, which might be attributed to added 20 % loam in this type of fill media. This 

finding suggests caution should be taken for cysteine treatment when the fill media is 

comprised of higher than 15 % loam. 

 
Figure 5-8. Mass of Cr, Fe, Cu, and Pb associated with the total introduced SSW, and retained in the entire 
fill media (i.e., 15 cm fill media) after tap water and cysteine treatment for the a- baseline salinity and b- 

high salinity scenarios; y-axis is in the Log scale. 

The amine (NH2-), thiol (SH-), and hydroxide (OH-) functional groups in the 

cysteine structure are the chelating agents that can bind with metals in the fill media, 

resulting in a phase transfer from solid-associated to the aqueous. Stability constants of 

metal-cysteine complexes (i.e., Log 𝛽𝛽; (Berthon, 2007)) are greater than those of metal-tap 

water because the tap water does not contain NH2- and SH-. Metal oxidation state impacts 

its complexation with ligands, including cysteine. Chromium (Cr), Mn, and Fe are mostly 
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present in the soil in an oxidation state of III, while Cu, Zn, and Pb can be found in soil in 

an oxidation state of II (Kelly et al., 2020; Wuana and Okieimen, 2011). Considering these 

oxidation states, the metal-cysteine stability constants in form of Log 𝛽𝛽 can be ranked as 

Cr > Zn  > Pb > Cu > Fe > Mn (Berthon, 2007). The mobilization of metals in the current 

study, represented by changes in porewater concentrations in the shallow depths reported 

in Appendix 5.6.7, did not fully follow the rank of stability constants. It may partially be 

attributed to sampling over the depth of the columns and exposure to NaCl as opposed to 

batch tests that had been conducted to estimate stability constants. The presence of fill 

media and NaCl potentially changes the chemistry compared to batch experiments, which 

did not include those, to estimate the stability constants. Nevertheless, more robust column 

studies coupled with batch experiments and speciation modeling need to be implemented 

in future studies to better understand the mechanisms and implications of cysteine 

application for metal mobilization in stormwater management fill media.    

Dolev et al. (2020) investigated the efficacy of a group of proteinogenic amino 

acids, including cysteine, in ex-situ soil remediation, and showed the moderate potential of 

cysteine to remediate contaminated soil from Cd, Ni, Zn, and to a lesser extent from Cu. 

They also demonstrated that proteinogenic amino acids can be considered environmentally 

friendly chelators because unlike stronger metal extractors (e.g., EDTA and HCl), they did 

not extract Ca and did not change the particle size distribution of soil. Liu et al. (2018) did 

a comprehensive review of different in-situ and ex-situ soil remediation methods and 

reported in-situ soil flushing can be a non-invasive, low-cost soil remediation technique 

but may have a potential risk of groundwater pollution. The results from the current study 
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revealed that employing cysteine, a moderate chelator, as an extraction treatment for in-

situ soil remediation, may mobilize metals only to a limited extent to clean the top layer as 

well as create a more evenly distributed concentration profile over the fill media depth. 

However, more investigation is still needed to optimize the concentration and volume of 

extraction treatments based on the site specification (e.g., fill media depth and if a site is 

heavily contaminated with a certain metal), as well as to test the functionality of other 

amino acids for in-situ soil remediation. Additionally, maintaining plant health by cleaning 

part of the root zone, which depends on the plant type, may be achieved by determining 

the optimal treatment that allows metal mobilization to desired depths.   

5.5 Conclusion  

Column experiments were implemented to evaluate the impacts of baseline, high, 

and cycling NaCl salinity on metal retardation through the SMP fill media. The baseline 

salinity scenario provided the highest retardation for metals, while retardation factors were 

notably reduced in the high salinity scenario due to competition for sorption sites between 

metals and Na that was present at concentrations several orders of magnitude higher. Since 

Na can remain in the fill media for an extended period of time, the high salinity scenario 

followed by baseline salinity was tested in a cycling manner to mimic a real-world 

situation. Cycling periods of high and baseline salinity may result in high fluctuation of 

metal porewater concentration in the fill media; low concentrations (i.e., efficient metal 

retardation) during baseline salinity, and high concentrations (i.e., inefficient metal 

retardation) during high salinity. The metals captured during the baseline salinity were 
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released during high salinity, causing outlet concentration to exceed the influent 

concentration (i.e., due to reduced retardation), resulting in deteriorated water quality.  

The cycling salinity scenario was applied to loamy sand (15 % silt+clay) and sandy 

loam media (35% silt +clay). Statistical analysis showed significantly better retardation of 

Cr and Pb in the sandy loam media and no significant difference in Mn, Fe, Cu, and Zn 

retardation. Regardless of statistical significance, sandy loam media only showed slightly 

(< 15 %) higher metal retardation. However, the higher retardation of metals was 

practically insignificant because although a higher amount of fines increased the metal 

retardations in the baseline salinity conditions, this was offset by higher desorption during 

high salinity conditions. 

Cysteine, a proteinogenic amino acid, was tested as an in-situ soil remediation 

technique. It was found that 0.25 M cysteine solution could moderately mobilize metals 

from the top layers of the fill media and transport them to the deeper layers. Fill media 

remediation was more efficient under the baseline salinity scenario and for metals with low 

background concentrations in the fill media due to the reduced concentration of these 

metals in the top layer of the fill media. Flushing the columns with tap water was not 

effective in mobilizing the metals but it showed to be practically effective in mobilizing 

Na from the top layers. 

Application of NaCl as a safety measure in northern climates as well as a seasonal 

dust suppressant measure results in higher salinity of stormwater runoff, challenging the 

capability of SMPs to improve water quality through sorbing metals. This study showed 
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the importance of improving the contaminant transport models to dynamically simulate the 

environmental factors (e.g., salinity). The results demonstrated adding loam (clay+silt) to 

the composition of engineered fill media does not practically increase metal retardation in 

the long term when salinity cycles between baseline and high concentrations. Fines are 

susceptible to clay dispersion when exposed to high loads of NaCl and it can adversely 

impact the infiltration capability of the fill media, therefore, limiting the amount of loam 

in engineered fill media in northern climates can be an option. Low-cost in-situ fill media 

remediation can be performed by applying cysteine as an environmentally friendly metal 

chelator in late summer/fall (under baseline salinity condition). Also flushing the SMP fill 

media with water in early spring (after freezing season) can moderately clean the top layers 

of the fill media from salt. Flushing down metals and salt from top layers is an easy and 

helpful maintenance activity that can impede surficial resuspension and redistribution of 

contaminants. 
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5.6 Appendix 

3.6.1 Conversion of pore volumes to service year 

Loading ratio (LR) is a stormwater management practice design concept that 

represents the ratio of impervious surface to the infiltration area.  A LR value of 6, which 

is common for above grade SMPs, and an average annual total rainfall depth of ~ 120 cm, 

representative of the Philadelphia, PA, USA area (NOAA, 2018), were utilized to convert 

the pore volumes of synthetic stormwater (SSW) to service years. The total SSW volume 

that is needed to simulate one year in the columns can be calculated as 

SSW volume to simulate a year (L)  =
area �cm2� × LR × precipitation(cm)

1000

=
 π× 102

4 × 6 × 120
1000 = 56.5 L 

The ratio of introduced SSW to the fill media pore volume can reflect a specific 

duration of SMP service time.  A computational example considering a porosity of 0.45 for 

the fill media is presented below.   

media pore volume (L)  =
area (cm2) × fill media depth (cm) × porosity

1000

=
 π× 102

4 × 15 × 0.45
1000 = 0.53 L 

By using the abovementioned estimates, the number of pore volumes to simulate one year 

of SMP service for the Philadelphia area and loading ratio of 8 would be  

Year equivalent: 
SSW volume to simulate a year (L/year)

media pore volume (L/PV) =
56.5
0.53 = 107 PV/year 
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3.6.2 Tracer tests 

There were a total of 8 columns in two series of 4: 

A1 and B1: baseline salinity for loamy sand media; A2 and B2: high salinity for loamy 

sand media; A3 and B3: cycling salinity for loamy sand media; A4 and B4: cycling salinity 

for sandy loam media.  

 
Figure 5-9. Column A1 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

Table 5-3. Column A1 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 280 280 

median residence time (min) 225 215 
retardation factor 1.077 1.031 

dispersion coefficient (cm2/min) 0.013 0.009 
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Figure 5-10. Column A2 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

 

 

Table 5-4. Column A2 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 280 280 

median residence time (min) 225 212 
retardation factor 1.068 1.037 

dispersion coefficient (cm2/min) 0.015 0.012 
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Figure 5-11. Column A3 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

 

Table 5-5. Column A3 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 290 290 

median residence time (min) 235 212 
retardation factor 1.042 1.037 

dispersion coefficient (cm2/min) 0.009 0.01 
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Figure 5-12. Column A4 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

Note about this column: This was a column that was slightly difficult to seal in the 

beginning, but that was before conducting the initial tracer test. The problem with sealing 

was potentially due to reusing the PVC pipe and caps following a primary construction 

test, after which dissection and reconstruction for the main experiment were performed. 

Nevertheless, the parameters still remained in the acceptable range of ± 10 % deviation.  

 

 

 

Table 5-6. Column A4 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 270 280 

median residence time (min) 225 212 
retardation factor 1.056 0.894 

dispersion coefficient (cm2/min) 0.013 0.023 
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Figure 5-13. Column B1 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

Table 5-7. Column B1 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 270 270 

median residence time (min) 215 217 
retardation factor 1.057 1.058 

dispersion coefficient (cm2/min) 0.01 0.011 
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Figure 5-14. Column B2 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

Table 5-8. Column B2 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 270 270 

median residence time (min) 215 217 
retardation factor 1.05 1.08 

dispersion coefficient (cm2/min) 0.009 0.014 
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Figure 5-15. Column B3 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

 

 

Table 5-9. Column B3 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 280 290 

median residence time (min) 225 222 
retardation factor 0.967 1.017 

dispersion coefficient (cm2/min) 0.009 0.017 
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Figure 5-16. Column B4 tracer (Br) breakthrough curves corresponding to a- initial and final tests, and b- 

inverse fit of initial test data by STANMOD; horizontal dashed line represents the Br influent 
concentration. 

 

 

 

Table 5-10. Column B4 parameters derived from the inverse fit of tracer test data by STANMOD. 

  initial final 
flow rate (mL/min) 5 5 

influent Br concentration (mg/L) 250 250 
time for full breakthrough (min) 300 300 

median residence time (min) 235 220 
retardation factor 1.038 1.035 

dispersion coefficient (cm2/min) 0.011 0.013 
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3.6.3 Porewater concentrations of Mn and Zn over depth 

 

 
Figure 5-17. Porewater concentration of Mn at various sampling depths for a- baseline salinity, b- high 

salinity, c- cycling salinity for loamy sand media, and d- cycling salinity for sandy loam media; the 
horizontal dashed line represents the full breakthrough; the shaded boxes represent the high salinity 

periods. 
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Figure 5-18. Porewater concentration of Zn at various sampling depths for a- baseline salinity, b- high 
salinity, c- cycling salinity for loamy sand media, and d- cycling salinity for sandy loam media; the 
horizontal dashed line represents the full breakthrough; the shaded boxes represent the high salinity 

periods. 
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3.6.4 Porewater concentrations of cycling scenarios  

 

Table 5-11. Paired t-test of comparison between Pb porewater concentration at 5 cm below the surface 
derived from the model and measured in the lab for loamy sand. 

  lab model 
Mean 4.165 5.142 
Variance 12.759 8.002 
Observations 29. 29. 
Pearson Correlation 0.716  
Hypothesized Mean 
Difference 0.000  
df 28.000  
t Stat -2.099  
P(T<=t) one-tail 0.023  
t Critical one-tail 1.701  
P(T<=t) two-tail 0.045  
t Critical two-tail 2.048   

 

 

 
Figure 5-19. Measured Pb porewater concentrations at 5 cm below the surface for the experimental data of 
cycling loamy sand media and corresponding values from the 1-D transport model (Behbahani et al., 2020); 

shaded area represents the periods of high salinity application. 
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Figure 5-20. Measured Pb porewater concentrations at 5 cm below the surface for the cases of cycling 

salinity, baseline, and high salinity of loamy sand media; shaded area represents the periods of high salinity 
application. 

 
Figure 5-21. Normalized porewater concentrations of metals at deep (10 cm below the surface) and outlet 
(15 cm below the surface) depths of cycling scenarios for loamy sand and sandy loam for a- Cr, b- Fe, c- 

Cu, and d- Pb; the averages of porewater concentrations from columns and their replicates were used. 
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3.6.5 Statistical comparisons between porewater concentrations of loamy sand and 
sandy loam media under cycling salinity scenario by linear regression 

 

 

Figure 5-22. Linear regression of measured Cr concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

 

Table 5-12. Statistical parameters derived from the regression between Cr concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept 2.67 0.93 2.86 < 0.01 0.75 4.58 
Slope 0.85 0.04 21.39 < 0.01 0.76 0.93 
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Figure 5-23. Linear regression of measured Mn concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

 

Table 5-13. Statistical parameters derived from the regression between Mn concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept 2.44 1.64 1.48 0.15 -0.94 5.81 
slope 0.94 0.05 18.02 < 0.01 0.83 1.05 
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Figure 5-24. Linear regression of measured Fe concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

 

Table 5-14. Statistical parameters derived from the regression between Fe concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept -1.12 12.41 -0.09 0.93 -26.68 24.45 
slope 0.97 0.03 33.47 < 0.01 0.91 1.02 
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Figure 5-25. Linear regression of measured Cu concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

Table 5-15. Statistical parameters derived from the regression between Cu concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept 0.97 1.54 0.63 0.53 -2.21 4.16 
slope 1.00 0.04 28.289 < 0.01 0.93 1.08 
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Figure 5-26. Linear regression of measured Zn concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

 

Table 5-16. Statistical parameters derived from the regression between Zn concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept 20.45 19.11 1.07 0.29 -18.90 59.81 
slope 0.91 0.05 19.83 < 0.01 0.82 1.01 
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Figure 5-27. Linear regression of measured Pb concentrations at the shallow sampling depth (i.e., 5 cm 
below the surface) of loamy sand and sandy loam media under cycling salinity scenario; samples were 

collected throughout the experiment. 

 

 

Table 5-17. Statistical parameters derived from the regression between Pb concentrations at the shallow 
sampling depth (i.e., 5 cm below the surface) of loamy sand and sandy loam media under the cycling 

salinity scenario. 

  Coefficients Standard Error t Stat P-value Lower 95% Upper 95% 
Intercept 0.05 0.19 0.28 0.78 -0.34 0.45 
slope 0.91 0.034 24.99 < 0.01 0.84 0.99 
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3.6.6 Mass balance and changes in fill media concentrations after flush-down 
experiment over depth  

 

 

Table 5-18. Percentage of exported mass from columns after tap water and cysteine treatments. 

  Cr Fe Cu Pb 
tap water cysteine tap water cysteine tap water cysteine tap water cysteine 

basline salinity 6.8 29.1 0.8 3.1 2.4 13 -3.8 -16.6 
high salinity 68.3 2.5 8.7 5.9 46.6 2.3 53.8 5.6 

cycling salinity of loamy sand 27.9 20.8 23.5 8.6 26.7 9.5 30.6 13.8 
cycling salinity of sandy loam 17.8 43.8 10.3 50.1 19.1 52.5 20.1 25.5 

 

 

 

 

 

Figure 5-28. High salinity concentration profile for Na and studied metals over depth of the fill media for a) 
tap water treatment and b) cysteine treatment for the; each point is the average of duplicate sampling; the x-

axis is in Log scale. 
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Figure 5-29. Cycling salinity scenario of loamy sand media concentration profile for Na and studied metals 
over depth of the fill media for a) tap water treatment and b) cysteine treatment; each point is the average of 

duplicate sampling; the x-axis is in Log scale. 

 

 
Figure 5-30. Mass of Cr, Fe, Cu, and Pb associated with the total introduced SSW, and retained in the 
entire fill media (i.e., 15 cm fill media) after tap water and cysteine treatment for the cycling salinity 

scenario of loamy sand media; y-axis is in the Log scale. 
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Figure 5-31. Cycling salinity scenario of sandy loam media concentration profile for Na and studied metals 
over depth of the fill media for a) tap water treatment and b) cysteine treatment; each point is the average of 

duplicate sampling; the x-axis is in Log scale. 

 

 
Figure 5-32. Mass of Cr, Fe, Cu, and Pb associated with the total introduced SSW, and retained in the 
entire fill media (i.e., 15 cm fill media) after tap water and cysteine treatment for the cycling salinity 

scenario of sandy loam media; y-axis is in the Log scale. 
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3.6.7 Changes in porewater concentrations over depth after flush-down experiments  

Tap water was not effective in mobilizing previously captured metals through the 

fill media, while cysteine moderately mobilized most of the studied metals from the top 

layers of the fill media in the baseline salinity columns (i.e., Cafter / Cbefore >1; Fig. 5-33), 

indicating a moderate chelating potential that can flush down metals. The main objective 

of the flush-down experiment was to cleanse top layers and Fig. 5-33 shows both tap water 

and cysteine reduced the Na porewater concentration ((i.e., Cafter / Cbefore <1), which was 

due to relatively low Na distribution coefficient (Sheppard et al., 2009). Cysteine treatment 

was effective in mobilization of Cr, Fe, and Pb in all the columns, while it only mobilized 

Mn and Zn in baseline and cycling-sandy loam salinity scenarios. A minimal impact of 

cysteine on Cu desorption was observed in the baseline salinity scenario. Fig. 5-34 to 5-37 

illustrate the measured porewater concentrations of all studied elements (Na and metals) 

before and after treatment by tap water and cysteine over depth and for all the scenarios.  

 
Figure 5-33. The ratio of shallow porewater concentrations after and before treating the columns with tap 

water and cysteine solutions. 
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Figure 5-34. Baseline salinity scenario porewater concentrations of Na and studied metals over depth of the 
fill media for a1- before tap water treatment, a2- after tap water treatment, b1- before cysteine treatment, 

and b2- after cysteine treatment; the x-axis is in Log scale. 
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Figure 5-35. High salinity scenario porewater concentrations of Na and studied metals over depth of the fill 
media for a1- before tap water treatment, a2- after tap water treatment, b1- before cysteine treatment, and 

b2- after cysteine treatment; the x-axis is in Log scale. 
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Figure 5-36. Loamy sand cycling salinity porewater concentrations of Na and studied metals over depth of 

the fill media for a1- before tap water treatment, a2- after tap water treatment, b1- before cysteine 
treatment, and b2- after cysteine treatment; the x-axis is in Log scale. 
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Figure 5-37. Sandy loam cycling salinity porewater concentrations of Na and studied metals over depth of 

the fill media for a1- before tap water treatment, a2- after tap water treatment, b1- before cysteine 
treatment, and b2- after cysteine treatment; the x-axis is in Log scale. 
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3.6.8 Linear regression of concentration profiles and statistical comparison between 
flushing the fill media with tap water and cysteine  

 

A linear regression model was employed to quantify the changes in the metal 

concentration profiles in the fill media after flushing with tap water and cysteine. In this 

regression model (Eq. 5-8), the metal concentration in the fill media (q, mg/kg) was the 

dependent variable, and depth (d, cm) was the independent variable.  

q = ad + b                                                                                                                      (5-8) 

In which a ( mg
kg.cm

) is the regression slope and b is the regression intercept.  

A negative slope refers to decreasing concentration over the fill media depth, while 

a positive slope refers to an increasing trend. The impacts of tap water or cysteine 

treatments were evaluated by comparing the slopes associated with each treatment. The 

significant difference was defined as cases in which the confidence bound of estimated 

slopes did not overlap. The qualitative assessment of the concentration profiles, which 

indicated the changes of decreasing concentration profiles to quasi-increasing after treating 

with cysteine, was confirmed by the quantitative evaluation in almost all cases (except Cu 

in high salinity scenario) via increases in the regression slopes. However, increases in 

slopes for all metals were significant only in the baseline salinity scenario, and there were 

cases such as Fe and Cu in high salinity and Cu and Pb in cycling salinity of sandy loam 

that did not show a significant increase in the regression slopes (Fig. 5-38) 
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Figure 5-38. The slope of the regression model after treating with tap water and cysteine under baseline 
salinity, high salinity, cycling salinity in loamy sand, and cycling salinity in sandy loam for a- Cr, b- Fe, c- 

Cu, and d- Pb; error bars represent standard er 
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The concentrations of Na and metals in the fill media over depth and after treating 

with cysteine were statistically compared with their corresponding values after treating 

with tap water using a two-tail paired t-test.  

 

Table 5-19. p-values derived from the paired t-test of comparison between concentration profiles over 
depth after flushing with tap water and cysteine for all the studied scenarios. 

 
baseline salinity high salinity cycling - loamy sand cycling - sandy loam 

Na 0.13 < 0.01 < 0.01 < 0.01 

Cr < 0.01 0.16 0.02 0.69 

Mn 0.32 0.68 0.03 0.46 

Fe 0.03 0.42 0.70 0.56 

Cu < 0.01 0.02 0.26 0.53 

Zn 0.87 0.16 0.03 < 0.01 

Pb < 0.01 0.12 0.34 0.21 
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CHAPTER 6 

SUMMARY, CONCLUSION, AND FUTURE WORK 
 

6.1 Summary and conclusions 

Experimental and modeling results showed that fill media of SMPs efficiently 

removed most of the studied PTEs, except Cl-, in the baseline salinity condition, and time 

to reach full breakthrough at top 5 cm was generally greater than a decade for metals. Such 

high removal efficiency was mainly due to the adsorption of cationic metals onto the 

negatively charged surface of particles. However, adsorption is a reversible process and 

batch and column studies revealed that under high salinity conditions metal solid-water 

distribution coefficients (Kd values) substantially reduced, resulting in higher metal 

mobility through the fill media. Experimental and modeling results from the application of 

cycles of baseline and high salinity conditions indicated the importance of dynamically 

incorporating the impacts of environmental conditions, like salinity, on accurate metal 

accumulation and breakthrough simulation. Cycling salinity resulted in substantial episodic 

metal desorption from the fill media. The previously adsorbed PTEs during baseline 

salinity (i.e., higher Kd) were released (i.e., desorbed) during the periods with high salinity 

(i.e., lower Kd), resulting in deteriorated water quality. Transport models may overestimate 

the metal removal capacity of the fill media in high salinity conditions if statically employ 

the Kd values associated with baseline salinity. Moreover, the leaching of previously 

captured metals cannot be predicted by adopting a static approach.  
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Particles, especially fine particles (d < 10 µm) have a higher specific surface area 

and organic content and therefore showed higher affinity for metal adsorption when 

compared with coarser sizes. Batch experiments showed that environmentally relevant 

high salinity condition (e.g., 0.1 M NaCl) promotes the stability of fine particles due to 

increased repulsive forces among fine particles. Field study indicated fine particles were 

the main vector for transport of particle-associated metals because they were prone to 

entrainment. Fine particles were either resuspended or not effectively deposited for almost 

all monitored storms regardless of the intensity, while only more intense storms (i.e., 

average intensities higher than 4.5 mm/hr for the monitored site) resulted in resuspension 

of all size classes of particles along the SMP gradient. Such a finding is important because 

it suggests resuspension and redistribution of particles and their associated metals from the 

top 5 cm of the fill media, at which surficial metal accumulation occurs. Transport of fine 

particles toward down-gradient areas of SMPs did not significantly impact the metal 

concentration in the fill media because the metal transport from the up-gradient to down-

gradient has been accompanied by the deposition of particles. Therefore, the immediate 

impact was the emergence of scour holes in the up-gradient and a slight increase in the 

elevation of the down-gradient due to particle transport and deposition rather than elevated 

metal concentration in the down-gradient fill media. Nonetheless, this deposition could be 

followed by high salinity conditions, leading to metal redistribution (i.e., desorption), 

therefore,  the top layers of the fill media in the down-gradient sections are the most critical 

layers for maintenance activities. Adopting the concept of metal mobilization can be 

employed for in-situ fill media remediation. Cysteine, as an environmentally friendly 
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chelator, was applied to the experimental columns and it showed a promising effect in 

cleansing the top layers by mobilizing accumulated metals from these layers to the lower 

layers to create a more evenly distributed metal concentration profile over fill media depth. 

The developed transport model provided designers with a tool to dynamically test 

different combinations of loading ratio and fill media type to calculate PTE aqueous and 

solid-phase concentrations and comparing them with published regulatory and guidance 

values to optimize the design factors as well as estimate the effective life span of the fill 

media. This study highlighted the importance of considering holistic approaches that 

dynamically incorporate a range of environmental factors such as salinity, particle size, and 

storm intensity to more realistically model the fate and transport of PTEs during stormwater 

management. The design and maintenance of SMPs may benefit from prioritization of 

infiltration for discharge from the SMP as opposed to overflow and underdrain. 

Understanding the dynamics of suspended solids and their associated metal surficial 

transport is a key factor in enhanced SMP design as well as recognition of the areas with 

higher priority for maintenance within SMPs.  Additionally, a proper in-situ fill media 

remediation (e.g., flushing with cysteine) can lower the likelihood of metal surficial 

redistribution and may improve plant health by cleansing part of the root zone. 

Similar to other studies, there are limitations in the scope of this research. These 

limitations are mostly current knowledge gaps that can be the topic for future studies. 

Filling those knowledge gaps will improve the accuracy of the results as they relate to the 

application in real-world conditions. For instance, the 1-D contaminant transport model 

and column experiment can be improved by incorporating factors such as variable 
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hydraulic conductivity during storms, while fully saturated conditions were used in this 

research. Although the impact of this simplifying assumption on metal accumulation and 

breakthrough in SMPs was minimal in the long term, alterations in hydraulic conductivity 

during high salinity conditions may become more impactful due to lower metal Kd. Another 

example of a limitation is the co-existence of different contaminants (i.e., co-

contamination) such as organic compounds that may behave differently, particularly under 

high salinity conditions. In addition to their potentially different responses to salinity, the 

organic compounds may change the metal fate and their transport patterns. Another 

example is a simultaneous change in different environmental factors such as salinity and 

temperature and investigating whether they have a synergistic or antagonistic impact on 

metal Kd. 

6.2  Future work 

The dynamic PTE transport modeling can be extended by employing environmental 

factors besides salinity. Among those factors, organic matter is of great importance due to 

its abundance in stormwater, SMP fill media, and vegetative cover. A strong next step to 

improve the accuracy of the PTE transport model can be incorporating the role of various 

concentrations of organic matter in the mobility of PTEs. Similar to what was performed 

for salinity, potential impacts of organic matter on the PTE distribution coefficient can be 

studied by batch and column experiments, and the outcome may be applied in the transport 

models to predict the mobilities under various scenarios.  

Accumulation of metals in the top layers of SMP fill media is a well-known 

phenomenon that was observed in numerous studies as well as the current research. This 
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accumulation occurs as a result of the high metal adsorption capacity of the SMP fill media 

in the baseline condition. As discussed previously, adsorption capacity depends on a 

variety of other factors, among which oxidation-reduction potential, has not gained 

sufficient attention. That might partially be due to the important role of top layers of the 

fill media, which normally has relatively stable oxidation-reduction potential. However, 

oxidation-reduction potential may notably change in deeper layers of the fill media mainly 

due to depletion of oxygen. Such a condition may create a reducing condition that can 

break down some of the fill media adsorption functional groups like Fe-Mn hydroxides. A 

decrease in the functional groups would hypothetically reduce the sorbent (i.e., fill media) 

capacity for metal removal. The hypothesis of lower adsorption capacity in deeper layers 

can be studied in pilot-scale column experiments and field studies. 

The good performance of the fill media in PTE retardation results in high surficial 

PTE contamination of the SMP fill media. Although such contamination of fill media 

surface might be desirable from a water quality standpoint, it needs more attention in both 

design and maintenance phases. Accumulated metals can easily be resuspended and 

redistributed, particularly when bound to fine particles. Reducing the stream power may 

decrease the likelihood of resuspension and deposition patterns inside SMPs.  Field or 

pilot-scale studies to investigate the efficacy of forebay, gabions, and weirs in reducing the 

stream power and subsequently reducing scouring can be complementary to the current 

research. Moreover, a study to test different SMP widths, which can impact the hydraulic 

radius and subsequently stream power, can help in finding the optimized SMP dimension 

for a given infiltration area. The current study investigated a linear SMP with a fixed width. 
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An optimized shape may reduce the stream power and as a result confine the particle 

resuspension.  

Finally, in-situ fill media remediation techniques to cleanse the SMP surfaces, as 

well as part of root zones (i.e., top layers), are cost and time-effective tools that can be 

explored more. These in-situ remediation measures have the potential of flushing down the 

metals from the fill media top layers by employing chelators. The important consideration 

is whether the mobilized metals would impose contamination risk for underlying 

groundwater, or will be trapped in the lower layers of the fill media. The application of 

proteinogenic amino acids seems to be promising in the mobilization of some metals 

because they are moderate chelators and do not release Ca (which is essential for plants) 

from the fill media. However, more investigation is required to find the optimum chelator, 

concentration, and volume. Such investigations can be performed by conducting batch tests 

to estimate metal Kd as a function of chelator concentration. Then the results from the batch 

experiment can be employed in the transport models to find the optimum treatment 

concentration and volume. The optimum treatment scenario needs to be tested by columns 

to confirm the results from batch tests and modeling.  The best scenario would be finding 

an optimum treatment that can ensure a more evenly distributed concentration profile over 

the SMP depth while protecting the groundwater. However, there is another option that is 

the addition of porewater collection systems (e.g., wells) in the SMP fill media and employ 

them to collect contaminated porewater after flush down remediation process.  
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